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ABSTRACT

This study assessed the effect of different remediation techniques on microbial community
composition in the treated area and its changes over time. The research focused on sites
polluted by chlorinated ethenes (CEs), one of the most common groundwater
contaminants. The presence of organohalide-respiring bacteria (OHRB) capable of CE
degradation was monitored along with the genes encoding enzymes of their degradation
pathways. Isolation of deoxyribonucleic acid (DNA) from groundwater samples was
challenging due to high concentration of CEs. As such, DNA extraction protocol had to be
optimized and verified for each site studied. Furthermore, all primers for the detection of
OHRB and specific genes had to be tested for their accuracy before standard use in real-
time polymerase chain reaction (qQPCR) and all qPCR reactions optimized due to the
presence of inhibitors in the samples. Changes in the composition of the bacterial
community and the shifts in selected populations were further analysed by the 16S rRNA
amplicon sequencing, which was used to describe the composition of the whole

autochthonous bacterial community in detail.

The application of reagents for oxidation (hydrogen peroxide to trigger the Fenton-like
reaction) and reduction (nanoscale zero-valent iron in combination with electrokinetic
treatment and zero-valent iron attached to activated carbon) of CEs caused a decrease in
the levels of degrading bacteria. However, this effect was only temporary and, after a short
time, OHRB populations recovered due to the inflow of untreated water and well-adjusted

and favorable soil conditions during remediation.

The application of biostimulation substrates sodium lactate and glycerol supported the
growth of OHRB at the contaminated site. 16S rRNA sequencing also showed that
glycerol-fermenting bacteria, which produce an essential source of carbon (acetate) and
electrons (molecular hydrogen; H;) for OHRB growth, were the first to proliferate after
glycerol application, followed by OHRB. Levels of degradation enzymes also increased.
Oxidation-reduction potential of the groundwater was reduced after the application to
levels suitable for the growth of sulfate and iron-reducing bacteria, which compete with

OHRB for electron source but also produce enzyme cofactors essential for their growth.

This thesis demonstrates the importance of autochthonous microbial community
characterization of the polluted site before and during remediation for successful CE

decontamination. OHRB and other bacteria that act as primary or secondary "cleaners" of a



remediated site need not only certain soil conditions for successful growth, such as suitable
oxidation-reduction potential, pH, dissolved oxygen, sulfate, or nitrate concentration, but
also sufficient supply of nutrients and electron sources. Last but not least, it was revealed
that besides OHRB, a whole bacterial community providing sufficient syntrophic
interactions is very important for CE degradation. Monitoring of degrading bacteria and
their enzymes should be continued throughout the whole remediation action to support

optimal biodegradation rates at the right time.

Three scientific publications have been published and one submitted on this topic.

Keywords: remediation, chlorinated ethenes, organohalide-respiring bacteria, molecular

biology methods, bacterial community, biodegradation



ABSTRAKT

Tato prace se soustfedi na hodnoceni vlivu sana¢niho zasahu na slozeni mikrobidlniho
spolecenstva a jeho zmény v Case a sleduje pfitomnost degradacnich enzyma dulezitych
pro dekontaminaci polutantd. Soustfedi se na rozklad chlorovanych etylenti, které
predstavuji jedny z nejrozsifencjSich kontaminantli podzemnich vod. Sleduje skupiny
bakterii, které jsou schopny degradovat chlorované etyleny (tzv. organohalid-respirujici
bakterie; OHRB), a také geny kddujici enzymy metabolickych drah degradace téchto latek.
Izolace deoxyribonukleové kyseliny (DNA) z podzemni vody byla komplikovana pro
vysoky obsah chlorovanych etyleni ve vzorcich, proto musel byt extrakéni protokol
optimalizovan a ovéfen pro kazdou studovanou lokalitu. Pomoci metody polymerazové
retézové reakce v redlném Case (QPCR) byly nasledné detetekovany OHRB a specifické
bakterialni geny v jednotlivych vzorcich. qPCR primery pro jejich detekci musely byt
otestovany pro co nejveétsi selektivitu a reakéni podminky optimalizovany pro kazdy
vzorek zvlast kvili pfitomnosti inhibitorit ve vzorcich. Zmény ve slozeni a zastoupeni
pfitomnych bakteridlnich populaci byly dale sledovany metodou 16S rRNA amplikonové
sekvenace, pomoci které Ize detailné popsat slozeni celého autochtonniho bakterialniho

spolecenstva.

Bylo zjisténo, Ze aplikace cinidel pro cilenou oxidaci (peroxid vodiku pro spusténi
Fentonovy reakce) a redukci (nulmocné nanozelezo v kombinaci s aplikaci elektrického
napéti a nulmocné Zelezo uchycené v aktivnim uhli) chlorovanych etylen mohou zpusobit
pokles v hladinach sledovanych degradac¢nich bakterii. Tento pokles je vSak pouze docasny
a po kratké dob¢ dochazi k obnoveni populaci OHRB diky vhodné nastavenym sana¢nim

podminkam a v nékterych ptipadech i1 k podpoie jejich ristu.

Aplikace biostimulacnich substrati laktatu sodného a glycerolu podpotila rist OHRB na
kontaminovanych lokalitach. Pomoci sekvenac¢ni analyzy bylo také zjisténo, ze po aplikaci
glycerolu doslo primarné k proliferaci glycerol-fermentujicich bakterii, které produkuji
zdroj uhliku (acetat) a elektront (molekularni vodik; Hy) pro rist OHRB, soucasné se také
zvysily hladiny degradac¢nich enzymu. Doslo i ke snizeni oxida¢né-redukéniho potencialu
podzemni vody na hodnoty vhodné pro rust sulfat a zelezo-redukujicich bakterii, které sice
kompetuji s OHRB o zdroj elektronti, ale soucasné produkuji kofaktory enzymu dilezité

pro jejich rist.



Tato dizerta¢ni prace ukdzala, ze pro uspesnou dekontaminaci chlorovanych etylent je
nezbytné pied sanacnim zdsahem co nejlépe charakterizovat vybranou lokalitu, a to jak
z hydrochemického hlediska, tak za pomoci metod molekuldrni biologie, protoze OHRB 1
dalsi bakterie, které¢ funguji jako primarni ¢i sekundarni ,,Cisti¢i® lokality, potiebuji
k GspéSnému ristu a praci nejen urCité environmentdlni podminky, jako je vhodny
oxidacné-redukeni potencial, pH, koncentrace rozpusténého kysliku, sulfatii ¢i nitratd, ale
také dostatek Zivin, zdroj elektrontll, a v neposledni fad¢ se ukazalo, ze i celé bakteridlni
spoleCenstvo poskytujici dostatek syntropnich interakci. V monitoringu pfitomnych
degradac¢nich bakterii a jejich enzymu je tieba pokra¢ovat v pribéhu celého sanac¢niho

zasahu, aby bylo mozné ve spravny ¢as znovu podpofit optimalni biodegradaci.

Na toto téma byly otistény tii védecké publikace a jedna odeslana.

Klicova slova: remediace, chlorované etyleny, organohalid-respirujici bakterie, metody

molekularni biologie, bakterialni komunita, biodegradace
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2 INTRODUCTION

Chlorinated ethenes (CEs), such as tetrachloroethene (PCE) and trichloroethene (TCE), are
persistent groundwater contaminants. They are largely used in industry as cleaning and
degreasing agents, solvents, etc. and are often released into the environment as a result of
improper handling or storage. As degradation of these compounds under aerobic conditions
is limited, they can easily soak into the groundwater and travel with the flow (Jugder et al.,
2016). Degradation of CEs under anaerobic conditions is much more effective and is
mostly achieved by the process of reductive dechlorination (Adrian and Loffler, 2016;
Aulenta et al., 2006). PCE and TCE are dechlorinated abiotically or by microorganisms by
sequential reductive dechlorination to cis-1,2-dichloroethene (¢cDCE), vinyl chloride (VC),
and ethene as a final product. However, this process is sometimes incomplete, resulting in
the accumulation of ¢cDCE or VC in the aquifer. As VC is more toxic and carcinogenic
than the parent compounds, stimulation of VC degradation and careful monitoring of the
treated site are necessary (Tobiszewski and Namiesnik, 2012).

Different approaches can be applied to degrade CEs biotically. Monitored natural
attenuation relies on indigenous bacterial populations and is based solely on monitoring of
CE biotransformation and the presence of bacteria or specific enzymes capable of the
degradation on site. This approach is usually quite slow and can be enhanced by
biostimulation of degrading microorganisms by addition of nutrients and sources of carbon
and electrons. On sites with insufficient native populations of degrading bacteria,
bioaugmentation with specific degraders can be applied (Grandel and Dahmke, 2004; Pant
and Pant, 2010; Li et al., 2021).

In comparison with the microbially-driven degradation of CEs, natural abiotic degradation
is usually slower but complete and can be enhanced by chemical treatment through
injection of oxidative (permanganate, Fenton’s reagent, hydrogen peroxide) or reductive
(often zero-valent metals) agents (Dolinova et al., 2016; Czinnerova et al., 2020b; Semerad
et al., 2021). In addition to chemical treatment, physical processes such as venting, pump-
and-treat, air sparging and thermal desorption can be applied (Cernik et al., 2010; Aral et
al., 2011; Tobiszewski and Namies$nik, 2012).

Characterization of remediation techniques using molecular biology tools was a new
approach when I began to study in 2012 and its potential had not been fully exploited.

Although the impact of selected remediation agents and substrates on bacteria had been

11



described in laboratory studies, molecular biology monitoring of pilot or full-scale field
applications were still rare. Even nowadays, the effect of remediation techniques on the
bacterial community at a contaminated site is usually not monitored or evaluated, while it
is precisely the bacteria capable of degrading the contaminants that are in charge of
"cleaning up" the site after a physico-chemical remediation action. Characterization and
monitoring of changes in bacterial community are also necessary during remediation using
biostimulation through the application of different substrates to support the growth of
indigenous bacteria capable of degradation of a selected contaminant. Molecular biology
methods are defined as tools that target biomarkers (e.g., specific nucleic acid sequences)
to provide information about organisms and processes relevant to the remediation of
contaminants. They can contribute to a better knowledge of a contaminated site and help to

optimize the bioremediation process (Stroo et al., 2006; Blazquez-Palli et al., 2019).

12



3 OBJECTIVES

The overarching aim of this thesis was to evaluate the effect of different remediation
techniques on autochthonous microbial community that is involved in CE biodegradation

and to describe fundamental principles and draw general conclusions.

As toxic environmental samples were analysed, the first objective was to optimize
molecular biology methods (isolation of DNA and subsequent qPCR) to obtain robust and

reproducible data.

The second objective was to evaluate changes in the composition of the bacterial
community and the shifts in selected bacterial populations by sequencing specific regions

of bacterial DNA.

Specific objective was to assess long-term in situ applications of the following remediation

approaches and biostimulation substrates for induction of CE degradation:

e chemical oxidation: hydrogen peroxide applied to induce a Fenton-like reaction
e chemical reduction: nanoscale zero-valent iron (nZVI) supported by electrokinetic
(EK) treatment

nZVI1 embedded in activated carbon

e bioremediation: stimulation of indigenous bacterial populations capable of

reductive dechlorination of CEs with sodium lactate or glycerol

13



4 THEORETICAL PART

4.1 Biodegradation of CEs

Biodegradation of CEs can be achieved through various bacterial metabolic processes.
Anaerobic degradation is the most common, but degradation under aerobic conditions is
also possible, either metabolically, when CEs are used for the cell growth, or by
cometabolism, when bacteria gain neither energy nor organic carbon from pollutants

transformation.

4.1.1 Anaerobic biodegradation

Microbial anaerobic biodegradation of CEs is achieved by the process of reductive
dechlorination (also called dehalorespiration or organohalide-respiration) when CEs serve as
final electron acceptors in the respiratory chain of OHRB. The exergonic dechlorination
reaction generates energy for bacterial growth. Electrons and carbon for bacterial growth are
obtained from molecular hydrogen and other organic substances (Molenda et al., 2020). During
the degradation process, the CEs are gradually dechlorinated from PCE and TCE to ¢cDCE, VC
and subsequently to ethene as the final product, while the carbon in CEs changes from the
oxidized (+2 for PCE) to reduced (-2 for ethene) state (Mattes et al., 2010) (Fig. 1). However,
this process is not always complete, leading to the accumulation of the intermediates cDCE or
VC in the environment. As VC is more toxic than its parent compounds and even carcinogenic,
it is always necessary to carefully monitor the treated site and stimulate its degradation
(Tobiszewski and Namiesnik, 2012). The rate of reductive dechlorination is influenced by
biogeochemical processes and competition for hydrogen between different bacterial groups,
especially methanogenic bacteria and also nitrate, sulfate, and iron-reducing bacteria (Aulenta

et al., 2007; Chambon et al., 2013).

Several anaerobic bacteria capable of PCE and TCE reduction to ¢DCE as a final product have
been described, including the genera Desulfitobacterium, Dehalobacter, Desulfovibrio,
Comamonas, Sulfurospirillium, or Geobacter (Dolinova et al., 2017), however, only
Dehalococcoides spp. and the recently described Dehalogenimonas spp. (both Chloroflexi
phyla) are capable of complete reduction of ¢cDCE and VC to non-toxic ethene (Lee et al.,
2013; Loffler et al., 2013; Yang et al., 2017) (Fig. 1). Dehalococcoides are strictly anaerobic
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and occur naturally in many localities contaminated with CEs (Hendrickson et al., 2002;
Némecek et al., 2016; Czinnerova et al., 2020b). Their presence at a contaminated site

correlates with ethene production, while their absence leads to ¢cDCE and VC accumulation

(Kranzioch et al., 2013; Rossi et al., 2012).

Dehalobacter
Desulfuromonas
Sulfurospirillium
Desulfitobacterium
Geobacter

etc.

Dehalococcoides

N
/ N\
H H
Ethene
o is-DCE
X CIs
oxidized form reduced form
carbon *2 carbon 2

Reductive dechlorination

Fig. 1. Sequential reduction of CEs with key organohalide-respiring bacteria.

Several Dehalococcoides are usually required for complete dechlorination of CEs, as to
date, no single species capable to obtain energy by dechlorination of all CEs has been
described (Aulenta et al., 2006). For example, one strain of Dehalococcoides is able to
metabolically dechlorinate PCE to VC, but dechlorination of VC to ethene occurs by
cometabolism, while others use ¢DCE and VC transformation to obtain energy and
degrade PCE and TCE only cometabolically. In summary, the "perfect" PCE degrader has
not yet been described. Differing dechlorination abilities of individual species of
Dehalococcoides occur due to the presence of genes for different types of reductive
dehalogenases in their genome (Lee et al., 2013; Jugder et al., 2015).

Dehalococcoides have a remarkably small genome (approximately 1.2—1.4 Mb), yet it contains
multiple distinct genes predicted to be corrinoid-dependent reductive dehalogenases (rdhA
genes) accounting for a significant proportion of their genome (Molenda et al., 2020). As such,
they lack the ability to synthesize several growth factors (Men et al., 2017). These nutrients
must be provided exogenously in cultures or endogenously, from coexisting bacterial

populations through a complex network of nutrient exchange (Chen and Wu, 2022). The
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importance of syntrophic interaction between variegated bacterial populations has been
implied, as Dehalococcoides growth and dechlorination rates are higher when grown in
mixed cultures containing also fermentative bacteria and sulfate and iron-reducers
(Atashgahi et al., 2017). Other species can provide some essential substances that members of

Dehalococcoides are not able to synthesize, such as the corrinoid cofactors (Yan et al., 2012).

Successive dechlorination of CEs is catalyzed by different reductive dehalogenases (pceA,
tceA, verA or bvcA), each cleaving specific carbon-chlorine bonds (Futamata et al., 2009;
Poritz et al., 2013; Dolinova et al., 2017). To date, three VC-reductases have been described,
encoded by the fced, verA and bvcA genes. They are directly involved in the reductive
dechlorination of VC to ethene. TceA reductase, present in Dehalococcoides mccartyi
strains 195 and FL2, mediates the sequential metabolic transformation of TCE to ¢cDCE
and VC and the subsequent cometabolic reduction of VC to ethene (Magnuson et al., 1998,
2000). D. mccartyi VS and GT strains also metabolize TCE but utilize vinyl chloride
reductase verA (Muller et al., 2004), while strain BAV1 metabolically dechlorinates VC to
ethene using the bvcA enzyme (Krajmalnik-Brown et al., 2004). Detection of genes for one
or more of these VC-reductases at a contaminated site by molecular biology methods
suggests ongoing complete dechlorination of CEs and indicates the site potential for

successful bioremediation (Dolinova et al., 2016; Saiyari et al., 2018).

4.1.2 Aerobic metabolic and cometabolic biodegradation

Anaerobic reductive dechlorination represents the most common degradation process for CEs,
as they are mostly present in reductive environments. Consequently, only a minority of
research studies have been focused on aerobic processes due to their lower relevance for in situ
remediation. However, the aerobic oxidation of CEs is also possible, either metabolically, or

by cometabolism (Schmidt et al., 2014).

In cometabolism, the degrading enzymes are actually produced for the degradation of bacterial
primary growth substrates (named auxiliary substrates) like methane, ethene, ammonium, or
aromatic pollutants which serve as electron donors (Tiehm and Schmidt, 2011).

Cometabolic degradation has been described for all of the CEs, although only rarely for PCE
(Ryoo et al., 2000) because opposite to anaerobic degradation, oxidation of CEs is more

efficient with decreasing number of chlorine substituents (Dolinova et al., 2017).
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Methanotrophs have been shown to cometabolically oxidize TCE, ¢DCE, and VC using
enzyme methane monooxygenase (MMO). Methanotrophs oxidize methane as a primary
growth substrate, but the broader substrate range of MMOs allows for accidental CE
degradation (Yoon et al., 2011; Liang et al., 2017). Ethene-oxidizing bacteria (ethenotrophs)
can also cometabolize VC or ¢DCE in the presence of ethene as the primary growth substrate
(Koziollek et al., 1999; Mattes et al., 2010). VC-oxidizing methanotrophs and ethenotrophs
have been found in anaerobic groundwater samples and can establish themselves at low levels
of dissolved oxygen (Gossett, 2010; Richards et al., 2019). As such, the functional genes from
ethenotrophs (etnC and etnE) and methanotrophs (mmoX and pmoA) are used as biomarkers of
aerobic degradation of CEs in groundwater (Wymore et al., 2007; Jin and Mattes, 2010;
Czinnerova et al., 2020b; Némecek et al., 2020).

The problem of cometabolic degradation is the possibility that the presence of CEs or toxic
degradation products in the environment will lead to inhibition of auxiliary substrate
metabolism, and thus to inhibition of the cell growth. Cometabolic degradation is also

relatively slow compared to metabolic degradation (Luo et al., 2014).

During metabolic degradation, the CEs are used as electron donors for cell growth. Pure
ethenotrophic strains of the genera Mycobacterium and Nocardioides have been described to
degrade VC metabolically as their sole carbon and energy source (Mattes et al., 2010), while
Polaromonas sp. strain JS666 and Stenotrophomonas maltophilia PM102 are the only
microorganisms known so far that are capable of metabolically oxidizing ¢cDCE and TCE,
respectively (Mattes et al., 2008; Jennings et al., 2009; Mukherjee and Roy, 2012). Aerobic
metabolic degradation of PCE has not yet been detected due to its high oxidized state.

A combination of sequential anaerobic/aerobic bioremediation can take advantage of both
degradations processes and lead to complete mineralization of CEs. It means creating the
conditions suitable for OHRB growth in the first step when PCE is dechlorinated to ¢cDCE, and
the subsequent ¢cDCE degradation step being accomplished by the aerobic Polaromonas strain
(Vogel et al., 2018; Czinnerova et al., 2020a).

A comparison of aerobic metabolic and cometabolic degradation of CEs with anaerobic

reduction is shown in Fig. 2.
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reductive dechlorination cometabolic oxidation metabolic oxidation
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HCO, CH,
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and competing TEAs and electron donors

Fig. 2. Comparison of reductive dechlorination with cometabolic and metabolic oxidation in terms of the
need for auxiliary substrates as electron donors and competing reactions. TEA: terminal electron acceptor.

The numbers indicate the order of the different respiration processes (Tiehm and Schmidt, 2011).

4.2 Chemical methods of CE degradation

Chemical in situ remediation technologies are widely used to remove CEs from the
environment, either alone or as a primary treatment prior to bioremediation. They use

redox processes and can be divided into two groups:
* in situ chemical oxidation,
* in situ chemical reduction.

The main advantages of chemical treatment are rapid reduction of CE concentration,
complete degradation of CEs to non-toxic products, and ease of use. Substances containing
elements in a high oxidation state are used as oxidizing agents. They are unstable under
normal conditions and have a high tendency to accept electrons, i.e. oxidize other
substances in the environment. On the contrary, reducing agents easily donate electrons,

1.e. reduce other substances (Filip et al., 2019).
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The main oxidizing agents used for remediation of CE-polluted sites are potassium
permanganate, Fenton's reagent, hydrogen peroxide, ozone, and chlorine dioxide (Kao et
al., 2008). Zero-valent metals in micro or nano-scale are increasingly used for CE
reduction. An example of an application of nZVI for the treatment of CE-polluted site is
schematically shown in Fig. 3. In addition to metals, organic substances, such as lactate,
vegetable oils, molasses, ethanol, whey, or glycerol can be used to enhance microbial
reductive dechlorination of CEs. Molecular hydrogen (H,) is released into the environment
through fermentation of the added substrate and serves as an electron source for OHRB

(Aulenta et al., 2006; Cernik et al., 2010; Lacinova et al., 2013).

electrokinetic
treatment nZVI

7
7/

chlorinated

o nZVI
—_—/////—_______—%l_e—sz

chemical reduction ' GW
+ biodegradation 9 flow

9 9 9 biodegradation
biodegradation

Fig. 3. The schema of remediation of CE-polluted site by application of nZVI combined with electrokinetic
treatment, which also supported the biodegradation (Czinnerova et al., 2020b).

This Ph.D. thesis is focused on the oxidation of CEs using Fenton’s reagent, reduction
using nZVI, and enhanced reductive dechlorination through addition of auxiliary substrates

sodium lactate and glycerol.

4.2.1 Application of Fenton’s reagent

Fenton's reagent (mixture of hydrogen peroxide [H,O,] and an iron catalyst [Fe’']) or a
Fenton-like reaction (where there is a sufficient concentration of iron in the environment)

has received a great deal of attention and is widely used for its strong oxidizing properties
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and low environmental impact. Groundwater remediation through Fenton’s reagent
application is a method based on the oxidation of CEs to CO;. The use of Fenton’s reagent
has been tested for the removal of CE contamination in pilot and field-scale experiments.
Some applications have been successful, while others observed rebounding of TCE
concentrations several months after application (Chen et al., 2001; Chapelle et al., 2005;

Hrabak, 2012).

In the Fenton’s reagent reaction HO, and Fe*" react together according to reaction 1 to

form hydroxyl radicals (Cernik et al., 2010; Siegrist et al., 2011; Filip et al., 2019).

Fe** + H,0, — Fe" +OH" + OH"~ (1)

Fe" is usually applied into the soil in the form of ferrous sulfate heptahydrate. In some
localities, Fe*" is naturally present in sufficient concentration in groundwater, and adjusting
the pH by citric, hydrochloric, sulfuric or acetic acid is sufficient to trigger the Fenton-like
reaction. The hydroxyl radical, which is produced by Fenton‘s reaction, is then used to

cleave the double bond in CEs according to reaction 2.

C,HCL, +30H" +30H™ —2CO, +3H" +3CI" +2H,0 2)

H,0,, one of the components of Fenton’s reagent, is a very strong oxidizing agent toxic to
microorganisms, it is even used in medicine to disinfect wounds. It is therefore likely that
the application of large amounts of Fenton’s reagent at the contaminated site could cause
the elimination of autochthonous bacterial populations, together with OHRB, and thus stop
the natural biodegradation of CEs in the treated site (Chapelle et al., 2005; Dolinova et al.,
2016). Detailed monitoring of the impact of Fenton’s reagent on the indigenous bacteria is

therefore necessary.

4.2.2 Application of nZVI

In comparison with the microbial reduction of CEs, the abiotic reductive degradation is
usually slower but complete and can be accelerated by addition of reductive agents, such as
nZVI. The use of nZVI can be highly effective due to its high reactivity (large specific
surface area) and its ability to completely dechlorinate CEs to non-toxic ethene (Elliott and

Zhang, 2001; Zhang and Elliott, 2006; Lacinova et al., 2012; Czinnerova et al., 2020b). If
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oxygen is present in the environment, rapid oxidation of nZVI leads to oxygen depletion
(reaction 3), which helps form an anaerobic environment; at the same time, however, it

decreases nZ VI lifetime for reduction of the target contaminants (Stefaniuk et al., 2016).
2Fe” +4H" + 0, - 2Fe* +2H,0 3)

Under the anaerobic conditions typical for deeper zones of contaminated aquifers, nZVI
reacts with water to form H; (reaction 4), which serves as an electron donor for present
bacteria (Bruton et al., 2015). Electrons from H, cause an immediate increase in the
relative electron activity of groundwater, i.e. a decrease in the oxidation-reduction potential

(Cernik and Zeman, 2020).
2Fe’ +2H,0 - 2Fe™ + H, +20H" (4)

Both of these reactions lead to the creation of an environment suitable for the growth of

OHRB.

During abiotic reduction of CEs by nZVI an electron is transferred from nZVI to the
contaminant, and, concurrently, elemental iron Fe' is oxidized to Fe*". If the reduction is
complete, non-toxic ethene or ethane are produced. The two main mechanisms responsible
for reductive dechlorination of CEs by nZVI are sequential hydrogenolysis and reductive

f-elimination (Lien and Zhang, 2001; Li et al., 2006).

During hydrogenolysis, the chlorine atoms in the CE are gradually replaced by hydrogen
atoms. Thus, the more chlorinated ethenes PCE and TCE are sequentially dechlorinated to
DCE, VC, and ethene or ethane as the final products (reaction 5, R represents a

hydrocarbon residue and X represents halogen).

RX+H +2¢ >RH+X 5

During p-elimination, two chlorine atoms are removed at the same time producing
acetylene, which is rapidly converted to ethene or ethane (Cernik et al., 2010; Bruton et al.,

2015).

The use of nZVI particles has several limitations, such as short-term reactivity and also
rapid aggregation, that negatively affect their reactivity and mobility (Stefaniuk et al.,

2016). To counteract this, different surface modifications of the nZVI particles may be
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used to accelerate their migration in groundwater and increase their contact with the

contaminant (Lu et al., 2016).

Several studies have applied electrokinetic (EK) treatment to support nZVI and solve the
above-mentioned problems (Moon et al., 2005; Gomes et al., 2016; Cernik et al., 2019;
Czinnerova et al., 2020b; Stejskal et al., 2020). The EK remediation process involves
applying a low voltage direct current (DC) across a section of contaminated aquifer
material (Acar and Alshawabkeh, 1993). Three different mechanisms positively affect the
transport of nZVI particles, electroosmosis, electromigration, and electrophoresis (Yeung,
1994; Hassan et al., 2018); however, in an environment where advective flow dominates,
their contribution may be negligible (Cernik et al., 2019). Moreover, electrolysis reactions
at the electrode produce hydronium ion (H;O") at the anode, which lowers the pH in its
proximity, and hydroxyls at the cathode, which increase the pH. Electrons released from
the cathode, together with a higher pH, help to retain nZVI in a reduced state, thereby
lowering reduction conditions over a longer period (Cernik et al., 2019). In addition to a
positive effect of the DC field on nZVI longevity and migration, transport of nutrients to
indigenous bacteria and pollutant availability is also significantly enhanced (Yeung and
Gu, 2011). Electrokinetically-enhanced bioremediation has been extensively studied
(Beretta et al., 2019) and applied in order to remove pollutants from soil and groundwater
(She et al., 2006; Mousavi et al., 2011; Zhan et al., 2012; Zhang et al., 2013; Mena
Ramirez et al., 2014; Zhang et al., 2014).

Although the use of nZVI for decontamination of CEs seems to be environmentally
friendly, as it reacts very quickly to naturally occurring Fe*" and even creates conditions
suitable for microbial anaerobic dechlorination by OHRB, the impact of nZVI on naturally
occurring bacterial populations needs to be described in detail and possible negative impact

precluded (Coutris et al., 2020).

4.2.3 Application of an auxiliary substrate to enhance reductive dechlorination

As mentioned above, one of the promising approaches in bioremediation is so-called
enhanced reductive dechlorination, which is achieved by the addition of an auxiliary
substrate to the soil (Lacinova et al., 2012). As most OHRB require H, as an electron

donor for CE reduction, selected carbon sources that can be fermented to H, are usually
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applied on polluted sites (Aulenta et al., 2006). Application of a readily degradable
substrate results in the formation of an anaerobic reducing environment suitable for
reductive dechlorination, both by depletion of oxygen, which is inhibitory to OHRB, and
also due to released H,. Electrons from H; cause an increase in the relative electron activity
of groundwater, i.e. a decrease in the oxidation-reduction potential (Cernik and Zeman,

2020).

The present OHRB use the H, released by fermentation of the added substrate as an
electron source. The energy, generated by transporting an electron from a donor, i.e. H,
dissolved in groundwater, to an acceptor, CE, is stored in the form of ATP (adenosine
triphosphate) or NAD (nicotinamide adenine dinucleotide) and used for their growth
(Fiedler and Keeley, 2000). Various types of organic easily fermentable substrates such as
glucose, vegetable oil, yeast extract, whey, methanol, lactate, molasses, propionate,
glycerol, and ethanol have been used as sources of H, for organohalide respiration
(ESTCP, 2004; Scheutz et al., 2010; Némecek et al., 2015; Dolinova et al., 2016;
Atashgahi et al., 2017; Semerad et al., 2021). Even though H; is produced by fermentation
of all of these substrates, the rate and extent of H, formation differ significantly and impact
also the rate of dechlorination (ESTCP, 2004). OHRB compete for H, with methanogenic
bacteria that also use H, as an electron donor, however, it has been shown that the
minimum H;, concentration for dechlorinating bacteria is ten times lower than for
methanogens (Ballapragada et al., 1997). As such, the addition of slowly fermentable
substrate such as butyrate or propionate, which release H, in low concentrations, should

provide most of the produced H, for dechlorination reactions (Smatlak et al., 1996).

An important property of the applied substrate is its easy fermentability. Lactate

fermentation produces acetate, carbon dioxide, and H, (reaction 6).

CH,O, +H,0—->CH,0, +CO,+2H, (6)
H; releases the electron according to reaction 7.
H, >2H" +2e (7)

The electrons released from H, then chemically reduce CEs in groundwater (reaction 8)

(Cernik et al., 2010).
C,Cl,+2H" +2¢” — C,HCL, + H" + CI (®)
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As already mentioned, in the microbial reductive dechlorination process PCE is gradually
dechlorinated via TCE, ¢DCE, and VC to ethene, with a lowering redox potential required
for each step. It means, that while PCE is dechlorinated relatively easily even under less
reductive conditions, a strong reductive environment, such as sulfate-reducing and
methanogenic, is required for the final dechlorination of VC to ethene (Kansas et al.,

1998).

4.3 Molecular biology methods

Molecular biology methods have received a great deal of attention in environmental
sciences in recent years. They are increasingly being used for the monitoring of ongoing
remediation processes. The molecular biology methods are especially beneficial in
developing field rate constants for monitored natural attenuation, in optimization of a
bioremediation process and characterization of poorly understood degradation pathways.
When integrated with geochemical and physical data, the molecular biology methods can
contribute to improved design and management of remediation systems and could provide
greater understanding and accurate predictions of natural and enhanced bioremediation
processes (Stroo et al., 2006). Detection of bacteria capable of biodegradation and their
enzymes through PCR, together with the characterization of the whole bacterial community by
next-generation sequencing (NGS), are the methods most used today. Both methods work with
bacterial DNA or RNA (ribonucleic acid) isolated from groundwater or soil samples. They
allow for the detection and identification of selected bacterial taxa (or their enzymes) without

the necessity of their cultivation.

4.3.1 Real-time PCR

Real-time PCR (quantitative PCR, qPCR) is now a well-established method for the
detection, quantification, and typing of different bacteria and their genes in many fields,

including remediations.

qPCR is a modification of the standard end-point PCR method when the final PCR product

was visualized on an agarose gel. Instead, DNA amplification is detected in real time
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through the monitoring of fluorescence after each PCR cycle. Fluorescent label
(fluorescent probe or dye, for example, SYBR™ Green) marks the PCR product during
thermal cycling and is detected by a CCD camera. The dye binds only to double-stranded
DNA and emits fluorescence only when bound (Dorak, 2007).

The intensity of the fluorescent signal reflects the momentary amount of DNA amplicons
in the sample at that specific time. In the beginning, the fluorescent signal is too weak to be
distinguishable from the background. The point at which the fluorescence intensity
increases above the detectable level corresponds proportionally to the initial number of
template DNA molecules in the sample. This point is called the threshold cycle (Ct; also
named quantification cycle, Cq; Fig. 4) and can be used to calculate the absolute quantity
of the template DNA in the sample according to a calibration curve constructed of serially
diluted standard samples with known concentrations or copy numbers (Kralik and Ricchi,
2017). gPCR can also provide semi-quantitative results when the measured Ct values are
compared and expressed as higher or lower multiples. The results are evaluated as relative
quantification, a fold change between two states, with the condition of the specific bacteria
or gene at the beginning of the experiment (e.g. prior to the application of remediation

agent) considered as the starting point.
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Fig. 4. Principle of qPCR. FU stands for fluorescence unit (PCR Compendium, 2016).

The PCR is an exponential process where the number of DNA molecules theoretically

doubles after each cycle (if the efficiency of the reaction is 100%). Therefore, the lower the
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Ct value, the more template was in the qPCR reaction, i.e. the higher the abundance of the

selected marker gene in a sample.

For example, when performing a 1:10 dilution series of a template DNA, the following

qPCR results would be expected:
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Fig. 5. qPCR graph of 1:10 dilution series of a template DNA. FU stands for fluorescence unit (PCR
Compendium, 2016).

4.3.2 Next-generation sequencing

Next-generation sequencing (NGS, or high-throughput sequencing) is a rapidly developing
molecular biology method, which replaced the more expensive and less effective Sanger
sequencing. NGS offers the capability to produce a vast volume of data in a single run at
a very low cost and in a short time. NGS can be used in a wide range of analyses from the
characterization of single bacterial species to the whole bacterial community. In
environmental microbiology, it can contribute to describtion of the function and changes in
bacterial consortia during the remediation process, and, in the case of mRNA (messenger

RNA) sequencing, also monitor the actively transcribed genes for degradation enzymes.

In this study, the NGS was performed on an Ion Torrent PGM (Thermo Fisher Scientific,
USA). The methodology for the whole genome sequencing is similar to other NGS
technologies and involves library preparation (random fragmentation and ligation of
adapters) followed by hybridization to the complementary sequences (primers) bounded
with the beads followed by emulsion PCR. After clonal amplification, each bead is

placed in the individual well on the semiconductor chip and is sequentially flowed by
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nucleotides. A hydrogen proton (H") is released on the incorporation of each nucleotide
by DNA polymerase, which results in a change of the pH, that is detected. This change in
pH determines the base sequence (Gupta a Verma, 2019). The principle of the sequencing

reaction is shown in Fig. 6.
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Fig. 6. Whole-genome sequencing workflow on Ion Torrent platform. (a) The overall workflow. (b) A
genome library preparation. (c¢) Clonal amplification. (d) Sequencing on the chip. Modified from (Golan
and Medvedev, 2013).

In addition to whole-genome sequencing, the other NGS method most used in
environmental sciences is amplicon sequencing. It allows for sequencing of part of a
genome, either selected functional genes or the 16S rRNA (ribosomal RNA) gene which
can be used for phylogenetic bacterial analysis (16S rRNA amplicon sequencing). The 16S
rRNA is the RNA component of the 30S subunit of a prokaryotic ribosome. It contains
nine hypervariable regions (V1-V9) that can be used for the identification of bacteria

species (Yang et al., 2016).

NGS data can be displayed using different graphical outputs: heat maps, OTU graphs,
Venn diagrams, Alpha or Beta diversity graphs, or bubble charts, an example of which is

provided in Fig. 7.
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sample (Czinnerova, unpublished data).
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5 EXPERIMENTAL PART, RESULTS AND DISCUSSION

This chapter is divided into four sections, each based on one article describing a selected
remediation strategy for the removal of CEs from a real polluted site and evaluates its

impact on indigenous bacterial populations using molecular biology tools.

Although the impact of selected remediation agents and substrates on bacteria can be
evaluated in laboratory and batch studies, molecular biology monitoring of pilot or full-
scale field applications is more important for describtion of the processes in the real
environment. Following studies describe long-term in-situ applications of the following

remediation approaches and biostimulation substrates for induction of CE degradation:
chemical oxidation: hydrogen peroxide applied to induce a Fenton-like reaction
chemical reduction: nZVI supported by EK treatment

nZVI embedded in activated carbon

bioremediation: stimulation of indigenous bacterial populations capable of reductive

dechlorination of CEs with sodium lactate or glycerol

Three scientific publications have been published and one submitted on this topic.
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5.1 Dynamics of organohalide-respiring bacteria and their genes
following in-situ chemical oxidation of chlorinated ethenes and
biostimulation

Application of Fenton’s reagent and enhanced reductive dechlorination are currently the

most common remediation strategies for the removal of CEs.

The aim of this study was to examine the influence of a Fenton-like reaction and
biostimulation through sodium lactate application on the dynamics of OHRB and their
genes at a site contaminated with CEs. A wide spectrum of molecular genetic markers was
used, including the 16S rRNA gene of the OHRB Dehaloccocoides, Desulfitobacterium,
and Dehalobacter; reductive dehalogenase genes (vcrd, bvcA) responsible for
dechlorination of VC and sulfate-reducing and denitrifying bacteria. A combined approach
based on molecular genetic assays along with the detection of chemical parameters was

used in this study.

In situ application of H;O, to induce a Fenton-like reaction caused an instantaneous
decline in all markers below the detection limit (Fig. 8). Two weeks after application, the
marker relative abundances increased to levels significantly higher than those prior to
application. The increase depended mainly on the ORP of the groundwater, the dose of
H,0,, and groundwater flow. No significant decrease in the concentration of CEs was
observed due to the low H»>O, dose used. A clear increase in marker levels was also
observed following in-situ application of sodium lactate, which resulted in a seven-fold
increase in Desulfitobacterium and a three-fold increase in Dehaloccocoides after 70 days.
An increase in the verd gene corresponded with an increase in Dehaloccocoides. After
H,0, application, most values returned to those prior to the application within one month.
The increase in molecular genetic markers associated with OHRB lasted longer when
dosing with sodium lactate. Application of sodium lactate led to the establishment of the
reducing conditions necessary for the growth of anaerobic OHRB. Ongoing organohalide
respiration was proven by an increase in markers along with an increase in ethene

concentration.
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Fig. 8. Changes in the relative abundance of total bacteria (16S rRNA), OHRB (Dehalobacter,
Dehalococcoides, and Desulfitobacterium), and VC reductase genes (vcrd and bved) following H,O,
application in well RWS5-11: A) depth 8 m, B) depth 13 m. No molecular genetic markers were detected one
day after dosing.

Analysis of selected markers clearly revealed a positive response of OHRB to

biostimulation and unexpectedly fast recovery after the Fenton-like reaction.

A combination of a Fenton-like reaction followed by dosing with sodium lactate could
prove efficient for CE degradation and subsequent biostimulation of OHRB during in-situ

remediation of CEs at a highly contaminated site.

Citation:

Dolinova 1., Czinnerova M., Dvotéak L., Stejskal V., Sevei A., Cernik M. (2016).
Dynamics of organohalide-respiring bacteria and their genes following in-situ chemical
oxidation of chlorinated ethenes and biostimulation.

Chemosphere 157:276-285. https ://doi.org/10.1016/j.chemosphere.2016.05.030
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5.2 Combining nanoscale zero-valent iron with electrokinetic
treatment for remediation of chlorinated ethenes and promoting
biodegradation: A long-term field study

This long-term field study explored nZVI-driven degradation of CEs supported by
electrokinetic (EK) treatment, which can positively affect nZVI longevity and migration,
and its impact on indigenous bacteria. In particular, the impact of combined nZVI-EK
treatment on OHRB, ethenotrophs, and methanotrophs (all capable of CE degradation) was
assessed using molecular genetic markers detecting Dehalococcoides  spp.,
Desulfitobacterium spp., the reductive dehalogenase genes vcrd and bveAd, and ethenotroph
and methanotroph functional genes. Changes in microbial abundance and groundwater
properties were evaluated by combining physical-chemical parameters with molecular

biology techniques.

This long-term field study demonstrates the great potential of the combined nZVI-EK
bioremediation approach for cleaning up aquifers highly polluted by CEs. nZVI-EK
treatment caused a rapid reduction in CEs in the treated area (Fig. 9) and, despite the
constant inflow of contaminated water into the reactive zone, high cDCE degradation rates
were observed throughout the experiment alongside increased production of the CE
degradation products methane, ethene, and ethane. The long-term reactivity of nZVI was
successfully supported by EK treatment, which additionally stimulated microbial

degradation activity by elevating groundwater temperature.

The remediation treatment resulted in a rapid decrease of the major pollutant cDCE by
75% in the affected area, followed by an increase in CE degradation products methane,
ethane, and ethene. OHRB continued CE reduction, even after partial nZVI exhaustion.
The newly established geochemical conditions in the treated aquifer not only promoted the
growth of OHRB but also allowed for the concurrent presence of VC- and cDCE-oxidizing
methanotrophs and (especially) ethenotrophs, which proliferated preferentially in the
vicinity of an anode where low levels of oxygen were produced (Fig. 10). The nZVI
treatment resulted in a temporary negative impact on indigenous bacteria in the application

well close to the cathode; but even there, the microbiome was restored within 15 days.
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Fig. 9. Changes in the concentration of CEs and their final degradation products (the sum of methane, ethene,
and ethane) following nZVI injection and direct current (DC) treatment. (A) reference well MW-33; (B)
application well close to a cathode AMW-57; (C) monitoring well close to a cathode MW-58; (D) application
well close to an anode AMW-61.

Our approach, combining nZVTI as a strong CE reducing agent and EK for supporting nZVI
reactivity and mobility proved highly effective in reducing CE contamination and creating
a suitable environment for subsequent biodegradation by changing groundwater conditions,
promoting transport of nutrients, and improving CE availability to soil and groundwater
bacteria. As such, combined nZVI-EK treatment represents a suitable remediation strategy
for cleaning sites highly polluted with CEs. To the best of our knowledge, this study
presents the first field-scale, long-term exploration of native degrading bacterial population

response to nZVI-EK treatment.

33



1009 o 1004 B
MW-33
> 10 > 10
£ =
© o
5 5
o g !
5 S B
[0] S Is) [
® 0.1+ l 0.1
0.014 —L 0.01 r
P 2 O ® @ ® O 2 0
Time [day] Time [day]
100 c 100 D
AMW-61

>
g £ 10,
c c
© ©
b=} b=}
o o
2 2
& & Rg
3 L <
@ @ =&

0.1
@ 2 9O %\%,bb,\\q%’@o
Time [day] Time [day]
mm 16S rRNA mmm Dehalococcoides Desulfitobacterium =3 vcrA =8 bvcA

Fig. 10. Changes in the relative abundance of total bacteria (16S rRNA), OHRB (Dehalococcoides and
Desulfitobacterium), and VC reductase genes (vcrA and bveA) following nZ VI injection and DC treatment.
(A) reference well MW-33; (B) application well close to a cathode AMW-57; (C) monitoring well close to a

cathode MW-58; (D) application well close to an anode AMW-61. All results are expressed as relative

quantity to each marker abundance prior to application. Note the logarithmic scale.

Citation:
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Combining nanoscale zero-valent iron with electrokinetic treatment for remediation of
chlorinated ethenes and promoting biodegradation: a long-term field study.

Water Res 175:115692. https://doi.org/10.1016/j.watres.2020.115692
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5.3 In situ pilot application of nZVI embedded in activated carbon for
remediation of chlorinated ethene-contaminated groundwater:
effect on microbial communities

The nZVI is commonly used for remediation of groundwater contaminated by CEs,
however, its long-term reactivity and subsurface transport are limited. A novel nZVI-AC
material, consisting of colloidal activated carbon (AC) with embedded nZVI clusters, was

developed with the aim of overcoming the limitations of nZVI alone.

The purpose of this study was to examine the potential of novel nZVI-AC for cleaning a
CE-polluted site and to elucidate abiotic and biotic processes triggered by nZVI-AC
application and their impact on indigenous microorganisms. This study describes the effect
of the application of the nZVI-AC composite on hydrochemical conditions and microbial
community of an oxic aquifer. In doing so, we intended to elucidate the chemical and

microbial processes involved in CE transformation.
The main findings are as follows:

Application of a limited amount of nZVI-AC to an oxic, nitrate-rich, highly permeable
quaternary aquifer triggered a time-limited transformation of CEs, with noticeable
involvement of reductive dechlorination. Reductive dechlorination of CEs was primarily
abiotic as an increase in ethene and low concentrations of VC did not coincide with an
increase in the abundance of reductive biomarkers indicating complete dechlorination of

PCE (Dehalococcoides, Dehalogenimonas, VC reductase genes verd and bvcA).

Hydrochemical parameters (a temporal decrease in groundwater dissolved oxygen
concentration and an insignificant, or temporary, decrease in nitrate and sulfate
concentration) indicated a limited, short-term effect of nZVI-AC application, probably due
to a high overall inflow of competing electron acceptors (CEs and oxidized inorganic
compounds) and the low levels of Fe applied to the treatment zone. This is in accordance
with the changes observed in the bacterial community, where reducing effects only

resulted in temporary and/or short-term proliferation of nitrate and iron reducers.

The generated reduced iron induced an increase in iron-oxidizing bacteria at a later stage
(Fig. 11). Overall, we observed no significant inhibition effect of nZVI-AC on the

bacterial community or its diversity. Oxic conditions in the aquifer prevented any
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significant growth of strictly anaerobic OHRB such as Dehalococcoides and their
functional VC reductase genes vcrd and bveA in the treatment zone; however, it did allow
the survival of aerobic microorganisms of the genera Pseudomonas, Polaromonas, and
Rhodoferax, known for their ability to assimilate VC or ¢cDCE. A potential for aerobic
oxidative degradation of CE metabolites was also indicated through the detection of the

ethenotroph functional gene efnFE.

Fig. 11. Bacterial community composition in CMT 1, CMT 2 (application wells), and 14/04 (reference well)
before (— 6 days) and after (6 days, 35 days, and 85 days) nZVI-AC injection. Only genera with a relative

abundance > 1% are shown.

While this nZVI-AC application pilot study failed to produce a sustainable effect on CE
contamination, it provided valuable insights into the hydrogeochemical and microbial

processes induced, which could prove useful when designing full-scale applications.
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5.4 Field application of glycerol to enhance reductive dechlorination of
chlorinated ethenes and its impact on microbial community
structure

This study summarizes the outcomes of a long-term in-situ application of glycerol
conducted to enhance reductive dechlorination of CEs on a highly contaminated site. The
physico-chemical parameters of groundwater together with changes in microbial
community structure were analyzed prior to and after the glycerol injection over a period

of seven months.

Glycerol injection resulted in an almost immediate increase in the abundance of
fermentative Firmicutes (Clostridium, Trichococcus, and Zymophilus, Fig. 12) that
produced essential sources of carbon (acetate) and electrons (H,) for OHRB and changed
groundwater conditions to more suitable for OHRB growth. A great increase in the
abundance of OHRB Dehalococcoides and Desulfitobacterium, concurrently with VC-

reductase gene levels (bvcA and verA), was revealed by the gPCR method (Fig. 13).

Consistent with reduced redox potential sulfate-reducing genera Desulfobacter,
Desulfobulbus, and Desulfovibrio, and iron-reducing Geobacter flourished at the end of the
monitoring period (200 days) competing with OHRB for electron donors but at the same

time producing acetate and essential corrinoid cofactors.

Zymophilus I 50
Desulfobacter

Desulfobulbus 40
Candidatus_Scalindua
Pseudomonas 30
Trichococcus

Desulfovibrio 20
Simplicispira

Rhodoferax 10
Lutibacter I
Geobacter 0
MSBL7

Raoultella

Sulfuritalea

Sphingobium

Rhodanobacter

GOUTA6

Sulfurospirillum
Clostridium_sensu_stricto_1

Fig. 12. Bacterial community composition in application well HV-103 and reference well RW5-24 before (—
1 day) and after (7 days, 74 days,100 days, and 200 days) glycerol injection. The scale expresses the

percentage of each bacterial genus in a sample. Only genera with a relative abundance > 5% are shown.
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Fig. 13. Changes in the relative abundance of total bacteria (16S rRNA), OHRB (Dehalococcoides and
Desulfitobacterium), and VC reductase genes (verd and bved) in the application well HV-103. All results are
expressed as relative quantity to each marker abundance prior to glycerol application (-1 day). Note the

logarithmic scale.

Consistent with shifts in bacterial populations, concentrations of pollutants PCE and TCE
decreased during the monitoring period, with rising levels of ¢DCE, VC, and, most
importantly, final CE degradation products ethene and ethane (Fig. 14). 98.5% PCE and
99.4% TCE were reduced in the injection well HV-103 after glycerol applications with the

increase of the degree of dechlorination from 21% to 62%.
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Fig. 14. Changes in the concentration of CEs and their final degradation products (the sum of ethene and

ethane) following glycerol application in HV-103 well.
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Our study implies the importance of syntrophic bacterial interactions for successful and
complete CE degradation and evaluates glycerol as a low-cost substrate for enhancing

reductive dechlorination and an effective source of electrons for OHRB.
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6 CONCLUSIONS

The structure and function of the indigenous microbial community are still not commonly
considered by technicians when planning the remediation treatments and molecular
biology methods are still not commonly used, even though they offer an additional insight
into the biodegradation processes at the treated site and can be very helpful in deciding the
treatment strategy. Therefore, I focused my studies on establishing reliable and easy-to-use
molecular biology methods for monitoring autochthonous bacteria populations and their
enzymes at polluted sites. After optimizing the DNA isolation from the complicated
environmental samples I concentrated mainly on establishing reliable qPCR protocol and
reaction conditions for each genetic marker. The next step was designing field-scale
applications of selected remediation agents in cooperation with remediation technicians
and implementation of molecular biology methods in the diagnostics of ongoing
remediation processes. I focused on describing changes in the microbial community during
long-term in situ applications of selected remediation agents and biostimulation substrates

for induction of CE degradation.
The main findings are as follows:

1. Detailed characterization of indigenous bacterial populations capable of CE degradation
at the contaminated site together with physico-chemical analyses of groundwater and soil
samples should be required for decision making which treatment strategy to use. Physico-
chemical parameters alone do not provide sufficient information about ongoing microbial

dechlorination.

2. Oxidative treatment of CE-contaminated site by a Fenton-like reaction had a temporary
negative impact on indigenous bacterial populations followed by unexpectedly fast

recovery due to the inflow of untreated colonized groundwater.

3. Negative impact of the reductive treatment by nZVI application proved to be time-
limited as well with restoration of the microbiome within several days. nZVI injection led

to the establishment of groundwater conditions suitable for OHRB growth.

4. Combined chemical treatment by application of oxidative or reductive agents followed
by monitored biodegradation represents a suitable remediation strategy for cleaning sites

highly polluted with CEs.
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5. Application of auxiliary substrates sodium lactate and glycerol led to the enhanced
reductive dechlorination of CEs by supporting OHRB growth. The variances in
biodegradation at different contaminated sites were caused mainly by different rates of

groundwater flow, physico-chemical parameters, and concentration of CEs.

6. Vertical stratification of biological and physico-chemical parameters must be considered
when assessing the biodegradation potential of the polluted site. Reductive dechlorination
of CEs was limited in an oxic environment, which did not allow for the proliferation of
anaerobic OHRB even after nZVI treatment. On the other hand, low dissolved oxygen
levels permitted the concurrent presence of OHRB and VC- and ¢DCE-oxidizing
Pseudomonas and Polaromonas. The coupling of nZVI-induced support for microbial
reduction of PCE with subsequent oxidation of cDCE and VC by oxidizing bacteria is a

promising strategy for permeable, slightly anoxic aquifers.

7. Syntrophic bacterial interactions proved to be essential for successful and complete CE
degradation, as in aquifers, bacterial populations influence the growth of each other by
changing groundwater conditions, competing for sources, or producing nutrients essential
for others. Complete biodegradation of CEs is possible only on sites with a high
concentration of dissolved organic carbon and variegated bacterial populations (high

relative abundance of OHRB together with fermenting and sulfate-reducing bacteria).

Future work should be aimed on the implementation of a multi-method assessment of the
biodegradation potential of polluted aquifers to praxis. The assessment should combine
hydro and geochemical data, metabolites concentrations, and the identification of selected
biomarker genes through novel molecular biology methods like mRNA sequencing. The
mRNA analysis will reveal actively transcribed genes for degradation enzymes and
therefore will give more precise information about the ongoing metabolic processes

involved in biodegradation.
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ABSTRACT

Application of Fenton’s reagent and enhanced reductive dechlorination are currently the most common
remediation strategies resulting in removal of chlorinated ethenes. In this study, the influence of such
techniques on organohalide-respiring bacteria was assessed at a site contaminated by chlorinated eth-
enes using a wide spectrum of molecular genetic markers, including 16S rRNA gene of the organohalide-
respiring bacteria Dehaloccocoides spp., Desulfitobacterium and Dehalobacter; reductive dehalogenase
genes (vcrA, bvcA) responsible for dechlorination of vinyl chloride and sulphate-reducing and deni-
trifying bacteria.

In-situ application of hydrogen peroxide to induce a Fenton-like reaction caused an instantaneous
decline in all markers below detection limit. Two weeks after application, the bvcA gene and Desulfito-
bacterium relative abundance increased to levels significantly higher than those prior to application. No
significant decrease in the concentration of a range of chlorinated ethenes was observed due to the low
hydrogen peroxide dose used. A clear increase in marker levels was also observed following in-situ
application of sodium lactate, which resulted in a seven-fold increase in Desulfitobacterium and a three-
fold increase in Dehaloccocoides spp. after 70 days. An increase in the vcrA gene corresponded with in-
crease in Dehaloccocoides spp. Analysis of selected markers clearly revealed a positive response of
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organohalide-respiring bacteria to biostimulation and unexpectedly fast recovery after the Fenton-like

reaction.

© 2016 Elsevier Ltd. All rights reserved.

1. Introduction

Chlorinated ethenes are widely occurring contaminants that
have been used in a range of industrial applications (Paul and
Smolders, 2014). They represent one of the most environmentally
persistent pollutants due to their strong carbon-chlorine bonds
(Adetutu et al., 2015).

The most commonly used remedial activity for chlorinated
ethenes in aquifers is monitored natural biodegradation; however,
this has the disadvantage of slow reaction kinetics and possible
accumulation of more hazardous by-products, such as cis-1,2-
dichloroethene (cDCE) and vinyl chloride (VC) (Amaral et al,
2011; Nijenhuis et al., 2007). Nevertheless, the natural biological
processes can be stimulated by addition of an organic substrate
(carbon and electron source) and nutrients.

Microbial degradation of chlorinated ethenes takes place via
anaerobic organohalide respiration. Chloroethene-contaminated
aquifers may contain a range of coexisting bacteria with differing
dechlorination activity, their occurrence and activity depending
upon local biogeochemical conditions such as oxidation-reduction
potential (ORP), pH and pollutant distribution (Imfeld et al., 2011;
Paul and Smolders, 2014). Organohalide respiration is also influ-
enced by competition for hydrogen by different bacteria, i.e.
dechlorinating, fermentative, methanogenic and iron and sulphate-
reducing bacteria (Aulenta et al., 2007; Chambon et al., 2013).
Depending on the environmental conditions, organohalide respi-
ration may lead to cDCE or VC accumulation (Conrad et al., 2010;
Mattes et al.,, 2010; Tas et al., 2010). Accumulation of cDCE or VC
occurs because the ORP needed for biodegradation of less-
chlorinated ethenes is higher than required (Kansas et al., 1998).
As both cDCE and VC are more toxic and carcinogenic than the
original contaminants, treatment processes ensuring complete
degradation of chlorinated ethenes are required.

While a number of bacteria are capable of incomplete degra-
dation of tetrachloroethene (also known as perchloroethylene;
PCE) and trichloroethene (TCE) (producing c¢DCE or VC as by-
products), only Dehalococcoides spp. (e.g. Dehalococcoides mccar-
tyi, phylum Chloroflexi) are known to fully degrade PCE to ethene
(Chambon et al, 2013; Loffler et al., 2013; West et al., 2013).
Dehalococcoides spp. are present at many chlorinated ethene
contaminated sites (Kranzioch et al., 2013; Rossi et al., 2012) and
there is a recognised correlation between Dehalococcoides spp.
presence and formation of ethene (Rossi et al., 2012). Corre-
spondingly, absence of Dehalococcoides spp. is frequently related to
accumulation of ¢DCE and VC (Hendrickson et al., 2002; Kranzioch
et al., 2013). Presence or absence of Dehalococcoides spp., therefore,
may serve as an indicator of biodegradation potential as regards
total removal of chlorinated ethenes under anaerobic conditions
(Cupples, 2008; Kaster et al., 2014). The dechlorinating activities of
Dehalococcoides spp. are known to be connected with the presence
of reductive dehalogenases rdhA, which serves as a catalyst for
cleaving the carbon-chlorine bond during organohalide respiration
(Badin et al., 2014; West et al., 2013). While complete dechlorina-
tion of chlorinated ethenes is known to depend on the presence of
one or more rdhA enzymes (pceA, tceA, vcrA or bvcA; Tang et al.,
2013), the relationship between enzyme activity and expression
is not as yet fully understood.

In addition to biological methods, a number of chemical tech-
niques are also available for in-situ remediation, with chemical
oxidation, e.g. using Fenton’s reagent (a mixture of hydrogen
peroxide [H,0,] and an iron catalyst [Fe?*]) or a Fenton-like reac-
tion (where there is a sufficient concentration of iron in the envi-
ronment) being one of the most frequently applied methods for
chlorinated ethenes. However, chemical oxidation can significantly
restrict the activity of organohalide-respiring bacteria and cause
changes in microbial population structure. Chemical oxidation can
also oxidise organic matter in preference to chlorinated ethenes,
resulting in a lack of carbon for autochthonous microorganisms
(Chapelle et al., 2005). While changes to the microbial populations
are a side-effect of chemical oxidation, application of a substrate
(electron donor), such as lactate, directly improves conditions for
biological organohalide respiration. This can be employed either
alone or during the remediation of residual contamination, often
present following the application of other techniques such as the
Fenton reaction. Although biological methods exhibit slower reac-
tion kinetics, they have the advantage of being less expensive than
chemical methods and being more environmentally friendly.
Despite this, many of the processes involved in biological methods
are still not fully understood (Kang, 2014; Maphosa et al., 2010).

Previous studies involving Fenton-like reactions or application
of sodium lactate (NaC3Hs03) have either focused purely on
chemical parameters or on total organohalide-respiring microbial
colonisation (Chapelle et al., 2005; Mattes et al., 2010; Sutton et al.,
2010). Though a number of studies have also conducted molecular
genetics analysis, these have usually been undertaken at a labora-
tory scale only or following bioaugmentation with organohalide-
respiring bacteria (Behrens et al., 2008; Damgaard et al., 2013a;
Grostern and Edwards, 2006; Kranzioch et al., 2013; Scheutz
et al., 2008).

The aim of this study was to examine the influence of a Fenton-
like reaction and biostimulation through sodium lactate application
on dynamics of organohalide-respiring bacteria and their genes at
actual site contaminated with chlorinated ethenes. To obtain more
information for the accurate diagnosis of ongoing organohalide
respiration, new approach combining analysis of molecular genetic
markers, together with physical and chemical parameters, was
used.

2. Materials and methods
2.1. Study site

The Spolchemie Company a.s. (Usti nad Labem, Czech Republic)
has been one of the leading synthetic resins and freons manufac-
turers in Europe since the middle of the last century. Production of
freons along with storage and distribution of raw materials (tet-
rachlormethane and tetrachlorethene), however, have led to
extensive subsurface contamination with organic solvents,
including chlorinated ethenes. The geological profile underlying
the Spolchemie site consists of Mesozoic Cretaceous siltstones
overlaid by a Quaternary terrace comprised mainly of fluvial sedi-
ments from the Rivers Bilina and Labe and the Klissky stream. It is
this subsurface Quaternary terrace that has been contaminated.

The Spolchemie site is currently undergoing remediation
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treatment using a range of different approaches. In addition, newer
methods such as application of nanoscale zero-valent iron and the
Fenton reaction are also being tested at the site.

2.2. Application and reference wells

Samples were obtained from four wells at the Spolchemie site.
Characteristics of sampling wells, including reagent and its dose
applied, are displayed in Table 1.

Two wells located close to the source area of contamination
(RW5-11 and RW5-12; Fig. 1A) were chosen to study the disposable
effect of hydrogen peroxide application, used for the Fenton-like
reaction, on organohalide-respiring bacteria. These wells are both
situated along the outflow line from the former chlorinated hy-
drocarbons (CHC) production area and are predominantly
contaminated with chlorinated ethenes and methanes, with
methanes dominant at around 50—90%. No effect of in-situ chem-
ical oxidation originating from neighbouring wells was observed on
the microbial consortium prior to this study. No reference well was
used for comparison with those dosed with hydrogen peroxide, the
conditions prior to application being taken as a reference point.

Well RW5-49 was used to study biostimulation through the

[TCE] + 2-[DCE] + 3-[VC] + 4-[ethene] + 4-[ethane]

peroxide (common amounts at this site range from 3000 to 5000 L
per well applied in several doses) do not result in any release of
waste gases; therefore, no venting installation was needed.

A single 20 m> dose of sodium lactate (Galactic, Belgium), at a
concentration of 12 g L™, was applied to well RW5-49 within 4
days. Application of sodium lactate was simple infiltration, it means
without any overpressure applied during its dosing.

2.3. Physical and chemical analysis

All water samples were taken dynamically using a Gigant pump
(Eijkelkamp, Netherlands). ORP was measured immediately after
sampling using a WTW 3430 Multimeter (WTW, Germany) and
recalculated against a standard H-electrode. The ORP depth profile
was measured directly in the well using an Ekotechnika Ecoprobe 5
(Ekotechnika, Czech Republic).

Chlorinated hydrocarbons were determined according to EPA
Method 8260 B. Concentration of ethene and ethane was analysed
in accordance with the methodology described by Lewin et al.
(1990). The degree of dechlorination (in %) was calculated accord-
ing to the equation:

Degree of dechlorination =

application of sodium lactate and well RW5-24 was chosen as a
control (no reagents applied) as it had not been influenced by any
previous remedial action conducted at either the source area or the
area of plume treatment (Fig. 1A).

Both wells RW5-49 and RW5-24 are situated along the marginal
edge of the contamination plume zone (Fig. 1A) and are predomi-
nantly contaminated with PCE. Furthermore, well RW5-24 is situ-
ated on the inlet side and data from previous monitoring (2 years
prior to this study) confirmed its long-term stability.

As ferrous iron (Fe?") was present in the groundwater at a
sufficient high concentration (reaching on average 51.7 mg L™!) for
a Fenton-like reaction at the contaminated wells (RW5-11 and
RW5-12), no further iron was deemed necessary for the reaction to
take place. Instead, reaction mixtures were prepared using
hydrogen peroxide (3 wt%, Eurosarm, Czech Republic), together
with citric acid (CgHgO7; 3 g L~!; Eurosarm, Czech Republic) for
ferrous ion stabilisation. A total of 100 L of hydrogen peroxide so-
lution was injected in one dose into well RW5-11, and 500 L of
hydrogen peroxide in well RW5-12. Low volumes of hydrogen

Table 1

4-([PCE] + [TCE] + [DCE] + [VC] + [ethene] + [ethane])

-100 [%]

where [contaminant] represents the concentration of the relevant
contaminant in mmol L1,

Concentrations of nitrates, sulphates and ferrous iron were
analysed according to Standard methods (APHA, 2012), while the
chemical oxygen demand (COD) was measured using cuvette tests
from Hach-Lange (Germany).

2.4. Molecular genetic analysis

All water samples used for molecular genetic analysis were
immediately cooled and stored in the dark at 4 °C until further use.
Before analysis, samples (0.2—0.5 L) were concentrated by filtration
through a 0.22 pm membrane filter (Merck Millipore, Germany).
DNA was extracted from the filter using a FastDNA Spin Kit for Soil
(MP Biomedicals, CA, USA) according to the manufacturer’s proto-
col. The Bead Blaster 24 homogenisation unit (Benchmark Scienti-
fic, NJ, USA) was employed for cell lysis. Extracted DNA was
quantified using a Qubit 2.0 fluorometer (Life Technologies, MA,
USA).

Characteristics of the sampling wells. Also shown are the reagents and doses applied and the concentration of chlorinated hydrocarbons (CHC) prior to the experiment;

bgl = below ground level.

Well Depth Ground water level Drilling diameter Diameter Volume of Perforated casing  Backfill Reagent and dose CHC prior dosing
[m bgl] [m bgl] [mm] [mm)] water [L] [m bgl] material [mg L]
RW5- 15.0 33 220 180 280 4.0-14.0 4—8 mm 3 wt% H,0,; 100 L 1.93°
11 gravel
RW5- 15.0 3.9 220 180 280 4.0-14.0 4—8 mm 3 wt% H,0,; 500 L 49.9°
12 gravel
RW5- 15.5 33 220 180 220 4.0-14.5 4—8 mm sodium lactate 0.15"
49 gravel (12gL');20m?
RW5- 11.5 34 300 160 290 2.0-10.1 4—8 mm none (reference well) 0.62°
24 gravel

2 25 days prior to dosing.
b 35 days prior to infiltration.
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Fig. 1. A) Location of sampling and reference wells, including wells (RW5-5, RW5-10 and RW5-13) illustrating cross-section at the Spolchemie site (Usti nad Labem, Czech Re-
public); and, B) geological cross-section of the site showing the open casings of the wells and direction of water flow (blue arrows).

Quantitative polymerase chain reactions (qPCR) were per-
formed to assess the relative abundance of Dehalobacter, Dehalo-
coccoides spp. and Desulfitobacterium, as well as the relative
abundance of the VC reductase genes vcrA and bvcA. In addition,
qPCR was also employed to monitor the presence of sulphate-
reducing bacteria (by detecting levels of genes for the adenosine-
5’-phosphosulphate reductase apsA and dissimilatory sulphate
reductase dsrA enzymes) and denitrifying bacteria (by detecting
levels of genes for the nitrite reductase enzymes nirK and nirS).
Relative abundance of 16S rRNA gene (total bacteria marker) was
determined as a control marker. All primers used for qPCR are listed
in Table 2.

Reaction mixtures for gPCR were prepared as follows: per 10 pL
reaction volume, 5 pL LightCycler® 480 SYBR Green I Master (Roche,
Switzerland), 0.4 uL of 20 uM forward and reverse primer mixture
(Generi Biotech, Czech Rep., IDT, US) with the addition of 3.6 pL
ultra-pure water (Bioline, Great Britain). Each DNA template was
diluted five-times with ultra-pure water. A 1 uL of this diluted DNA
was then used for the qPCR reaction. Each sample was analysed in
duplicate with ultra-pure water used as a template in a negative
control.

All gPCR reactions were performed on a LightCycler® 480 in-
strument (Roche, Switzerland) with reaction conditions set as fol-
lows: 5 min at 95 °C initial denaturation, followed by 45 cycles of

Table 2

Specific primers used for qPCR.
Name Sequence (5 — 3') Product size (bp) Target organism(s); gene(s) Reference
U16SRT-F ACTCCTACGGGAGGCAGCAGT 180 Bacteria; 16S rRNA genes Clifford et al., 2012
U16SRT-R TATTACCGCGGCTGCTGGC
vcrA880F CCCTCCAGATGCTCCCTTTA 139 Dehalococcoides sp. strain VS; vcrA Behrens et al., 2008
vcrA1018R ATCCCCTCTCCCGTGTAACC
bvcA277F TGGGGACCTGTACCTGAAAA 247 Dehalococcoides sp. strain BAV-1; bvcA Behrens et al., 2008
bvcA523R CAAGACGCATTGTGGACATC
Dre441F GTTAGGGAAGAACGGCATCTGT 205 Dehalobacter sp.; 16S rRNA genes Smits et al., 2004
Dre645R CCTCTCCTGTCCTCAAGCCATA
DHC793f GGGAGTATCGACCCTCTCTG 191 Dehalococcoides sp.;16S rRNA genes Yoshida et al., 2005
DHC946r CGTTYCCCTTTCRGTTCACT
Dsb406F GTACGACGAAGGCCTTCGGGT 213 Desulfitobacterium sp.; 16S rRNA genes Smits et al., 2004
Dsb619R CCCAGGGTTGAGCCCTAGGT
RH1-dsr-F GCCGTTACTGTGACCAGCC 164 dsrA (dissimilatory sulphate reductase) Ben-Dov et al., 2007
RH3-dsr-R GGTGGAGCCGTGCATGTT
RH1-aps-F CGCGAAGACCTKATCTTCGAC 191 apsA (adenosine-5"-phosphosulfate reductase) Ben-Dov et al., 2007
RH2-aps-R ATCATGATCTGCCAGCGGCCGGA
Cd3aF GTSAACGTSAAGGARACSGG 425 nirS (Nitrite reductase) Michotey et al., 2000; Throback et al., 2004
R3cd GASTTCGGRTGSGTCTTGA
nirk876F ATYGGCGGVCAYGGCGA 164 nirK (Nitrite reductase) Henry et al., 2004
nirK1040R GCCTCGATCAGRTTRTGGTT
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10 sat 95 °C, 15 s at 60 °C and 20 s at 72 °C. Finally, a melting curve
ranging from 60 to 98 °C was assessed with a temperature gradient
of 0.6 °C per 10 s. Purity of the amplified fragment was determined
through observation of a single melting peak. Crossing point (Cp)
values were obtained using the Second Derivative Maximum
method available in LightCycler® 480 Software. The amplification
efficiency of each primer set was determined by measuring stan-
dard curves using serial dilution of template DNA from five
different environmental samples. Relative quantification of each
parameter was expressed as a fold change between two states (a
given sampling time and a sampling time of zero) using the delta Cp
method. The results of qPCR were evaluated as relative quantifi-
cation, with the condition of the organohalide-respiring bacteria
prior to the application taken as the starting point.

3. Results and discussion
3.1. Application of hydrogen peroxide for the Fenton-like reaction
a) ORP measurement

Prior to the addition of hydrogen peroxide, ORP showed a
relatively constant decrease with depth in well RW5-11 (Fig. 2). In
well RW5-12, however, ORP only showed a slow decrease (AORP
20 mV over 7 m) down to a depth of 11 m below ground level (bgl),
whereupon it decreased rapidly to —25 mV (AORP 250 mV over
3 m) at a depth of 14 m bgl (Fig. 2). The ORP profiles indicate the
different geological structure in each well (Fig. 1B), with higher ORP
in RW5-12 being due to faster groundwater flow (80—150 L d™1)
caused by the sandy gravel aquifer (down to 11 m bgl). Ground-
water flow at the bottom of the well was much slower
(10—20 L d™ ') due to the presence of loamy sands. Additionally,
loamy sands could contain higher content of organic matter, along
with slow groundwater flow resulting in a significantly lower ORP
and thus ongoing biological reduction.

Application of hydrogen peroxide resulted in an increase in
overall ORP from an initial level of approximately —30 mV at both
depth strata in well RW5-11, and from 230 mV (8 m bgl) and 20 mV
(13 m bgl) in well RW5-12 to more than 600 mV in both wells. Due
to the small volume of hydrogen peroxide applied (Table 1), this
increase in ORP only lasted five days, following which ORP returned
to levels similar to those prior to application.

b) Influence on chlorinated ethenes

41 - RWS-12
- RWS5-11

104

Depth [m bgl]

124

14
100 50 0 50 100 150 200 250

Oxidation-reduction potential [mV]

Fig. 2. Oxidation-reduction potential depth profile in wells RW5-11 and RW5-12
before dosing of hydrogen peroxide.

The small amount of hydrogen peroxide applied, i.e. 100 L in well
RW5-11 and 500 L in well RW5-12 (amounts used at this site more
commonly range from 3000 to 5000 L per well injected in several
doses), did not result in a significant decrease in chlorinated eth-
enes concentration. Changes in the concentration of individual
chlorinated ethenes were within the range of long-term fluctua-
tions throughout the experiment (Table 3). Increase on Day 225 was
caused by spreading of PCE contamination from source area,
accompanied by higher concentration of degradation products.
Prior to the addition of hydrogen peroxide to well RW5-11, the
degree of dechlorination was around 13%, indicating partly ongoing
organohalide respiration. After application, degree of dechlorina-
tion did not change suggesting both the removal of chlorinated
ethenes and simultaneous inflow of contamination from the
Fenton-unaffected environment nearby. At the end of the experi-
ment, the degree of dechlorination had increased to 22%, indicating
a gradual recovery of the organohalide-respiring bacterial pop-
ulations (see below) and ongoing organohalide respiration. As
almost no degradation products were detected in well RW5-12 (ca.
3%) and a low degree of dechlorination (<1.4%) was reached, it can
be assumed that no organohalide respiration of chlorinated eth-
enes took place. Such a low ratio could be explained by the high
prevalence of chlorinated methanes in this well, and especially
trichloromethane and tetrachloromethane (Table S1). Moreover,
Fenton-like reactions are known to be inefficient at removing
chlorinated methanes (Teel and Watts, 2002).

c) Changes in the organohalide-respiring bacterial populations

In this study, the effect of small doses (disposable impact) of
hydrogen peroxide on organohalide-respiring bacteria was evalu-
ated in two contaminated wells and their recovery rate observed. In
addition, the influence of depth was assessed by taking samples
from 8 to 13 m in each well. The qPCR analysis prior to application
confirmed the presence of organohalide-respiring bacteria (Deha-
lococcoides spp., Dehalobacter, Desulfitobacterium) in both wells,
along with the VCreductase genes vcrA and bvcA (Figs. 3 and 4). All
results are expressed as relative ratios, i.e. each marker in relation
to its state prior to application (value #1).

One day after hydrogen peroxide application, all markers in both
wells decreased rapidly to values below the detection limit (Figs. 3
and 4), independent of the volume of hydrogen peroxide applied.
Such a rapid decrease cannot be explained by a flushing-out effect
alone. Clearly, hydrogen peroxide affected both the organohalide-
respiring bacteria and the levels of individual reductive dehaloge-
nase genes, thereby confirming the toxic nature of hydrogen
peroxide. Differences in local geological conditions and the ratio of
chlorinated methanes to ethenes in each well resulted in differing
changes in organohalide-respiring bacterial populations.

Well RW5-11 exhibited significant recovery of organohalide-
respiring bacteria after 13 days, with Dehalococcoides spp. domi-
nant. Furthermore, this increase corresponded with an increase in
the level of both VC reductase genes (vcrA and bvcA). A similar rise
was observed at both depth strata (i.e. 8 and 13 m) in well RW5-11,
corresponding with the reducing conditions found at both levels.
As only 100 L of hydrogen peroxide was dosed into this well, both
groundwater flow system and surrounding well environment was
not significantly affected. The recovery can be explained, therefore,
by faster flushing of hydrogen peroxide being followed by re-
inoculation from the microbial populations in new groundwater
from areas unaffected by the Fenton-like reaction. Moreover, the
newly inflowing microbial populations were able to establish
themselves rapidly as the original populations had been removed
by the Fenton-like reaction, simultaneously providing high nutrient
and substrate content for growth. Chapelle et al. (2005) and Sutton
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Table 3

281

Degree of dechlorination, including concentrations of individual chlorinated ethenes, ethene and ethane (in pmol L~') as end-products in application wells RW5-11 and RW5-

12; LOQ - limit of quantification.

Well Time [d] VC DCE total TCE PCE Ethene Ethane Degree of dechlorination [%]
RW5-11 -25 0.07 1.21 1.30 4.48 <L0Q <L0Q 139
0° 0.05 145 1.08 5.21 <L0OQ <L0Q 133
12 0.11 2.16 4.99 113 0.13 <LOQ 135
32 0.78 1.31 0.60 9.77 <L0Q <L0Q 11.2
60 0.03 1.33 1.80 121 0.06 <L0Q 7.82
225 1.48 13.6 5.19 219 0.26 <LOQ 223
RW5-12 -25 0.02 0.33 0.48 20.9 <L0Q <L0Q 1.44
0° 0.01 0.26 0.55 22.2 <LOQ <L0Q 1.20
12 0.01 0.25 0.66 25.7 <LOQ <LOQ 1.05
32 <L0Q 0.1 0.36 213 <L0Q <L0Q 0.67
60 <LOQ 0.18 0.51 26.1 <LOQ <LOQ 0.81
225 <LOQ <LOQ 0.70 48.7 <LOQ <LOQ 0.36
2 Dosing time.
10 10
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Fig. 3. Changes in the relative abundance of organohalide-respiring bacteria markers and 16S rRNA gene following application of hydrogen peroxide (100 L) in well RW5-11: A)
depth 8 m, B) depth 13 m. No molecular genetic markers were detected one day after dosing.
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Fig. 4. Changes in the relative abundance of organohalide-respiring bacteria markers and 16S rRNA gene following application of hydrogen peroxide (500 L) in well RW5-12: A)
depth 8 m, B) depth 13 m. Aside from the Desulfitobacterium (degrader of chloromethanes), no molecular genetic markers were identified one day after dosing. Note fragmentation

of the y-axis.

et al.(2010) both reported that application of Fenton reagents led to
the mobilisation of fermentable organic carbon, which can be uti-
lised by new microbial populations to support growth. One month
after application, the markers gradually decreased to levels com-
parable with those prior to application. Only Dehalococcoides spp.
and both the vcrA and bvcA genes were still approximately three-

times higher after one month, corresponding with the higher
chlorinated ethene degradation product ratios observed due to
ongoing organohalide respiration. At the end of the experiment (i.e.
after 230 days), all markers were close to their original values, with
the exception of the bvcA gene, again suggesting ongoing activity of
organohalide-respiring bacteria.
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The influence of the Fenton-like reaction on organohalide-
respiring microbial populations was very similar at both depth
strata 8 and 13 m (Fig. 3). In terms of microbial recovery, all markers
had increased two-fold at 8 m, most likely due to more intensive
groundwater flow in the well (approx. 80—150 L d~! at 8 m bgl
compared to 10—-20 L d~! in the underlying layer at 13 m bgl) and,
therefore, faster re-inoculation by bacteria (Sutton et al., 2010).

As a higher volume of hydrogen peroxide was applied in well
RW5-12, a wider surrounding environment was influenced. Zone of
impact of hydrogen peroxide in aquifer was not, however, uni-
formly distributed over well depth. Whereas this zone was about
0.2 m in high-permeable layers (at 8 m bgl), at depth of 13 m bgl it
ranged from 0.0 to 0.05 m due to the presence of low-permeable
environment (Fig. 1B). Recovery of organohalide-respiring micro-
bial populations in this well; therefore, differed to that in well
RW5-11. Aside from Desulfitobacterium, no microbial recovery was
observed and the levels of all markers remained at values only
slightly above the detection limit observed at 8 m (Fig. 4). Faster
groundwater flow at this depth, a more positive ORP (220 mV;
Fig. 2) and decrease in pH caused by mixture of hydrogen peroxide
together with citric acid (used for ferrous ion stabilisation) pre-
vented recovery of anaerobic organohalide-respiring microbial
populations. On the other hand, Desulfitobacterium appeared
capable of growth also under such conditions, though only for a
limited time as it needs reductive conditions (negative ORP) for
stable and long-term growth (Kim et al., 2012). This would explain
the decline in Desulfitobacterium relative abundance after 30 days
(Miller et al., 1997). No further microbial recovery was observed at
8 m until the end of experiment (230 days), suggesting that
reductive conditions are critical for recovery of organohalide-
respiring bacteria. As relative quantification was used (not
providing information on total amount), the presence of all markers
was detected prior to the application of hydrogen peroxide (Fig. 4A)
even though positive ORP (Fig. 2) at this depth of 8 m. It can be
explained by occurrence of anoxic/anaerobic zones (Damgaard
et al, 2013b), which disappeared after hydrogen peroxide
application.

As at 8 m, organohalide-respiring bacteria disappeared
completely at 13 m immediately after hydrogen peroxide applica-
tion (Fig. 4B). In general, microbial recovery in well RW5-12 was
affected by the different contaminants present, i.e. while chlori-
nated ethenes were the dominant contaminant in well RW5-11,
trichloromethane and tetrachloromethane dominated in RW5-12.
Organohalide respiration began again after 13-days, however, as
indicated by the slow increase in marker levels and a two-fold in-
crease in the levels of bvcA gene. Most likely due to the high con-
centration (~95%) of chlorinated methanes, Desulfitobacterium
levels were up to 200-times higher at the end of the monitoring
period compared to those prior to the experiment (Fig. 4B). These
results agree with those of Odom and Singleton (2013), who re-
ported that this bacterial strain is capable of utilising chlorinated
methanes for growth. Organohalide-respiring bacterial activity
could be influenced by the high Desulfitobacterium levels, with
relative abundances comparable with those prior to the experi-
ment. This corresponds well with the chemical analysis results
(section 3.1b), which detected very low degradation product ratios
throughout the experiment.

Chapelle et al. (2005) found comparable results, with a decrease
in microbial colonisation in wells and microbial activity expressed
as a rate of conversion of C acetate to '%CO, two days after
application of Fenton reagents. Hence, it would appear that the rate
of microbial recovery depends on the groundwater flow, which
influences the flushing out Fenton reagents as well as inflow of new
microbial populations.

3.2. Application of sodium lactate
a) ORP measurement

The ORP in well RW5-49 decreased from 370 mV to 4 mV 30
days after application of sodium lactate (first measurement), with
ORP remaining close to 0 mV until the end of the experiment after
seven months, thereby indicating appropriate conditions for
removal of chlorinated ethenes (Van der Zaan et al., 2009). In
contrast, reference well RW5-24, which received no dosing,
showed fluctuations of ORP around 250 mV throughout the
experiment.

b) Influence on chlorinated ethenes

Concentrations of all contaminants in well RW5-49 decreased as
a result of enhanced microbial degradation activity (Table 4; Fig. 5).
The degree of dechlorination increased following sodium lactate
addition from original value of 60.4—85.9% 30 days after infiltra-
tion, and 80.6% after 92 days (Table 4). In contrast, the degree of
dechlorination in the reference well remained relatively stable over
the same period, ranging from 18.3 to 26.0%. In addition to chlori-
nated ethenes, the concentrations of ethene and ethane, the end-
product of degradation, were also analysed. Ethene concentra-
tions were approximately two-times higher than those before
application of sodium lactate. Higher ethene concentrations, along
with high ratios for degradation products (maximum 92%), after 30
days clearly indicate an increased rate of chlorinated ethenes
degradation. The presence of ethene prior to application can be
explained by ongoing dechlorination in well RW5-49. Ethene
concentrations remained below the limits of detection throughout
the experiment in the reference well (RW5-24), indicating unde-
tectable or incomplete degradation of chlorinated ethenes (also
due to the higher ORP ~250 mV). No effect of sodium lactate dosing
was observed on concentrations of chlorinated methanes in well
RW5-49 (Table S2).

c) Changes in COD and redox sensitive parameters

As 20 m® of sodium lactate was infiltrated in well RW5-49,
surrounding environment in diameter up to 10 m in high-
permeable layers and about 0.1-0.3 m in the layers with low
permeability was influenced. Due to the high-permeable layers, any
significant increase in groundwater level and flow was not
observed after sodium lactate infiltration. Only flow direction
nearby to well was opposite during sodium lactate application. The
amount of sodium lactate remaining in groundwater was deter-
mined by measuring the COD. COD increased by around 300% (from
82 to 250 mg L) following application of sodium lactate in well
RW5-49. Over the next 92 days, COD gradually decreased to
15 mg L, whereupon they remained relatively stable until the end
of experiment.

Nitrate in well RW5-49 decreased from about 1.5 mg L~! to
below the detection limit (0.20 mg L) over the first 92 days after
application, though they had returned to their original values after
200 days due to inflow of groundwater, thereby confirming
exhaustion of lactate for biological reduction (ORP about 35 mV).
Sulphate concentrations in well RW5-49 decreased from
460 mg L~ to 160 mg L~ 30 days after sodium lactate application,
subsequently increasing to 290 mg L~! after 90 days and remaining
relatively constant at this level throughout the rest of the experi-
ment. While the concentrations of nitrate fluctuated slightly (from
79 to 108 mg L™ !) in reference well RW5-24, the concentrations of
sulphate remained relatively stable (1090-1280 mg L)
throughout the experiment.
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Table 4

Degree of dechlorination, including concentrations of individual chlorinated ethenes, ethene and ethane (in pmol L") as end-products in application well RW5-49 and

reference well RW5-24; LOQ - limit of quantification.

Well Time [d] vC DCE total TCE PCE Ethene Ethane Degree of dechlorination [%]
RW5-49 -35 0.23 0.76 0.18 0.20 0.76 <L0Q 63.8
0? 0.20 0.71 0.21 0.25 0.68 <L0Q 60.4
30 0.09 0.42 0.13 0.03 1.92 <L0Q 85.9
92 0.13 0.28 0.10 0.19 1.57 <L0Q 80.6
153 0.13 0.18 0.13 0.20 0.95 <L0Q 74.0
201 021 0.22 0.08 0.16 1.17 <LOQ 79.3
RW5-24 -35 0.20 0.68 1.64 1.93 <10Q <L0Q 202
0 021 0.65 1.58 2.11 <L0Q <L0Q 19.3
30 0.36 0.66 1.50 2.80 <L0Q <L0Q 183
92 0.55 0.65 0.83 1.60 <L0Q <L0Q 26.0
153 0.25 0.64 1.17 1.86 <L0Q <L0Q 20.4
201 0.46 0.76 1.40 2.34 <L0Q <L0Q 21.7
¢ Infiltration time for well RW5-49.
8 Approximately four months after sodium lactate application,
3 16S rRNA levels of all markers had decreased, with final values similar to
6 Zirc': those before application. In well RW5-49, aside from the nitrite
4 E ﬂ Pelalobacisr reductase gene nirS and Dehalobacter, all markers had returned to
s + L B2 Dehalococcoides their original values within four months. Molecular genetic analysis
‘g 3+ XX Desulfitobacterium and chemical analysis results both agreed, demonstrating a
% apsA decrease in sulphates and nitrates together with a decrease in ORP.
g glsr%‘ Increased relative abundance of denitrifying and sulphate-reducing
o 2 = i nirS bacteria corresponded with ongoing organohalide respiration,
'% 2 ; negative ORP being needed for both processes. This resulted in a
E = % clear decline in sulphate concentrations, accompanied by a simul-
1 © ; taneous increase in the levels of apsA and dsrA genes responsible for
8 ? sulphate reduction.
+ é In the reference well (RW5-24), concentrations of chlorinated
0- 3 L . il ethenes and marker relative abundance remained relatively stable
0 63 133 152 201 throughout the experiment. 133 days after lactate application,
Time [day] however, marker levels had increased again, probably as a result of

Fig. 5. Change in the relative abundance of markers in well RW5-49 following infil-
tration of sodium lactate. Note fragmentation of the y-axis.

d) Impact on bacterial populations

Before sodium lactate application, Dehalococcoides spp., Deha-
lobacter, Desulfitobacterium, VC reductase genes vcrA and bvcA and
sulphate-reducing (identified through the apsA and dsrA genes) and
denitrifying (identified through the nirK and nirS genes) bacteria
were all detected in well RW5-49. Apart from the bvcA gene, the
same markers were also identified in reference well RW5-24.

The clear differences in microbial response observed in well
RW5-49 following sodium lactate dosing confirm a positive influ-
ence over a shorter time interval (Fig. 5). The relative abundance of
those markers responsible for organohalide-respiration remained
three- to seven-times higher than those prior to application two
months after sodium lactate dosing. An increase in Dehalococcoides
spp. and vcrA and bvcA genes was observed, with Desulfitobacterium
showing the highest increase over all markers tested. The domi-
nance of Desulfitobacterium (at seven-times their original level) is
likely to have been due to its broad substrate specificity, enabling
more rapid growth than other organohalide-respiring bacteria
(Lupa and Wiegel, 2015). The increase in Dehalococcoides spp.,
along with levels of the vcrA and bvcA genes, is in accordance with
the results of chemical analysis, which showed a clear trans-
formation of VC to ethene (Table 4). On the other hand, sodium
lactate application led to a decrease in the abundance of Dehalo-
bacter (Fig. 5), primarily responsible for DCA degradation (Grostern
and Edwards, 2006).

renewed contamination originating from inflow of untreated
groundwater. Findings observed after sodium lactate application
are in accordance with results by Damgaard et al. (2013) and
Scheutz et al. (2008) who also reported an increase in molecular
genetic markers for ongoing organohalide respiration after
molasses and sodium lactate dosing, respectively.

If the remediation effect of the Fenton-like reaction is to be
increased, dosing with an organic substrate would be needed to
support organohalide-respiring bacterial growth. Based on this, the
combination of a Fenton-like reaction followed by dosing with
sodium lactate (or other organic substrate) would appear to be
efficient approach for enhancing stimulation of organohalide-
respiring bacteria during in-situ remediation of chlorinated
ethenes.

4. Conclusions

Changes in anaerobic organohalide-respiring bacteria associ-
ated with in-situ dehalogenation of chlorinated ethenes following a
Fenton-like reaction and infiltration of sodium lactate at a
contaminated site was assessed. A combined approach based on
molecular genetic assays along with detection of chemical param-
eters was used in this study.

While molecular genetic marker levels remained high two-
months after sodium lactate application, most markers showed
only a slight increase following the Fenton-like reaction. Although
the Fenton-like reaction initially resulted in a decrease in all marker
relative abundances, a subsequent increase was observed within 13
days. Most values returned to those prior to application within one
month. Increase in molecular genetic markers associated with
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organohalide-respiring bacteria lasted longer when dosing with
sodium lactate. Sodium lactate led to establishment of the reducing
conditions necessary for growth of anaerobic organohalide-
respiring bacteria. Ongoing organohalide respiration was proven
by an increase in markers along with an increase in ethene
concentration.

Future work will be aimed at verifying whether a combination
of a Fenton-like reaction followed by dosing with sodium lactate
can be efficient approach for enhancing biostimulation of
organohalide-respiring bacteria during in-situ remediation of
chlorinated ethenes at contaminated site.
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Nanoscale zero-valent iron (nZVI) is recognized as a powerful tool for the remediation of groundwater
contaminated by chlorinated ethenes (CEs). This long-term field study explored nZVI-driven degradation
of CEs supported by electrokinetic (EK) treatment, which positively affects nZVI longevity and migration,
and its impact on indigenous bacteria. In particular, the impact of combined nZVI-EK treatment on
organohalide-respiring bacteria, ethenotrophs and methanotrophs (all capable of CE degradation) was
assessed using molecular genetic markers detecting Dehalococcoides spp., Desulfitobacterium spp., the
reductive dehalogenase genes vcrA and bvcA and ethenotroph and methanotroph functional genes. The
remediation treatment resulted in a rapid decrease of the major pollutant cis-1,2-dichloroethene (cDCE)
by 75% in the affected area, followed by an increase in CE degradation products methane, ethane and
ethene. The newly established geochemical conditions in the treated aquifer not only promoted growth
of organohalide-respiring bacteria but also allowed for the concurrent presence of vinyl chloride- and
cDCE-oxidizing methanotrophs and (especially) ethenotrophs, which proliferated preferentially in the
vicinity of an anode where low levels of oxygen were produced. The nZVI treatment resulted in a
temporary negative impact on indigenous bacteria in the application well close to the cathode; but even
there, the microbiome was restored within 15 days. The nZVI-EK treatment proved highly effective in
reducing CE contamination and creating a suitable environment for subsequent biodegradation by
changing groundwater conditions, promoting transport of nutrients and improving CE availability to soil
and groundwater bacteria.

© 2020 Elsevier Ltd. All rights reserved.

1. Introduction

ethenes (CEs) due to the slow degradation kinetics of the less
chlorinated by-products cis-1,2-dichloroethene (cDCE) and vinyl

Perchloroethylene (PCE) and trichloroethylene (TCE) are widely
used in industry as dry cleaning fluids and degreasers and historical
contamination has typically occurred due to their improper
handling, storage or incidental releases. Degradation of PCE and
TCE is very limited in aerobic environments; however, more effi-
cient degradation is achieved under anaerobic conditions, primarily
by the process of reductive dehalogenation (Vogel et al., 1987;
Middeldorp et al., 1999; Aulenta et al., 2006). Despite this, it is very
difficult to completely clean a site contaminated with chlorinated

* Corresponding author.
E-mail address: jaroslav.nosekl1@tul.cz (J. Nosek).

https://doi.org/10.1016/j.watres.2020.115692
0043-1354/© 2020 Elsevier Ltd. All rights reserved.

chloride (VC). As these compounds are more soluble and mobile in
the environment than their parents, and VC also more toxic and
even carcinogenic, their accumulation should be avoided and
degradation processes stimulated and monitored (Tobiszewski and
Namies$nik, 2012).

The most commonly used remediation process for CEs is
enhanced anaerobic biodegradation, supported by the addition of
organic substrates (as carbon and electron sources), and by
changing groundwater conditions to make them more suitable for
specific organohalide-respiring bacteria. Bioremediation is a cost-
effective method compared to physical or chemical treatment
(Chen et al., 2015), but is relatively problematic for sites with high
initial pollutant concentrations, which usually inhibit bacterial
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growth (Haest et al., 2010; Xiu et al., 2010). As such, a combination
of two or more remediation approaches (remedial train) usually
proves a better strategy for efficient removal of these contaminants
(Hassan et al., 2018).

The use of reducing agents, such as nanoscale zero-valent iron
(nZVI), can be highly effective due to its high reactivity (large
specific surface area) and its ability to completely dechlorinate CEs
to non-toxic ethene (Elliott and Zhang, 2001; Zhang and Elliott,
2006; Lacinova et al.,, 2012). If oxygen is present in the environ-
ment, rapid oxidation of nZVI leads to oxygen depletion, which
helps form an anaerobic environment; at the same time, however,
it decreases nZVI lifetime for reduction of the target contaminants
(Stefaniuk et al., 2016). Under the anaerobic conditions typical for
deeper zones of contaminated aquifers, nZVI reacts with water to
form elemental hydrogen, which serves as an electron donor for
present bacteria (Bruton et al., 2015). Both of these reactions lead to
the creation of an environment suitable for the growth of
organohalide-respiring bacteria. However, nZVI particles possess
several limitations, such as short-term reactivity and also rapid
aggregation, that negatively affects their reactivity and mobility
(Stefaniuk et al., 2016). To counteract this, different surface modi-
fications of the nZVI particles may be used to accelerate their
migration in groundwater and increase their contact with the
contaminant (Lu et al., 2016).

Several studies have applied electrokinetic (EK) treatment to
support nZVI and solve the above-mentioned problems (Moon
et al,, 2005; Gomes et al., 2016; Cernik et al., 2019; Stejskal et al.,
2020). The EK remediation process involves applying a low-
voltage direct current (DC) across a section of contaminated
aquifer material (Acar and Alshawabkeh, 1993). Three different
mechanisms positively affect the transport of nZVI particles, elec-
troosmosis, electromigration and electrophoresis (Yeung, 1994;
Hassan et al., 2018); however, in an environment where advective
flow dominates, their contribution may be negligible (Cernik et al.,
2019). Moreover, electrolysis reactions at the electrode produce
hydronium ion (H30%) at the anode, which lower the pH in its
proximity, and hydroxyls at the cathode, which increase the pH.
Electrons released from the cathode, together with a higher pH,
help to retain nZVI in a reduced state, thereby lowering reduction
conditions over a longer period (Cernik et al., 2019). In addition to a
positive effect of the DC field on nZVI longevity and migration,
transport of nutrients to indigenous bacteria and pollutant avail-
ability is also significantly enhanced (Yeung and Gu, 2011).
Electrokinetically-enhanced bioremediation has been extensively
studied (Beretta et al., 2019) and applied in order to remove pol-
lutants from soil and groundwater (She et al., 2006; Mena Ramirez
et al., 2014; Mousavi et al., 2011; Zhan et al., 2012; Zhang et al,,
2013, 2014).

Several anaerobic bacteria capable of reducing PCE and TCE to
cDCE have been described, including the genera Desulfitobacterium,
Dehalobacter, Sulfurospirillium and Geobacter (Dolinova et al., 2017);
however, only Dehalococcoides spp. and the recently described
Dehalogenimonas spp. (both Chloroflexi phyla) are capable of com-
plete reduction of cDCE and VC to ethene (Lee et al., 2013; Loffler
et al.,, 2013; Yang et al., 2017). Their presence at a contaminated
site correlates with ethene production, while their absence leads to
¢DCE and VC accumulation. Successive dechlorination of CEs is
catalyzed by different reductive dehalogenases (pceA, tceA, vcrA or
bvcA), each cleaving specific carbon-chlorine bonds (Futamata
et al, 2009; Poritz et al, 2013). The presence of genes for
different reductases can indicate the contaminated site potential
for successful bioremediation (Dolinova et al., 2016; Saiyari et al.,
2018).

In addition to anaerobic degradation pathways, methanotrophs
have been shown to cometabolicaly oxidize TCE, cDCE and VC using

enzyme methane monooxygenases (MMO). Methanotrophs oxidize
methane as a primary growth substrate, but the broader substrate
range of MMO'’s allows for accidental CEs degradation (Yoon et al.,
2011; Liang et al., 2017). Ethen-oxidizing bacteria (ethenotrophs)
can also cometabolize VC or cDCE in the presence of ethene as the
primary growth substrate (Koziollek et al., 1999; Mattes et al., 2010)
and some ethenotrophs are even able to use VC as a sole carbon
source (Verce et al, 2001). VC-oxidizing methanotrophs and
ethenotrophs have been found in anaerobic groundwater samples
and can establish themselves at low levels of dissolved oxygen
(Gossett, 2010; Richards et al., 2019). As such, the functional genes
from ethenotrophs (etnC and etnE) and methanotrophs (mmoX and
pmoA) are used as biomarkers of aerobic degradation of CEs in
groundwater (Wymore et al., 2007; Jin and Mattes, 2010; Némecek
et al., 2020).

The aim of this long-term field study was to apply a strong CE-
reducing agent (nZVI) supported by EK to enhance its performance
and support complete biodegradation of CEs. In particular, we
focused on the dynamics of organohalide-respiring bacteria,
methanotrophs and ethenotrophs involved in both reducing and
oxidizing processes. Changes in microbial abundance and ground-
water properties were evaluated by combining physical-chemical
parameters with molecular biology techniques.

2. Material and methods
2.1. Study site

The experiment took place on property owned by Spolchemie a.
s. (Usti nad Labem, Czech Republic), where poor TCE storage and
handling practices have, over the years, led to significant contam-
ination of soil and groundwater. Geologically, the Spolchemie site
comprises Mesozoic Cretaceous siltstones overlaid by a Quaternary
terrace, which is the layer containing most of the contamination.
The Quaternary terrace consists of fluvial sediments located
approximately 12.3 to 3 m below ground level (bgl) and its average
thickness is 9 m. The base of the terrace consists of clay gravels,
sandy gravel and alkaline boulders of the size 15—20 cm. The grain
size of clastic sediments decreases towards the overburden. In the
depth of 7.5—3 m bgl, there are parts of brown-rusty clay sands
with smaller boulders of alkaline rocks or quartz. The terrace is
covered by a 3 m thick layer of anthropogenic debris, originating
from historical demolitions. The surface of the studied site is
covered by a concrete layer with a thickness of 40—55 cm or with a
coarse-grained gravel. The groundwater level is 3—4 m bgl, with the
major horizontal flow south-east towards the River Bilina. As hy-
draulic permeability of the rock material decreases with depth, the
highest groundwater flow rate is between 4.5 and 6.8 m bgl. The
hydraulic conductivity coefficient at depths of 3.5—9 m bgl is in the
range of 10~4 m/s to 10~® m/s (Kvapil et al., 2011).

The field experiment took place in a contaminated area with a
constant inflow of CEs from the source zone, situated north of the
site. A central line of three anodes was surrounded by nine cath-
odes to create DC electric field (Fig. 1). All the electrodes were steel
rods with a diameter of 20 mm installed directly into the aquifer to
a depth of 9 m. Wells AMW-57, AW-60 and AMW-61 were used for
nZVI application. Wells close to cathodes (AMW-57 and MW-58)
and an anode (AMW-61) were monitored to assess the influence
of nZVI and the electric field on CE degradation, physico-chemical
parameters and abundance of indigenous bacteria. Well MW-33,
situated on the inflow side of the study site, served as a control
for monitoring the concentration of inflowing contaminants.
Characterization of the groundwater from well MW-33 sampled 8
days before nZVI application is presented in Table S1.
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Fig. 1. Position of application and monitoring wells, direct push probes and DC elec-
trodes at the study site.

2.2. Application of nZVI and EK treatment

A reaction mixture with a final nZVI concentration of 3 g/l was
prepared fresh on-site by mixing 60 kg of nZVI (NANOFER STAR DC,
Nanoiron Ltd., Czech Republic) and 1 kg of MS] detergent (Schicht s.
r.0., Czech Republic) in 20 m> of tap water. The suspension was
injected into four direct-push probes (DP-1 — 4) and three narrow
profile wells (AMW-57, AW-60, AMW-61) using a HP 10/80 pres-
sure pump (Hapon s. r.0., Czech Republic) with a working pressure
of 10—40 MPa (Table 1, Fig. 1). The injection was carried out for 12 h
and continued for 8 h the next day.

A DC electric field, created by nine cathodes and three anodes
(Fig. 1), was applied seven days after nZVI injection using a DC
power supply (SP-750-24 24V-30A AC/DC convertor, Mean Well,
Taiwan) with a voltage of 24 V and a maximum power of 750 W.
When the system was switched on, the inverter output was
approximately 550 W, but decreased slowly as a result of anode
passivation and dissolving.

2.3. Sampling and measurement of chemical and physical
parameters

Groundwater samples for molecular biology and physico-
chemical analysis were obtained from wells AMW-57, MW-58,
AMW-61 and MW-33 over a period of 140 days, with two sam-
plings completed before nZVI application. The groundwater level
was measured in all wells using a G30 electronic gauge (NPK
Europe Mfg. s. r.0., Czech Republic). Subsequently, all water samples
were taken from the depth of 8 m bgl using a Gigant pump (Eij-
kelkamp, Netherlands), after the physico-chemical parameters (pH,
oxidation-reduction potential (ORP), water conductivity) of the
continuously pumped water were stabilized. Water samples
(0.3—-0.5 L) for molecular genetic analysis were immediately cooled
on ice, transported to the laboratory and stored in the dark at 4 °C
until filtration the following day. Physico-chemical parameters

Table 1
Volume of nZVI suspension applied to individual wells (in m?).

Horizon (m bgl) Direct-push probes Narrow profile wells

DP-1 DP-2 DP-3 DP-4 AMW-57 AW-60 AMW-61

5 2 1.7 1.5 1.5 33 33 23
6 0.8 0.8 0.6 0.6
7 0.5 0.5 0.3 0.3

(temperature, pH, ORP and water conductivity) were measured
using a YSI Professional instrument (YSI, OH, USA) directly on site.
ORP was recalculated to the standard hydrogen electrode.

Concentrations of CEs, methane, ethene and ethane were
determined according to EPA Method 8260 B by gas
chromatography-mass spectrometry (GC—MS; CP 3800, Saturn
2200, Varian, USA).

2.4. Molecular genetic analysis

The relative abundance of the genera Dehalococcoides and
Desulfitobacterium and the genes 16S rRNA (representing total
bacterial biomass), vcrA and bvcA (VC reductase genes capable of
complete dehalogenation of cDCE to ethene), mmoX and pmoA
(MMO genes of methanotrophs) and etnC and etnE (encoding the
alkene monooxygenase and epoxyalkane: coenzyme M transferase
of ethenotrophs) was determined by quantitative real-time PCR
(qPCR).

Samples for molecular biology analysis were processed as
described in Dolinovd et al. (2016). Briefly, all water samples were
concentrated by filtration through 0.22 pm pore size filters (Merck
Millipore, Germany). DNA was extracted from the filter using the
FastDNA Spin Kit for Soil (MP Biomedicals, CA, USA) according to
manufacturer’s protocol. qPCR reactions were prepared and per-
formed in a LightCycler® 480 instrument (Roche, Switzerland),
with Cp values being obtained using the second derivative
maximum method available in the LightCycler® 480 Software. Each
sample was analysed in duplicate with ultra-pure water used as a
template in a negative control. Relative quantification of each
parameter was expressed as a fold change between two states (a
given sampling time and sampling time zero) using the delta Cp
method. The results of qPCR were evaluated as relative quantifi-
cation, with the condition of the specific bacteria or gene before
application taken as the starting point. Specific primer sets are
listed in Table S2.

3. Results and discussion
3.1. Effect of nZVI-EK treatment on ORP, pH and temperature

When evaluating changes in physical and chemical parameters,
it is necessary to take into account, that the nZVI-EK treatment
formed a geochemical barrier with constant inflow of contami-
nated groundwater 1-3 m per day. Injection of nZVI resulted in a
rapid decrease of ORP in the application wells (from approx. 100 mV
to —200 mV in AMW-61 and to —300 in AMW-57). In well MW-58,
which was not used for nZVI application, ORP decreased by 100 mV
to —20 mV (Fig. 2A). Despite subsequent DC application, ORP values
increased almost to their initial values within seven days due to
relatively fast groundwater flow. Nevertheless, aside from well
AMW-57, which was most affected by inflowing untreated water,
ORP remained lower in the treated area than in inlet water (well
MW-33) until the end of the experiment. Only short-term changes
in pH were observed following nZVI injection (Fig. 2B). The aquifer
environment was sufficiently buffered as described in other studies
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(Gavaskar et al,, 2005; Wei et al,, 2010). In wells AMW-57 and
AMWS-61, pH increased directly after nZVI injection, from an initial
level of around 6 standard units (s.u.) to more than 7 s. u. and 8 s. u,,
respectively. Compared with the starting point, pH values were still
one standard pH unit higher after seven days, and showed a slight
increase after DC commissioning. The downstream well MW-58,
situated near the cathode and DP-3 probe, was most influenced
as the inflowing water had been treated longest. The high volumes
of nZVI suspension applied increased groundwater temperature
within the treated area from approximately 15 °C to 18—21 °C.
Application of DC current then maintained the temperature 5 °C
higher in the treated area compared with the inlet water in well
MW-33 (Fig. S1).

3.2. Degradation of CEs

The major contaminants detected in inflowing groundwater
from well MW-33 were TCE (48% of total CEs) and cDCE (46% of
total CEs). The proportion of cDCE increased in downstream
groundwater due to ongoing, relatively rapid TCE degradation. As a
result, initial contamination in the treated aquifer comprised
mainly cDCE (70—80% of total CEs) and VC (10—15% of total CEs)
(Fig. 3). The combination of nZVI and EK treatment resulted in a
rapid decrease in TCE and especially cDCE. Inside the treated area,
higher concentrations of TCE (42.4 pmol/L) were only recorded in
upstream well AMW-57, and these were successfully reduced to
0.1 pmol/L after treatment. Initial levels of cDCE (120—633 pmol/L)
rapidly decreased by approximately 75% in all wells except for the
inlet well, where the reduction was nearer 50%. Concentrations of
degradation products (the sum of methane, ethene and ethane)
increased in all wells inside the treated zone following nZVI and DC
application, indicating successful completion of CE dehalogenation.
A significant rise in degradation products was observed from day 71
to day 98 of the experiment. Accordingly, high abundance of
Dehalococcoides spp. together with both VC reductase genes (vcrA
and bvcA) were detected (Fig. 4). In well AMW-57, situated on the
edge of the affected area, cDCE slowly increased after an initial drop
due to the constant inflow of contaminated groundwater that had
not passed through the created geochemical barrier (Fig. 3B).
Nevertheless, high concentrations of final degradation products,
together with an increase in Dehalococcoides spp. and VC reductase
genes, were observed (Fig. 4B). Highest concentrations of CE
degradation products and VC were detected in well MW-58, situ-
ated downgradient of the anodes and close to a cathode (Fig. 3C).

In all wells, VC levels remained relatively constant (average
75 pmol/L in MW-33, MW-58 and AMW-57 and 23 pumol/L in
AMW-61; Fig. 3) throughout the experiment, despite the presence
of Dehalococcoides spp. and VC reductases. VC is probably produced

from cDCE more rapidly than it is degraded. In inlet well MW-33,
concentrations of TCE and cDCE decreased by approximately 50%
after nZVI application (from 622 to 324 pmol/L and from 598 to
311 pmol/L, respectively; Fig. 3A). After 15 days, TCE levels
increased slowly due to the continuous inflow of contaminated
water. Levels of final degradation products remained low. Changes
in CE concentration and pH observed in well MW-33 following nZVI
application were most likely caused by the vast volume of water
injected into nearby wells (only 2 m away), which could have
diluted the local groundwater and affected conditions in well MW-
33 over the medium-term.

Distinct changes in all physico-chemical parameters were
observed in all wells after 100 days, with a drop in pH and ORP
values (Fig. 2), an increase in water conductivity (Fig. S2), a 5 °C
decrease in temperature (Fig. S1) and an increase in the concen-
tration of CEs (Fig. 3). This was probably caused by a combination of
two factors, i.e. a 0.5 m increase in groundwater level in the aquifer
(Fig. S3), which could have resulted in washing of the unsaturated
zone, and degradation and passivation of the anodes, resulting in a
50% decrease in the electric current (Fig. S4).

3.3. Impact of nZVI-EK treatment on native bacterial populations
and degradation enzymes

Relative quantification, based on qPCR data, was used to eval-
uate the changes in bacterial populations and degradation enzymes
following nZVI-EK treatment in individual wells over time (Fig. 4).
Presence of organohalide-respiring bacteria of the genera Desulfi-
tobacterium and Dehalococcoides and the functional VC reductase
genes vcrA and bvcA was confirmed in inlet water from well MW-33
(Fig. 4A). However, the abundance of organohalide-respiring bac-
terial populations and degradation enzymes, as well as total bac-
terial biomass, was lower in the highly contaminated inlet water
when compared with the aquifer and plume zone, as clearly shown
on Ct values of each marker in different wells prior to nZVI-EK
treatment (Fig. S5). Total CE concentration reached 1.3 mmol/L in
well MW-33, while considerably lower levels were recorded in the
other monitored wells (Fig. 3). Such high concentrations of CEs
could be toxic to microorganisms and inhibit their growth
(Duhamel et al., 2002; Haest et al., 2010). An exception was the TCE-
dechlorinating genus Desulfitobacterium, which was more abun-
dant in the inlet water from well MW-33 than in the wells situated
downstream (Fig. S5). This can be attributed to high concentrations
of TCE in MW-33, compared to low TCE levels in other monitored
wells.

Interestingly, a different response to nZVI application was
observed in two application wells close to a cathode and an anode.
In well AMW-57, situated near the cathode, nZVI injection resulted
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in a severe reduction of total bacterial biomass eight days after
application (Fig. 4B). Such a rapid decrease can be explained by the
nZVI suspension flushing-out a significant portion of the microor-
ganisms present. Moreover, high doses of nZVI could be toxic to
microorganisms in the short-term (Bruton et al., 2015; Stefaniuk
et al,, 2016). However, the initial decline in bacterial biomass and
all monitored markers was followed by a rapid recovery, especially
of Dehalococcoides spp. and both VC reductases, indicating
enhanced biotic reduction of CEs. The groundwater microbiome
was restored within 15 days after the nZVI application and, most
notably, the growth of organohalide-respiring bacteria was
enhanced. The increase in bacterial biomass corresponded to
increasing concentrations of CE degradation products (Fig. 3B). On
the other hand, no negative impact was observed on microorgan-
isms eight days after nZVI injection in well AMW-61, situated close
to the anode (Fig. 4D), with Dehalococcoides and Desulfitobacterium
spp. even more abundant than before treatment. Electrolysis re-
actions constantly produce oxygen at the anode, as well as
hydrogen ions, which can lower groundwater pH in the immediate
vicinity(Hassan et al., 2018). Dissolved oxygen can react rapidly
with nZVI, resulting in decreasing toxicity towards microorganisms
(Cernikova et al., 2020). This effect, together with new microor-
ganisms carried into the well with groundwater flow, could have
caused rapid restoration of the microbial community following
nZVI injection.

The treatment’s impact on the abundance of ¢DCE- and VC-
oxidizing ethenotrophs and methanotrophs was assessed using
markers for co-metabolic oxidation of CEs, targeting the genes etnC,
etnE, mmoX and pmoA encoding degradation enzymes. Clear

differences were observed in the abundance of ethenotrophs and
methanotrophs near the cathode and anode (Fig. 5) in accordance
with other monitored bacteria, with a decrease in abundance
observed in well AMW-57 (located near the cathode) directly after
application (Fig. 5A). Populations of methanotrophs and etheno-
trophs re-established themselves within 35 days, but remained at
pre-application levels due to a lack of dissolved oxygen. A slight
decrease in ethenotrophs and methanotrophs was observed in well
AW5-61 after nZVI and DC application (Fig. 5B), but higher levels of
dissolved oxygen resulting from water oxidation on the anode
allowed for a higher proliferation of VC-oxidizing bacteria. After 35
days, methanotrophs and ethenotrophs increased once again and
ethenotroph levels especially remained up to 50-times higher
compared to initial values until the end of the field study.
Groundwater heterogeneity clearly supported divergent VC
degradation processes. Anaerobic reductive degradation of VC
produces ethene, which is oxidized by ethenotrophs that can also
degrade VC co-metabolically (Atashgahi et al., 2017; Liang et al,,
2017). Moreover, hydrogen produced at the cathodes served as an
electron donor for organohalide-respiring bacteria, while oxygen
produced at the anodes promoted growth of bacteria capable of
aerobic co-metabolic VC oxidation, ethenotrophs and methano-
trophs (Mattes et al., 2010; Liang et al., 2017), with the coupling of
these two processes helping to completely clean the aquifer. The
remediation treatment had no negative impact on indigenous mi-
croorganisms in well MW-58, even though it was situated near the
cathode (Fig. 4C). The treated water flowing through this well
allowed for better growth of Dehalococcoides spp., while the pres-
ence of both VC reductases indicated complete removal of CEs. The
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high abundance of these markers corresponded with the high
concentration of CE degradation products (Fig. 3C). Desulfitobacte-
rium sp. has been shown to be highly successful at colonizing newly
formed niches (Villemur et al., 2006). After nZVI application, the
relative quantity of Desulfitobacterium sp. increased rapidly in the
affected wells, though they were soon outcompeted by more
specialized organohalide-respiring bacteria favored by conditions
in the treated groundwater. Dehalococcoides spp. and VC reductase
genes were so abundant in the aquifer that they were able to buffer
the diluting effect of rising groundwater levels 100 days after nZVI
application, and remained relatively stable until the end of the
study (Fig. 4).

nZVI-EK treatment elevated temperatures over the whole
treated area by approximately 5 °C (Fig. S1), and this may also have
accelerated CE biodegradation. Microbial activity is closely related
to temperature and, as such, applying a DC current could represent
a cost-effective method for both heating the soil and promoting
enzymatic activity, especially in cold climates (Suni et al., 2007).

In this study, injection of nZVI induced depletion of indigenous
microorganisms in application wells near the cathode. While the
observed decrease in microbial biomass could have been caused by
the high volume of injected nZVI solution diluting the groundwater,
the groundwater microbiome was re-established within just eight
and 15 days after nZVI application in wells AMW-61 and AMW-57,
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respectively (Fig. 4D and B). Xiu et al. (2010) also observed stimu-
lation in the growth of a culture containing Dehalococcoides spp.
after a short lag period when exposed to nZVI. Several studies have
documented that microorganisms can be negatively affected when
exposed to different nZVI particles, however, the toxic effect of nZVI
has usually only been observed under laboratory conditions and on
pure bacterial cultures (Lee et al., 2008; Diao and Yao, 2009; El-
Temsah et al, 2016; Sevcu et al, 2017). In comparison,
microcosm-scale tests on mixed bacterial cultures prove slightly
more positive (Kirschling et al., 2010; Xiu et al., 2010), while nZVI
shell oxidation and coating with natural organic matter can rapidly
reduce its toxicity under natural environmental conditions (Li et al.,
2010; Bruton et al., 2015). Data from field experiments are still
scarce, but mostly show changes and shifts in the composition of
bacterial communities. Generally speaking, nZVI effect is highly
dose and species-dependent (Fajardo et al., 2012; Pawlett et al.,
2013; Némecek et al., 2014, 2016; Lefevre et al., 2016; Nguyen
et al, 2018), and rapid recovery, or even support, of
organohalide-respiring bacteria has been reported in batch mi-
crocosms (Xiu et al., 2010) and after field injection of nZVI stabilized
with carboxymethyl cellulose (Kocur et al., 2016). Accordingly,
nZVI-EK treatment appears to have no long-term negative impacts
on native bacterial populations, while promoting the growth of CE
degrading bacteria, as clearly shown in this study.

4. Conclusions

This long-term field study demonstrates the great potential of
the combined nZVI-EK bioremediation approach for cleaning up
aquifers highly polluted by CEs. nZVI-EK treatment caused a rapid
reduction in CEs in the treated area and, despite the constant inflow
of contaminated water into the reactive zone, high cDCE degrada-
tion rates were observed throughout the experiment alongside
increased production of the CE degradation products methane,
ethene and ethane. Long-term reactivity of nZVI was successfully
supported by EK treatment, which additionally stimulated micro-
bial degradation activity by elevating groundwater temperature.
The negative impact of nZVI application on indigenous microor-
ganisms observed proved to be temporary as the microbiome was
restored within 15 days. Moreover, the established groundwater
conditions promoted bioremediation. Organohalide-respiring bac-
teria continued CE reduction, even after partial nZVI exhaustion.
c¢DCE and VC were also degraded by methanotrophs and etheno-
trophs, which were favored by the substantial levels of oxygen
produced at the anodes. Our approach, combining nZVI as a strong
CE reducing agent and EK for supporting nZVI reactivity and
mobility, also promoted biodegradation and, as such, represents a
suitable remediation strategy for cleaning sites highly polluted
with CEs. To the best of our knowledge, this study presents the first
field-scale, long-term exploration of native degrading bacterial
population response to nZVI-EK treatment.
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Abstract

Background: Nanoscale zero-valent iron (nZVI) is commonly used for remediation of groundwater contaminated
by chlorinated ethenes (CEs); however, its long-term reactivity and subsurface transport are limited. A novel nZVI-AC
material, consisting of colloidal activated carbon (AC) with embedded nZVI clusters, was developed with the aim of
overcoming the limitations of nZVI alone.

Results: Application of a limited amount of nZVI-AC to an oxic, nitrate-rich, highly permeable quaternary aquifer
triggered time-limited transformation of CEs, with noticeable involvement of reductive dechlorination. Reductive
dechlorination of CEs was dominantly abiotic, as an increase in the concentration of vinyl chloride (VC) and ethene
did not coincide with an increase in the abundance of reductive biomarkers for complete dechlorination of CEs
(Dehalococcoides, Dehalogenimonas, VC reductase genes vcrA and bvcA). Application of nZVI-AC under unfavourable
hydrochemical conditions resulted in no dramatic change in the microbial community, the reducing effect resulting
in temporal proliferation of nitrate and iron reducers only. At a later stage, generation of reduced iron induced an
increase in iron-oxidizing bacteria. High concentrations and a continuous mass influx of competing electron accep-
tors (nitrate and dissolved oxygen) created unfavourable conditions for sulphate-reducers and organohalide-respiring
bacteria, though it allowed the survival of aerobic microorganisms of the genera Pseudomonas, Polaromonas and Rho-
doferax, known for their ability to assimilate VC or cis-1,2-dichloroethene. A potential for aerobic oxidative degradation
of CE metabolites was also indicated by detection of the ethenotroph functional gene etnE.

Conclusions: This pilot study, based on the application of nZVI-AC, failed to provide a sustainable effect on CE
contamination; however, it provided valuable insights into induced hydrogeochemical and microbial processes that
could help in designing full-scale applications.

Keywords: nZVI-AC, nZVI, Chlorinated ethenes, Reductive dechlorination, Organohalide-respiring bacteria, Microbial
community, Next generation sequencing

Background
Chlorinated ethenes (CEs), which include tetrachlo-
roethene (PCE), trichloroethene (TCE) and their toxic
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proved effective in CE treatment when employing two
major reaction mechanisms, reductive dechlorination
(hydrogenolysis) and reductive B-elimination. Dur-
ing reductive dechlorination, C—Cl bonds in CEs are
sequentially replaced by C—H bonds to form CI~ and
less chlorinated CEs. During reductive B-elimination
of CEs, triple bonds are created between carbon atoms
and halogens are simultaneously removed from mol-
ecules in the form of CI™ [2]. However, the high but
short-term reactivity of bare nZVI particles, together
with scanty subsurface transport due to their fast
aggregation and agglomeration, limit the use of nZVI in
remediation processes [3, 4]. Recently, the use of novel
particles consisting of colloidal activated carbon (AC)
with embedded nZVI structures (nZVI-AC) has sig-
nificantly improved the properties of nZVI for in situ
groundwater remediation [5], and these have success-
fully been used in early pilot-scale field tests [6, 7].

The negative surface charge of the nZVI-AC par-
ticles prevents the particles becoming immobilized
in the near-neutral aquifer environment, which nor-
mally has a negative charge. Moreover, the AC acts
as a spacer between individual nZVI particles, reduc-
ing the tendency of nZVI-AC particles to aggregate,
leading to higher sedimentation stability of nZVI-AC
suspensions, even at higher particle concentrations. In
addition, suspension stabilizers used during injection,
such as carboxymethyl cellulose (CMC), improve the
mobility of particles in the subsurface layers. Due to a
relatively weak sorption of CMC onto the nZVI-AC
surface, CMC is steadily desorbed in the contact with
fresh groundwater after injection [8]. The solubility of
CMC in water is also important in this context, the rec-
ommended maximum molecular weight is < 10 kDa and
a substitution degree between 0.6 and 1.0 [8]. Previ-
ous field studies in anoxic aquifers have shown particle
transport distances of several metres and a high rate of
PCE decomposition with no vinyl chloride (VC) forma-
tion [5, 6, 8].

Enhanced anaerobic biodegradation by organohalide-
respiring bacteria (OHRB) is a process commonly used
for the remediation of CEs at polluted sites. This method
relies on reductive dechlorination, where CEs serve as
electron acceptors and molecular hydrogen and acetate,
both released as by-products of organic substrate fer-
mentation reactions, are used by the dechlorinating
bacteria as electron donors and carbon sources, respec-
tively [9]. nZVI application has been shown to improve
groundwater conditions, making them more favour-
able for OHRB by lowering the oxidation-reduction
potential (ORP), depleting oxygen and nitrate from the
groundwater and producing molecular hydrogen during
its corrosion process, which serves as an electron donor
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for chlorine removal during the organohalide respiration
process [10, 11].

Although nZVI toxicity to microorganisms has been
demonstrated in laboratory studies [12-14], field stud-
ies show only mild or short-term impacts on indigenous
bacterial populations [15-17]. OHRB include a range of
bacterial genera, including Desulfitobacterium, Dehalo-
bacter, Geobacter and Sulfurospirillum, all of which uti-
lize different reductases that can dechlorinate PCE to
TCE and cis-1,2-dichloroethene (cDCE) [18]. However,
only Dehalococcoides and Dehalogenimonas spp. are able
to carry out the final and crucial step of CE degradation
by dechlorinating cDCE via VC to non-toxic ethene [19,
20], using the specific VC reductases vcrA and bvcA [21].

In addition to anaerobic reductive dechlorination,
degradation of CEs can also occur under aerobic condi-
tions, either metabolically, where CEs are used as elec-
tron donors for cell growth, or by co-metabolism, where
CEs are degraded fortuitously during the metabolism
of other growth substrates, without gaining carbon or
energy for bacterial growth [18]. Aerobic cometabolic
degradation has been shown for all CEs, though only
rarely described for PCE [22], and is related to certain
aerobic bacteria, such as ethene oxidizers (ethenotrophs)
and methane oxidizers (methanotrophs) [23-25]. Pure
ethenotrophic strains of the genera Mycobacterium and
Nocardioides can also degrade VC metabolically as their
sole carbon and energy source [24], while Polaromonas
sp. strain JS666 is the only microorganism known so far
that is capable of oxidizing cDCE metabolically [26, 27].
A successful remediation treatment of a CE-polluted site
in Lower Saxony (Germany) [7] showed how nZVI-AC
injection could create conditions suitable for OHRB, with
PCE subsequently dechlorinated to cDCE, though the
subsequent cDCE degradation step was accomplished by
an aerobic Polaromonas strain.

The purpose of this study was to examine the poten-
tial of novel nZVI-AC for cleaning a CE-polluted site
and to elucidate abiotic and biotic processes triggered
by nZVI-AC application and their impact on indigenous
microorganisms.

Material and methods

Description of the study site

The pilot site, in the urban core of Balassagyarmat in
Hungary, produced industrial electrical components
between 1970 and 1994, but is mostly an industrial
brownfield now. Geologically, the site comprises Qua-
ternary alluvial sediments underlain by a sandstone bed-
rock weathered to silty fine-grained sand in its upper
section. A two-layered aquifer system has developed in
the Quaternary sediments, the upper layer consisting of
Holocene fine-grained sand with a saturated thickness of
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7 m and the lower layer consisting of Pleistocene coarse-
grained sand and sandy gravel with a total thickness of
3 m (Fig. 1). The upper and lower layers are separated
by a semipermeable layer of silt and silty sand 3 m thick.
The upper layer is overlain by sandy-clay to clayey-sand
of low permeability, approximately 2 m thick. The upper
and lower layers have a hydraulic conductivity of 5.0 * 10~
®m/s and 5.0 * 10~ m/s, respectively, based on pumping
tests. Estimated groundwater flow velocities are approxi-
mately 0.01 m/day in the upper layer and 10 m/day in the
lower layer.

The polluted groundwater plume, which is approxi-
mately 250 m wide (East—West) and 700 m long (North—
South), is primarily contaminated with PCE, TCE and
metabolites of reductive dechlorination—cDCE and VC
present as minor co-contaminants. The volume of con-
taminated groundwater is estimated at about 190,000 m®,
and the plume is believed to contain around 15 kg of CEs
(95 wt% PCE). Highest contaminant concentrations of
between 85 and 120 umol/L CEs (14-20 ppm PCE) were
found in the coarse sandy—gravelly lower layer at 12 to
13 m below ground level (bgl). The groundwater of both
layers was oxic (concentration of dissolved O, ranging
from 5.2 to 6.2 mg/L) of the Ca-HCO;~ type, with ele-
vated mineralisation (total dissolved solids ranged from
900 to 1185 mg/L) and slightly alkaline (pH 7.3-7.4).

Continuous multichannel wells (CMT wells) were
installed on site (Fig. 2), each with two tubes, separated
by bentonite packers to ensure representative sampling,
the depth and screening interval being different for each
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tube. The down-gradient CMT wells were monitored to
examine the impact of nZVI-AC injection on groundwa-
ter conditions. Only in the closest down-gradient wells
CMT 1 and CMT 2 the impact of nZVI-AC application
was noticeable, therefore the suit of laboratory analyses of
samples from these wells were extended with molecular
biological tests and the whole dataset was assessed. Well
CMT 1 was screened to a depth interval of 8.6-9.6 m
bgl, representing the layer of fine-grained sand, whereas
the well CMT 2 was screened at 13.4—14.4 m bgl, repre-
senting the lower course-grained sand and gravel layer.
The up-gradient well, termed 14/04 (Fig. 2), was used to
monitor the inflowing groundwater at a depth interval of
10.9-15.6 m bgl) and acted as a control.

nZVI-AC particles and injection parameters

nZVI-AC is an air-stable powder developed at the Helm-
holtz Centre for Environmental Research (UFZ; Ger-
many), and is produced on an industrial scale by ScIDre
GmbH (Germany). nZVI-AC consists of activated car-
bon colloids (ds, ~ 1 pm) with embedded nZVI struc-
tures with a mean Fe’ content of 25 wt% [8]. Soluble
CMC 75a was obtained from TiKEM (Hungary).

The nZVI-AC/CMC suspension used in this study
was prepared by dispersion of the solid material in
oxygen-free tap water under nitrogen atmosphere
directly at the site. The suspension was injected by a
Hydra-Cell G-10 hydraulic membrane pump (Wanner,
UK) to a depth of 13 m bgl at three different injection
points (Fig. 2) using TG63-150 penetrometer (Pagani,
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|=nZVI-AC injection points,

Table 1 Parameters of in situ nZVI-AC injection

Parameter Dimension
nZVI-AC 176.8 kg
Fe® (25% in nZVI-AC) 442 kg
CMC 21.2kg
Oxygen-free tap water 1235m?
nZVI-AC concentration ~143g/L
CMC concentration ~1.7g/L
Injection pressure 0.5-4 bar
Injection flow rate 20-30 L/min
Injection depth at each injection point 13 m bgl
Soil porosity 30%

Italy) and Geoprobe pressure activated injection probe
rods (Geoprobe Systems®, USA). The composition of
nZVI-AC/CMC suspension and specific injection
parameters are summarized in Table 1.

nZVI-AC injection took place in September 2015,
with one groundwater sampling campaign undertaken
prior to nZVI-AC application and three sampling

campaigns taking place over an 85-day period after
injection.

Measurement of chemical and physical parameters
Water samples were obtained using a low-flow tech-
nology Gigant pump (Eijkelkamp, Netherlands).
Physico-chemical parameters were analysed directly
in the field with groundwater level measured using a
Heron interface meter (Heron Instruments, Canada),
pH, dissolved oxygen, oxidation-reduction potential
(ORP; recalculated to the standard hydrogen elec-
trode (ORPy)) and electrical conductivity measured
with a Multi 350i multimeter (WTW, Germany). Con-
centration of nitrate and sulphate ions was analysed
according to EPA method 9056A:2007 and concentra-
tion of total dissolved iron according to EPA method
6010C:2007. Concentration of PCE, TCE, ¢cDCE and
VC was assessed using an HP-7890 gas chromatogra-
phy—mass spectrometer (GCMS; Agilent Technologies,
Inc., USA) and concentration of ethene and ethane with
an HP-5890 gas chromatograph with a flame-ionisation
detector and thermal conductivity detectors (Agilent
Technologies, Inc., USA). Reductive dechlorination of
parent PCE by less chlorinated products to non-CE was
expressed by the chlorine number (Cl no.), which was
calculated as the weighted average number of Cl atoms
per molecule of ethene [28].
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DNA extraction and gPCR

Water samples for molecular genetic analysis were pro-
cessed for DNA extraction immediately after sampling.
The samples (0.5 1) were filtered through a 0.22 pm
membrane (Merck Millipore, Germany) then DNA was
extracted from the filter using the FastDNA Spin Kit for
soil (MP Biomedicals, USA), according to the manufac-
turer’s protocol.

The relative abundance of the 16S rRNA gene (rep-
resenting total bacterial biomass), Dehalobacter spp.,
Dehalococcoides spp., Dehalogenimonas spp., Geobacter
spp., Desulfitobacterium spp., Gallionella, Geobacter,
the VC reductase genes vcrA and bvcA and functional
genes encoding enzymes for ethenotroph-mediated
aerobic biodegradation [i.e. alkene monooxygenase
(etnC) and epoxyalkane:coenzyme M transferase (etnE)]
were determined by qPCR, as described previously [29].
Briefly, qPCR reactions were prepared and performed
in a LightCycler® 480 instrument (Roche, Switzerland).
Crossing point (Cp) values were obtained using the Sec-
ond Derivative Maximum method. The qPCR results
were evaluated as relative quantification of the fold
change between two states, with the condition of spe-
cific bacteria or genes prior to application taken as the
starting point. Average Cp values (normalised to sam-
ple volume) of a given marker were summarised follow-
ing calculation described in Nechanicka et al. [30]. The
Cp values were first divided into two sets, one with val-
ues lower than 36 and the other with values equal to or
higher than 36. The first set of values was divided into
three intervals of the same size, with lowest values clas-
sified as ‘high quantity, mean values classified as ‘inter-
mediate quantity’; values equal to or higher than 36
classified as ‘low quantity;, values between 36 and 39 clas-
sified as ‘detection limit’ and values equal to 40 classified
as ‘not detected. All primers used for qPCR are listed in
Additional file 1: Table S1.

16S rRNA sequencing

DNA for 16S rRNA sequencing (next generation
sequencing, NGS) was extracted from a 30 mL sam-
ple using the MO BIO PowerWater DNA Isolation Kit
(Carlsbad, California, USA). The 16S rDNA gene was
amplified via PCR using the 8F (5'-AGAGTTTGATCC
TGGCTCAG-3') and 1492R (5'-TACGGYTACCTTGTT
ACGACTT-3’) primers [31]. Following PCR amplifica-
tion, the DNA was stained and then placed in agarose gel,
where it was subsequently separated using electrophore-
sis. The stained DNA was viewed under UV light and tar-
get ~ 1500 base pair products identified by comparison to
a ladder of DNA fragments of varying lengths. Sequenc-
ing of the PCR amplicons for 16S rRNA was conducted
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using the Illumina MiSeq platform (Illumina, San Diego,
CA, USA) by targeting the V4 hyper-variable region (for-
ward primer, 515F, 5-GTGYCAGCMGCCGCGGTAA-
3'; reverse primer, 806R, 5-GGACTACHVGGGTWT
CTAAT-3') for 2 x 250-bp paired-end sequencing (Illu-
mina) [31, 32]. PCR amplification was performed using
the Roche FastStart High Fidelity PCR System (Roche
Diagnostics Ltd, Burgess Hill, UK) on 50-uL reactions
under the following conditions: initial denaturation at
95 °C for 2 min, followed by 36 cycles of 95 °C for 30 s,
55 °C for 30 s, 72 °C for 1 min and a final extension step
of 5 min at 72 °C. The PCR products were purified and
normalised to ~ 20 ng each using the SequalPrep Normal-
ization Kit (Fisher Scientific, Loughborough, UK). The
PCR amplicons for all samples were then pooled in equi-
molar ratios. The run was performed using a 4 pM sam-
ple library spiked with 4 pM PhiX to a final concentration
of 10%, following the method of Schloss and Kozich [33].

Sequencing data processing and analysis

Demultiplexed raw sequences were processed by DADA2
[34] following a standard DADA?2 pipeline comprising (i)
removal of low-quality and short reads, (ii) a search for
and subsequent removal of chimeras (bimeras) and (iii)
classification of reads against the SILVA reference data-
base (version 13). Vegan [35] and phyloseq [36] R librar-
ies were used for creation of the heatmap (only genera
with a minimum relative abundance over 1% shown) and
alpha-diversity comparison.

Results and discussion

Groundwater physical and chemical parameters

Injection of nZVI-AC resulted in a rapid decrease in
groundwater ORP from both layers in the CMT well
(Fig. 3a). ORPy; dropped from 192 to — 301 mV in the
upper layer (CMT 1) and from 125 to — 347 mV in the
lower layer (CMT 2). Six days after injection ORPy
increased to 102 mV at CMT 1 and up to — 45 mV at
CMT 2, screened to the layer where nZVI-AC was
injected and, therefore, more affected. The nZVI-AC
suspension tended to sink slightly during and shortly
after injection (13 m bgl, with the injection bulb hav-
ing an estimated radius of 1.5 m in sediment porosity);
hence, CMT 1 (8.6-9.6 m bgl) in the upper aquifer hori-
zon was naturally less affected by the particles over time.
ORPy in both layers then increased further, returning to
levels similar to pre-injection on day 35. A slight but tem-
porary decrease in ORPy; was also observed in the upgra-
dient well 14/04.

Groundwater pH increased immediately after injec-
tion from an initial value of around 7.3 to 7.6 in in well
CMT 1 to 8.2 in well CMT 2 due to a reaction between
nZVI and dissolved oxygen and water that generated
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OH™ [2]. The pH of both layers had dropped to the ini-
tial level of approximately 7.3 at the end of the study on
day 85 (Fig. 3b). A similar pH trend to that in CMT 1 was
also observed in groundwater from the upgradient well
14/04, indicating a temporal effect of nZVI-AC injection
on groundwater in nearby upgradient areas (discussed
further below).

An initially high dissolved oxygen concentrations of 5.2
to 6.2 mg/L indicated oxic conditions in both the upper
and lower aquifer layers (Fig. 4a). While such conditions
lead to a shorter lifetime for the reactive function of the
material, and hence are outside the recommended appli-
cation window for abiotic CE treatment with nZVI-AC,
we decided to proceed with the injection. After nZVI-
AC application, depleted dissolved oxygen was only
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observed in the lower layer of CMT 2 on day 0; how-
ever, on the following day dissolved oxygen increased
to 1.3 mg/L, and similar levels were observed for the
rest of the pilot study. This was due to the inflow of oxic
groundwater being higher than the reducing capacity of
the nZVI-AC. In comparison, the effect of nZVI-AC
on groundwater dissolved oxygen concentration in the
upper layer of CMT 1 and in the upgradient area (14/04)
was much lower (Fig. 4a).

The dynamics of nitrate concentration in both lay-
ers (Fig. 4b) suggested an insignificant, or at most tem-
porary, effect of nZVI-AC on overall redox conditions.
Nitrate concentration showed a dramatic decrease of 32%
in lower layer groundwater up to day 35; however, lev-
els had been re-established by the end of the study due
to the high inflow of nitrate-rich groundwater and the
weakening effect of nZVI-AC. The original concentra-
tion of dissolved iron (Fe) was close to its detection limit
(0.1 mg/L) at this site (Fig. 4c). Application of nZVI-AC
led to a significant increase in the upper and lower layers
(7.4 and 80.7 mg/L, respectively) on day 35. This 35-day
increase in soluble Fe(II) probably occurred as a conse-
quence of a complexing effect between CMC and micro-
bial processes, where CMC fermentation products or
H, (produced by reaction of nZVI) acted as an electron
donor with Fe(III) as the electron acceptor. These data are
in accordance with our previous studies [16, 37], where
we suggested that Fe(Il) is derived not only from natu-
rally present iron, but is also recycled from the injected
nZVI that was oxidized to Fe(III). The effect of nZVI-AC
on sulphate concentration in lower layer groundwater
(Fig. 4d) was even lower than that observed for nitrate
(Fig. 4b) as conditions suitable for microbial sulphate
reduction were not established. The linear decrease of
sulphate concentration detected in the upper layer of
CMT 1 does not appear to be related to abiotic reduction
by nZVI-AC.

As the presence of electron acceptors in groundwa-
ter, mainly dissolved oxygen and nitrate has the negative
effect on the CE degradation by nZVI-AC, consumption
of the reducing power of nZVI by the reduction of dis-
solved oxygen and nitrate was estimated as follows.

Consumption of electrons by a reduction of oxygen and
nitrate was calculated using the appropriate reduction
reactions [38]:

1 n _
502—{—21‘[ +2e~ = H,O

1
NO3 + 6H" + 6e™ = N2 4 3H20

and a conservative assumption that the whole amount
of applied nZVI-AC distributed in the lower layer with
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radius of influence of 1.5 m filled the void space of effec-
tive porosity of 20% in the area of approximately 26 m?
(3 m diameter x 8.7 m depth). By taking the ground-
water flow velocity of 10 m/day, the reducing power of
nZVI (total number of electrons potentially donated
from Fe® oxidation to Fe*") was theoretically exhausted
in 9 days on the chemical reduction of dissolved oxygen
and nitrate flowing into the treatment zone. Even though
CMC also provided the reducing power in the process of
its biological degradation and the fact that not all amount
of nitrate was reduced, it was evident that the amount
of nZVI-AC was not sufficient for substantial and long-
term degradation of CE.

Monitoring of PCE and its degradation products

While CE concentrations in groundwater from the
upgradient control well (14/04) remained more-or-less
stable throughout the study (Fig. 5a), those in groundwa-
ter from the upper layer of CMT 1 and the lower layer of
CMT 2 were lower (Fig. 5b, c), having been affected by
nZVI-AC application.

Highest initial PCE concentrations were detected in
groundwater from upgradient well 14/04 (121.8 umol/L)
and in groundwater from the lower layer of CMT 2
(84.4 umol/L), with just 1.4 pmol/L detected in the upper
layer of CMT 1. A rapid decrease in PCE concentration
was observed in both downstream layers (90% decrease
in CMT 1 and 99.8% in CMT 2) 6 days after nZVI-AC
injection, followed by a slow increase to 72% (CMT 1)
and 58% (CMT 2) of the initial concentrations by the end
of the field experiment (day 85) due to continuous inflow
of contaminated groundwater. The Cl no. ranged from
3.7 to 4 prior to injection, reflecting a very low dechlo-
rination level of the parent contaminant PCE (Fig. 6). In
comparison, the Cl no. remained high (4.0) throughout
the study in groundwater from control well 14/04, indi-
cating that reductive dechlorination did not play a sig-
nificant role in the groundwater around this well. Cl no.
dynamics in CMT 1 and CMT 2 indicated that reduc-
tive dechlorination contributed noticeably to a temporal
decrease in PCE concentration and the subsequent for-
mation of daughter products. This process could either
have been abiotic or, after a lag phase, biotic, the process
being mediated by OHRB where H,, originating from the
reaction between nZVI and water, serves as an electron
donor. In CMT 1, the ClI no. decreased slightly from 3.7
to 3.0, 6 days after nZVI-AC injection, but had returned
to its initial level (Cl no. 3.7) by day 35. Reductive dechlo-
rination in CMT 1 appeared rather weak, most likely due
to limited migration of nZVI-AC into the upper layer, as
also observed by Mackenzie et al. [6] at a different site.
The lower layer (CMT 2) exhibited the greatest decline in
Cl no., falling from a baseline of 4.0 to 0.4 after 6 days.



Czinnerova et al. Environ Sci Eur

(2020) 32:154 Page 8 of 15
a - PCE -~ ICE b - PCE -~ ICE
150 @ cthene + ethane =&+ c¢DCE 1.0 50~ ‘@ ethene + ethane -A- ¢DCE~10
©- VC : < VC
0.8 H 0.8
1.5
1004
d 0.6 "§ - F06 =
—_— = =
g S T 101 S
= Lo4 & & Loa B
50
L 0.2 0:59 F0.2
0 0.0 0.0 0.0
-20 100 -20 ?‘Q 20 40 60 80 100
~
< v
\Q/ Days
c & PCE - ICE d -o- 14/04
@ cthene + ethane =& cDCE 3 1000
“ : ¢ ’ - CMT1
b \%® H
g _ &« CMT2
= 100 N
60 L2 g Ve —-— —a
o T 2 \ I
= B - 3 A
g é = 10 i) 4
2 40 ! = 2 i
-1 :
2 E 2 '
20 5 Z
0 ‘ T 0 0.1+ | T T T T 1
-20 ?S’ 20 40 60 80 100 -20 w&“ 20 40 60 80 100
NS N
\(\7\ Days \\/\/A Days
Fig. 5 Concentrations of CEs, ethene and ethane in groundwater from wells 14/04 (a), CMT 1 (b) and CMT 2 (c). Left axis represents PCE and the
sum of ethene and ethane, while the right axis represents TCE, cDCE and VC. The sum of CE concentrations in a logarithmic scale (d)

5-
5 —a
Ke)
IS
3
g -o- 14/04
g = CMT1
2 -+ CMT2
)
0 + T T T T T T T T T |
-10 0 10 20 30 40 50 60 70 80 90 10
O time (day)
A\y
&

Fig. 6 Changes in Cl no. following nZVI-AC injection at day O,
calculated as the weighted average number of Cl atoms per molecule
of ethene

An increase in pH from a baseline of 7.4 to 8.2 on day
0 documented corrosion of nZVI by water. The gradual
restoration of both Cl no. and CE concentration (Figs. 5d,

6) to their initial values by the end of the test indicates
that the effect of nZVI-AC injection was temporary. This
was probably due to the material itself having a limited
lifetime, due mainly to a strong inflow of other electron
acceptors (such as dissolved oxygen and nitrate) into
the treatment zone, together with PCE from upgradient
areas.

Initial levels of less chlorinated metabolites (TCE,
¢DCE and VC) were low throughout the aquifer. Maxi-
mal initial concentrations were 0.357 pmol/L for TCE,
0.149 pumol/L for ¢cDCE in well CMT 1 and 0.003 pmol/L
for VC in well CMT 2. Less chlorinated metabolite con-
centrations differed between wells. On day 6, TCE and
c¢DCE concentrations decreased temporarily in well
CMT 1, while VC concentration increased slightly then
dropped below the detection limit until the end of the
study, both confirming low level of reductive dechlorina-
tion in CMT 1.

Responses differed in the lower layer at well CMT 2,
where TCE, cDCE and VC concentrations increased
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alongside nZVI-AC injection and PCE degradation
(Fig. 5¢). On day 35, TCE had increased by a factor of
10 (3.2% of initial PCE concentration transformed) and
cDCE by a factor of 28 (2.5% of the initial PCE), while
VC had increased by a factor of more than 900 by day 6
(0.8% of PCE before injection). Subsequently, there was a
decline in metabolite concentrations, though by the end
of the study levels were still higher than initial readings.

In the upgradient well 14/04, concentrations of the less
chlorinated metabolites TCE, cDCE and VC showed only
minor changes, all within typical deviation limits for field
studies (Fig. 5a). By day 6, the cDCE concentration had
increased by a factor of 2.2 and VC concentration by a
factor 2.5, though levels subsequently dropped to (cDCE)
or below (VC) their initial levels.

The initial levels of both ethene and ethane (non-chlo-
rinated metabolites of CE anaerobic degradation) were
below detection limits (<0.001 umol/L) in both monitor-
ing wells and, aside from CMT 2, did not change signifi-
cantly over course of the study. In CMT 2, application of
nZVI-AC resulted in a significant increase in ethene and
ethane to 10.4 pmol/L and 10.0 pmol/L, respectively, by
day 6, followed by a rapid decrease toward the end of the
study (Fig. 5¢).

Overall, nZVI-AC injection resulted in mild and short-
term reductive dechlorination of CEs in the upper layer
(CMT 1), and noticeable, though time-limited, changes
in the lower layer (CMT 2). Previous studies have shown
that, while biological reductive dechlorination of CEs can
occur under both nitrate-reducing and iron-reducing
conditions, sulphate reducing and methanogenic condi-
tions are most favourable for OHRB [39]. Unfortunately,
such conditions were not established at our site.

Bacterial community

Bacterial community prior to nZVI-AC application

The microbial community in the aquifer was charac-
terized by a high abundance of genera known for their
involvement in nitrogen geochemical cycles, including
nitrite-oxidizing Nitrospira, ammonia-oxidizing Candi-
datus Nitrosoarchaeum, nitrate-reducing Rhodoferax and
Methylotenera, and iron: iron-oxidizing Gallionella and
Sediminibacterium, iron-reducing Rhodoferax, Ferribac-
terium and Geobacter.

In contrast, the abundance of sulphate-reducing bac-
teria detected by NGS in our dataset was very low. The
families Desulfobulbaceae and Desulfovibrionaceae were
only detected in well CMT 1, with no assigned genera
(data not shown). On the other hand, the sulphur-oxidiz-
ing genus Sulfuritalea was found in all samples and was
recorded at highest abundance in the lower zone of well
CMT 2. Finally, qPCR revealed a higher initial abundance
of Desulfitobacterium in well 14/04.
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Noticeable differences in the initial abundance of
OHRB and VC reductase genes were detected by gqPCR
in the upper and lower layers of groundwater. In gen-
eral, a higher abundance of OHRB (comprising the
genera Dehalobacter, Dehalococcoides and Dehalogeni-
monas) were found in the upper groundwater layer in
CMT 1 than the lower layer in CMT 2. Low numbers
of OHRB in the lower layer most likely relate to its high
permeability and the high mass fluxes of oxygen and
nitrate that inhibit organohalide respiration [40]. The
slightly higher degree of PCE reductive degradation
observed in the upper groundwater layer (Cl no. 3.7
in the upper layer compared to 4.0 in the lower layer,
Fig. 6) may reflect the stratification of OHRB.

NGS analysis did not reveal the presence of any
OHRB other than the genus Dehalogenimonas, the only
assigned member of the phylum Chloroflexi (below
1% of total genera detected), the genera Desulfitobac-
terium, Dehalobacter and Dehalococcoides not being
detected. Nevertheless, qPCR confirmed the presence
of these OHRB, together with VC reductase genes, in
the aquifer. A similar discrepancy between NGS and
qPCR data has been reported previously [41, 42], the
previous authors explaining this by both a very low rel-
ative abundance of OHRB in the bacterial community
and more efficient PCR amplification using the highly
specific qPCR primers rather than the universal prim-
ers used for NGS.

On the other hand, NGS did reveal the presence of
Trichococcus in the lower layer of CMT 2, a bacterial
genus capable of dechlorinating PCE and TCE with the
TceA enzyme [43]. Furthermore, the groundwater in
both layers contained the genus Aquabacterium, capa-
ble of dechlorinating under anaerobic conditions [44].
Similarly, the proteobacterial group MND1, which was
abundant in well 14/04, and Hydrogenophaga, detected
in high numbers in both layers of the CMT wells, have
both been recorded in relation to remediation of con-
taminated soils [44, 45]. In reference well 14/04, Pseu-
dorhodobacter were the most abundant bacterial genus;
however, while the genus has previously been detected
on sites contaminated with CEs [41], there is no evi-
dence of its association with CE degradation.

NGS also detected several genera known for their
ability to degrade CEs aerobically, namely Polaromonas
and Pseudomonas. Bacteria of the genus Polaromonas
are commonly found in groundwater samples at CE-
contaminated sites, even in deep wells where anoxic
conditions predominate [7, 41, 43, 46]. Interestingly,
Polaromonas sp. strain JS666 is the only microorganism
known to oxidize cDCE by using it as a sole carbon and
energy source [26]. The genus Pseudomonas comprises
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strains capable of aerobic cometabolic PCE and TCE
degradation and VC-assimilation [18, 24, 47].

Effect of nZVI-AC application

Soon after nZVI-AC injection, the bacterial genera
Rhodoferax and Ferribacterium, both involved in iron
reduction (Rhodoferax also respires with other electron
acceptors, including nitrate), and Methylotenera, also
involved in nitrate reduction, proliferated in both layers
of in the CMT wells (Fig. 7). This increase is most likely
related to the establishment of more favourable redox
conditions and the availability of electron donors fol-
lowing application of the nZVI-AC/CMC suspension.
The facultative anaerobe Rhodoferax has been shown to
assimilate VC as a primary growth substrate [48]; further,
it could regenerate iron for additional CE reduction by
reducing oxidized Fe(III) to Fe(II).

Both iron-oxidizing Gallionella and iron-reducing
Geobacter have previously been shown to dechlorinate
PCE or TCE [49, 50]. In our study, Gallionella, which was
initially found at a relatively high abundance in the upper
layer of CMT 1, proliferated 1 day after nZVI-AC injec-
tion. However, a much greater increase was observed
in the lower layer of CMT 2, 35 days after the injection
(Table 2; Fig. 8). This corresponded with elevated levels
of total dissolved iron (Fe(Il)). Gallionella is commonly
found in the groundwater of CE-contaminated sites [47,
51] and has been described as capable of dechlorinating
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TCE under sulphate-reducing conditions [49]. While
iron-reducing Geobacter were already abundant in well
14/04 and in the upper layer of CMT 1, their abun-
dance increased even further after nZVI-AC application
(Table 2; Fig. 8).

On the other hand, relative abundance of the iron-
oxidizing genus Sediminibacterium declined over the
course of the study (Fig. 7). This may have been caused by
an increasingly complex microbial community structure
over time, leading to increased interspecific competition.

Application of nZVI-AC resulted in a decrease in
the abundance of sulphur-oxidizing Sulfuritalea in the
upper and lower layers of the CMT well by day 6, fol-
lowed by partial recovery (Fig. 7). Desulfitobacterium
was the only sulphate-reducing bacteria detected in the
aquifer; thus, we can assume that groundwater condi-
tions were insufficiently reduced by nZVI-AC to support
sustained growth of sulphate-reducing bacteria. This is
also supported by the changes in groundwater sulphate
concentrations, with the most significant changes in CE
concentration being observed on day 6 in the lower layer
CMT 2 and an increase in the abundance of Desulfitobac-
terium, known to degrade PCE down to cDCE (Table 2;
Fig. 8). However, other reductive biomarkers were also
found in similar (Dehalobacter, Dehalogenimonas, VC
reductase gene bvcA) or lower (Dehalococcoides, VC
reductase gene vcrA) levels (Table 2; Fig. 8), suggesting
that reductive dechlorination of CEs was dominantly

injection. Only genera with a relative abundance > 1% shown
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Fig. 7 Bacterial community composition in wells CMT 1, CMT 2 and 14/04 before (— 6 days) and after (6 days, 35 days and 85 days) nZVI-AC
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Table 2 Summary of qPCR results for changes in the relative
abundance of biomarkers following nZVI-AC injection (day
0)

Well Time before and after nZVI-AC injection
(days)

14/04 -6 1 6 35 85
16S rRNA ++ +++ +++ ++ +
Desulfitobacterium +++ +++ o+ 4t +
Dehalobacter ++ +++ +++ ++ +-—
Dehalococcoides ND ND ND ND +
VCrA ND ND ND ND +
bvcA ND ND ND ND +++
Dehalogenimonas ++ + +— 4— 4
Gallionella + + + + 1+
Geobacter ++ ++ +++ -+ +
etnC +++  ++ +++ A+ +
etnE +++ ++ +++ ++ +-

CMT 1
165 rRNA + ++ ++ ++ ++
Desulfitobacterium — + ++ +++ 4+ A+
Dehalobacter ++ +++ ++ ++ +++
Dehalococcoides ++4++ +++ 4+ 4t 44+
vCcrA ND ++ ND +++ ND
bvcA ND +++ ND ND ++
Dehalogenimonas +++ +++ ++ ++ N
Gallionella ++ +++ ++ ++ +++
Geobacter +++ ++ + +++
etnC + + + 4 +
etnt + +— + +— +—

CMT2
16S rRNA + + + 4+ +
Desulfitobacterium + + 44+ + 4+
Dehalobacter + ++ + + 4+
Dehalococcoides + + +— + +
VCrA ++ ND ND + ++
bvcA ND ND ND ND ND
Dehalogenimonas + ++ + + +
Gallionella + ++ ++ S+ 4t
Geobacter + + + + +
etnC +- +- +- +— +—
etnE + +++ o+ +v ++

Calculations were based on Cp values, with ++-+ = high abundance;
-++=medium abundance; + =low abundance; +— =at detection limit;
ND =not detected

abiotic and can be attributed to nZVI-AC application.
The abundance of Dehalobacter, Desulfitobacterium
and the gene vcrA showed an increasing trend up to day
85, though not enough to result in significant reductive
dechlorination activity as the Cl no. also increased at the
same time (Fig. 6).
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OHRB and VC reductase genes were more abundant
in the upper layer of CMT 1 (compared to the lower
layer) throughout the study; however, their abundance
increased even further following nZVI-AC injection.
Nevertheless, OHRB activity in this layer did not exhibit
significant and sustainable reductive CE dechlorination.

Of the bacteria potentially participating in CE dechlo-
rination, Trichococcus increased in both aquifer layers,
culminating on day 6 in the lower layer and day 35 in
the upper layer, after which it decreased again but not
to its initial levels. Bacteria of the genus Aquabacterium
declined in both layers following nZVI-AC application.
By the end of the study (day 85), however, they had prolif-
erated remarkably (Fig. 7).

Of the bacteria potentially degrading CEs aerobically,
Polaromonas abundance decreased in both aquifer lev-
els following nZVI-AC application (Fig. 7); however,
while it declined to non-detectable levels in the upper
layer (CMT 1) it remained detectable in the lower layer
(CMT 2) throughout the study, indicating a potential for
oxidative degradation of CEs. Similarly, the genus Pseu-
domonas exhibited had decreased in abundance by day
35 in both aquifer layers, but had staged a distinct recov-
ery by the end of the study (day 85; Fig. 7). A slight
increase in the abundance of the ethenotroph functional
gene etnE was detected on day 35, indicating the poten-
tial for aerobic oxidative degradation of VC and ¢DCE
(Table 2; Fig. 8).

Overall, NGS failed to show dramatic changes in the
microbial community induced by nZVI-AC applica-
tion. Bacterial community alpha-diversity showed high
between-sample similarity prior to nZVI-AC injec-
tion, with no significant differences found after injec-
tion (Additional file 1: Fig. S1). The reducing effect of
nZVI-AC resulted in short-term proliferation of nitrate
and iron reducers only, with the reduced iron generated
inducing an increase in iron-oxidizing bacteria at a later
stage.

Owing to high initial concentrations and continuous
mass influx of nitrate and dissolved oxygen, conditions
for sulphate-reducing microorganisms and OHRB were
unfavourable. As reported previously [39], presence of
electron acceptors other than CEs has an inhibitory effect
on organohalide respiration. Nevertheless, while optimal
redox conditions required for anaerobic OHRB (i.e. sul-
phate-reducing or methanogenic [37]) were not achieved,
these bacteria were detected in all wells prior to, and at
slightly increased numbers after, nZVI-AC injection.

On the other hand, low dissolved oxygen levels per-
mitted the concurrent presence of OHRB and CE oxi-
dizing Pseudomonas and Polaromonas (both capable
of assimilating ¢cDCE), which is in accordance with the
first field-scale study by Vogel et al. [7], who observed
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nZVI-AC-supported organohalide respiration of PCE Hydrochemical parameters (a temporal decrease in
complemented by the oxidative degradation of cDCE by  groundwater dissolved oxygen concentration and an
Polaromonas, even in deep anoxic wells 25 m bgl. Fur-  insignificant, or temporary, decrease in nitrate and sul-
thermore, detection of the ethenotroph functional gene phate concentration) indicated a limited, short-term
etnE indicated the potential for ethenotroph-mediated effect of nZVI-AC application, probably due to a high
aerobic biodegradation of CE metabolites. Co-occur- overall inflow of competing electron acceptors (CEs and
rence of OHRB and VC assimilating bacteria has also  oxidized inorganic compounds) and the low levels of
been found in groundwater [17, 52, 53] and discrete aqui-  Fe(0) applied to the treatment zone. This is in accordance

fer soil samples [25] at other sites. with the changes observed in the bacterial community,
where reducing effects only resulted in temporary and/
Conclusions or short-term proliferation of nitrate and iron reducers.

This study describes the effect of application of an  The generated reduced iron induced an increase in iron-
nZVI-AC composite on hydrochemical conditions and  oxidizing bacteria at a later stage. Overall, we observed
microbial community of an oxic aquifer. In doing so, we  no significant inhibition effect of nZVI-AC on the bacte-
intended to elucidate the chemical and microbial pro-  rial community or its diversity.

cesses involved in CE transformation. Oxic conditions in the aquifer prevented any signifi-
The main findings are as follows: cant growth of strictly anaerobic OHRB such as Dehalo-
Hydrochemical data indicated CE transformation with  coccoides and their functional VC reductase genes vcrA
the noticeable involvement of reductive dechlorination. and bvcA in the treatment zone; however, it did allow the

Reductive dechlorination of CEs was primarily abiotic ~ survival of aerobic microorganisms of the genera Pseu-
as an increase in ethene and low concentrations of VC  domonas, Polaromonas and Rhodoferax, known for their
did not coincide with an increase in the abundance of ability to assimilate VC or ¢cDCE. A potential for aerobic
reductive biomarkers indicating complete dechlorination  oxidative degradation of CE metabolites was also indi-
of PCE (Dehalococcoides, Dehalogenimonas, VC reduc-  cated through the detection of the ethenotroph func-
tase genes vcrA and bvcA). tional gene etnE.
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While this nZVI-AC application pilot study failed to
produce a sustainable effect on CE contamination, it pro-
vided valuable insights into the hydrogeochemical and
microbial processes induced, which could prove useful
when designing full-scale applications.
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0rg/10.1186/512302-020-00434-2.

Additional file 1: Table S1. Specific primer pairs used for gPCR method.
Figure S1. Alpha-diversity measures: comparison of wells based on Chao
1 and Inv. Simpson alpha-diversity indexes.

Abbreviations

AC: Colloidal activated carbon; bgl: Below ground level; cDCE: cis-1,2-Dichloro-
ethene; CE: Chlorinated ethene; Cl no.: Chlorine number; CMC: Carboxymethyl
cellulose; CMT: Continuous multichannel well; DNA: Deoxyribonucleic acid;
NGS: Next generation sequencing; nZVI: Nanoscale zero-valent iron; OHRB:
Organohalide-respiring bacteria; ORP: Oxidation-reduction potential; PCE:
Tetrachloroethene; gPCR: Quantitative polymerase chain reaction; TCE: Trichlo-
roethene; VC: Vinyl chloride.

Acknowledgements

We would like to thank Magda Nechanicka for calculation of the Cp value-
based Table 2 and Prof. Frank-Dieter Kopinke for valuable comments on an
earlier version of this manuscript.

Authors’ contributions

LT, KM, JL, MC and AS designed the study. LT led in situ application of nZVI-AC
and performed the chemical analysis. CB performed the 165 rRNA sequencing,
NN and MC performed the gPCR analysis and RS analysed the data. MC, NN
and JN wrote the draft manuscript, AS, KM and MC reviewed the manuscript.
All authors read and approved the final manuscript.

Funding

This project received funding from the European Union’s Seventh Framework
Programme for Research, Technological Development and Demonstration
under Grant agreement No. 309517 (NanoRem). MC, NN and AS acknowledge
the assistance provided by Research Infrastructure NanoEnviCz, supported

by the Ministry of Education, Youth and Sports (CZ) under project No.
LM2018124, and Investment Funds under the framework of Operational
Programme Research, Development and Education, under project No.
CZ.02.1.01/0.0/0.0/16_019/ 0000843. MC was partly supported by the Ministry
of Education, Youth and Sports through project no. SGS-2019-3054 of the
Technical University of Liberec.

Availability of data and materials

All data necessary to interpret and replicate the findings reported herein are
included in the published article and its additional files. Other data used and/
or analysed during the current study are available from the corresponding
author on reasonable request.

Ethics approval and consent to participate
Not applicable.

Consent for publication
Not applicable.

Competing interests
The authors declare that they have no competing interests.

Author details

!Institute for Nanomaterials, Advanced Technologies and Innovation,
Technical University of Liberec, Studentska 2,461 17 Liberec, Czech
Republic. 2 Department of Environmental Engineering, Helmholtz Centre

Page 13 of 15

for Environmental Research-UFZ, 04318 Leipzig, Germany. > School of Earth
and Environmental Sciences, University of Manchester, Manchester M13 9PL,
UK. * Golder Associates, Hivosvolgyi Ut 54, 1021 Budapest, Hungary.

Received: 11 June 2020 Accepted: 16 November 2020
Published online: 30 November 2020

References

1. Tobiszewski M, Namiesnik J (2012) Abiotic degradation of chlorinated
ethanes and ethenes in water. Environ Sci Pollut Res 19:1994-2006. https
://doi.org/10.1007/511356-012-0764-9

2. Cernik M, Zeman J (2020) Geochemical principles of reductive remedia-
tion processes. In: Filip J, CajthamI T, Najmanova P, Cernik M, Zbofil R (eds)
Advanced nano-bio technologies for water and soil treatment. Springer,
Cham, pp 3-17

3. PhenratT, Lowry GV (2019) Nanoscale zerovalent iron particles for envi-
ronmental restoration: from fundamental science to field scale engineer-
ing applications. Springer, Berlin

4. Filip J(2019) Advanced nano-bio technologies for water and soil treat-
ment. Springer, Berlin

5. Bleyl S, Kopinke F-D, Mackenzie K (2012) Carbo—lron®—synthesis and
stabilization of Fe(0)-doped colloidal activated carbon for in situ ground-
water treatment. Chem Eng J 191:588-595. https://doi.org/10.1016/j.
€ej.2012.03.021

6. Mackenzie K, Bleyl S, Kopinke F-D, Doose H, Bruns J (2016) Carbo-iron as
improvement of the nanoiron technology: from laboratory design to the
field test. Sci Total Environ 563-564:641-648. https://doi.org/10.1016/j.
scitotenv.2015.07.107

7. Vogel M, Nijenhuis |, Lloyd J, Boothman C, Péritz M, Mackenzie K (2018)
Combined chemical and microbiological degradation of tetrachloro-
ethene during the application of carbo-iron at a contaminated field site.
Sci Total Environ 628-629:1027-1036. https://doi.org/10.1016/j.scito
tenv.2018.01.310

8. Mackenzie K, Bleyl S, Georgi A, Kopinke F-D (2012) Carbo-iron—an Fe/
AC composite—as alternative to nano-iron for groundwater treatment.
Water Res 46:3817-3826. https://doi.org/10.1016/j.watres.2012.04.013

9. Bradley PM, Chapelle FH (2010) Biodegradation of chlorinated ethenes.
In: Ward CH, Stroo HF (eds) In situ remediation of chlorinated solvent
plumes. Springer, Berlin

10. BrutonTA, Pycke BFG, Halden RU (2015) Effect of nanoscale zero-valent
iron treatment on biological reductive dechlorination: a review of cur-
rent understanding and research needs. Crit Rev Environ Sci Technol
45:1148-1175. https://doi.org/10.1080/10643389.2014.924185

11. Stefaniuk M, Oleszczuk P, Ok YS (2016) Review on nano zerovalent
iron (nZV1): from synthesis to environmental applications. Chem Eng J
287:618-632. https://doi.org/10.1016/j.cej.2015.11.046

12. Lee C, Kim JY, Lee WI, Nelson KL, Yoon J, Sedlak DL (2008) Bactericidal
effect of zero-valent iron nanoparticles on Escherichiacoli. Environ Sci
Technol 42:4927-4933. https://doi.org/10.1021/es800408u

13. Diao M, Yao M (2009) Use of zero-valent iron nanoparticles in inactivat-
ing microbes. Water Res 43:5243-5251. https://doi.org/10.1016/j.watre
5.2009.08.051

14. Sevcl A, El-Temsah YS, Filip J, Joner EJ, Bob¢ikova K, Cernik M (2017)
Zero-valent iron particles for PCB degradation and an evaluation of their
effects on bacteria, plants, and soil organisms. Environ Sci Pollut Res
24:21191-21202. https://doi.org/10.1007/511356-017-9699-5

15. Pawlett M, Ritz K, Dorey RA, Rocks S, Ramsden J, Harris JA (2013) The
impact of zero-valent iron nanoparticles upon soil microbial communi-
ties is context dependent. Environ Sci Pollut Res 20:1041-1049. https://
doi.org/10.1007/511356-012-1196-2

16. Némecek J, Pokorny P, Lhotsky O, Knytl V, Najmanova P, Steinova J, Cernik
M, Filipova A, Filip J, CajthamI T (2016) Combined nano-biotechnology for
in-situ remediation of mixed contamination of groundwater by hexava-
lent chromium and chlorinated solvents. Sci Total Environ 563-564:822-
834. https://doi.org/10.1016/j.scitotenv.2016.01.019



Czinnerova et al. Environ Sci Eur

20.

21.

22.

23.

24.

25.

26.

27.

28.

29.

30.

32.

(2020) 32:154

Czinnerové M, Volo3¢ukové O, Markova K, Sevc(l A, Cernik M, Nosek J
(2020) Combining nanoscale zero-valent iron with electrokinetic treat-
ment for remediation of chlorinated ethenes and promoting biodeg-
radation: a long-term field study. Water Res 175:115692. https://doi.
org/10.1016/j.watres.2020.115692

Dolinova |, Strojsové M, Cernik M, Némecek J, Machackova J, Sevcd A
(2017) Microbial degradation of chloroethenes: a review. Environ Sci Pol-
lut Res 24:13262-13283. https://doi.org/10.1007/511356-017-8867-y
Loffler FE, Yan J, Ritalahti KM, Adrian L, Edwards EA, Konstantinidis KT,
Mdiller JA, Fullerton H, Zinder SH, Spormann AM (2013) Dehalococcoides
mccartyi gen. nov., sp. nov., obligately organohalide-respiring anaerobic
bacteria relevant to halogen cycling and bioremediation, belong to

a novel bacterial class, Dehalococcoidiaclassis nov., order Dehalococ-
coidales ord. nov. and family Dehalococcoidaceae fam. nov., within the
phylum Chloroflexi. Int J Syst Evol Microbiol 63:625-635. https://doi.
0rg/10.1099/ij5.0.034926-0

Yang Y, Higgins SA, Yan J, Simsir B, Chourey K, lyer R, Hettich RL, Baldwin B,
Ogles DM, Loffler FE (2017) Grape pomace compost harbors organohal-
ide-respiring Dehalogenimonas species with novel reductive dehaloge-
nase genes. ISME J 11:2767

Futamata H, Kaiya S, Sugawara M, Hiraishi A (2009) Phylogenetic and
transcriptional analyses of a tetrachloroethene-dechlorinating “Dehalo-
coccoides”enrichment culture TUT2264 and its reductive-dehalogenase
genes. Microbes Environ 24:330-337. https://doi.org/10.1264/jsme2
.ME09133

Tiehm A, Schmidt KR (2011) Sequential anaerobic/aerobic biodegrada-
tion of chloroethenes—aspects of field application. Curr Opin Biotechnol
22:415-421. https://doi.org/10.1016/j.copbio.2011.02.003

Coleman NV, Mattes TE, Gossett JM, Spain JC (2002) Phylogenetic and
kinetic diversity of aerobic vinyl chloride-assimilating bacteria from
contaminated sites. Appl Environ Microbiol 68:6162-6171. https://doi.
org/10.1128/AEM.68.12.6162-6171.2002

Mattes TE, Alexander AK, Coleman NV (2010) Aerobic biodegra-

dation of the chloroethenes: pathways, enzymes, ecology, and
evolution. FEMS Microbiol Rev 34:445-475. https://doi.org/10.111
1/j.1574-6976.2010.00210.x

Richards PM, Liang Y, Johnson RL, Mattes TE (2019) Cryogenic soil coring
reveals coexistence of aerobic and anaerobic vinyl chloride degrad-

ing bacteria in a chlorinated ethene contaminated aquifer. Water Res
157:281-291. https://doi.org/10.1016/j.watres.2019.03.059

Mattes TE, Alexander AK, Richardson PM, Munk AC, Han CS, Stothard P,
Coleman NV (2008) The genome of Polaromonas sp. strain JS666: insights
into the evolution of a hydrocarbon- and xenobiotic-degrading bacte-
rium, and features of relevance to biotechnology. Appl Environ Microbiol
74:6405-6416. https://doi.org/10.1128/AEM.00197-08

Jennings LK, Chartrand MMG, Lacrampe-Couloume G, Lollar BS, Spain JC,
Gossett JM (2009) Proteomic and transcriptomic analyses reveal genes
upregulated by cis-dichloroethene in Polaromonas sp. strain JS666. Appl
Environ Microbiol 75:3733-3744. https://doi.org/10.1128/AEM.00031-09
Bewley R, Hick P, Rawcliffe A (2015) Meeting the challenges for bioreme-
diation of chlorinated solvents at operational sites: a comparison of case
studies. In: Proceeding of the 13th international UFZ-Deltarez confer-
ence on sustainable use and management of soil sediment and water
resources. Copenhagen, Denmark

Dolinova |, Czinnerovéa M, Dvordk L, Stejskal V, Sevct A, Cernik M (2016)
Dynamics of organohalide-respiring bacteria and their genes following
in-situ chemical oxidation of chlorinated ethenes and biostimulation.
Chemosphere 157:276-285. https://doi.org/10.1016/j.chemospher
€.2016.05.030

Nechanickd M, Dvorék L, Dolinova | (2018) Use of nanofiber carriers for
monitoring of microbial biomass. In: Topical issues of rational use of natu-
ral resources: proceedings of the international Forum-Contest of Young
Researchers, April 18-20, 2018, St. Petersburg, Russia. CRC Press, p 361

. Caporaso JG, Lauber CL, Walters WA, Berg-Lyons D, Lozupone CA, Turn-

baugh PJ, Fierer N, Knight R (2011) Global patterns of 16S rRNA diversity
at a depth of millions of sequences per sample. Proc Natl Acad Sci
108:4516-4522. https://doi.org/10.1073/pnas. 1000080107

Caporaso JG, Lauber CL, Walters WA, Berg-Lyons D, Huntley J, Fierer N,
Owens SM, Betley J, Fraser L, Bauer M, Gormley N, Gilbert JA, Smith G,
Knight R (2012) Ultra-high-throughput microbial community analysis on

33

34.

35.

36.

37.

38.

39.

40.

41.

42.

43.

44,

45.

46.

47.

48.

49.

50.

Page 14 of 15

the lllumina HiSeq and MiSeq platforms. ISME J 6:1621-1624. https://doi.
0rg/10.1038/ismej.2012.8

Kozich JJ, Westcott SL, Baxter NT, Highlander SK, Schloss PD (2013)
Development of a dual-index sequencing strategy and curation pipeline
for analyzing amplicon sequence data on the MiSeq lllumina sequencing
platform. Appl Environ Microbiol 79:5112-5120. https://doi.org/10.1128/
AEM.01043-13

Callahan BJ, McMurdie PJ, Rosen MJ, Han AW, Johnson AJA, Holmes SP
(2016) DADA2: high-resolution sample inference from lllumina amplicon
data. Nat Methods 13:581-583. https://doi.org/10.1038/nmeth.3869
Oksanen J, Blanchet FG, Friendly M, Kindt R, Legendre P, McGlinn D,
Minchin PR, O'Hara RB, Simpson GL, Solymos P, Stevens MHH, Szoecs E,
Wagner H (2014) Vegan: community ecology package version 2.5-6 from
CRAN. https:/rdrrio/cran/vegan/. Accessed 25 Mar 2020

McMurdie PJ, Holmes S (2013) phyloseq: an R package for reproducible
interactive analysis and graphics of microbiome census data. PLoS ONE
8:e61217. https://doi.org/10.1371/journal.pone.0061217

Neémecek J, Pokorny P, Lacinova L, Cernik M, Masopustova Z, Lhotsky O,
Filipova A, Cajthaml T (2015) Combined abiotic and biotic in-situ reduc-
tion of hexavalent chromium in groundwater using nZVl and whey: a
remedial pilot test. J Hazard Mater 300:670-679. https://doi.org/10.1016/j.
jhazmat.2015.07.056

Stumm W, Morgan JJ (1996) Aquatic chemistry: chemical equilibria and
rates in natural waters, 3rd edn. Wiley and Sons, New York

Bouwer EJ (2017) Bioremediation of chlorinated solvents using alternate
electron acceptors. In: Handb Bioremediation 1993. https://www.taylo
rfrancis.com/. Accessed 9 Mar 2020

Xu'Y, Xue L, Ye Q Franks AE, Zhu M, Feng X, Xu J, He Y (2018) Inhibi-

tory effects of sulfate and nitrate reduction on reductive dechlorina-

tion of PCP in a flooded paddy soil. Front Microbiol 9:567. https://doi.
0rg/10.3389/fmicb.2018.00567

Némecek J, Steinova J, Spanek R, Pluhaf T, Pokorny P, Najmanové P, Knytl
V, Cernik M (2018) Thermally enhanced in situ bioremediation of ground-
water contaminated with chlorinated solvents—a field test. Sci Total
Environ 622-623:743-755. https://doi.org/10.1016/j.scitotenv.2017.12.047
Matturro B, Ubaldi C, Rossetti S (2016) Microbiome dynamics of a poly-
chlorobipheny! (PCB) historically contaminated marine sediment under
conditions promoting reductive dechlorination. Front Microbiol 7:1502.
https://doi.org/10.3389/fmicb.2016.01502

Yamazawa A, DateY, Ito K, Kikuchi J (2014) Visualizing microbial dechlo-
rination processes in underground ecosystem by statistical correlation
and network analysis approach. J Biosci Bioeng 117:305-309. https://doi.
0rg/10.1016/jjbiosc.2013.08.010

Sheu YT, Chen SC, Chien CC, Chen CC, Kao CM (2015) Application of a
long-lasting colloidal substrate with pH and hydrogen sulfide control
capabilities to remediate TCE-contaminated groundwater. J Hazard Mater
284:222-232. https://doi.org/10.1016/jjhazmat.2014.11.023

Brzeszcz J, Kapusta P, Steliga T, Turkiewicz A (2020) Hydrocarbon removal
by two differently developed microbial inoculants and comparing their
actions with biostimulation treatment. Molecules 25:661. https://doi.
0rg/10.3390/molecules25030661

Kotik M, Davidové A, Voriskova J, Baldrian P (2013) Bacterial communi-
ties in tetrachloroethene-polluted groundwaters: a case study. Sci Total
Environ 454-455:517-527. https://doi.org/10.1016/j.scitotenv.2013.02.082
Guan X, Liu F, Xie Y, Zhu L, Han B (2013) Microbiota associated with the
migration and transformation of chlorinated aliphatic hydrocarbons

in groundwater. Environ Geochem Health 35:535-549. https://doi.
org/10.1007/s10653-013-9513-3

Paes F, Liu X, Mattes TE, Cupples AM (2015) Elucidating carbon uptake
from vinyl chloride using stable isotope probing and lllumina sequenc-
ing. Appl Microbiol Biotechnol 99:7735-7743. https://doi.org/10.1007/
500253-015-6606-1

Tsai TT, Liu JK, Chang YM, Chen KF, Kao CM (2014) Application of polycol-
loid-releasing substrate to remediate trichloroethylene-contaminated
groundwater: a pilot-scale study. J Hazard Mater 268:92-101. https://doi.
0rg/10.1016/jjhazmat.2014.01.004

Atashgahi S, LuY, Smidt H (2016) Overview of known organohalide-
respiring bacteria—phylogenetic diversity and environmental distribu-
tion. In: Adrian L, Loffler FE (eds) Organohalide-respiring bacteria.
Springer, Berlin, pp 63-105



Czinnerova et al. Environ Sci Eur

51

52.

(2020) 32:154

Némecek J, Dolinova |, Machéackové J, Spanek R, Sevcl A, Lederer T,
Cernik M (2017) Stratification of chlorinated ethenes natural attenuation
in an alluvial aquifer assessed by hydrochemical and biomolecular tools.
Chemosphere 184:1157-1167. https.//doi.org/10.1016/j.chemospher
€.2017.06.100

Liang Y, Liu X, Singletary MA, Wang K, Mattes TE (2017) Relationships
between the abundance and expression of functional genes from

vinyl chloride (VC)-degrading bacteria and geochemical parameters at

VC-contaminated sites. Environ SciTechnol 51:12164-12174. https://doi.

0rg/10.1021/acs.est.7b03521

53.

Page 15 of 15

Nemecek J, Markova K, Spanek R, Antos V, Kozubek P, Lhotsky O, Cernik M
(2020) Hydrochemical conditions for aerobic/anaerobic biodegradation
of chlorinated ethenes—a multi-site assessment. Water 12:322. https://
doi.org/10.3390/w12020322

Publisher’s Note
Springer Nature remains neutral with regard to jurisdictional claims in pub-
lished maps and institutional affiliations.

Submit your manuscript to a SpringerOpen®
journal and benefit from:

» Convenient online submission

» Rigorous peer review

» Open access: articles freely available online
» High visibility within the field

» Retaining the copyright to your article

Submit your next manuscript at » springeropen.com




Field application of glycerol to enhance reductive dechlorination of
chlorinated ethenes and its impact on microbial community structure

Marie Czinnerova" »*, Vojtéch Stejskal !, Jaroslav Nosek', Roman Spinek" %, Alena
Sevea"?

submitted to Environmental Science: Processes & Impacts

' Institute for Nanomaterials, Advanced Technologies and Innovation, Technical University of Liberec,
Studentska 2, 461 17, Liberec, Czech Republic

? Faculty of Mechatronics, Informatics and Interdisciplinary Studies, Technical University of Liberec,
Studentska 2, 461 17, Liberec, Czech Republic

3 Faculty of Science, Humanities and Education, Technical University of Liberec, Studentska 2, 461 17, Liberec,
Czech Republic

*Corresponding author: marie.czinnerova@tul.cz

Table of contents entry
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ABSTRACT

Chlorinated ethenes (CEs) are common and persistent contaminants of soil and groundwater. Their
degradation is mostly driven by a process of bacterial reductive dechlorination (also called
organohalide respiration) in anaerobic conditions. This study summarizes the outcomes of the long-
term in-situ application of glycerol for the enhanced reductive dechlorination of CEs on a highly
contaminated site. Glycerol injection resulted in an almost immediate increase in the abundance of
fermentative Firmicutes, which produce essential sources of carbon (acetate) and electrons (H,) for
organohalide-respiring bacteria (OHRB) and change groundwater conditions to be suitable for OHRB
growth. The decreased redox potential of groundwater promoted also the proliferation of sulfate and
iron-reducing bacteria, which compete for electron donors with OHRB but at the same time support
their growth by producing essential corrinoids and acetate. A considerable increase in the abundance
of OHRB Dehalococcoides, concurrently with vinyl chloride (VC) reductase gene levels, was revealed
by real time polymerase chain reaction (qPCR) method. Consistent with the shifts in bacterial
populations, the concentrations of pollutants tetrachloroethylene and trichloroethylene decreased
during the monitoring period, with rising levels of cis-1,2-dichloroethylene, VC, and most
importantly, the final CE degradation products: ethene and ethane. Our study implies the importance
of syntrophic bacterial interactions for successful and complete CE degradation and evaluates glycerol
as a low-cost substrate to enhance reductive dechlorination and as an effective source of electrons for
OHRB.
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INTRODUCTION

In-situ bioremediation via enhanced reductive dechlorination represents a widely applied remediation
approach for the treatment of sites contaminated by chlorinated ethenes (CEs)." The incomplete
degradation of the parent chlorinated compound tetrachloroethylene (PCE) and trichloroethylene
(TCE) leads to the accumulation of less chlorinated but more soluble and mobile daughter products,
namely, cis-1,2-dichloroethylene (¢cDCE) and vinyl chloride (VC), in the aquifer.” Biostimulation to
enhance the reductive dechlorination of CEs by an indigenous microbial community capable of
organohalide respiration is a cost-effective remediation method; however, careful monitoring of
microbial community structure at the site together with CE transformation is necessary.’”
Organohalide-respiring bacteria (OHRB) comprise microorganisms that can use CEs as terminal
electron acceptors in their respiration process to yield energy for growth.® Several anaerobic bacteria
can carry out the incomplete degradation of PCE and TCE to ¢DCE (Desulfitobacterium,
Dehalobacter, Sulfurospirillium, and Geobacter); however, only two members of phylum Chloroflexi,
namely, Dehalococcoides and Dehalogenimonas, have been described thus far to be capable of
complete dechlorination of ¢DCE to VC and ethene using VC reductases.” Their presence in
contaminated sites correlates with ethene production, whereas their absence leads to ¢cDCE and VC
accumulation. Under field conditions, various environmental factors influence the proliferation and
activity of OHRB, such as the availability of electron donors, competition of other naturally occurring
electron acceptors (nitrate, sulfate, dissolved oxygen), or oxidation—reduction potential on site.*®

Electron donor addition is usually necessary to enhance organohalide respiration on CE-contaminated
sites. Given that most OHRB require molecular hydrogen (H,) as an electron donor, selected carbon
sources that can be fermented to H, are usually applied on polluted sites.! Various types of organic
casily fermentable substrates, such as glucose, vegetable oil, yeast extract, whey, methanol, lactate,
molasses, propionate, glycerol, and ethanol, have been used as sources of H, for organohalide



respiration.”” "> Although H, is produced by fermentation of all of these substrates, the rate and extent
of H, formation differ significantly and affect the rate of dechlorination.” The application of a readily
degradable substrate results in the formation of an anaerobic reducing environment suitable for
reductive dechlorination by the depletion of oxygen, which is inhibitory to OHRB, and due to the
released H,. Electrons from H, cause an immediate increase in the relative electron activity of
groundwater, i.e., a decrease in the oxidation—reduction poten‘[ial.14 The OHRB compete for H, with
methanogenic bacteria, which also use H, as an electron donor; however, the minimum H,
concentration for dechlorinating bacteria is ten times lower than that for methanogens."” Thus, the
addition of slowly fermentable substrates, such as butyrate or propionate, which release H, in low
concentrations, should provide most of the produced H, for dechlorination reactions."

Among the above-mentioned substrates, glycerol is widely used in biological wastewater treatment
plants to enhance biodegradation and seems as a suitable substrate for bioremediation purposes.'>
Bacteria can benefit from high emission of H, and high organic carbon content. Moreover, glycerol
has a high chemical oxygen demand (COD, 950 g/L), helping to establish anaerobic conditions
favorable for OHRB. Advantageous for field application is its low price and easy transportability in
the form of a concentrate.

This study aimed to summarize and interpret the results of the long-term in-situ application of glycerol
to stimulate the OHRB-driven dechlorination of a heavily CE-polluted aquifer. The physico-chemical
parameters of groundwater together with changes in microbial community structure were analyzed
prior to and after the glycerol injection over a period of seven months.

MATERIALS AND METHODS

Site description

The in-situ glycerol application and monitoring were held in the area of the Spolchemie Company a.s.
(Usti nad Labem, Czech Republic), which is historically one of the most important producers of
synthetic resins and chlorinated hydrocarbons in the Czech Republic. The production and storage of
chlorinated methane and ethenes caused extensive contamination of soil and groundwater on the site.
The geological profile in the Spolchemie site consists of Mesozoic Cretaceous siltstones overlaid by a
15 m-thick CE-polluted Quaternary terrace comprised mainly of fluvial sediments from the Rivers
Bil}na arlld”Labe and the Kli$sky stream. The aquifer has moderate hydraulic conductivity (K 107 to
107 m.s™).

Groundwater samples were obtained from glycerol application well HV-103 and reference wells
RW5-24 and RW5-43 situated on the inlet side of the contamination plume zone.

Glycerol application and sampling

The application was performed via a pressure system with packers into sealed well HV-103. The
injection of glycerol substrate was conducted in two campaigns. During the first and second
application campaign, 3 (concentration 65 g/L) and 1 m’ (concentration 195 g/L) glycerol solutions
were applied at a 3-month interval, respectively.

Groundwater samples for molecular biology and physico-chemical analysis were obtained from
application well HV-103 over a period of 210 days. However, groundwater in the reference well RWS5-
24 was accidentally affected by an alongside-running field experiment during the monitoring period,
and the sampling had to be stopped after 43 days. Nevertheless, data from previous monitoring (1 year
prior to this study) confirmed its long-term stability (Fig. S1). Well RW5-43 was sampled from day 72
of the experiment and served as a reference thenceforth (Fig. S2—-S6).



All water samples were obtained dynamically after the stabilization of oxidation-reduction potential
(ORP) and pH of the groundwater. The samples were obtained from the depth of 8 (HV-103), 10
(RW5-24), and 12.5 m below the ground level (RW5-43). Groundwater was pumped out of the wells
by a submersible Gigant pump (Eijkelkamp, Netherlands).

Measurement of chemical and physical parameters

The ORP was measured directly at the site at the end of each sampling using a WTW 3430 Multimeter
(WTW, Germany) and recalculated against a standard hydrogen electrode to Eh.

Chlorinated hydrocarbons were determined in accordance with the EPA Method 8260 B, and ethene
was identified in accordance with the methodology described by '* using gas chromatography-mass
spectrometry (TRACE 1310 and TSQ 8000 Evo, Thermo Fisher Scientific, Inc., USA). COD was
measured using cuvette tests (DR1900, LCK; Hach-Lange, Germany).

The degree of dechlorination (DoD) was calculated with the following equation:

DoD = [TCE]+ 2-[DCE]+ 3-[VC] + 4 - [ethene] + 4 - [ethane] 100 [%
oY = 4 ([PCE] + [TCE] + [DCE] + [VC] + [ethene] + [ethane]) %]

where [contaminant] represents the concentration of the relevant contaminant in mmol/L.

DNA extraction and real time polymerase chain reaction (qPCR)

Water samples for molecular genetic analysis were immediately cooled and stored in the dark at 4 °C.
Before analysis, samples (0.03-0.5 L) were concentrated by filtration through a 0.22 mm membrane
filter (Merck Millipore, Germany). DNA was extracted using a FastDNA Spin Kit for Soil (MP
Biomedicals, CA, USA) following the manufacturer’s protocol. The extracted DNA was quantified
using a Qubit 2.0 fluorometer (Life Technologies, MA, USA).

The relative abundance of 16S rRNA gene (representing the total bacterial biomass), selected OHRB
(Dehalobacter spp., Dehalococcoides mccartyi, and Desulfitobacterium spp.), and VC reductase genes
verA and bved were determined by qPCR as described previously.” Briefly, gPCR reactions were
prepared and performed in LightCycler® 480 instrument (Roche, Switzerland). Each sample was
analyzed in duplicate with ultra-pure water used as a template in negative control. Ct values were
obtained using the second-derivative maximum method. The results of qPCR were evaluated as
relative quantification, a fold change between two states, with the condition of the specific bacteria or
gene prior to the application considered as the starting point. Table S1 lists all the primers used for
qPCR.

16S rRNA sequencing, data processing, and analysis

Purified DNA samples were sequenced in duplicate. Two successive PCRs were performed per sample
to amplify the DNA from the V4 region (using normal and barcode fusion primers). /n silico analysis
of primers was performed to cover as much diversity as possible while keeping the amplicon size
below 400 bp. Amplification of the V4 region of the eubacterial 16S rRNA gene was performed with
primers  515F  (5-TGCCAGCMGCNGCGG-3' ") and barcode one 802R  (5'-
TACNVGGGTATCTAATCC-3' *°). A mock community (collection of 12 bacterial genomes) was
subsequently sequenced to verify data evaluation. The PCR cycle conditions were as follows: first
PCR: 95 °C for 3 min; 10 cycles at 98 °C for 20 s, 50 °C for 15 s, 72 °C for 45 s, and a final extension
at 72 °C for 1 min; second PCR: 95 °C for 3 min; 35 cycles at 98 °C for 20 s, 50 °C for 15 s, and 72
°C for 45 s, with a final extension at 72 °C for 1 min. The concentration of purified PCR products was



measured with a Qubit 2.0 fluorometer (Life Technologies, USA). Barcode-tagged amplicons from
different samples were then mixed in equimolar concentration. The sequencing of bacterial amplicons
was performed on the Ion Torrent platform (Life Technologies, USA).

The raw data were processed and analyzed using Mothur software as described in a previous
publication.”’ Only genera with a minimum relative abundance of over 5% were shown in a heatmap.

RESULTS AND DISCUSSION

Changes in Eh and COD

The first glycerol application resulted in a rapid decrease in Eh in the application well HV-103 (from
approx. 203 mV to 50 mV). After the second glycerol injection (at 91 days), the Eh further decreased
to values around —40 mV (Fig. 1). Such conditions were beneficial for the ongoing microbial reductive
dechlorination of CEs by OHRB. By contrast, the Eh of the reference well RW5-24 remained
relatively stable during the monitoring period, ranging between 229 and 258 mV, which indicated
rather oxidative conditions, not optimal for OHRB growth.
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Fig. 1. Changes in Eh and COD in each well following glycerol injections. Note the logarithmic scale of the COD vy axis.

COD concentrations are bound to Eh values because the application of a bioreductive substrate (in this
case glycerol) and its subsequent microbial fermentation results in the formation of an anaerobic
reducing environment beneficial for OHRB growth by the depletion of oxygen and due to the release
of H, ' The first glycerol application in well HV-103 caused an increase in the COD concentration by
almost three orders of magnitude from the initial value of 108 mg/L (Fig. 1), and the rise was higher
after the second application. After each application, the COD concentration gradually decreased but
remained above the initial level until the end of the monitoring period. In general, the higher the COD
concentration, the more substrate available for microbial processes in the environment. On the other
hand, a decrease in COD concentration represents the organic substrate consumption. Our data show
that most of the glycerol was fermented within approx. 30 days after the injection.

Degradation of CEs

A significant effect of glycerol application on CE degradation was observed in well HV-103 (Fig. 2).
PCE concentration decreased from 137 umol/L to 43 umol/L 8 days after the first glycerol application,



followed by a further decrease to 0.03 umol/L; the corresponding values in pg/l decreased from
22 800 pg/L to 5 pg/L. Concurrently, a temporal increase in the TCE from 86 pumol/L up to 280
umol/L was detected due to intensive PCE degradation. However, before the second glycerol
application, TCE concentration was reduced to 27 pmol/L and further to 0.23 pmol/L after the second
injection. Concurrent with TCE degradation, a high production of ¢DCE was observed with the
concentration increasing from 71 pmol/L to 377 pmol/L.
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Fig. 2. Changes in the concentration of CEs and their final degradation products (the sum of ethene and ethane) following
glycerol application.

Before the second glycerol injection, residual amounts of PCE and TCE were present in the
groundwater. The second glycerol injection was therefore primarily aimed at ¢cDCE reduction to VC or
preferably, ethene. It successfully decreased the ¢cDCE concentration down to 214 umol/L, and non-
toxic degradation products ethene and ethane were generated. The VC concentration increased from 3
umol/L up to 99 umol/L, and the sum of non-toxic degradation products (99% ethene) increased from
0 umol/L to 53 umol/L. Real production of VC or ethene may be higher than the monitored due to
their fast volatilization. These results are in line with the increase in VC and decrease in dissolved
organic carbon concentrations toward the end of a published field study.'?

DoD represents an effective parameter for the comparison of results from different wells and is a
perfect tool especially for the comparison of results of enhanced microbial dechlorination of CEs in
the application and reference wells. DoD is the inverse chlorine number value that represents the
amount of chlorine atoms in a mixture of chlorinated hydrocarbons. Thus, the fewer chlorine atoms in
the mixture, the higher the DoD, the higher the PCE:TCE ratio, the lower the DoD. Several steps
generally results in the higher DoD: decreased PCE:TCE ratio when the PCE and TCE are still
present, decreased ratios of TCE:DCE, DCE:VC, and VC:ethene and the production of ethene and
other non-toxic degradation products.

In accordance with CE degradation, the DoD of groundwater from HV-103 increased from 21% to
62% (Fig. 3) following the glycerol application, indicating the decreased PCE:TCE ratio and gradual
production of less- or non-chlorinated hydrocarbons.

No significant changes in the monitored CE concentrations were observed in the groundwater of
reference well RWS5-24 during the monitoring period (Fig. 2). The concentration ratios between PCE,
TCE, and ¢DCE also remained almost unchanged, as was very well represented by the DoD (Fig. 3),
which remained stable during the monitored period, fluctuating from 16% to 19%.
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Fig. 3. Changes in DoD in each well following glycerol
injections.

Changes in OHRB and VC reductase genes

The qPCR analysis of groundwater prior to glycerol injection confirmed the presence of OHRB genera
Desulfitobacterium and Dehalococcoides and VC reductase genes verd and bved in the reference and
application wells. The ongoing organohalide respiration in both wells was also confirmed by the
presence of PCE and TCE degradation products, namely, cDCE, VC, and ethene. However, based on
the Ct values (Fig. S5), the abundance of OHRB populations and degradation enzymes and total
bacterial biomass was notably lower in the reference well RW5-24 than in the more contaminated HV -
103.

While relatively stable levels of total bacterial biomass and all molecular markers of organohalide
respiration were observed in reference well RW5-24 throughout the experiment, the injection of
glycerol to well HV-103 caused rapid changes in the microbial abundance (Fig. 4). The total bacterial
biomass increased by a factor of 4 three days after the first glycerol injection, increased until day 21
when it culminated with 100 times higher abundancy compared with the initial level, and increased
again after the second injection. The abundance of Dehalococcoides in accordance with both VC
reductase genes increased almost ten times immediately after the addition of glycerol, slowly
decreased until day 44, reaching initial levels, and subsequently started to proliferate again. A similar
trend was observed after the second glycerol injection with the abundance of Dehalococcoides almost
600 times higher at the end of the monitoring period (day 200) than the initial value, showing
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Fig. 4. Changes in the relative abundance of total bacteria (16S rRNA), organohalide-respiring bacteria (Dehacoccoides and
Desulfitobacterium) and VC reductase genes (vcrd and bved). All results are expressed as relative quantity to each marker
abundance prior to glycerol application (-1 day). Note the logarithmic scale.



comparable levels of VC reductase genes verd and bveA. Correspondingly, steadily rising
concentrations of CEs degradation products (ethene and ethane) were detected after the second
injection until the end of the monitoring period (Fig. 2). The proliferation of Desulfitobacterium, on
the other hand, was not readily stimulated by glycerol. Its population started to grow after 21 days, and
its abundance correlated negatively with Dehalococcoides. The explanation is either the competition
for the same electron donor or changed the CE composition in groundwater.

Changes in bacterial community composition

The structure of bacterial communities differed in the reference and application wells (Fig. 5).
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Fig. 5. Bacterial community composition in HV-103 and RW5-24 wells before (— 1 day) and after (7, 74, 100, and
200 days) glycerol injection. The scale expresses the percentage of each bacterial genus in a sample. Only genera

with a relative abundance > 5% are shown.

Sulfurospirillum was the dominating bacterial genus in the application well HV-103 before glycerol
addition, together with Simplicispira and Rhodoferax. Sulfurospirillium can dechlorinate PCE and
TCE to ¢DCE, and its presence in pre-stimulated samples indicates naturally occurring reductive
processes.”> Importantly, Sulfurospirillium enables the complete dechlorination of CEs, leaving ¢cDCE
to Dehalococcoides for the final dechlorination to ethene. Sulfurospirillum can also oxidize reduced
sulfur compounds to sulfates '>**%*, detected in relatively high concentration on site. Sulfate reduction
can inhibit OHRB growth because both processes compete for electron donors.”

After glycerol injection to the HV-103 well, the amount of dominating Sulfurospirillum decreased and
was gradually replaced by glycerol-fermenting bacteria, namely, Clostridium, Trichococcus, and
Zymophilus (all phylum Firmicutes). This result is in accordance with high COD concentration (i.e.,
high dissolved organic carbon) measured on site (Fig. 1). Fermentation of organic matter such as
glycerol is necessary to supply electron donors (H;) and carbon source (acetate) for the dechlorination
of CEs by OHRB and to enhance favorable anaerobic conditions.' Clostridium, which was highly
abundant 7 days after the first and second glycerol application, possesses a glycerol fermentation
capacity with butanol, acetic acid, or propionate being the main fermentation products.***” Clostridium
bifermentans also dechlorinates PCE and TCE to ¢DCE cometabolically.”® Another member of
glycerol-fermenting bacteria, Zymophilus, predominated at 74 and 100 days after stimulation.
Zymophilus belongs to Vellionellaceae family which includes obligate anaerobes that commonly



produce acetate and propionate.””" Acetate is an important carbon source for Dehalococcoides and as
such supports its growth.”'

Glycerol also promoted sulfate reduction, with sulfate-reducing genera Desulfovibrio, Desulfobulbus,
and Desulfobacter flourishing at the end of the monitoring period (200 days) by taking advantage of
the decreasing redox conditions. They outcompeted glycerol-fermenting bacteria when most of the
substrate was decomposed. In subsurface environments, the competition by nitrate or sulfate-reducing
bacteria may have an inhibitory effect on organohalide respiration, as has been previously confirmed
for nitrate and sulfate.”>”' In general, sulfate reduction inhibits the growth of OHRB because both
processes compete for electron donors;** however, Desulfovibrio strains can also promote the growth
of Dehalococcoides by providing H,, acetate, and corrinoid cofactors.” Desulfobulbaceae also
sustains Dehalococcoides growth by producing acetate.'’' Acetate can be oxidized also by
Geobacter,” which flourished together with acetate-producing bacteria 200 days after glycerol
addition. Dehalococcoides uses corrinoid-dependent reductases for cDCE dechlorination to VC and
ethene but lacks the ability for corrinoid synthesis. Geobacter lovieyi can dechlorinate PCE to ¢DCE
and produces one type of corrinoid cofactor, that is, cobamide, to complement the nutritional
requirements of Dehalococcoides, promoting its growth.>

Reference well RWS5-24 was characterized by the presence of bacteria involved mainly in the
geochemical cycles of nitrogen and sulfur: denitrifying Rhodanobacter, isolated also from polluted
sites,” and Simplicispira, isolated from activated sludge,”’ ammonium oxidizing Scalindua,”® and
sulfhr—oxiﬂ)izing Sulfuritalea.” Sphingobium, which can degrade aromatic hydrocarbons was also
abundant.

Sequencing analysis did not detect any OHRB in the tested samples, nevertheless, Desulfitobacterium
and Dehalococcoides, together with VC reductase genes verd and bveAd, were detected by gPCR in the
reference and application wells (Fig. 4). This discrepancy between sequencing and qPCR data had
been described before **"** and can be explained by the extremely low relative abundance of the
selected OHRB in the bacterial community. Thus, qPCR is a better tool for detecting such rare but
crucial bacteria due to more specific qPCR primers in comparison with the universal primers used for
sequencing. When combining the results of both methods, Dehalococcoides population reacted
positively to increase in the fermentative and sulfate-reducing bacteria in HV-103, which provided
essential sources of carbon (acetate), electrons (H,), and corrinoid cofactors. It also took advantage of
decreasing redox potential. Concurrently with the growing Dehalococcoides population, we
documented the steadily rising levels of CE degradation products (VC, ethane, and ethene) (Fig. 2).

As revealed in our study and described previously on laboratory-scale experiments **> and one pilot

field glycerol application,'” the successful and complete dechlorination of CEs requires supporting the
growth of OHRB together with variegated bacterial populations. The strong and complete
dechlorination of CEs is possible only on sites with high concentration of dissolved organic carbon
and sufficient syntrophic interactions (high relative abundance of fermenting and sulfate-reducing
bacteria).'” In aquifers, bacterial populations influence the growth of each other by changing
groundwater conditions, competing for sources, or producing nutrients essential for others. Therefore,
it is very important to study the targeted sites in detail to run the enhanced reductive dechlorination
process successfully.

CONCLUSIONS

1. This long-term field experiment showed the great potential of glycerol application for enhanced
reductive dechlorination on a site highly contaminated with CEs. It proved low-cost glycerol as an
effective source of electrons and carbon for OHRB.



2. The concentrations of PCE and TCE decreased during the monitoring period with the increased
levels of ¢cDCE, VC, and non-toxic final CE degradation products (ethene and ethane) toward the end
of the study.

3. A total of 98.5% PCE and 99.4% TCE were reduced in the injection well HV-103 after glycerol
applications with the increase in DoD from 21% to 62%.

4. Glycerol injection started biological and geochemical processes that promoted the growth of OHRB
Dehalococcoides and Desulfitobacterium.

5. Glycerol injection resulted in an almost immediate increase in the abundance of fermentative
Firmicutes (Clostridium, Trichococcus, and Zymophilus), which produced essential sources of carbon
(acetate) and electrons (H,) for OHRB and changed groundwater conditions to be suitable for OHRB
growth.

6. Consistent with the reduced redox potential, sulfate-reducing genera Desulfobacter, Desulfobulbus
and Desulfovibrio, and iron-reducing Geobacter flourished at the end of the monitoring period (200
days), competing with OHRB for electron donors but at the same time producing acetate and essential
corrinoid cofactors.

7. Syntrophic bacterial interactions proved to be very important for the complete dechlorination of
CEs.
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