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Abstract

The main objective of the thesis was to evaluate the potential of selected Mn and Fe
(nano)oxides for the stabilization of metals and metalloids in contaminated soils. The research
was focused basically on three materials - commercial nanomaghemite (Fe 11I), nanomagnetite
(Fe ILIII) and a synthetic amorphous Mn oxide (AMO). The main aim of the work was to
provide a complex view on the chosen stabilizing amendments regarding not just their direct
influence on contaminants mobility and stabilization mechanisms, but also their stability and
alterations in soil conditions together with influence on soil microorganisms and higher plants.
Firstly, adsorption properties of the tested materials towards Cd, Cu, Pb and As were
investigated. In this context, the most effective material showed to be the AMO reaching one
to two orders of magnitude higher adsorption capacities than Fe III and Fe ILIII under given
experimental conditions. Interestingly, the rate of As(V) adsorption onto AMO was increasing
with increasing pH as a result of high pH,,. of the AMO (8.1) and significant dissolution of
this phase at lower pH values. As a next step, the influence of (nano)oxides on metal(loid)s
mobility and other physico-chemical soil characteristics after application to contaminated soil
was examined. Again, the AMO proved to be the most efficient in reducing mobile pools of
Cd, Cu, Pb, Zn and As. On the other hand, Fe III and Fe ILIII addition had generally less
significant effects on contaminants mobility. AMO application further resulted in an increase
of soil pH connected with AMO dissolution and unwanted decomposition of soil organic
matter. When (nano)oxides alterations in soil conditions were observed, MnCOj; coatings were
identified on AMO surface while no significant changes were recorded for Fe III and Fe ILIIIL.
As the MnCOj; formation was connected with increased AMO stability, AMO particles
synthetically covered with MnCO; coating (denoted as SM-AMO) were prepared. Although
the SM-AMO had a lower mass loss in soil than pure AMO, the stabilizing efficiency was
almost the same for both materials. The differences in surface composition of both materials
were decreasing with time as MnCOj naturally precipitated on the AMO surface in soils while
the SM-AMO coating was gradually dissolving. When investigating the effect on soil
microbiota, AMO efficiently promoted soil microbial activity while no significant changes
were observed in the case of Fe III and Fe ILIII. The AMO was also able to reduce the uptake
of Cd, Pb and Zn by sunflower (Helianthus annuus L.), eliminate Zn phytotoxicity symptoms
and increase biomass yield. On the other hand, toxic levels of Mn released from the AMO in
an acidic soil were found in sunflower tissues. AMO application is thus recommended for
contaminated neutral or slightly alkaline pH with a higher cation exchange capacity in order to
avoid unwanted release of Mn. Finally, various types of AMO-biochar composite sorbents
were recently prepared and field experiment focused on stabilization of Cd, Pb, Zn and As
using studied materials is currently under preparation. The combined results from the thesis
highlight the importance of a complex experimental approach dealing with all parts of the
contaminated soil environment in order to obtain complete information about the efficiency
and usefulness of any newly developed stabilizing amendment.



Abstrakt

Hlavnim cilem pfedkladané dizertacni prace bylo zhodnoceni potencidlu vybranych
(nano)oxidit Fe a Mn pro stabilizaci kovi a polokovli v kontaminovanych pudach. Vyzkum
byl zaméfen predev§im na tii materidly — komer¢ni nanomaghemit (Fe III) a nanomagnetit
(Fe ILIII) a nové syntetizovany amorfni oxid Mn (AMO). Hlavnim cilem prace bylo
poskytnout komplexni pohled na vybrana stabiliza¢ni Cinidla, pti¢emz diraz nebyl kladen
pouze na jejich pfimy vliv na mobilitu kontaminantd, ale téZ na jejich stabilitu a transformace
v ptudnim prostfedi, spolu s vlivem na ptidni mikroorganismy a vyssi rostliny. Nejprve byly u
testovanych materidld zjiStény jejich adsorpéni vlastnosti. V tomto piipadé se jako
nejucinnéjsi ukazal AMO, ktery za danych experimentalnich podminek vykazoval o 1 az 2
fady vySsi adsorpéni kapacity nez Fe IIl a Fe ILIII. Mira adsorpce As(V) na AMO se
zvySovala se zvySujicim pH, coz je v pfipadé AMO zpiisobeno jeho vysokym pH,,. (8,1) a
vy$$i rozpustnosti pfi nizsich hodnotach pH. Dale byl sledovan vliv aplikace (nano)oxidd na
mobilitu kovil a polokovi v pidé a dalsi fyzikalné-chemické vlastnosti. Zde se AMO opét
prokazal jako nejucinnéjsi Cinidlo pro snizeni mobilni frakce Cd, Cu, Pb, Zn a As. Aplikace
¢inidel Fe III a Fe II,III méla naproti tomu jen minimalni ¢i zadny efekt. Aplikace AMO dale
vedla ke zvySeni pidniho pH spojeného s rozpousténim samotného materialu a nezadouci
degradaci ptidni organické hmoty. Pfi studiu transformaci (nano)oxidti v pidnim prostiedi byl
na povrchu AMO identifikovan nové vznikly MnCO;, zatimco na povrchu Fe III a Fe ILII
nebyly pozorovany zadné vyznamné zmény. Vzhledem k tomu, Ze pozorovana formace
MnCQO; byla spojena se vzrustem stability AMO, byly uméle ptipraveny castice AMO pokryté
vrstvou MnCO; (SM-AMO). Piestoze SM-AMO prokazal v ptidé mensi hmotnostni ztratu nez
AMO, stabiliza¢ni u¢innost byla u obou materiald téméef stejna. Rozdily ve slozeni povrchi u
obou materialti v ¢ase klesaly, nebot’ na povrchu AMO dochazelo k precipitaci MnCOs;,
zatimco povlak na SM-AMO se postupné rozpoustel. Pii zjistovani vlivu na pudni organismy
AMO u¢inné podpofil pidni mikrobialni aktivitu, zatimco v piipadé Fe III a Fe ILIII nebyly
pozorovany zadné vyznamné zmény. AMO byl téZ schopen sniZit koncentrace Cd, Pb a Zn
prijaté slunecnici (Helianthus annuus L.), eliminovat symptomy fytotoxicity Zn a zvysit vynos
biomasy. Na druhou stranu byly ve tkanich slune¢nice zaznamenany toxické koncentrace Mn
uvolnéného z aplikovaného AMO. V zavislosti na vysledcich této prace tedy doporucujeme
aplikace AMO do kontaminovanych neutralnich az alkalickych ptd. Déle byly pfed nedavnem
pfipraveny riizné typy kompozitnich sorbentti na bazi AMO a biocharu a v souc¢asné dobé¢ je
v pfipravé polni experiment zaméfeny na stabilizaci Cd, Pb, Zn a As v kontaminované pidé
pomoci studovanych stabiliza¢nich ¢inidel. Vysledky této prace vyzdvihuji dilezitost pouziti
komplexniho experimentalniho pfistupu zahrnujicitho vSechny slozky ptidniho systému pfi
studiu novych stabilizacnich ¢inidel.
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General introduction

Problem outline

Common methods for treating contaminated soils (e.g. soil excavation, encapsulation,
in situ and ex situ washing/flushing, vitrification etc.) are not only costly and energy
demanding but are also disruptive in the context of natural site conditions. With
regard to limited monetary means provided for soil remediation and with emphasis on
the environment and landscape protection, research into stabilization methods has
increased (Kumpiene et al., 2008; Komadrek et al., 2013). Oxides of Fe and Mn are
an indigenous part of the soil environment with significant sorption properties
(Essington, 2004). Research focused on nanomaterials, their utilization and general
characterization is very progressive nowadays and research projects concerning this
topic are widely supported. Nanoparticles of Fe and Mn oxides seem to be an efficient
sorbent for risk elements due to their large active surface. However, further
understanding of the mechanisms influencing behavior and stability of these particles
in complex soil environments is needed (Komarek et al., 2013).

Metals and metalloids - sources and toxicity

This thesis deals with remediation of soils contaminated with metals and metalloids.
As these materials are not able to degrade in the environment (in contrast to
e.g., organic contaminants such as oil compounds, polychlorinated biphenyls etc.),
they accumulate in time in soils and can only transform, migrate or be accepted by
living organisms. Of these materials, we usually deal in remediation practice with
the so called group of “risky elements”. This term is usually used for metals and
metalloids occurring in the soil at trace concentrations (i.e., less than 0.01%) whose
increased levels after reaching a toxicological threshold can pose a potential risk to
living organisms. Although the most serious contamination is often caused by
non-essential elements (As, Cd, Hg, Pb), essential elements (e.g. Cu, Cr, Zn) might
also pose a potential risk at elevated concentrations (Adriano, 2001). Potential
phytotoxicity and toxicity for soil microorganisms may also play a role in the
degradation of vegetation cover exposing the soil to wind and water erosion. Thus
this process can promote further mobility and spread of the pollution (Liphadzi and
Kirkham, 2005). Elevated concentrations of potentially risk elements in soils can be
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both of natural (geogenic) and anthropogenic origin. The main anthropogenic sources
are summarized in Table 1.1.

Table 1.1
Main anthropogenic sources of risky elements (Alloway, 2013).

Risk element Contamination source

Arsenic (As) Ore processing, fossil fuels combustion, glass additives,
agriculture (fertilizers, insecticides), veterinary medicals,
wood preservatives

Cadmium (Cd) Smelting industry (associated metal in Zn and Pb ores),
agriculture (phosphate fertilizers), dye and plastic pigments,
batteries, fossil fuels combusting, wood preservatives,
ceramics

Copper (Cu) Electrochemical material, alloys (brass, bronze), waste
disposal, chemical industry, agriculture (fungicides), copper
wires and plates, livestock manure

Chromium (Cr) steel works, chemical industry, dye pigments, wood
preservatives, tanning industry, metal coating, alloys, fossil
fuels combusting

Mercury (Hg) Ore processing, agriculture (herbicides, fungicides),
electrochemistry, batteries, medicine (thermometers, dental
amalgams), fossil fuels combusting

Lead (Pb) Smelters, refineries, chemical industry, accumulators,
pigments, lead glass, ceramics, agriculture (fertilizers,
pesticides), fossil fuels combusting, leaded petrol, shooting
and military activities

Zinc (Zn) galvanization and corrosion of galvanized materials,
smelting industry, dye and ceramic glaze pigments, alloys
(brass, bronze), agriculture (pesticides), communal waste,
livestock manure, battery manufacture, catalysts, printing
and graphics

From the toxicological point of view, lipophilicity is a crucial property of potentially
risky elements implicating their ability to accumulate in living organisms, especially
in intestines and bones (Jorgensen et al., 2010). For example, Pb accumulates in
bones, disrupts hemoglobin synthesis and harms the nervous system. Its ability to
permeate the placental barrier can also lead to teratogenic effects. Lead is treated as
a human carcinogen (United Nations, 1998). Cadmium has a strong tendency to
accumulate in the human body and has a long biological half-time, which is supposed
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to vary between 10 and 20 years (Salt et al., 1997). The Itai itai disease was the most
famous case of chronic Cd poisoning emerging in the Jinzu river basin (Japan) after
the Second World War (Inaba et al., 2005; Shuto, 2005). As Cd accumulates in renal
tubules, it harms their function and thus it affects calcium metabolism. Calcium is
then mobilized from the skeletal stores causing decalcination of the skeleton leading
to osteomalacia (Massaro et al., 1997). Exposure to As takes place predominantly
through drinking water. Soluble inorganic As compounds are commonly more toxic
than the organic ones (Villaescusa and Bollinger, 2008). The As(IIl) was classified as
a human carcinogen harming the nervous system. Mutagenic and teratogenic effects
were also demonstrated (Adriano, 2001). The cases of acute or chronic intoxication
with Cu in mammals (including humans) are quite rare due to a high Cu tolerance and
the liver and kidney biochemical systems able to detoxify excess Cu. The majority of
problems with accumulation of Cu in human body thus arise precisely in the cases of
genetic metabolic disorders, such as Wilson’s disease (Wright and Welbourn, 2002).
On the other hand, Cu is extremely toxic to many aquatic and marine organisms, such
as algae or phytoplankton, and also to microorganisms like bacteria or fungi
(Jorgensen et al., 2010).

Speciation, bioavailability and
bioaccessibility of metal(loid)s

Adriano (2001) defines bioavailability as a potential for living organisms to take up
chemicals from food or from the abiotic environment to the extent that the chemicals
may become involved in the metabolism of an organism. Vangronsveld and
Cunningham (1998) refer to the fraction of the total chemical that can interact with
a biological target. Due to the lack of uniformity of the term “bioavailability” across
various scientific (e.g., toxicology versus biogeochemistry) fields, Semple et al.
(2004) suggested a distinction between bioavailable and bioaccessible compounds:
the term bioavailable represents a substance which is “freely available to cross
an organism’s cellular membrane from the medium to the organism at a given time.”
Bioaccessibility thus should correspond to the compound that is “available to cross
an organism’s cellular membrane from the environment, if the organism has access to
the chemical.” Reeder et al. (2006) in their review generalized bioaccessibility as
a process including solubilization of metals from geomaterials and bioavailability as
an absorption across the biological membrane.



Chapter |

Bioavailability/bioaccessibility of targeted compound can thus be influenced both by
the nature of accepting organism and the chemical itself (physical-chemical
properties, concentration etc.), both by the environmental factors (in soil e.g., pH,
cation exchange capacity, type and the concentration of organic matter, redox
potential, amount of Fe, Mn oxides and clay minerals etc.). Processes influencing
the speciation and distribution of trace elements in soil are schematically described
in Fig. 1.1 (Adriano, 2001).

Plant | uptake —
Layer Silicate

Precipitates
P! Clays

Precipitation

Dissolution\l ‘/Ion exchange
Soil solution

Soluble Soluble

Complexes Free lons
Mineralization Desorption

A N
Absorption Adsorption ;
. Humus, Oxides
Biomass
and Alophane
Leaching to |groundwater
w
Figure 1.1

Diagram of main processes affecting trace elements behavior and distribution in soil
conditions; adapted according to Adriano (2001).

Bioavailability/bioaccessibility of a given metal(loid) is closely connected with its
speciation as it gives information on distribution of an element amongst defined
chemical species (i.e., specific forms of an element differing in oxidation state,
stoichiometry, coordination, complexation, association with other phases etc.) in
a system (Templeton et al., 2000). These properties govern chemical behavior and
mobility of targeted species both in the environment and living organisms and play
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the main role in a potential element toxicity (Reeder et al., 2006). Even so,
determination of a direct chemical species in environmental matrices is often
complicated or even impossible. For this reason, the chemical species of a given
element can be sorted into fractions based on their chemical (e.g., bonding, reactivity)
or physical (e.g., size, solubility) properties. In this case, we thus speak about
fractionation of a given element (Templeton et al., 2000). Fractionation analyses
present a widespread and useful tool in environmental practice and will be described
in more detail further in text.

Factors influencing speciation and fractionation of metal(loid)s in soil
Surface charge and pH,,..

Electric charge on the surface of soil particles originates from two main mechanisms.
The first one is the isomorphic substitution in crystal lattice of clay minerals when
the ion with higher valence is exchanged with the ion with lower valence
(e.g., octahedral AI’" can be replaced with Mg, tetrahedral Si*" with AI’"). Lack of
protons thus generates on the mineral surface a permanent negative charge (Sposito,
2008). The degree of this exchange depends on the size and valence of the ions
involved and it occurs only when the ions are of comparable size (Tan, 2011).
The second mechanism relates to the dissociation (deprotonation) of the hydroxyl
(OH-) functional groups present on the surface of Al octahedral and Si tetrahedral
layers in crystal lattice of clay minerals and on the surfaces of Fe, Mn and Al oxides.
The dissociation reaction is pH-dependent, increasing at higher pH and decreasing at
lower pH. This type of surface charge is thus pH-dependent and variable (Adriano,
2001).

The protonation reaction at low pH runs as follows:

]-OH+H" < ]-OH," (1.1
The deprotonation reaction at high pH runs as follows:
]-OH < J-O +H" (1.2)

This type of charge is important for 1:1 clay minerals, Fe and Al oxide clays, and

organic colloids (Tan, 2011). Dissociated surface hydroxyl functional groups can act

as a Lewis base towards metal cations (McBride, 1994). Metals can form complexes
with one or two deprotonated groups as follows:

]-OH + M™ « ]-OM™ "'+ H" (1.3)

2]-OH + M™ « (]-0),M™ 2"+ 2 H" (1.4)
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As the exposed OH™ groups on clay surfaces can be protonated in acidic conditions
due to proton (H") addition from the soil solution, sorption of a large amount of H"
leads to a positive surface charge. Increased adsorption of metal ions at higher pH is
thus a result of both the increasing density of negative surface charge and of
the increasing concentration of M-OH' species in the soil (Adriano, 2001).
The electric charge is usually expressed in moles of charge per kilogram (mol, kg).
It is possible to distinguish four different types of surface charge which together form
the net total particle charge, denoted as o, (Essington, 2004). Each of these partial
charges can be positive, zero, or negative, depending on the chemical conditions.
Structural (permanent) charge (o) arises as a result of isomorphic substitution of 2:1
clay minerals and cation vacancies on the Mn oxides surfaces. The net proton charge
(op) is inherent to soil humus and is defined as the difference between the moles of
the protons and hydroxide ions complexed with surface functional groups (Sposito,
2008). The sum of the structural and net proton charge gives the intrinsic charge (c;,)
(Tan, 2011):

Oin= 0o+ On (1.5)
This charge represents only partial charges arising solely from the adsorbent
structure.

The net adsorbed ion charge (Aq) is defined as follows:

Aq = o5 + Gos + 04 (1.6)
This charge includes the net charge of ions adsorbed as inner-sphere
complexes (o1s), outer-sphere complexes (6os) and the diffuse-ion swarm (cq).
As Eq. (6) can be used only when the experimental distinction between inner-
and outer-sphere complexes is possible, Eq. (6) can be simplified as:

Aq=o0s+ 04 (1.7)
where os denotes as Stern layer charge, described as all adsorbed ions that do not
belong to diffuse-ion swarm. The net total particle charge can thus be written as:

Gp = Oin T O (1.8)
consisting of a charge inherent to the adsorbent structure and a charge of adsorbed
ions bound in surface complexes and thus not involved in diffusive motions. The net
total particle charge (o,) is balanced with a charge of ions in a diffuse-ion swarm:

o, t064=0 (1.9)

In order to maintain electroneutrality of the system, the structural charge and
charge arising from the surface complexed protons or hydroxide ions is balanced with
an equal counterion charge of all other adsorbed ions and H" and OH" in diffuse-ion
swarm (Sposito, 2008).
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Points of zero charge (pH,,.) are defined as pH values at which one of the parts of
atotal net particle charge denoted in Eqs. (1.8) and (1.9) is equal to zero under
the given conditions (temperature, pressure, solution chemism). Three standard
definitions are summarized in Table 1.2.

Table 1.2
Definitions of distinct types of points of zero charge; adapted according to Sposito
(2008).

Symbol Name Definition
p.z.c. Point of zero charge 0,=0
p.z.n.c. Point of zero net charge AqQ=0
p.z.n.p.c. Point of zero net proton charge oy =0

The most widely used is the point of zero charge pHpzc, i.e., pH value at which o,
(and also complementary o4) value equals zero. When the pH of a solution is lower
than pH,,., the mineral surface bears a positive net charge. If the pH of a solution is
higher, the mineral surface bears a negative net charge. Soil minerals with low pH,,.
(e.g., SiO,) have a stronger ability to attract and bind cations over wide pH spectra
than those with higher pHpzc due to their negative surface charge under common soil
conditions. On the other hand, minerals with high pHpzc (e.g., a-AL,O5) are better in
binding anions over a wide pH range (Essington, 2004).

Adsorption

Adsorption is generally the most important physical-chemical process controlling
the retention of organic and inorganic compounds in soil. It can be defined as
a process occurring on soil particles surfaces resulting in accumulation of dissolved
compounds (adsorbate) at the interface of solid (adsorbent) and aqueous phases
(Adriano, 2001). Adsorption also differs from precipitation, i.e., a process in which
the volume of a compound increases due to the three dimensional growth of a specific
crystalline structure. Organic and inorganic compounds can be bound due to
absorption as well. In this process, a compound diffuses into the three dimensional
structure of a certain soil phase. This mechanism is often involved in retention of
organic compounds by soil organic matter (SOM) (Essington, 2004).
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Figure 1.2

Schematic representation of surface adsorption complexes; adapted according to
Brown (1990).

Surface complexes originate when the surface functional group reacts with an ion or
a molecule dissolved in the soil solution. There exist two types of surface complexes:
the inner- and the outer-sphere complexes (Fig. 1.2). If an adsorbed ion is bound
directly to the surface ligand, it is denoted as an inner-sphere complex. If there is at
least one water molecule between an adsorbed ion and adsorbent surface, it is denoted
as an outer-sphere complex (or non-specific or physical sorption) (Sposito, 2008).
Outer-sphere complexes are bound to the surface with relatively weak electrostatic
binds and are not significantly adsorbate-selective. Inner-sphere complexation is also
denoted as specific or chemical sorption. This bond has a covalent character and
a relatively high degree of structural configuration. It is possible to make a distinction
between two types of inner-sphere complexes: monodentate and bidentate. A complex
is denoted as monodentate, if one position in the coordination sphere of adsorbate is
occupied by one surface functional group of adsorbent. If two positions are occupied,
we speak about a bidentate complex (Fig. 1.2) (Essington, 2004). Specific adsorption
is strongly pH-dependent and is connected with metal ions hydrolysis (Reeder et al.,
2006). Metals easily forming hydroxy complexes are also bound with strong specific
adsorption forces. For that reason, equilibrium reaction constant (pK) indicates
adsorption behavior of a targeted metal (M):

M* + H,0 &»MOH + H" (1.10)

10
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A specific adsorption rate rises with an increasing pK value. In the case of Pb and Cu
with equal pK values, Pb is adsorbed more strongly due to a larger ionic radius
(Alloway, 1995). According to Tiller et al. (1984), the strength of specific adsorption
of risk elements towards soil clay particles increases in the following order:
Cd (pK=10.1) <Ni (pK=9.9) <Co (pK=9.7) <Zn (pK =9.0) << Cu (pK =7.7) <
Pb (pK = 7.7) < Hg (pK = 3.4). Hydrated Al, Fe and Mn oxides are considered to be
the main elements involved in specific adsorption reactions.

Adsorption isotherms are a common tool used for describing the adsorption of various
compounds (Limousin et al., 2007). Adsorption isotherms are non-mechanistic
empirical models describing the partitioning of adsorbate between the solid and liquid
phases as the dependence of an adsorbed amount per unit of adsorbent (g, units
mmol kg or mg kg™) on equilibrium concentration of adsorbate in solution (Ceq» units
mmol L or mg L"). Temperature, pressure and solution composition (pH and ionic
strenght) are considered to be constant (Essington, 2004). There exist 4 main curve
types of adsorption isotherms (Fig. 1.3).

a) L-type b) H-type

;

c) S-type d) C-type

Point of
inflection

eq eq

Figure 1.3
The most common shapes of isotherm curves in soil chemistry; adapted from
Essington (2004) and Limousin et al. (2007).

11
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L-curve isotherm is the most abundant type in soil chemistry. It is related to to
relatively high affinity of adsorbate to adsorbent surface at low surface coverage,
decreasing with increasing coverage and thus suggesting progressive saturation of
the solid (Limousin et al., 2007). H-type curve is an extreme case of L-isotherm
characterized with a very steep initial slope (i.e., very high affinity). It is usually
considered to mark occurrence of inner-sphere complexes (Essington, 2004).
Adsorption of trace elements and non-polar organic compounds in the soil can be
described by an S-curve isotherm. This curve is sigmoidal and thus owing a point of
inflection (Limousin et al., 2007). Concerning metals, this curve type is usually
observed in soils with high amounts of dissolved organic matter. If the concentration
of adsorbate is low, the sorption is also low due to the competition between solid and
aqueous phases. As an example, the adsorption of Cu in soil can be mentioned. If
the concentration of Cu2+ ions is low, they become the subject of competition
between soluble organic ligands and free adsorption sites on the soil sorption
complex. When full saturation of soluble organic ligands is reached, preferential
adsorption onto soil surfaces starts (i.e. point of inflection). Affinity towards
the adsorbent increases significantly and the isotherm continues as an L-type
(Essington, 2004). The initial slope of C-curve isotherm remains independent of the
surface coverage or adsorbate concentration until certain adsorption maximum is
reached. This adsorption behavior is typical for nonpolar hydrophobic compounds
and is also termed as constant partitioning (Essington, 2004; Sposito, 2008).

Several mathematic models were developed for the description of adsorption
isotherms. The simplest one is modeling using a distribution coefficient (K,
units L kg™"), describing constant partitioning of adsorbate between solid and aqueous
phases:

Ki= q/ceq (1.11)
where ¢ is the amount adsorbed per gram of adsorbent at equilibrium and c,, is
adsorbate concentration in the solution at equilibrium (Essington, 2004). Distribution
coefficient is suitable for adsorption modelling of constant partitioning or when
a very low concentration of adsorbate is present in the solution (Limousin et al.,
2007).

Under soil conditions, concave adsorption curves (L- and H-type) are met most
frequently. The most common models used for L- and H-isotherm modeling are the
Langmuir (Langmuir, 1918) and Freundlich (Freundlich, 1909) models. The main
difference between these two models is in inclusion of maximum sorption capacity in
the case of Langmuir model. That is defined with the following equation:
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q =bKL Ceq/(I+KL Ceq) (1.12)
where ¢ is the amount adsorbed per weight unit of adsorbent (mmol kg™ or mg kg™),
b is maximal adsorbed amount (units are the same as for ¢), and K is the rate of
absorbate/adsorbent affinity (Essington, 2004). Langmuir model assumes that: 1) all
adsorption sites are identical, ii) each adsorption site binds one molecule of adsorbate

and iii) all sites are energetically independent of adsorbate concentration (Limousin et
al., 2007).

Freundlich empirical model is often used for L-, H- and C- curves, describing
adsorbed amount (¢) as a function of adsorbate concentration in a solution at
equilibrium (c.,):

qg=Fcey' (1.13)
where F (L kg') and n (dimensionless, 0<n<l) are positive constants
(Essington, 2004; Limousin et al., 2007). It is usually assumed that these constants do
not possess any specific physical meaning. Despite this, it was mathematically
demonstrated that the » value can be treated as a marker of adsorption sites
heterogeneity on adsorbent surface. Adsorption sites heterogeneity arises as n
approaches zero. Conversely, as n approaches 1, homogeneity of adsorption sites
arises (Sposito, 2008).

In order to properly construct adsorption isotherms, equilibrium adsorption time
under given conditions has to be known. Additionally, information on the adsorption
kinetics rate can provide additional information on the prevailing adsorption
mechanism type in a given system (Febrianto et al., 2009). Several adsorption kinetic
models have been proposed. Amongst them, pseudo-first and pseudo-second order
kinetic models are the most widely used for the description of metals/metalloids
adsorption onto adsorbents for environmental cleanup (Febrianto et al., 2009; Gupta
and Bhattacharyya, 2011; Ho, 2004; 2006).

Probably the first known example describing the rate of adsorption in
the liquid-phase system is the Lagergren pseudo-first order model (Lagergren,
1898). In its integrated form, it can be written as:

In(qe-q) = Inqe-kit (1.14)
where ¢, and ¢, are the amounts of adsorbate adsorbed per unit mass at
equilibrium and at given time ¢. The pseudo-first order kinetic rate (k;) can be
calculated from the slope of the linear plot of /n(g.-q,) versus ¢t (Gupta and
Bhattacharyya, 2011). Although widely used, discrepancies in a pseudo-first
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order kinetic model occur in most systems and higher order kinetic models
thus have to be tested (Febrianto et al., 2009; Gupta and Bhattacharyya, 2011,
McKay et al., 1999).

The pseudo-second order equation was found to be more suitable in most
studies for fitting the experimental data rather than the pseudo-first order
equation (Febrianto et al., 2009). It can be integrated and linearized to:

t/q, = 1/(kq.’) + (1/ge) - t (1.15)
where k; is the second order kinetic rate and ¢. and ¢, are the amounts of
adsorbate adsorbed per unit mass at equilibrium and at a given time ¢. Based
on theoretical estimates and published results, it seems that the k, value
usually depends on the initial adsorbate concentration when it increases with
the decreasing initial adsorbate concentration (Gupta and Bhattacharyya, 2011;
Rudzinski and Plazinski, 2006).

Surface complexation models (SCMs) were developed as a tool for describing
chemical reactions and associated equilibrium constants involved in
adsorption (Essington, 2004). In contrast to empirical model such as
adsorption isotherms, the “intrinsic” equilibrium constants (K") obtained from
SCMs are much less system-dependent. The derived K™ values usually
depend solely on the type of the solid and adsorbate, in some models also on
ionic strength, but not on the pH or adsorbate concentration as in the case of
empirical models (Koretsky, 2000). However, the strength of the SCMs is in
their ability to predict the distribution of the compound between the adsorbed
and aqueous phase (Essington, 2004).

Many various types of SCMs exist according to the treatment of the electrostatic
layer. The most commonly used are the constant capacitance model (CCM),
the diffuse layer model (DLM) and the triple layer model (TLM), all of them using
the so called 2-pK approach (Liitzenkirchen, 1998). The 2-pK models are based on
reactive surface hydroxyl groups (SOH) undergoing both protonation (Eq. 1.16) and
deprotonation (Eq. 1.17) reactions (Goldberg, 2013):

SOH + H' < SOH," (1.16)

SOH <> SO+ H" (1.17)
Another concept of SCM is referred as the 1-pK approach and is originally based on
Stern model. Here, surface functional groups bind either one or two protons, i.e., SOH
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or SOH,, respectively. Surface charging can be thus expressed with one reaction
(Goldberg, 2013):

SOH"* + H" < SOH,"* (1.18)
The major advantage of the 1-pK model over the 2-pK model is a reduction of
adjustable parameters as the stability constant from Eq. (1.18) (K=10""%“) can be
experimentally determined as the pristine point of zero charge (PPZC) of a solid
(Liitzenkirchen, 1998).
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Figure 1.4
Location of ions, potentials and charges in the constant capacitance model (a),
diffuse-layer model (b), triple-layer model (c) and 1-pK model (d); adapted according
to Goldberg (2013) and Koretsky (2000). W: electric potential, x: distance from the
surface, M™: metal ion of the charge m*, L": ligand of the charge I', C*: cation, A™:
anion.
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Various SCMs differ in their assumptions concerning the location and surface
configuration of the adsorbed ions (Fig. 1.4). In the constant capacitance model
(Fig. 1.4a) and diffuse-layer model (Fig. 1.4b), all surface complexes are bound as
inner-sphere in a single surface plane. Additionally, the diffuse-layer model contains
a diffuse layer extending from a d-plane to solution. In the case of the triple-layer
model (Fig. 1.4¢), inner-sphere complexes are located in a surface o-plane, while
the outer-sphere complexes are located in the B-plane situated between the o-plane
and the d-plane. In the 1-pK model based on Stern model (Fig. 1.4d), inner-sphere
complexes are formed by protons and hydroxyls in the o-plane, while all other ions
bound as outer-sphere complexes adsorb in the d-plane (Goldberg, 2013).

Most SCMs assume that all surface hydroxyl groups of a given adsorbent to be
completely homogenous (i.e., so called single-site models). Yet, in reality, many
types of surface hydroxyl groups with different reactivity may be found on a single
mineral plane. To cope with this problem, differences in site reactivities are in
single-site SCMs averaged to the equilibrium constants. The disadvantage of this
approach thus lies in limiting the applicability of such constants to materials with
similar morphology and surface composition as those from which the constants were
experimentally derived (Koretsky, 2000). For this reason, the multi site complexation
models, such as MUSIC model (Hiemstra et al., 1989a,b), have been proposed. In this
case, the model operates with six types of surface groups — singly, doubly or triply
coordinated surface oxygen atoms bound to one or two surface protons. Although still
simplified, this model presents an improvement compared to simple-site models.
The difficulties may rise in multi-site models from the large number of fitting
parameters needed to use experimental data to determine equilibrium constants for
each site type (Koretsky, 2000).

Cation and anion exchange

Cation (anion) exchange refers to a process when, for the aim of sustaining the
electroneutrality, ions adsorbed in inner-sphere and diffuse-ion swarm are bound to
particle surface with electrostatic forces. The binding force is in this case directly
proportional to the ion charge/radius ratio (i.e., ionic potential). These ions can be
exchanged with free ions in solution (Essington, 2004). If the soil pH drops below the
pH,,. of clay particles, a positive charge arises and particles are able to bind anions.
Cation (anion) exchange can be described as:
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Cation exchange M +M + o M +M" (1.19)
Anion exchange IM+M + -M"+M (1.20)

Cation exchange is stoichiometric (i.e., two Na' ions exchanges with one Ca®" ion),
fast and reversible. The order of exchange depends on the ratio of ion affinity towards
the charged surface site or water molecules. The most abundant cations in soil
solution (i.e., Ca*", Mg, K*, Na") are generally only weakly bound in soils. By
contrast, most trace elements are bound in soil much strongly. Bond stability
generally decreases in the following order: A’ > H" > Ca ** > Mg *" > K" > NH4" >
Na' (Adriano, 2001). Soil cation exchange capacity (CEC) is defined as the maximum
moles of charge of adsorbed ions, which can be desorbed under given conditions
(temperature, pressure, soil solution chemistry and solid/liquid ratio). It is usually
denoted in moles (centimoles) of charge per kilogram (cmol, kg™) (Sposito, 2008).

Living organisms and speciation of metal(loid)s in soil

Many various species of microorganisms and invertebrates occurring in soils play
a irreplaceable role in the soil system dynamics. They accelerate degradation of
organic matter, mineralization and humification processes and participate in
the transport of elements through the soil profile (Paul et al., 2007). Microorganisms
are also able to mediate transformations of certain metal(loids) (e.g. As, Cr, Hg, Mn,
Se, Sn) due to oxidation-reduction and methylation demethylation reactions.
An important feature is their association with plant roots. Microbial populations in
rhizosphere are 10-100 times more abundant than in bulk soil. That is caused by
casily available energy sources originating from root exudates. Specific associations
of plants and microbes as vesicular-arbuscular mycorrhiza or ectomycorrhiza play
a major role in plant nutrition and trace elements uptake (Adriano, 2001).

Organic carbon, especially dissolved organic carbon (DOC) is an important
compound for many biogeochemical processes, e.g. erosion, mobility, availability and
transport of metals or acid-base reactions (Sposito, 2008). The DOC in soil can be
divided into two main groups: i) low-molecular organic compounds (e.g. polyphenols,
amino acids, sugars etc.) and ii) water soluble humic and fulvic acids. Humic and
fulvic acids are usually prevalent in soil with only the exception of rhizosphere where
low-molecular organic compounds originating from root exudates prevail. Root
exudates contain wide spectra of aliphatic organic acids from whom many are able to
form complexes with metals (Adriano, 2001). The most common organic acids
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identified in root exudates are citric, fumaric, malic, malonic, tartaric and succinic
acid (Chang et al., 2004). Exudation of organic compounds can influence
the solubility and metal uptake by plant in direct (acidification, chelation,
precipitation, changes in redox conditions) or in indirect ways (stimulation of
microbial activity, influence on physical properties of rhizosphere and dynamics of
root growth) (Adriano, 2001).

Chemical reactivity of humus can be estimated according to its total acidity which is
the sum of titration acidity of carboxylic (-COOH) and phenolic (-OH) functional
groups. Protons from carboxylic groups start to dissociate around pH 3 producing
a negative charge. This charge elevates together with increasing pH and around pH 9,
phenolic groups start to dissociate too. This phenomenon is the reason of variable
(pH-dependent) charge of humus polymers. This charge enables adsorption of
cations, complexation with metals and association with clay minerals and
oxides (Adriano, 2001).

Determining the speciation and fractionation of metals and metalloids

Several methods exist for the determination of metal(loid)s speciation and
fractionation both in liquid, solid and gaseous phases. The choice of suitable
technique depends predominantly on the type and phase of a targeted element and
the analysis purpose.

Instrumental methods

High performance liquid chromatography (HPLC) methods with various
modifications are probably the most widely used techniques for speciation assessment
of As, Se and Sb. This separation technique is based on the different velocity of
analytes passing through the column that is caused by different adsorption abilities,
solubility or other properties between mobile and stationary phases. Separated
analytes are finally eluted at different characteristic retention times and analyzed
using a sensitive detector such as inductively-coupled plasma mass spectrometer
(ICP-MYS), inductively-coupled plasma optical emission spectrometer (ICP-OES) or
fluorescence spectroscopy (AFS) (Komorowicz and Baratkiewicz, 2011; Wu and Sun,
2016).
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Besides chromatographic methods, hydrid generation (HG) presents another
wide-spread separation technique often used for As speciation in environmental
samples (Gonzales et al., 2003; Koh et al., 2005; Matos Reyes et al., 2008).
The method is based on the reaction of As compounds with tetrahydroborate in acidic
medium that produces various arsines differing according to initial As species. These
generated arsines can be subsequently separated due to different boiling points.
The HG unit is usually coupled with suitable detector as atomic absorption
spectrometer (AAS), AFS, ICP-MS or ICP-OES (Anawar, 2012). Although
hyphenated techniques became very popular in speciation analyses, traditional
chemistry-based separation methods are still useful and robust as well. We can name
e.g., liquid-liquid extraction (LLE), when the different species are separated based on
their solubility in two immiscible liquids, cloud-point extraction (CPE), when
the analytes are selectively extracted by non-ionic surfactant separated from aqueous
phase above specific critical temperature or solid-phase extraction (SPE), when
the analytes pass, interact and retain on the stationary phase, from where are
subsequently eluted with specific solvent (Wu and Sun, 2016).

Extraction methods

In spite of certain drawbacks such as low selectivity of extracting agents, readsorption
or precipitation, the simple and sequential extraction methods remain an irreplaceable
technique used for determination of metals and metalloids in soils and sediments
(Adriano, 2001; Gleyzes et al., 2002, Reeder et al., 2006). It gives information on the
partitioning of metal(loid) among distinct soil phases and can be thus useful for
observing metal(loid) fluxes among these phases (e.g., before and after remediation)
(Adriano, 2001). The general principle of sequential extraction techniques lies in a
stepwise extraction of one sample with more extracting agents in the order ranging
from less to more aggresive. The extractant should be selective, i.e., able to release
only defined metal(loid) fraction attached to a specific soil phase. Many various
extraction schemes with different numbers of extraction steps (usually 4-7) have been
developed. Probably the most widely used method (including its variations) remains
the basic scheme developed by Tessier et al. (1979) more than 30 years ago. That
consists of a targeted element partitioning into 5 operationally-defined fractions:
exchangeable, bound to carbonates (acid soluble), bound to Fe and Mn oxides
(reducible), bound to organic matter (oxidizable) and residual (Adriano, 2001;
Gleyzes et al., 2002).
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Exchangeable fraction involves weakly sorbed metal species, especially those bound
to particle surface with relatively weak electrostatic bonds or released by ion
exchange (Gleyzes, 2002). Agents used for extracting this fraction are electrolytes in
aqueous solution (e.g., MgCl,, CH;COONH,, CaCl,, KNO;) at pH 7 (Rauret, 1998).
Carbonate-bound fraction is sensitive to pH changes and its release occurs at pH
close to 5. A buffered acetic acid/sodium acetate solution is generally used (Gleyzes,
2002). Under these conditions, metals coprecipitated with carbonates, but also
specifically sorbed to certain sites on clay, SOM and Fe/Mn oxides surfaces are
released (Pickering, 1986). Reducible fraction aims to represent metal fraction
bound to hydrated Fe, Mn and Al oxides. By controlling the extractant pH and Eh, all
or just certain metal phases bound to oxides can be dissolved (Gleyzes, 2002).
The most effective agents targeting total reducible fraction are those containing both
areducing agent and a ligand able to maintain the released ions in soluble form.
The most widely used extractants are hydroxylamine, oxalate/oxalic acid buffered
solution and sodium dithionite (Pickering, 1986; Gleyzes, 2002). Oxidizable fraction
relates to metal fraction bound to various forms of organic matter, including living
organisms, organic coatings on inorganic particles or organic detritus. However,
the main metal portion is bound to polymer humic compounds, less to sugars,
proteins, amino acids, fats, waxes (Pickering, 1986). These materials degrade in
oxidizing conditions releasing adsorbed ions. Oxidizing agents as H,O, or NaClO are
used in this case (Gleyzes, 2002). Residual fraction consists of primary and
secondary minerals containing targeted metals in their crystalline lattice. For its
destruction, digestion with strong acids (e.g. HF, HC1O4, HCI a HNO;) is used. Some
authors use for calculation of this fraction also the difference between the total
element concentration and the sum of fractions extracted in previous steps (Rauret et
al., 2000; Gleyzes, 2002).

Although these extraction schemes were originally developed to determine
fractionation of cationic species, they were also applied to anionic species, such as As
or Se (Karak et al., 2011). However, the feasibility of applying such schemes for
anionic species has been questioned. As these elements can exist in different
oxidation states possessing particular properties, application of reducing/oxidizing
extracting agents can induce a change of oxidation state and thus also extraction
results (Gleyzes et al., 2002). Gruebel et al. (1988) examined the feasibility of two
common steps of sequential extraction, the reductive dissolution of amorphous iron
oxides by hydroxylamine, and the oxidation of organic matter by H,O, and NaClO,
for determining As and Se fractionation. They found these steps inappropriate for
metalloids due to partial release, redistribution and readsorption of dissolved
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metalloids. Specific extraction schemes targeting oxyanions as As thus have been
proposed. Based on the chemical similarity of As and P, extraction protocols for P
were adopted for As (Woolson et al., 1971). Wenzel et al. (2001a) developed
an improved sequential extraction procedure for As distinguishing 5 fractions:
(1) non-specifically sorbed (2) specifically-sorbed, (3) bound to amorphous and
poorly-crystalline hydrous oxides of Fe and Al, (4) bound to well-crystallized
hydrous oxides of Fe and Al, and (5) residual.

Originally, methods of sequential extraction were widely criticized mainly for
insufficient selectivity of chosen extractants, readsorption and redistribution of metals
dissolved during extraction, sample preparation or general methodology and the result
dependence on operation precision. There exists no universal extraction scheme, each
possesses its own advantages and drawbacks and suits a certain type of analyzed
material. Interpretation of results thus should not be based on a specific mineralogical
fraction but rather on the type of used reagent (Adriano, 2001; Gleyzes, 2002; Reeder
et al., 2006).

Speciation and fractionation in solid phase

Besides the widely used techniques determining speciation of the elements in liquid
phase, there also exist many instrumental techniques working directly with solid
samples. The largest group of these methods is based on X-rays. Here, we can name
X ray fluorescence (XRF). In this case, the characteristic X-rays are produced when
the atomic element is irradiated with a radiation of sufficient energy, which can be,
e.g., an electron beam in the scanning electron microscope (SEM). The SEM-EDS
(energy dispersive spectrometry) makes it possible to identify the elements in
asample based on the energy level of characteristic X-rays while the element
concentration corresponds to X-rays intensity. It can also provide maps showing
the spatial distribution of specific chemical elements in a sample (Wang and
Mulligan, 2008). Another nondestructive surface analysis method is called X ray
photoelectron spectroscopy (XPS) that provides information on the chemical
composition of the thin surface layer (0.2-0.5 nm) of the sample. Conversely to XRF,
this method uses X-rays to knock the electrons out of the inner-shell orbitals.
The emitted photoelectrons possess specific kinetic energies which depend on
the nature of emitting atoms and their binding states. This analysis thus can be used
for identification of the oxidation state and ligands of an atom (Verma, 2007). The
X-ray absorption spectroscopy (XAS) enables the characterization of element-specific
electronic configurations at the surface of both amorphous and crystalline samples
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(Wang and Mulligan, 2008). Due to the element-specificity of XAS, it is useful to
speciate trace elements (e.g., As) adsorbed to pure minerals, soils and sediments
(Wilkin and Ford, 2006). The XAS spectrum divides to extended X-ray absorption
fine structure (EXAFS) and X-ray absorption near edge structure (XANES). While
the EXAFS gives information on the coordination number and interatomic distance
together with the nature and position of the neighboring atoms in the coordination
shell of the adsorbed ion, the XANES provides the electronic and structural
information with respect to the adsorbed ion and can be used for the determination of
the oxidation state and local electronic structure (Teo, 1986; Wang and Mullingan,
2008).

Stabilization of metals and metalloids in
contaminated soils

As was shown, apart from the total concentration of a particular element in
the environment, there are many other factors driving its mobility, bioavailability,
bioaccessibility and overall hazards in the soil. When dealing with contamination with
metals/metalloids, two basic approaches can be chosen: i) removing the contaminants
from the soil and thus decreasing their total concentration, or ii) decreasing
the mobility (and thus also the bioavailability and bioaccessibility) of
the contaminants while the total concentration remains the same (Bolan et al., 2014).
In the first case, various physico chemical or biological methods can be used, e.g., soil
washing (Dermont et al., 2008), electrokinetic methods (Kim et al, 2011),
phytoextraction (Bhargava et al., 2012) or bioremediation (Chen et al., 2015).
In contrast to these methods based on removing the metals/metalloids from the soil,
immobilization methods have a potential to be cheaper, less disturbing and easier to
perform (Kumpiene et al., 2008).

Metals/metalloids in soil can be stabilized (i.e., their mobility and bioavailability can
be decreased) by means of various stabilizing amendments (so called chemical
stabilization), activity of living plants and associated microbial communities
(i.e., phytostabilization) or combination of both (i.e., aided phytostabilization)
(Komarek et al., 2013). Metal(loid)s can be immobilized in the soil as a result of
adsorption processes on mineral surfaces, formation of stable complexes with organic
ligands, surface complexation, ion exchange and (co)precipitation. These processes
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can be influenced by many factors, such as pH, redox potential, cation exchange
capacity, size and type of soil particles, concentration and type of organic matter etc.
(Kumpiene et al., 2008). This type of soil amendment is not novel, in fact, lime or
organic and phosphate fertilizers have been used for hundreds years to ameliorate soil
fertility, supply nutrients or decrease phytotoxicity and bioavailability of various toxic
substances (Adriano, 2001; Bolan et al., 2003).

Iron and manganese oxides as stabilizing amendments

Various types of materials can be used for chemical stabilization. It is possible to
categorize them in several main groups: alkaline materials (milled limestone,
dolomite), clay minerals and zeolites, organic matter and organic-based industrial
waste products (compost, sewage and paper mill sludge), inorganic industrial waste-
and by-products (gypsum- and lime-rich industrial by-products, by-products from
aluminum and iron industry) or Fe, Mn and Al oxides (Komarek et al., 2013;
Kumpiene et al., 2008).

Iron oxides (including hydroxides and oxyhydroxides) together with Mn oxides occur
naturally as erosion products in almost all soil types mainly as coatings on soil
particles and pores or in the form of concretions and nodules. Although not so
abundant, they possess significant sorption properties due to the extent and reactivity
of their specific surface and present thus an important sink of risk elements in soil
conditions (Essington, 2004; Sposito, 2008). Another advantage favoring the use of
oxides for soil remediation is their natural occurrence in the soil environment. This
means that possible additional contamination by, for instance, impurities in composts,
ashes, sludges etc., is avoided (Komarek et al., 2013).

Iron oxides

Amongst Fe oxides, goethite (a-FeOOH) is the most common stable Fe oxide in
the soil occurring in virtually all soil types, in larger quantities especially at places
with a cool and humid climate. Other Fe minerals, hematite (o-Fe,Os;) and
lepidocrocite (y-FeOOH), often occur in association with goethite (Sposito, 2008).
Hematite forms predominantly in regions with warm climate (tropics and subtropics)
and its formation is favored by a sligthly alkaline pH. Lepidocrocite, a polymorph of
goethite, forms from precipitated Fe** hydroxides under seasonally anaerobic
conditions that can be found in gleys and pseudogleys. In calcareous soils, however, it
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is replaced by goethite (Breemen and Buurman, 2002; Essington, 2004). Ferrihydrite
(Fe,03nH,0) is a poorly ordered (usually nanosized) iron hydroxide occurring in
fresh precipitates that transforms with time to more stable and better crystalline
phases (Breemen and Buurman, 2002; Cornell and Schwertmann, 2003). Due to its
large specific surface, ferrihydrite presents an important part of the soil sorption
complex (Sposito, 2008).

In this PhD thesis, the use of nanosized magnetite and maghemite was investigated.
Magnetite (Fe;O4) present in soils is lithogenic in principle (i.e., inherited from
the parent rock) rather than pedogenic (Essington, 2004). The structure of
the magnetite is that of an inverse spinel with a face-centered cubic unit cell
(Fig. 1.5). In contrast to most of other Fe oxides, magnetite contains both Fe(Il) and
Fe(III) in the structure when about one third of Fe in magnetite is Fe(Il) in octahedral
coordination while Fe(IIl) is present both in octahedral and tetrahedral coordinations
(Cornell and Schwertmann, 2003; Essington, 2004). The maghemite
(magnetite-hematite) (y-Fe,O;), a hematite polymorph isostructural with magnetite,
forms as a result of partial or complete oxidation of Fe(Il) in magnetite structure.
It can be found in highly weathered soils of tropics and subtropics. Maghemite may
also transform from goethite (or ferrihydrate) at high temperatures (300 to 425°C) in
presence of organic matter. These conditions can be met during forest or bush fires
(which are most common in tropical and subtropical climate) making the maghemite
widespread in soils (Breemen and Buurman, 2002; Cornell and Schwertmann, 2003;
Essington, 2004).
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Figure 1.5
Face-centered cubic spinel unit of magnetite (a) with magnification of one tetrahedron
(Fe*) and one adjacent octahedron (Fe°®) sharing an oxygen atom (O) (b); adapted

from Fridk et al. (2007).
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In remediation practices, Fe oxides are often applied in the form of their precursors or
industrial waste or by-products rather than the final materials. An overview of some
studies dealing with these materials during the last decade (2006-2016) is given in
Table 1.3. The precursors of Fe oxides include Fe sulfates or elemental iron (i.e., also
various Fe based waste materials like iron grit, iron filings, steel abrasive) and nano
zerovalent iron (nZVI) (Komarek et al., 2013; Zhao et al., 2016). Furthermore,
industrial by products or waste materials containing Fe oxides were used,
e.g., contaminant stabilization using water treatment residues (Garau et al., 2014;
Nielsen et al., 2011), furnace slags (Lee et al., 2011; Matsumoto et al., 2016), red mud
(Garau et al., 2014; Lee et al., 2011) or iron rich acid mine drainage sludge (Ko et al.,
2015).

Although the Fe(Il) contained in Fe sulfates is readily available for immobilizing
reactions and these materials proved to be efficient in stabilization of As in
contaminated soils (Warren et al., 2003; Xenidis et al., 2010) or in reduction and
immobilization of Cr(IV) (Di Palma et al., 2015), the presence of sulfate anions leads
to unwanted soil acidification and potential release of cationic contaminants, such as
Pb, Cd and Zn (Di Palma et al., 2015; Xenidis et al., 2010). The Fe sulfate application
thus should be accompanied by additional liming (Contin et al., 2008).

The advantage of using various industrial by-products or waste materials is their cost
and availability in large amounts. On the other hand, attention has to be paid to
the composition of these materials as they themselves may be the source of additional
contamination. But in fact, the sole presence of contaminants in stabilizing agent
composition does not always indicate an increased risk under real conditions. For
example, Lee et al. (2011) used red mud containing 62 mg kg™ As for stabilization of
As, Cd, Pb and Zn in contaminated soil. In their case, combined treatment with
limestone and red mud resulted in a reduction of Ca(NO;),-extractable As, Cd, Pb,
and Zn and uptake by lettuce (Lactuca sativa L.). It thus seems that in this case,
potential risk posed by increased As content in red mud was overcome by
the stabilizing efficiency of the used treatment. Conversely, Oustriere et al. (2016)
tested poultry manure-derived biochar alone and in combination with iron grit for
stabilization of Cu in contaminated soil. This biochar contained increased levels of Cu
(362 mg kg"), Zn (1100 mg kg") and PAHs (20 mg kg™). All treatments using this
biochar resulted in a 4- to 10-fold increase of Cu in pore water compared to control.
This observation was explained by significantly increased levels of DOM (dissolved
organic matter) in pore water in biochar-amended variants, as the DOM is able to
complex and mobilize Cu in the soil. Yet, the Cu contained in material itself might
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also contribute to increased Cu levels. Additionally, the biomass yield of roots and
shoots of dwarf bean (Phaseolus vulgaris L.) significantly decreased when
the biochar was used. One of the possible reasons proposed by the authors is
the phytotoxicity of contained PAHs together with increased levels of Cu in soil pore
water. Unfortunately, the content of other trace elements in the soil and plants
(e.g., Zn in the context of this biochar) is not mentioned in the paper, as the potential
phytotoxic effects may also arise from increased levels of these elements.

When elemental Fe is applied to soil, it oxidizes forming firstly amorphous/slightly
crystalline Fe oxides (e.g. ferrihydrite) (Komarek et al., 2013). These oxidation
reactions are not as fast as in the case of Fe sulfates, but they appear more efficient in
the long term perspective with no undesirable influence on soil pH (Kumpiene et al.,
2006; 2008). For example, Matsumoto et al. (2016) successfully used Fe metal
powder (content of Fe(0)>90%) for the stabilization of As in paddy field soils.
In this case, both mobile As pool in the soil together with its concentration in rice
(Oriza sativa L.) grains decreased in correlation with the increased content of poorly
amorphous Fe oxides formed after Fe metal powder addition. The nZVI presents
a special case of elemental Fe amendment while being one of the most extensively
studied materials for environmental cleanup over the past 20 years (Zhao et al., 2016).
This highly reactive reductant can be used both for binding and/or reduction of metals
and metalloids, but also for degradation of organic pollutants. Due to the broad extent
of research dealing with nZV], it is not the subject of this brief overview. Yet, many
extensive reviews are available (Fu et al., 2014; Noubactep, 2015; Stefaniuk et al.,
2016; Tosco et al., 2014; Yirsaw et al., 2016; Zhao et al., 2016).

Besides the application of their precursors, “pure” Fe oxides have also been tested for
remediation purposes. Since the Fe oxides are supposed to be the main sink of As in
soils (Wang and Mulligan, 2008), they were widely tested for immobilization of this
metalloid. In the study of Bagherifam et al. (2014) dealing with the stabilization of As
using various naturally occurring metal oxides, a goethite-based amendment proved
to be the most efficient in decreasing exchangeable fraction of As together with its
bioavailability while being also the most efficient in supporting barley (Hordeum
vulgare L.) growth. Garcia-Sanchez et al. (2002) tested various natural
Fe oxyhydroxides, clay minerals and synthetic Al hydroxide and FeOOH for
adsorption of As(V) and its immobilization in two contaminated soils. Here, generally
the best results were obtained for synthetic FeEOOH (5%, w/w), that was able to
decrease the water-extractable As content in model soils by nearly 100% and 79%.
Yet, the Fe oxides were successfully used not only for the stabilization of As, but also
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for immobilization of other metals. Hartley and Lepp (2008) tested the application of
lime, goethite, iron grit and Fe(Il) and Fe(Ill) sulfates. In their study, goethite proved
as the most effective in decreasing both As and Cu and Zn uptake by spinach
(Spinacea oleracea L.) reducing their contents in biomass by 99%, 95% and 97%,
respectively. In a complex study of Friesl et al. (2006) including batch, pot and field
experiments and 15 different amendments, ferrihydrite bearing amendments proved in
pot experiments to be the most effective treatment in reducing both the Cd and Pb
uptake and transport in the test plants (various barley cultivars). In field experiment,
however, ferrihydrite was replaced with red mud due to the problems with supply.
The results obtained from the field did not support in this case those from the pot
experiment as while the uptake of Pb and Zn decreased in most variants, the uptake of
Cd remained the same or had even increased. Authors thus point out the difficulties
connected with the transfer of the results from laboratory to the field and
the importance of correct amendment applications under field conditions.

To date, most of the studies dealing with Fe-based nanomaterials have focused mainly
on the treatment of contaminated water (Hu et al., 2004; 2005; Tang and Lo, 2013),
where Fe based adsorbents can be easily separated using magnetic field. However,
soil applications are still rather scarce and deal usually with composite or
surface-coated nanoparticles rather than “pure” nanooxides. Liu and Zhao (2007a,b)
examined the influence of the novel CMC (sodium carboxymethyl cellulose)-
stabilized iron phosphate nanoparticles on the leachability and bioaccessibility of Cu
and Pb in contaminated soils. At higher doses of the amendment (3 mg PO,” kg™),
the Cu and Pb leachability was reduced by 63-87% and 85-95%, respectively, while
the Cu and Pb bioaccessibility decreased by 54-69% and 31-47%. In the study of Kim
et al. (2012), nano-sized zero valent iron (nZVI) coated by sodium dodecyl sulfate
(SDS-nZVI) and nano-sized magnetite coated by sodium dodecyl sulfate
(SDS-nMGT) (0.34% Fe, w/w) proved efficient when decreasing extracted amount of
As by 73.94% (SDS-nMGT) and 52.25% (SDS-nZV]), respectively. Starch-stabilized
magnetite nanoparticles also proved feasible in immobilization of As(V) in sandy
loam soil. Additionally, once delivered, the particles remained virtually immobile
under the soil conditions, thus avoiding the risk of possible unwanted migration
(Liang and Zhao, 2014). On the other hand, in our studies (Michalkova et al., 2014;
2016), we tested adsorption properties and the stabilizing potential of nanomagnetite
and nanomaghemite towards Cd, Cu, Pb, Zn and As in contaminated soils. Although
the recorded adsorption capacity towards targeted metals/metalloids reached approx.
10 mg g', we did not observe any significant changes in contaminants
mobility/extractability when applied directly to contaminated soils.
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Table 1.3

Overview of selected studies dealing with Fe oxides or their precursors published in
the last 10 years (2006-2016).

Metal(loid) Treatment (wt.%) Effect Reference
concentration
Kl
(mgkg')
As (1033) water treatment residue - leaching of As and Cr reduced by  Nielsen et al. (2011)
(mainly ferrihydrite) (5%) 98% and 91%, respectively
Cr (371)
Sb (40-123) ferric oxyhydroxide - decrease of Sb and Pb in pore Okkenhaug et al.

Pb (356-1112)

powder (2%)
+ limestone (1%)

water by 66% and 97%,
respectively

- stable over 4 years

(2016)

As (V) (60) iron filings (33% and - after 4 hours 31% (wt.33%) and  Tyrovola and
50%) 51% (wt.50%) reduction in As Nikolaidis (2009)
release
- after 24 hours 16% (wt.33%) and
70% (wt.50%) reduction in As
release
Pb (6973) Ca(HPO4)2'H,0 - simultaneous immobilization of Xenidis et al. (2010)
As (840 (0-1.06%) + FeSO4-H,O  both Pb and As only when mixture
s (840) (0-6.16%) of stabilizing agents was applied
Zn (5775) - addition of phosphate (0.64%) +
Fe sulfate (3.08%) decreased the
concentration in extracts under EU
drinking water standards
- significant acidification of soil and
mobilization of Zn and Cd after
treatment
Cd (7-54) iron rich waste (FeW) - exchangeable Zn reduced by 50 Contin et al. (2007)
(0-2.5%) + organic and 90% in both soils by
Cu (75-642) waste (OW) (0-5%) FeW(2.5%) + OW(5%)
Ni (43-389)

Pb (468-2712)
Zn (1117-13 341)

- DTPA-extractable fraction (i.e.,
phytoavailable) of Cd, Cu and Zn
decreased after 1 to 3 redox
cycles by 88-95%, 93-98% and
36-65%, respectively; Pb and Ni
availability increased

As (40)

metal Fe powder, Fe
oxide (mainly
ferrihydrite), converter
furnace slag; all
(1kgm?)

- the lowest As concentration in
soil solution reached using Fe
powder

- Fe powder and Fe oxide
significantly reduced
phytoavailable As

-application of Fe materials very
effectively reduced As in rice
(Oriza sativa L.) grains
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As (132)

iron rich acid mine
drainage sludge (AMDS)
(0-5%)

- optimum mixing ratio of 3%

AMDS

- in field, As concentration in pore
water decreased from 11.6 to 4.9
ng L’

- AMDS decreased As transport to
rice grain by 92%

Ko et al. (2015)

As (222; low OM
content)
As (89; high OM
content)

steel abrasive (SA; 97%
Fe®) (1%), oxygen
scarfing granulate
(OSG; 69% Fe30s4) (8%)

- SA and OSG decreased As
concentration in pore water by
68% and 92%, respectively, in soil
with low OM content and by 30%
in soil with high OM content

Lidelow et al. (2007)

As (20) red mud (23% Feox), - combined treatment with red mud  Lee et al. (2011)
Pb (117) furnace slag (19% (2%) and limestone (2%) reduced
Feox), limestone; all 2 Ca(NOgs),-extractable As, Cd, Pb,
Zn (233) and 5% and Zn by 58%, 98%, 98%, and
99%, respectively
- microbial activity increased and
plant uptake decreased after
treatment
As (2105) red mud (RM), hematite - after 6 months, H and WTR Garau et al. (2014)
(H), Fe rich water reduced water-soluble fraction of
Cd (18) . :
treatment residue contaminants
Cu (264) (WTR), all 3% - despite the highest bioavailability
Pb (710) of contaminants in RM amended
Zn (522) soil, microbiological indicators
were significantly higher
- RM addition completely inhibited
bean germination
Cu (964) iron grit (IG) (1%) - applicaton of IG or in Oustriere et al.
combination with pine bark-derived  (2016)
biochar resulted in the lowest total
amount of Cu in soil pore water
- iron grit application has no
significant influence on beans
biomass yield
As (50) hematite, goethite; all - goethite (5%) application was the  Bagherifam et al.
2% and 5% most  effective in decreasing (2014)
exchangeable and bioaccessible
fractions of As together with
supporting the grown of barley
Cr(VI) (94) Fe sulfate; - the amount of Cr(VI) after 16 Di Palma et al.
Fe(ll):Cr(VI1)=5; 10; 30 hours below the limit of industrial (2015)

with/without oxygen
stripping

reuse (Italian Environmental
Regulation), after 45 hours
complete removal of Cr(VI)- need
for oxygen stripping before
reagent addition

- mobilization of other metals due
to soil acidification
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As (20-580) soluble Fe(ll) - at 200 mg As kg soil and 600 Naseri et al. (2014)
(0.5-2,5%), minute shaking time, the
Fe(Il)-modified zeolite immobilization of As(lll) with Fe(ll)
(Fe-Z) (0.05-0.2%- and Fe-Z was 90.6% and 81.4%,
loaded Fe) respectively
As(V) (32) starched magnetite - water-leachable As(V) was Liang and Zhao
nanoparticles (2.4% and  reduced by 93% and the TCPL (2014)
9.4%) (Toxicity Characteristic Leaching
Procedure) leachability by 83%
As(lll) (104) polysaccharide - treatment with CMC-Fe-Mn An and Zhao (2012)
stabilized Fe-Mn oxide reduced water leachable As by 91-
nanoparticles (CMC-Fe-  96%, TCLP leachability was
Mn) (Fe:As-6.5-39) reduced by 94-98%
- once delivered, particles remain
virtually immobile in soil
Cd (33) iron grit (3.2%) - iron grit reduced strongly the Houben et al. (2012)
leaching of Cd and Pb, but
Pb (702) doubled the concentrations of Cd
Zn (2090) and Pb in shoots of white lupin
(Lupinus albus L.)
Cu (33-508) goethite, iron grit, Fe(ll) - goethite showed the best results Hartley and Lepp
Zn (69-118) and Fe(lll) from tested amendments  (2008)
sulfates + lime; all 1% concerning the effect on biomass
As (60-78) of spinach and tomato and
reduced plant uptake
Cu (666, 639, Fe phosphate - at higher dose of amendment, Liu and Zhao
459) nanoparticles (0.61 and the Cu leachability was reduced by  (2007a,b)

Pb (24, 62, 139)

3.01 mg PO, g soil)

63-87% and Cu concentrations in
TCLP extract decreased from
1.74-13.33 mg L to 0.23-2.55
mg L™

- TCLP leachability was reduced
by 85-95%

- Cu and Pb bioaccessibility was
reduced by 54-69% and 31-47%,
respectively

Cd (7), Cu (75) Ni
(43)

0.1M FeSO4 + Ca(OH),
(3.35 g Fe kg™ soil for
each treatment cycle- 8

- after 8th cycle, exchangeable
fractions of Cd, Cu, Pb and Zn
decreased by 70%, 87.7%, 73.5%

Contin et al. (2008)

Pb (468) cycles) and 49.8% respectively
Zn (1117) - soil treatment effectively reduced
toxicity of metals to
microorganisms
As (9-26) iron oxide (80% - addition of iron oxide (2%) Farrow etal. (2015)
magnetite and 20% significantly = reduced grain-As

hematite) (0,5%, 1%,
2%)

concentrations from 0.161 to 0.053
mgkg” and from 1.407 to 0.796
mg kg™, respectively

- treatment had minimal impact on
grain accumulation of other
elements
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Manganese oxides

Compared to Fe oxides, the content of Mn oxides in soils is generally lower but these
materials appear more efficient in immobilization of some metals (Dong et al., 2000;
O’Reilly and Hochella, 2003). This can be caused by their large specific surface and
usually low pH,,., which is the reason for their negative surface charge under usual
soil conditions (Essington, 2004). Manganese oxides commonly occur in the form of
coatings and fine grained aggregates. Although the main Mn mineral reported in soils
is birnessite (Sposito, 2008), these materials are often not classified due to their
poorly-crystalline (even amorphous) structure. The basic building unit of most of
the Mn oxides is the MnOs octahedron. These octahedra can be coordinated by
sharing edges and/or corners in a wide variety of structural arrangements falling
usually into two major groups: chain (or tunnel) structures and layer structures
(Fig. 1.6). The structure of the tunnel Mn oxides (e.g., pyrolusite, ramsdellite,
hollandite, romanechite, todorokite, manganite etc.) consists of single, double, or
triple chains of edge-sharing MnOy octahedra that share edges with each other to form
a framework with the tunnels with square or rectangular cross sections. The larger
tunnels may also accommodate water molecules and/or cations. The layer Mn oxides
(e.g., lithiophorite, birnessite, chalcophanite, vernadite etc.) are formed of stacks of
sheets (layers) of edge-sharing MnOy octahedra. The interlayer regions can be filled
with water molecules and a wide range of cations (Post, 1999).

SieteteteTe
#) s
ravavaas

Figure 1.6

lllustrative depiction of tunell (hollandite) (a) and layer (Na-rich birnessite with
disordered H,0/Na sites (circles)) (b) crystal structures; adapted according to Post
(1999).
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Manganese oxides have strong oxidative properties and therefore play part in many
oxidation-reduction and cation exchange reactions. For that reason, these oxides are
not suitable amendments for soils contaminated with Cr as they are able to readily
oxidize Cr(IIll) to more mobile and toxic Cr(VI) (Fandeur et al., 2009; Feng et al.,
2006). On the other hand, this oxidizing nature can be benefit in case of
contamination with As, as Mn oxides are known to be efficient in oxidizing more
mobile and toxic As(II) to As(V) (Chen et al., 2006; Drichaus et al., 1995; Villalobos
et al., 2014; Watanabe et al., 2013; Zhu et al.,, 2009). Due to their promising
properties, many studies focused on the synthesis and testing of engineered
Mn (nano)oxides, that can be, in addition to other possible applications, used as
a potential agent for environmental cleanup. Manganese oxide nanoparticles can be
prepared both by the classical chemical route (Naderi et al., 2013; Simenyuk et al.,
2015; Singh et al., 2010; Zhang et al., 2015) and by biotechnological way, using
the oxidizing activity of microorganisms like bacteria or fungi (Miyata et al., 2007;
Villalobos et al., 2005b; Zhou et al., 2015). In fact, biogenic oxidation of Mn(Il) also
presents the prevailing way of the formation of the Mn oxides in soils (Droz et al.,
2015). Although thermodynamically favored, Mn(II) oxidation in the environment
solely by the chemical means is very slow. Hence, when the process is
microbially-mediated, the reaction rate can be elevated by several orders of
magnitude (Morgan, 2000; Tebo et al., 1997).

To date, there is just a limited number of studies dealing directly with the application
of Mn oxides for the stabilization of metals/metalloids in contaminated soils. Instead,
many more studies dealing with this type of materials are in the first phase focused
mainly on the synthesis, characterization or adsorption properties in relation to
the targeted compounds, i.e., metals/metalloids in this case (Table 1.4). Based on
these data, possible applications including remediation purposes can be proposed.
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Table 1.4

Adsorption capacities of chosen Mn-based materials.

Material Targeted Maximum Reference
metal(loid) adsorption
capacity
Ce-incorporated Mn As (V) 19mgg” Gupta et al. (2011)
oxide
Mn-immobilized Cu 0.89 mg g’1 Lalhmunsiama et al. (2013)
activated carbon Pb 4.32 mg 9.1
Birnessite Cu 0.72mol Cumol™ Mn  Pefia et al. (2015)
Mn oxide produced Pb 0.55 mol Pb mol™* Mn  Nelson et al. (1999)
by Leptothrix
discophora SS-1
Mn oxide- biochar Pb 144mgg’ Yu et al. (2015)
composite
Mn oxide produced Pb 21 mmol g’ Zhou et al. (2015)
by Pseudomonas 1
putida strain MnB1 Cd 14.6 mmol g 1
Zn 14.2 mmol g
Birnessite Pb 2.8 mmol g’ Zhou et al. (2015)
Cd 1.7 mmol g
Zn 1.8 mmol g'1
Hydrogel-supported Pb 0.48 mmol g Zhu and Li (2015)
hydrous Mn dioxide Cu 0.57 mmol 9-1
Cd 0.47 mmol g
Ni 0.41 mmol g
Hydrous Mn dioxide Pb 0.45 mmol g Zhu and Li (2015)
Cu 0.53 mmol g'1
Cd 0.39 mmol g
Ni 0.37 mmol g
Amorphous Mn oxide Cd 2.24 mmol g'1 Michalkova et al. (2014)
Cu 0.52 mmol g'1
Pb 4.02 mmol g’
As (V) 1.79 mmol g’ Michalkova et al. (2016)
Zn 0.46 mmol g'1 Della Puppa et al. (2013)
Birnessite Cd 0.50 mmol g'1 Della Puppa et al. (2013)
Cu 0.50 mmol g'1
Pb 0.55 mmol g
Zn 0.48 mmol g'1
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In one of the first published studies, a hydrous Mn oxide proved efficient in
decreasing the mobility and plant uptake of Cd, Pb and Zn in the soil contaminated by
smelting industry (Mench et al., 1994). Hettiarachchi et al. (2000) tested the influence
of phosphorus (as triple superphosphate or phosphate rock) and/or cryptomelane
addition on Pb mobility/bioaccessibility in five contaminated soils or mine spoils.
According to their results, both phosphorus and cryptomelane proved efficient, yet
the best results were obtained when both amendments were applied together. In this
case, the highest formation of low soluble pyromorphite-like minerals was observed.
Chen et al. (2000b) evaluated the changes in speciation and extractability of Cd and
Pb together with the phytoavailability to wheat (7riticum aestivum L.) after the
addition of various stabilizing agents. Here, generally the calcium carbonate, Mn
oxide (non-specified) and zeolite proved the most efficient in decreasing the observed
markers and transforming both contaminants to unavailable forms. In the study of
McCann et al. (2015), Mn oxide waste water residue was applied as a stabilizing
amendment to historically Pb contaminated soil. In this case, unexpected
contamination heterogeneity at the place almost disallowed the comparison of
the results obtained from the control and amended soils. Yet, the adsorption capacity
observed for Pb for this material (346 + 14 mg g') was one of the highest reported to
date.

On the other hand, application of Mn oxides has not been fully successful in all cases.
Bagherifam et al. (2014) tested the potential of six naturally occurring metal oxides
including three Mn oxides. Natural Mn oxide (non-specified), braunite and bixbyte
were able to reduce the exchangeable fraction of As by 71%, 49% and 50%,
respectively. By contrast, only the braunite and bixbyte efficiently decreased As
bioaccessibility. All Mn-based amendments also significantly decreased As
concentrations in stems and supported barley biomass production. Despite
the mentioned positive effects, the most effective amendment concerning the targeted
markers proved to be the goethite. In the study of McBride and Martinez (2000),
a K-saturated birnessite together with other amendments were tested for
the stabilization of Cu (3430 mg kg soil) and other metals/metalloids (Pb, Zn, Cd
and As) in a contaminated soil. The Mn oxide application resulted in this case in
an increase of pH from 6.8 (control) to 7.4 and connected with a 7.5-fold increase of
DOC in the soil solution. As the DOC content is strongly associated with
fractionation of Cu in the soil due to its ability to form soluble complexes with Cu
(and also other metals/metalloids), the amount of Cu, Cd, As, Pb, Ni and Cr in soil
solution significantly increased after Mn oxide addition. Although the Mn oxide
proved to be the most efficient in decreasing free Cu>" ion concentration, the pool of
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total soluble and labile Cu remained 4 to 5 orders of magnitude higher, thus also
exceeding the values recorded from the control. Even though the Mn oxide was able
to slightly decrease the Cu content in maize (Zea mays L.) (from 23 to 17 mg kg™),
simultaneous increase of As and Cd content was observed.

Della Puppa et al. (2013) together with Michalkova et al. (2014; 2016) and Ettler et
al. (2015) investigated the adsorption properties and stabilizing potential of the novel
amorphous Mn oxide (AMO) with respect to Cd, Cu, Pb, Zn and As in contaminated
soils. In these studies, AMO proved as a highly efficient adsorbent for targeted metals
reaching adsorption maxima of 2.24, 0.52, 4.02, 0.46 and 1.79 mmol g, respectively.
After application to contaminated soils, AMO was able to decrease significantly
the amount of targeted metals/metalloids in soil solution. On the other hand, higher
dissolution of this agent in acidic conditions associated with the rise of pH and
unwanted oxidation and dissolution of soil organic matter was recorded similarly as
in the study of McBride and Martinez (2000). For that reason, AMO appears as
a suitable amendment for neutral and slightly alkaline soils. Studies dealing with
the AMO as well as the nanomaghemite and nanomagnetite are the subject of this
PhD thesis and are described in detail in following chapters.

When speaking about nanooxides (and nanomaterials generally), questions
concerning their potential environmental hazards and the need for reliable risk
assessment arise. Regarding this context, application of Mn nanooxides for soil
remediation appears as relatively safe as nanoscale biogenic Mn oxides are natural
and ubiquitous soil components. No harmful effect on soil microbiota was also
reported in some stabilization studies (McCann et al., 2015; Michalkova et al., 2014).
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The potential of Fe- and Mn-(nano)oxides for the stabilization of Cd, Cu and Pb

Abstract

The potential of three Fe- and Mn-(nano)oxides for stabilizing Cd, Cu and Pb in
contaminated soils was investigated using batch and column experiments, adsorption
tests and tests of soil microbial activity. A novel synthetic amorphous Mn oxide
(AMO), which was recently proposed as a stabilizing amendment, proved to be
the most efficient in decreasing the mobility of the studied metals compared to
nanomaghemite and nano-magnetite. Its application resulted in significant decreases
of exchangeable metal fractions (92%, 92% and 93% decreases of Cd, Cu and Pb
concentrations, respectively). The adsorption capacity of the AMO was an order of
magnitude higher than those recorded for the other amendments. It was also the most
efficient treatment for reducing Cu concentrations in the soil solution. No negative
effects on soil microorganisms were recorded. On the other hand, the AMO was able
to dissolve soil organic matter to some extent.
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Introduction

Commonly used methods of contaminated soil remediation, such as soil excavation,
encapsulation, in situ and ex situ washing/flushing, vitrification etc., are not only
costly and energy demanding, but also disruptive for the soil in the context of natural
site conditions (Kumpiene et al., 2008; Tsang et al., 2007; Tsang and Yip, 2014). Due
to the limited funding available for soil remediation and with the emphasis on
environmental and landscape protection, research on the stabilization of metals in
contaminated soils has become a high priority (Bolan et al., 2014; Geebelen et al.,
2006; Komarek et al., 2013; Kumpiene et al., 2008; Mench et al., 2006a,b; Renella et
al., 2008). Stabilization of metals and metalloids by decreasing their mobility,
bioavailability and bioaccessibility in soils can be achieved using living plants and
associated microbial communities in the root zone (phytostabilization), application of
various immobilizing amendments (chemical stabilization) or using a combination of
both (aided phytostabilization) (Komarek et al., 2013; Kumpiene et al., 2008).

Nano-sized oxides (particle size of 1100 nm) act as important scavengers for
contaminants in soils, mainly due to their high reactivity and large specific surface
area (Klaine et al., 2008). To date, research on the use of engineered nanoparticles for
remediation purposes has focused mainly on the treatment of contaminated water
(Hashim et al., 2011; Tang and Lo, 2013). For example, nano-sized particles of
v-Fe,O; and Fe;04 were successfully used for the removal of anionic metal/metalloid
species (e.g., Cr(VI) and As(V)) from water (Hu et al., 2004, 2005). Although
numerous studies have been published on the use of nanoparticles for water treatment,
research on their application in soil remediation is still scarce. Komarek et al. (2013)
reviewed recently the use of metal oxides in general for the stabilization of metals and
As in contaminated soils and even though the remediation potential of some naturally
occurring or synthetic metal oxides has been already tested, these data cannot be
casily extrapolated as oxide particles have unique properties on the nano-scale
(Mueller and Nowack, 2010; Tratnyek and Johnson, 2006). On the other hand,
Mn-oxides were found to be more efficient for adsorbing Pb and Cd compared to
Fe-oxides (Dong et al., 2000; O'Reilly and Hochella, 2003). A new amorphous Mn
oxide (AMO) has been previously synthesized and tested as a promising amendment
for chemical stabilization of metals in soils due to its good adsorption properties and
simple preparation (Della Puppa et al., 2013; Ettler et al., 2014).
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Environmental effects of engineered nanoparticles are still not much known, as
the up-to-date research has been largely limited to their ecotoxicity (Nowack and
Bucheli, 2007). Their bioavailability and potential ecotoxicity depends on many
factors, such as speciation (dissolved, colloidal or particulate phase) (Klaine et al.,
2008), size (Madden et al., 2006), shape (Pal et al., 2007) and surface properties
(Yang and Watts, 2005) etc. Auffan et al. (2008) observed a strong impact of the Fe
oxidation state on the oxidative stress (and associated cytotoxic effect) towards
Escheria coli, as nano zerovalent Fe (nZVI) and magnetite (Fe;0,) generated reactive
oxygen species. On the other hand, maghemite (y-Fe,Os) particles did not cause any
cytotoxicity. In vitro experiments are useful tools for elucidating toxicity interactions
at the molecular level, yet the behavior and ecotoxicity in complex soil environments
is difficult to predict. Nevertheless, simple toxicity tests are useful for a fast
evaluation of potential toxicity of stabilizing amendments. The aim of this work was
thus to evaluate the potential of two selected Fe nanooxides (maghemite and
magnetite) and one amorphous Mn oxide (AMO, Della Puppa et al., 2013) to stabilize
metals (Cd, Cu, Pb) in two contaminated soils and examine the interactions of these
(nano)oxides in soil environments including their influence on soil microbiota.

Materials and methods

Soil properties

Two soils from the vicinity of a Pb (Haplic Udept) and Cu smelter (Dystric Udept)
were chosen for the experiment, mainly due to their increased content of Pb, Cd and
Cu and varying characteristics. Soil samples were collected from the superficial layer
(0-20 cm), air-dried, homogenized and sieved through a 2-mm stainless sieve. Particle
size distribution was determined using the hydrometer method (Gee and Bauder,
1986). Soil pH was measured in suspension using a 1:2.5 (w/v) ratio of soil and
deionized water and 1 M KCI (ISO 10390:1994). Total organic carbon content (TOC)
was determined using the carbon analyzer TOC-L CPH (Shimadzu, Japan). Cation
exchange capacity (CEC) was evaluated using the 0.1 M BaCl, extraction method
(ISO 11260:1994). Pseudo total concentrations of Al, Cd, Cu, Fe, Mn, Pb and Zn
were determined using the US EPA aqua regia extraction method (US EPA method
3051a) with microwave digestion (SPD-Discover, CEM, USA) and ICP-OES analysis
(Agilent 730, Agilent Technologies, USA). Chemical fractionation of metals in
the soils was determined using the modified BCR sequential extraction procedure by
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Rauret et al. (2000). The standard reference materials 2710a Montana Soil I (NIST,
USA) and CRM 483 (Institute for Reference Materials and Measurements, EU) were
used for QA/QC of the determination of total metal concentrations and their
fractionation. Accuracy of metal recovery for Cd, Cu and Pb reached 97.1, 93.9 and
99.3% for SRM 2710a and 91.3, 95.5, 94.9% (step 1), 93.7, 90.1, 91.9% (step 2) and
95.0, 92.4, 88.5% (step 3) for CRM 483. Detection limits were 0.0002 mg L™ (Cd),
0.001 mgL™" (Cu) and 0.001 mgL™" (Pb). All chemicals used were of analytical
grade.

Properties of the studied (nano)oxides

Three different metal oxides were tested in order to evaluate their potential to
immobilize Cd, Cu and Pb in the soils: (i) nanosized y-Fe,O; - maghemite (Fe III),
(i1) nano-sized Fe;O4 - magnetite (Fe ILII) and (iii) an amorphous manganese oxide
(AMO) (particle size distribution follows a Gaussian curve, 600-1200 nm, with a
maximum at 1000 nm) synthesized according to Della Puppa et al. (2013).
The Fe-nanooxides were purchased from Sigma Aldrich (Germany). Properties of the
tested amendments are summarized in Table 2.1. The particle size was determined
using transmission electron microscopy (TEM, JEOL JEM 1230, USA). The pH of
the studied oxides was measured in deionized water at 1:10 w/v, pHzpc was
determined using the immersion technique (Fiol and Villaescusa, 2009) at 1.25:100
w/v. The specific surface was determined using the Brunauer-Emmett-Teller (BET)
method and a Nova e-Series analyzer (Quantachrome Instruments, USA).

Table 2.1
Properties of the tested (nano)oxides.

Chemical Particle pH pHzpc BET

formula size (nm) (m2 9'1)
AMO? 5-MnQO, 600-1200 8.1 8.3 76.5
Fe lll y-Fe,03 20-100 3.0 7.4 46.6
Fe I Fe;0, 20-100 4.9 6.9 36.6

AMO - amorphous manganese oxide; Fe Il - maghemite; Fe //,/ll - magnetite
® Della Puppa et al. (2013)

Adsorption experiments were performed in order to evaluate the adsorption kinetics
of the targeted metals (Cd, Cu, Pb) for the tested (nano)oxides and to construct
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corresponding adsorption isotherms. The pH values for the kinetic and equilibrium
batch experiments were maintained to the respective soil pH values: pH 4.25 for Cu
and 5.85 for Cd and Pb, respectively. The pH was controlled and manually adjusted
using 0.1 M and 0.1 M HNO; and NaOH throughout the experiment. The adsorption
kinetic experiment was performed in duplicates in HD-PE bottles with 0.249 L of
background electrolyte (0.01 M NaNO;) and 2 g L' of the (nano)oxides. Adsorption
of each metal was studied in separate batches. Subsequently, 1mL of 0.025 M
solutions of Cd (as Cd(NO;),°4H,0), Cu (as Cu(NO;),*3H,0) and Pb (as Pb(NO;),)
were added in order to reach the maximum concentration of 0. mM L. Five mL of
the suspensions were collected after each step in duplicate and filtered immediately
through a 0.45 pm nylon syringe filter and subsequently through a 0.22 mm filter.
Metal concentrations in solutions were determined using ICP-OES. The difference
between the measured metal concentration of the batch without the added (nano)oxide
and with the (nano)oxide suspension yielded the adsorbed concentration.

Adsorption isotherm experiments at equilibrium were performed using the same
experimental setup as in the kinetic experiments. Solutions of Cd, Cu and Pb in
concentrations varying from 0.02 to 3 mM were left to equilibrate in suspension for
1 h. Langmuir and Freundlich models were used to describe experimental data and
adsorption isotherm parameters were calculated using the Bolster and Hornberger
(2007) spreadsheets.

Incubation experiments

In order to evaluate the interactions of the (nano)oxides with the soil solutions,
the following experiment was conducted: both studied soils were put into pots, kept at
23 £ 1°C and watered with deionized water for 14 days in order to maintain ~60-70%
of the water holding capacity. Soil solutions were collected using rhizon soil solution
samplers (mean pore volume size 0.15 pm; Rhizosphere Research Products,
Netherlands). The tested oxides were mixed with the soil solutions at a w/v ratio of
1:20 and agitated for 28 days in dark. Suspensions were then centrifuged (3000 rpm,
10 min), decanted and dried at 30°C. Oxide morphology changes were investigated
using scanning electron microscopy coupled with an X-ray microanalyser
(SEM-EDS, Philips XL 30, 20 kV, SERMIEL). Samples were Au-Pd-coated before
analysis.

Another set of batch incubation experiments was performed in order to evaluate
the influence of the (nano)oxides on the fractionation and mobility of metals in
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the studied soils, pH and dissolved organic carbon (DOC) content. The experiment
was performed in triplicates for both the soils with different treatments: C (control),
AMO, Fe III and Fe ILIII at concentrations of 1 and 2% (w/w). Soil weighing
equivalent to 100 g air-dried weight was added to PET pots and watered continuously
with deionized water in order to maintain ~60-70% of the water holding capacity.
No leaching was allowed during this experiment. After 7, 14, 28 and 62 days of
incubation, soil solution was collected using rhizon samplers and the concentrations
of Pb, Cu, Cd, Fe, AL, Mn and Zn were analyzed without filtration (as the soil solution
has been already filtered through the rhizon) using ICP-OES. The concentration of
DOC in the soil solution samples was determined using the carbon analyzer in order
to evaluate the possible effects of the amendments on soil organic matter (SOM)
dissolution. The pH of the soil solution was monitored throughout the experiment and
soil pH values were determined after 62 days when the experiment ended.
The sequential extraction procedure (Rauret et al., 2000) and two simple extractions
with 0.05 M EDTA and 0.01 M CaCl, (Quevauviller, 1998) were performed in order
to evaluate the influence of the stabilizing agents on metals fractionation and potential
availability after 62 days of the experiment.

Column experiment

Column experiments were performed to evaluate the effect of the (nano)oxides under
dynamic conditions in contrast to the static batch experiments. Only Dystric Udept
was used in the experiment, because of intensive column clogging with fine particles
of the Haplic Udept, which hindered solution flow through column. Two different
leaching solutions were used: (i) solution from the SPLP (Synthetic Precipitation
Leaching Procedure, pH 5.0; US EPA Method 1312. 2000) and (ii) solution of
6.5mM Cu(NO;),*3H,O in 0.01 M NaNO; (pH 4.8) for determining Cu
breakthrough. Both feeding solutions were applied to separate columns. Prior to
the column experiment, soils amended by AMO, Fe III and Fe ILIII at concentrations
of 2% (w/w) and without the (nano)oxides (Control) were equilibrated for one month
at ~60-70% of the water holding capacity. Forty grams of air-dried soil were placed
into columns (12.5 cm height, 2.5 cm in diameter; Bio-Rad, Canada) and washed with
the leaching solutions. The leaching solutions were applied to separate columns,
which were operated in a down-flow mode. A relatively low flow rate (0.2 mL min™)
was chosen in order to minimize potential effects of preferential flow. The flow rate
was controlled using a peristaltic pump and the samples were continuously collected
using an automated sampling device (FC 204, Gilson, USA). The leachates were
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analyzed for metal and DOC concentrations, pH and Eh (Multi 3420, WTW,
Germany).

Effect of (nano)oxides on soil microbiological activity

Changes in soil microbiological activity after metal oxides addition were evaluated
using simple enzymatic and soil respiration tests. The dehydrogenase activity of both
studied soils was determined using the modified triphenyltetrazolium chloride (TCC)
test by Rogers and Li (1985). Soil dehydrogenase activity was defined as the amount
of TPF (triphenylformazan) formed in the soil per 1 h. The soil dehydrogenase test
was chosen for its nonspecific nature, which enables capturing changes in the whole
microbial community (Carbonell et al., 2000). Soil respiration was measured in
closed PET bottles using the static alkali absorption method (Yim et al., 2002). All
samples were processed in triplicates.

Statistical analysis

All statistical treatments of the data were performed using SigmaPlot 12.5 (StatSoft
Inc., USA). The experimental data were evaluated using analysis of variance
(ANOVA) at P <0.05 using the Tukey test.

Results and discussion
Soil properties

Basic physico-chemical properties and metal contents in the studied soils are
summarized in Table 2.2. Dystric Udept has a coarse texture (62% sand, 30% silt and
8% clay), has a lower pH value and a higher SOM content compared to the Haplic
Udept. Concentrations of trace elements exceeded their limit values for agricultural
soils set by the Ministry of the Environment of the Czech Republic (1994) in the case
of Pb and Cd in the Haplic Udept and Cu and Cd in the Dystric Udept. According to
the sequential extraction (Table 2.3), most Cu (about 50%) in the Dystric Udept and
Pb (about 80%) in the Haplic Udept is present in the reducible fraction, which is
roughly related to metals associated with oxides in soils. A relatively high content of
exchangeable Cu (23%) in the Dystric Udept is probably due to the low pH value of
the soil, whereas about 27% of Cu was present in the oxidizable fraction (strongly
associated with SOM), which is in accordance with the high affinity of Cu for SOM,
even at lower pH values. Cadmium was mainly associated with the most available

45



Chapter 11

exchangeable fraction in both soils (49% and 66% for the Haplic Udept and
the Dystric Udept, respectively).

Table 2.2
Basic physico-chemical characteristics of the studied soils.

Dystric Udept Haplic Udept
pPHH20 4.25 5.85
pHkcl 3.62 5.47
CEC (cmol kg™) 14.2 15.1
TOC (mg kg™) 6.01 2.16
Particle size distribution (%)
Clay (%) 7.55 12.75
Silt (%) 30.18 52.24
Sand (%) 62.27 35.01
Texture Sandy loam Silt loam
Total metal concentrations (mg kg'1) (n=13)
Pb 170+ 9 1515+ 29
Cu 396 + 10 244 +0.9
Cd 41+£10 8.4+04
Fe 15501 £ 204 20 376 £ 210
Mn 293 + 21 2048 + 31
Zn 86.0 £ 5.7 244 + 2
Al 24 725 + 967 22 646 + 315
Table 2.3

Fractionation of the metals in the studied soils. Data presented are means + SD
(n=23).

FA: FB: FC: FD:
exchangeable reducible oxidizable residual
phases

Dystric Udept

Cu (%) 272+0.3 457+1.4 202+1.2 7.0

Cd (%) 64.9+0.9 19.1+1.0 50+0.3 10.9

Pb (%) 10.9+0.1 585+ 1.1 5.1+£0.3 25.5
Haplic Udept

Cu (%) 6.4+0.1 39.2+22 156+ 0.6 38.8

Cd (%) 47.7+1.3 34.3+2.0 29+0.1 5.4

Pb (%) 15.3+0.3 77.8+4.6 2.8+0.2 4.0
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Metal adsorption on (nano)oxides

Adsorption kinetics of Cd, Cu and Pb onto the (nano)oxides are shown in Fig. 2.1.
The adsorption process was relatively fast, reaching equilibrium in less than 30 min.
Although the adsorption of Cu and Cd onto Fe Il and Fe ILIII was very fast (reaching
equilibrium in nearly 1 min), the adsorbed metal concentration was low. On the other
hand, Pb adsorption onto AMO was the highest and even for Fe III and Fe ILIII it
reached 100% of the adsorbed amount (Fig. 2.1).
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Figure 2.1

Kinetics of Pb (a), Cd (b) and Cu (c) adsorption onto the studied (nano)oxides at
pH 4.25 (Cu) and 5.85 (Cd and Pb) (n = 2).

AMO: amorphous Mn oxide, Fe /ll: maghemite, Fe /,/ll: magnetite.
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Almost all obtained adsorption isotherms (Fig. 2.2) fitted better the Langmuir model
with the only exception of Pb adsorption onto Fe III and Fe ILIII (Table 2.4).
The calculated adsorption isotherm parameters corresponded well to the results from
batch and column experiments (see Section 3.3). The AMO showed the highest
affinity (K parameter) for the targeted metals (Fig. 2.2, Table 2.4). The calculated
Smax (maximal adsorbed metal mass) again highlights AMO as the most efficient
sorbent for the studied metals and retained 2.24, 0.52 and 4.02 mmol g'l for Cd, Cu
and Pb, respectively. The observed adsorption of Cu and Cd onto Fe III and Fe IIIII
was significantly lower compared to the AMO. As values of pH,,. of all studied
materials (Table 2.1) should theoretically favor the adsorption of anionic species
under given experimental conditions, it is possible to suggest the major role of
chemisorption as the main process involved in metal retention. Higher Pb adsorption
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Figure 2.2

Isotherms of Pb (a), Cd (b) and Cu (c) adsorption onto the studied (nano)oxides at
pH 4.25 (Cu) and 5.85 (Cd and Pb) (n = 2).
AMO: amorphous Mn oxide, Fe /ll: maghemite, Fe //,//l: magnetite.
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onto Mn oxides compared to other metals can be generally explained by different
occupancy of binding sites, when Pb®" is able to enter the Mn oxide structure
(O'Reilly and Hochella, 2003) and to occupy both interlayer and surface edge sites of
the Mn oxide in contrast to other metals (Cd*", Cu®" and Zn®") occupying mostly
interlayer sites (Wang et al., 2011b).

Table 2.4

Modeled Langmuir and Freundlich isotherm parameters (S...x, K) and model efficiency (E)
describing the adsorption of Cd, Cu and Pb onto amorphous Mn oxide (AMO), maghemite
(Fe 1) and magnetite (Fe I1,11l) at pH values of the studied soils (4.25 for Cu and 5.85 for
Cd and Pb). Isotherm models with E < 0.50 were considered as not fitting.

Langmuir Freundlich
Smax K R? n K R?
(mmol g’) (L mmol™) (L mmol™)
Cd 2.243 2.057 0.93 n.a. n.a. <0.50
AMO Cu 0.522 0.762 0.97 n.a. n.a. <0.50
Pb 4.019 135.32 0.82 n.a. n.a. <0.50
Cd 0.088 0.505 0.98 0.706 0.028 0.96
Fe lll Cu 0.156 0.250 0.97 0.562 0.035 0.93
Pb n.a. n.a. <0.50 0.458 0.633 0.99
Cd 0.100 0.445 0.99 n.a. n.a. <0.50
FelLlll Cu 0.066 0.373 0.96 0.764 0.017 0.94
Pb n.a. n.a. <0.50 0.543 0.658 0.99

AMO: amorphous manganese oxide, Fe Ill: maghemite, Fe II,Ill: magnetite.

Batch experiments

Interactions of the (nano)oxides with the soil solutions were studied using SEM
coupled with EDS analysis (Fig. 2.3). The analysis identified the partial
transformation of the AMO to rhodochrosite (MnCOj;), stabilizing to some extent
the AMO in the soils (Ettler et al., 2014). No significant observable changes were
identified for the Fe nanooxides. In the study of Ettler et al. (2014), 90-days
incubation of the AMO in soil samples resulted not only in the formation of
rhodochrosite, kutnahorite (CaMnCOs3) and scacchite (MnCl,), but also to observable
particle aggregation, decreasing thus the amount of particles smaller than 5 mm from
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78% to 9-18%. The application of the studied (nano)oxides had no effect on soil pH,
except for AMO in the Dystric Udept where its addition increased soil pHy,o from
4.25 up to 5.54 (1% AMO, w/w) and to 6.47 (2% AMO, w/w), respectively.
The effect on pH of Haplic Udept was negligible (increasing from 5.77 (Control) to
5.92 (1% AMO, w/w) and 5.94 (2% AMO, w/w)). The pH increases observed after
AMO application were greater in acidic soils in general mainly due to the high pH
value (8.1) of the phase and its acidic dissolution (Della Puppa et al., 2013; Ettler et
al., 2014).

Control Dystric Udept ~Haplic Udept

AMOgrain

Figure 2.3
SEM images of AMO: amorphous Mn oxide (a), Fe Ill: maghemite (b),
Fe 11,1l magnetite (c) (nano)particles before (Control) and after incubation in soil

solutions from the studied soils.
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Figure 2.4

Results from the 0.01 M CaCl, extraction of Haplic Udept (a) and Dystric Udept (b, c)
and from the 0.05 M EDTA extraction of Haplic Udept (d, f) and Dystric Udept (e),
performed after 62 days of incubation (n = 3).

bdl: below detection limit; C: control; AMO: amorphous Mn oxide, Fe /ll: maghemite,
Fe 111l magnetite.

Data with the same letter represent statistically identical values (P < 0.05).
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Analyses of metal and DOC concentrations in soil solutions coupled with simple and
sequential extraction procedures were applied to determine the influence of the tested
(nano)oxides on the availability and mobility of the metals and to observe changes in
their fractionation. In general, the most observable effects were recorded for
the AMO (Figs. 2.4 and, 2.5, 2.6). Results obtained from the sequential extraction
(Fig. 2.6) performed after 62 days of incubation imply that after two months, AMO
was able to decrease the amount of exchangeable Cu and Pb down to 43% and 13%
of the control, respectively, with a simultaneous increase in the reducible and
oxidizable metal fractions. Similar results were described by Kumpiene et al. (2006)
where the application of ZVI decreased the exchangeable fraction of Cu and
increased its oxidizable and especially reducible fraction. A less pronounced decrease
of exchangeable metals was observed even in the control treatment and can be
explained by the leaching of the most mobile fraction during 62 days of
the experiment.
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DOC concentrations in soil solutions from rhizons from Dystric Udept (a) and Haplic
Udept (b) and Mn (c) and Cu (d) from Dystric Udept (n = 3).

C: control, AMO: amorphous Mn oxide (2%, w/w), Fe [lll: maghemite (2%, w/w),
Fe I1,1ll: magnetite (2%, w/w).
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Results from the sequential extraction for the Dystric Udept (a) and Haplic Udept
(b, c) performed after 62 days of incubation (n = 3).

Fractions: FA - exchangeable, FB oxidizable, FC - reducible, FD - residual.

I: original soil, C: control, AMO: amorphous Mn oxide, Fe /ll: maghemite,
Fe 111l magnetite.

Data from the CaCl, extraction (Fig. 2.4a, b, ¢) showed similar results. Both Cu and
Pb concentrations decreased significantly after AMO application (down to 8% of
the control in the case of Cu and below the limit of detection, i.e., 0.001 mg L™).
A statistically significant decrease of CaCl,-extractable Cd was observed only in
the soil amended with AMO (2%, w/w). Similar results were observed after
the application of amorphous alumina (5%, w/w) and ferrihydrite (10%, w/w) with
a significant decrease of 0.01 M CaCl,-extractable Cu and Pb by 23% and 8%,
respectively (McBride and Martinez, 2000). On the other hand, birnessite application
(10%, w/w) resulted in the abovementioned study into a 3- and 2.6-fold increase of
0.01 M CaCl,-extractable Cu and Pb, respectively, released due to SOM oxidation,
which could be the case for the AMO application as well (see next paragraph).
Differences in results obtained from the extraction with EDTA (Fig. 2.4d, e, f) are not
as apparent as EDTA is a much stronger extracting (chelating) agent compared to
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CaCl,. It should be pointed out that EDTA caused a significant release of Mn
originated from AMO dissolution (data not shown). Manganese concentrations were
10 times higher in the AMO-amended Haplic Udept and 70 times higher in
the Dystric Udept compared to the control. Interestingly, this trend was not observed
for Fe in soils amended with Fe III and Fe ILIII, despite the higher affinity of trivalent
Fe for EDTA compared to Mn (log Kgegpra = 27.2; log Kynepra = 15.6; Martell et al.,
2001). This is probably caused by the stronger AMO dissolution (lower stability) due
to its amorphous/poorly crystalline character.

Soil solution samples collected using rhizons were analyzed in order to observe
directly the changes of metal concentrations and DOC contents during two months
after the addition of the (nano) oxides (Fig. 2.5). The AMO (2%, w/w) proved again
to be the most efficient amendment in decreasing metal contents in soil solutions.
However, in accordance with Ettler et al. (2014), AMO also significantly increased
DOC concentrations in the soil solution, especially at the beginning of
the experiment, together with significant increase of pH of the Dystric Udept. This
was probably caused by AMO-induced SOM dissolution coupled with the release of
surface glucose/oxalate residues originated from AMO synthesis. Based on
SEM/TEM/XRD analysis and studies of newly formed phases, hydrolytic dissolution
of AMO in the presence of SOM could result into oxidation of SOM coupled with Mn
reduction connected with a release of OH ions (Ettler et al., 2014). Manganese(II)
then precipitates with CO;> as rhodochrosite. This process can be accelerated by
microbial respiration producing CO, and lead to the stabilization of the AMO surface
by formation of rhodochrosite coatings (Ettler et al., 2014; Ying et al., 2011). The
observed increased DOC concentrations were associated with increased Cu
concentrations as significant amounts of Cu bound with SOM were probably released
due to its oxidation by AMO. Similar results were observed when birnessite
(10%, w/w) was applied to a Cu-contaminated soil, which caused a 7.5-fold increase
in DOC content associated with a 3-fold increase in 0.01 M CaCl,-extractable Cu
(McBride and Martinez, 2000). Correlation between DOC and Cu concentrations in
soil solution was also observed after the application of red mud (2%, w/w), which
was attributed to increased DOC dissolution promoted by this amendment (Lombi et
al., 2002).

The addition of AMO resulted into significant amounts of Mn released to the soil
solution, especially at the beginning of the experiment. This release was significantly
higher in the more acidic Dystric Udept compared to the Haplic Udept (by 2 orders of
magnitude). Because the total Mn concentration in the Dystric Udept was 7 times
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lower than in the Haplic Udept (Table 2.2), it is possible to assume that Mn ions
supposedly originated from AMO dissolution or from weakly adsorbed unidentified
surface Mn species originating from AMO synthesis. In the study of Ettler et al.
(2014), the highest Mn mass loss from the AMO was recorded during the first 15
days. Nevertheless, total mass loss during 90 days of experiment reached 18% in
an acidic forest soil (pH 4.2) and 13% in a slightly acidic agricultural soil (pH 5.4).

Column experiments

Results from the column experiments provided additional information to those from
the static batches. Metal and DOC concentrations (Figs. 2.7a and b) were measured
in the leachate from the Dystric Udept after the SPLP (pH 5.0) treatment. Changes in
pH and redox status are depicted in Fig. 2.8. AMO proved to be the most effective
treatment for decreasing Cu content in the leachate during the first 1000 min, but it
also caused a significant increase in pH. Due to the one-month equilibration period
prior to the column experiment, no intensive dissolution of SOM induced by
the AMO as in the case of incubation experiments was observed. Nevertheless,
the treatment with AMO led to the highes DOC content in the leachate (associated
with the highest pH level) compared to other amendments but all the treatments
resulted into the stabilization of the SOM in soils. Spuller et al. (2007) observed in
their column leaching an apparent correlation between DOC and Cu contents in
the leachate as the mobilization of organic matter favors leaching of mobile Cu-DOC
complexes.

Breakthrough curves (Fig. 2.7¢) were constructed in order to describe the ability of
the studied (nano)oxides to retain/stabilize additional Cu added to the soil, which
simulates to some extent, a reactive stabilizing layer for Cu migrating downward from
upper soil layers. The curves were constructed as a ratio of Cu in leachate and Cu

in the original leaching solution. At the beginning of the experiment (up to 600 min),
the highest concentration of Cu was observed in the unamended control soil. For
the first 2 h, Fe ILIII was able to maintain Cu concentrations in the leachates below
1% of the total inflow concentrations, until the concentration started to increase
constantly, while Fe III started at a concentration of ~4% with a constant increase
reaching 80% (Fe ILIII) and 60% (Fe III) after 24 h, respectively. The best results
were obtained with the AMO addition; the AMO was able to maintain Cu
concentrations below1% of total inflow concentration for the first 6 h and reached
40% at the end of the experiment. Increase of pH in the leachates by 1.5-2 units after
the application of AMO has been observed during the experiment (Fig. 2.8) and it is
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clearly an important factor influencing its stabilization potential. Additionally, no
significant redox changes that would influence metal and oxide geochemistry were

observed (Fig. 2.8).

Figure 2.7

Cu (a) and DOC (b)
concentrations in SPLP
leachate from column
experiments with Dystric
Udept and breakthrough
curve of Cu after the
application of Cu nitrate

(c).

C: control, AMO:
amorphous Mn oxide
(2%, wiw), Fe |
maghemite (2%, wi/w),
Fe ILIll: magnetite (2%,
wiw).
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Figure 2.8

The pH and Eh values measured in eluate after column leaching with SPLP, pH 5.0
(a, b) and Cu nitrate (c, d) (Dystric Udept).

AMO: amorphous Mn oxide (2%, w/w), Fe [ll. maghemite (2%, wiw),
Fe II,1lI: magnetite (2%, w/w).

Effect of (nano)oxides on soil microbiological activity

Simple enzymatic and soil respiration tests were performed for evaluating
the influence of the stabilizing amendments on microorganism activity in the treated
soils. In general, the AMO had the highest influence on measured parameters in both
soils (Fig. 2.9) while other treatments proved to have no effect. The TPF production
was supposed to correspond to the respiration rate as dehydrogenase is involved in
the respiratory chain (Kandeler, 2007). The TPF production in the Haplic Udept after
AMO addition was significantly higher than in other cases, yet the respiration rate
was not significantly higher. In the case of Dystric Udept, the soil respiration rate
increased significantly after AMO addition by 75% compared to the control.
However, as it is known that the TCC test is not the best choice for soils with high Cu
concentrations and it should be taken into account that the obtained results could be
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overestimated due to the abiotic reaction of TPF with free Cu species (Chander and
Brookes, 1991). The increased microbial activity after soil remediation is commonly
interpreted as a proof of decreased mobile/bioavailable metal fractions and restoration
of indigenous soil environments (Kumpiene et al., 2006; Lee et al., 2011). Yet in this
case, it was probably also the effect of increased DOC amount that supported
microbial activity. The decrease in the directly available metal species (e.g., free
Cu®") as a result of AMO application was perhaps related to decreased cytotoxicity
and increased amounts of low-weight organic compounds originating from SOM
dissolution and organic residues from AMO synthesis serving as additional substrate
for soil microorganisms (Della Puppa et al., 2013; Ettler et al., 2014).
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Figure 2.9

Results from soil respiration tests in Haplic Udept (a) and Dystric Udept (b) and from
soil dehydrogenase tests in Haplic Udept (c) and Dystric Udept (d) (n = 3).

C: control, AMO: amorphous Mn oxide (2%, w/w), Fe Illl: maghemite (2%, w/w),
Fe I1,1lI: magnetite (2%, w/w).

Data with the same letter represent statistically identical values (P < 0.05).
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Conclusions

Results from batch and column experiments coupled with adsorption tests proved that
the AMO was the most effective treatment for the stabilization of metals in
the studied soil samples at the given w/w ratios (1 and 2%, w/w). Metal stabilization
resulted from combined specific adsorption onto the AMO surface together with
an increase in soil pH promoting the adsorption of metallic cations. On the other
hand, no impact on soil pH was found for the Fe oxides. Furthermore, the AMO had
a positive influence on the activity of soil microorganisms, although this was partially
caused by the increased DOC concentration originating from SOM dissolution.
Nevertheless, the strongly oxidizing properties of the AMO has to be taken into
account as it is able to promote SOM dissolution associated with the (re)mobilization
of adsorbed metals. Results obtained for the AMO during laboratory experiments
(the longest experiment in soil conditions took 3 months; Ettler et al., 2014) highlight
the necessity of long-term field studies addressing important questions concerning its
transformation and stability in the soil environment. Further information about
the importance of resulting pH alterations compared to specific metal adsorption onto
the AMO and its transformation products are also needed.
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The Fe and Mn (nano)oxides as perspective amendments for the stabilization of As

Abstract

An amorphous Mn oxide (AMO), nanomaghemite, and nanomagnetite were used as
potential amendments reducing the mobility of As in three contrasting contaminated
soils differing in origin of As contamination. Adsorption experiments and XPS
analyses combined with incubation batch experiments and pH-static leaching tests
were used. The AMO showed excellent adsorption capacity for As(V) reaching
a maximum of 1.79 mmol g at pH 7 and 8. Interestingly, the adsorption capacity in
this case decreases with decreasing pH, probably as a result of AMO dissolution at
lower pH values. Chemical sorption of As(V) onto AMO was further confirmed with
XPS. Both Fe nano-oxides proved the highest adsorption capacity at pH 4 reaching
11 mg g of adsorbed As(V). The AMO was also the most efficient amendment for
decreasing As concentrations in soil solutions during 8 weeks of incubation.
Additionally, pH-static leaching tests were performed at pH 4, 5, 6, 7, and natural pH
(not adjusted) and AMO again proved the highest ability to decrease As content in
leachate. On the other hand, strong dissolution of this amendment at lower pH values
(especially pH 4) was observed. For that reason, AMO appears as a promising
stabilizing agent for As, especially in neutral, alkaline, or slightly acidic soils, where
As(V) species are expected to be more mobile.
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Introduction

Arsenic is ubiquitous in the environment being ranked as the 20th most abundant
element in the earth’s crust (Mandal and Suzuki, 2002). It occurs mainly in four
oxidation states - arsenate As(V), arsenite As(Ill), elemental arsenic As(0), and arsine
As(-1II), differing in their mobility, bioavailability, and toxicity (Sharma and Sohn,
2009). In general, inorganic As species are more toxic than organic ones and As(III)
is usually more toxic and mobile than As(V) (Duker et al., 2005; Singh et al., 2015).
Among the mentioned possible oxidation states, As(V) is the prevailing form in
oxidizing environmental conditions including oxidic soil horizons (Cances et al.,
2008; Duker et al., 2005; Giral et al., 2010; Shi et al., 2003). Occurrence of As in
the environment and its potential entrance into the food chain are of great public
concern as As has shown to be a proven human carcinogen causing skin, brain, liver,
kidney, and stomach cancer (Ng, 2005; Smith et al., 1992). Additionally, As species
are phytotoxic with the ability to accumulate within the plants (Farrow et al., 2015;
Meharg et al., 2008). The main source of As in the environment is usually considered
to be its release from As-enriched minerals. Yet, many anthropogenic activities, such
as mining and smelting, coal combustion, use of insecticides, pesticides, phosphate
fertilizers, and timber preservatives, play an important role in the input and
propagation of As in the environment (Singh et al., 2015). The main pathway of
human intoxication with As is through drinking water (Villaescusa and Bollinger,
2008) and consummation of food (predominantly rice) with increased As levels
(Rahman and Hasegawa, 2011). For that reason, considerable effort is put into
developing efficient and sustainable methods of remediation of As-contaminated soils
and waters.

The use of Fe and Mn (nano)oxides for chemical stabilization/immobilization of As
in contaminated soils have the potential to be more cost-effective and less disruptive
compared to traditional methods of remediation (Kumpiene et al., 2008; Komarek et
al., 2013). Iron and Mn oxides are naturally occurring soil components that can be
found virtually in most types of soils. Due to their large and reactive surface, they
possess considerable sorption properties and are playing thus a significant role in
nutrient and contaminant cycling in soils (Sposito, 2008). Because of their high
abundance and high isoelectric point, Fe (hydr)oxides possess a strong affinity toward
As and are thus considered to be the main sink of As in soils (Wang and Mulligan,
2008). For that reason, they are also the most extensively studied amendments for As
stabilization (Kumpiene et al., 2008) that can be applied both directly (Bagherifam et
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al., 2014) and in the form of their precursors, e.g., ferrous sulfate (Warren et al.,
2003), zerovalent iron (Kumpiene et al., 2006), iron grit (Hartley et al., 2004), or
various industrial by-products (e.g., red mud, water treatment residue) (Gray et al.,
2006; Nagar et al., 2014). In the study of Bagherifam et al. (2014) dealing with
stabilization of As using various naturally occurring metal oxides, a goethite-based
amendment proved to be the most efficient in decreasing exchangeable fraction of As
together with its bioavailability and was also the most efficient for supporting plant
growth (Hordeum vulgare L.). The adsorption capacity of Fe and Mn oxides highly
depends on the particle size. As the particle size decreases, the specific surface area
increases, providing thus more active sites ready for adsorption (Bujndkova et al.,
2013; Yean et al., 2005). When the size further decreases down to the nanoscale,
particles obtain unique properties inherited from their size, i.e., so called nano-effect
(Charlet et al., 2011). For example, Auffan et al. (2007) recorded that 11-nm diameter
magnetite was able to adsorb three times more As per nm® than 20- and 300-nm
diameter magnetite. Manganese oxides, on the other hand, usually possess a relatively
low pH,,. (Kosmulski, 2004) and bear thus a net negative charge in common soil
conditions, suggesting that they would not be good adsorbents for negatively charged
As(V) species (Scott and Morgan, 1995; Wang and Mulligan, 2006). In spite of this,
Mn oxides are able to stabilize As in soil through the oxidation of more mobile and
toxic As(IIl) to As(V) connected with reductive dissolution of the Mn-bearing phase
(Manning et al., 2002; Scott and Morgan, 1995). Nevertheless, Mn oxides are not
suitable amendments for soils contaminated with Cr as they are also able to oxidize
Cr(III) to more mobile and toxic Cr(VI) (Feng et al., 2006; Pantsar-Kallio et al.,
2001).

This paper focuses on the evaluation of an amorphous Mn oxide (AMO),
nanomaghemite, and nanomagnetite for their potential use as stabilizing agents for As
in contaminated soils. In our previous studies, the AMO has proved its excellent
ability to adsorb Cd, Cu, and Pb, reaching the adsorption maxima of 1-2 orders of
magnitude higher than those recorded for nanomaghemite and nanomagnetite.
In addition, this oxide was also the most efficient in binding/immobilizing
contaminants directly in contaminated soils and appears thus as promising and cheap
amendment for environmental cleanup (Della Puppa et al., 2013; Michalkova et al.,
2014, Ettler et al., 2015). Due to the unusually high pH,,. of the AMO (8.3) (Della
Puppa et al., 2013), together with the expected high affinity of As for nano-sized Fe
oxides, these amendments are interesting candidates for the remediation of
As-contaminated soils. The main objectives of the present study were thus to
determine the adsorption properties of tested Fe and Mn oxides toward As and
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subsequently examine their effect on As mobility in contaminated soils together with
their influence on soil characteristics.

Materials and methods

Properties of the studied soils and oxides

Three different Fe and Mn (nano)oxides were used in our study to evaluate their
influence on the mobility of As and other risk elements in contaminated soils:
(i) nano-sized y-Fe,O; - maghemite; (ii) nano-sized Fe;O,4 - magnetite, both purchased
from Sigma-Aldrich (Germany); and (iii) an amorphous manganese oxide (AMO)
synthesized according to Della Puppa et al. (2013). The specific surface area of
the AMO was determined using the Brunauer-Emmett-Teller (BET) method and
the ASAP 2050 instrument (Micrometrics Instrument Corporation, USA). The pH of
the studied oxides was measured in deionized water at 1:10 (w/v), and the pH,,. was
determined using the immersion technique (Fiol and Villaescusa, 2009) at 1:10 (w/v).
Properties of the tested amendments are summarized in Table 3.1.

Table 3.1
Properties of the tested (nano)oxides
Chemical Particle pH pHzpc BET
formula size (nm) (m2 9_1'1)
AMO?® §-MnO, 600-1200 8.1 8.3 134.9°
Fe III° y-Fe, 04 20-100 3.0 7.4 46.6
Fe ILINI° Fes0, 20-100 4.9 6.9 36.6

AMO: amorphous manganese oxide; Fe /ll: maghemite; Fe II,/ll: magnetite
® Della Puppa et al. (2013)

® This study

¢ Michalkova et al. (2014)
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Three contrasting soils with varying As sources were used in this study. The first soil
(Fluvisol) was collected from a river alluvium polluted by occasional floods as
the stream was heavily contaminated due to the infiltration of rainwater through
the historical slag heaps from nearby Pb-processing smelter in Piibram (Czech
Republic). The second soil (Cambisol) was sampled at the Mokrsko gold deposit
(Czech Republic), where As occurs naturally in a form of As-bearing minerals,
predominantly as arsenopyrite (FeAsS) (Drahota et al., 2009). The last soil
(Chernozem) was collected in Prague-Suchdol (Czech Republic) as
an uncontaminated soil that was subsequently artificially spiked with As(V) (see
below). This artificially spiked soil was used for experimental purposes in addition to
field contaminated samples as, in spite of high total concentrations, the easily
mobilizable fraction of As in these soils was relatively low (see “Characterization of
the studied soils,” Table 3.3).

Soil samples were collected from the superficial layer (0-20 cm), air-dried,
homogenized, and sieved through a 2-mm stainless sieve. The Chernozem soil was
mixed with a solution of As(V) (as Na,HAsO4*7H,0) in order to reach As content in
soil of approximately 1000 mg kg™ (i.e., similarly to the Cambisol), left to equilibrate
for 2 months maintaining ~60-70 % of the water-holding capacity (WHC) and
subsequently air-dried again. Particle size distribution was determined according to
Gee and Or (2002). Soil pH was measured in suspension using a 1:2.5 (w/v) ratio of
soil/deionized water or 1 M KCI (ISO 10390:1994). Total organic carbon content
(TOC) was determined using the carbon analyzer TOC-L CPH (Shimadzu, Japan).
Cation exchange capacity (CEC) was determined according to Carter and Gregorich
(2008). Pseudo-total concentrations of elements were determined using the US EPA
aqua regia extraction method (US EPA method 3051a) with microwave digestion
(SPD-Discover, CEM, USA) and ICP-OES analysis (Agilent 730, Agilent
Technologies, USA). The fractionation of metals was determined using the modified
BCR sequential extraction procedure by Rauret et al. (2000), and the fractionation of
As was determined according to Wenzel et al. (2001a). The standard reference
materials 2710a Montana Soil I (NIST, USA) and CRM 483 (Institute for Reference
Materials and Measurements, EU) were used for QA/QC. All chemicals used were of
analytical grade.
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Arsenic adsorption onto Fe and Mn (nano)oxides
Adsorption kinetics and isotherms

Adsorption experiments were used to evaluate the kinetics of As(V) adsorption onto
the tested (nano)oxides and to construct corresponding adsorption isotherms prior to
their application to soils. This study was focused solely on As. The adsorption of
metallic contaminants, such as Cd, Cu, Pb, and Zn, was already the objective of our
previous studies (Della Puppa et al., 2013; Michalkova et al., 2014). Arsenate was
chosen for our study as the chosen (nano)oxides were further tested as potential
stabilizing amendments for oxidic (upper) soil horizons where As(V) occurs as
the predominant species (Cances et al., 2008). All adsorption experiments were
performed in 0.01 M NaNO; as background electrolyte. The kinetic study was
performed in a suspension of 1 g L' of the (nano)oxides and 10 mg L™ As(V) (added
as Na,HAsO4*7H,0) at pH 6. A separate batch was used for each (nano)oxide. The
suspension was then agitated for up to 4 days, and the pH was controlled using
NaOH/HNO; and an automatic titration device (TitroLine alpha plus, SI Analytics,
Germany). Five milliliters of the suspensions were collected after each time step in
duplicate, filtered immediately through a 0.45-um nylon syringe filter and
subsequently through a 0.22-um filter to ensure effective separation of solid particles.
The filtration efficiency was controlled by analyzing Fe and Mn in the filtrates. Metal
concentrations in solutions were determined using ICP-OES (720 Series, Agilent
Technologies, USA). The obtained kinetic data were further modeled using
pseudo-second-order equation, which is a common model used for these adsorption
studies (Kalantari et al., 2015; Karami, 2013; Markovski et al., 2014; Mohan et al.,
2011; Wang et al., 2015e; Yari et al., 2015).

Adsorption isotherm experiments at equilibrium were performed at pH 4, 5, 6, 7, and
8 for each (nano)oxide with As(V) concentrations varying from 2 to 300 mg L.
Equilibrium time was set according to the results of previous kinetic experiments (see
“Arsenic adsorption study”, page 73) at 10 h for AMO and 72 and 48 h for
nanomaghemite and nanomagnetite, respectively. Langmuir and Freundlich models
were subsequently used to describe experimental data and to calculate adsorption
isotherm parameters (Bolster and Hornberger, 2007).
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XPS analyses

The adsorption mechanisms of As(V) onto the AMO were further examined using
XPS. The XPS analyses of nanomaghemite and nanomagnetite were not performed as
the mechanisms of As(V) adsorption onto these solids are already well known (Dixit
and Hering, 2003; Jonsson and Sherman, 2008; Liu et al., 2015; Morin et al., 2008;
Wang et al., 2011a). The samples were prepared under the same conditions as in
adsorption experiments by mixing the AMO in 3 mM As(V) solution for 10 h at pH 7.
The solid fraction was filtered, washed with deionized water, and dried at room
temperature, and the concentrations of elements in filtrates were analyzed using
ICP-OES. The XPS analyses were carried out using the ESCA 3400 instrument
(Kratos, UK) with Mg Ka energy source (1253.6 eV). Pulverized samples of original
(i.e., before sorption) and As-treated (i.e., after sorption) AMO were applied on
carbon layer in thin film and cleared by Ar ion bombardment. Samples were
measured in the range of kinetic energies from 0 to 800 eV with sample step of
0.1 eV (review spectra) and than in Cr2p bands (570-595 eV) with 0.05 eV step.
The obtained spectra were identified using NIST X-ray Photoelectron Spectroscopy
Database (NIST Standard Reference Database 20, version 4.1).

Incubation batch experiments

Incubation batch experiments were performed in order to investigate the changes in
soil solution characteristics and mobility of As and metals in the contaminated soils
after the addition of the tested amendments. The experiment was performed in
triplicate using the Fluvisol and Chernozem soils in variants: C (control), AMO,
nanomaghemite and nanomagnetite at concentrations of 1 % (w/w) (Michalkova et
al., 2014). The Cambisol was not suitable for this experiment as the amount of As in
unamended soil solution in preliminary experiment remained below the limit of
detection (data not shown). The amount of 125 g of air-dried soil was placed in pots
and watered continuously with deionized water in order to maintain ~60-70 % of
the WHC. No leaching was allowed during this experiment. The incubation
experiment was performed in separate pots for 1, 4, and 8 weeks. After these periods,
soil solution was directly collected using rhizon samplers (mean pore volume size
0.15 pm; Rhizosphere Research Products, Netherlands) and metals, As and DOC
concentrations were analyzed using ICP-OES and TOC/ DOC analyzer, respectively.
The pH of the soil solution was monitored throughout the experiment. Finally, As
fractionation in soil samples incubated for 8 weeks was determined using
the sequential extraction by Wenzel et al. (2001a).
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PpH-static leaching experiments

The pH-static leaching tests were performed in order to evaluate the influence of pH
on the stabilizing potential of the studied amendments. Prior to the experiment,
the air-dried soil was mixed with the amendments as follows: C (control), AMO,
nanomaghemite, and nanomagnetite at concentrations of 1 % (w/w) and maintained at
~60-70 % of the WHC for 1 month. The amount of 1.5 g of dry soil was then watered
with 15 mL of deionized water and leached for 48 h (Van Herreweghe et al., 2002) at
pH 4, 5, 6, and 7. The pH was continuously controlled and adjusted using
NaOH/HNO;. A variant with natural soil pH (i.e., without pH adjusting) was
included. All experiments were performed in triplicates. After the end of experiment,
the pH of samples without pH adjustments was determined. All samples were then
centrifuged (5000 rpm, 10 min) and filtered through 0.45-um nylon syringe filters.
The Eh value was measured in filtrate. Metals, As, and DOC concentrations in
leachates were measured using ICP-OES and TOC/DOC analyzer, respectively.

Statistical analysis

All statistical analyses were performed using SigmaPlot 12.5 (StatSoft Inc., USA).
The experimental data were evaluated using analysis of variance (ANOVA) at
P < 0.05 using the Tukey test.

Results and discussion

Characterization of the studied soils

Basic physicochemical properties of the studied soils are summarized in Table 3.2.
The pH of both the Fluvisol and Cambisol are slightly acidic, whereas the pH of
the artificially As-spiked Chernozem is alkaline. The Fluvisol and Cambisol have also
a coarser texture than the Chernozem. The highest TOC content was observed in
the case of Fluvisol, but it was also the soil with the lowest CEC. While elevated
contents of As, Cd, Pb, and Zn were observed only in the Fluvisol originating from
the smelting industry, As was the only major contaminant in the Cambisol and
Chernozem. The concentrations of metals and As in the Fluvisol highly exceed limits
set for agricultural soils set by the Ministry of the Environment of the Czech Republic
(Act No. 13/1994) (Table 3.2). The predominant valence state of As in sampled soils
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is supposed to be As(V) as the soil was sampled from the upper aerated layer.
Additionally, the pH-Eh conditions in all the sampled soils favor strongly
the presence of As(V).

Table 3.2
Basic physico-chemical characteristics of studied soils.
Fluvisol Cambisol Chernozem
pPHH20 5.95 6.05 8.01
pHkei 4.97 4.43 7.05
CEC (cmol kg™ 9.10 £ 0.49 35.9+47 36.3 £ 9.1
TOC (mg kg™ 2.35 1.10 2.07
Particle size distribution (%)
Clay (%) 5 2 17
Silt (%) 20 26 65
Sand (%) 75 72 18
Texture Loamy Sandy loam Silt loam
sand/sandy
loam
Limit
; -1 = concentrations
Total metal concentrations (mg kg™') (n = 3) (mg kg'1)
As 332+ 20 878 + 26 1046 £ 9 30
Pb 4234 + 429 12+2 28+ 0.1 140
Cd 42+ 2 295+0.3 2.04£0.10 1
Zn 4107 £ 179 6517 86 +3 200
Cu 72+3 21+2 25+0.5 100
Fe 36 563 £ 1120 40 104 + 4381 24 991 + no limit
1117
Mn 4785 + 581 690 + 67 665 + 18 no limit

Limit concentrations of metals/metalloids in agricultural soils are set according to the
Ministry of the Environment of the Czech Republic (Act No. 13/1994).

The fractionation and mobility of As (as determined according to the sequential
extraction) in original (unamended) soils differ predominantly according to the origin
of As contamination (Table 3.3). In the artificially spiked Chernozem, the major
portion of As was present in the two most labile fractions, i.e., extracted by
0.05 M (NH,4),SO4 (36 %) and 0.05 M NH,H,PO, (36 %), that are usually related to
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nonspecifically and specifically bound As. In the case of the Fluvisol contaminated by
the smelting industry, the largest fraction of As (65 %) was present in
the 0.2 M NH, -oxalate buffer extractable fraction associated with amorphous and
poorly crystalline hydrous oxides of Fe, Mn, and Al. On the other hand, the geogenic
origin of As in the Cambisol resulted in most of the As (50 %) to be bound to
well-crystalline hydrous Fe, Mn, and Al oxides (i.e., 0.2 M NH, -oxalate buffer +
ascorbic acid-extractable fraction). The fractionation results thus indicate that except
artificially spiked soil, As is predominantly bound to secondary soil oxides
(especially Fe oxides) (Lee et al., 2015). The major part of Cd and Zn in Fluvisol was
present in the most mobile exchangeable fraction (57 and 44 %, respectively), while
Pb was found mainly in the reducible fraction (51 %), usually associated with metals
bound to Fe, Mn, and Al oxides.

Table 3.3
Fractionation of As, Cd, Pb and Zn in studied soils.

Fractionation of As (sequential extraction by Wenzel et al., 2001a) (mg kg™)
(n=3)

FA: FB: FC: FD: FE:
nonspecifically  specifically bound to bound to residual
sorbed adsorbed amorphous and well- phases
poorly crystalline crystallized
hydrous oxides of hydrous
Fe, Al and Mn oxides of Fe,
Al and Mn
Chernozem 374+3 380+7 152 + 14 457 +8.5 95
Cambisol 2.69 +0.08 43.6+1.9 247 + 31 442 + 21 144
Fluvisol 0.16 + 0.02 20.2+0.1 214+ 4 459+ 8.4 51

Fractionation of Cd, Pb and Zn in the Fluvisol (sequential extraction by Rauret
et al., 2000) (mg kg™') (n=3)

FA: FB: FC: FD:
exchangeable reducible oxidizable residual phases
Cd 24.0+0.3 8.0+1.1 1.3+£0.2 9
Pb 281+ 11 2165+ 176 705 + 93 1083
Zn 1822 + 50 816 + 45 298 + 32 1171
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Arsenic adsorption study
Adsorption kinetics and isotherms

The kinetic adsorption study (Fig. 3.1) was performed at pH 6 corresponding to
the pH values of the Fluvisol and Cambisol with initial As(V) concentration of
10 mgL". The fastest adsorption process was recorded for the AMO, reaching
equilibrium after ~8 h while adsorbing ~87 % of As(V) from solution. On the other
hand, both Fe oxides proved a similar behavior, reaching equilibrium after ~48 h
(nanomagnetite) and ~72 h (nanomaghemite) while adsorbing ~50 % of As(V).
These equilibrium times are in accordance with those previously recorded for natural
magnetite (Giménez et al., 2007) and commercial maghemite (Tuutijarvi et al., 2009).
The decrease of As adsorption onto AMO after 20 h has been probably caused by
AMO dissolution in experimental conditions when the amount of Mn released to
solution increased from 85 mg g' (9 h) to 130 mg g' (99 h). In all cases,
the adsorption kinetics fitted very well the pseudo-second-order equation (Table 3.4),
roughly indicating that chemisorption as the main process controlling the adsorption
of As(V) onto the studied oxides (Giménez et al., 2007).
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Figure 3.1
Kinetics of As adsorption onto the amorphous manganese oxide (AMO),

nanomaghemite (Fe Ill), and nanomagnetite (Fe Il,11l) at pH 6, initial As concentration
10 mg L™ (n=2).
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Table 3.4

Pseudo-second-order kinetic parameters obtained for adsorption of As(V) onto
amorphous Mn oxide (AMO), maghemite (Fe 1lI), and magnetite (Fe Il,111) at pH 6.

k2 e R?
(gﬂf min'1) (mg&f)
AMO 0.0112 9.40 1.00
Fe lll 0.0011 5.99 1.00
Fe IlIlI 0.0150 5.43 1.00
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Adsorption isotherms of As onto the amorphous manganese oxide (AMO) (a),
nanomaghemite (Fe lll) (c), and nanomagnetite (Fe ILIllI) (d) at pH 4, 5, 6, 7, and 8
with  modeled Freundlich isotherms and amount of AMO dissolved during

the experiment (b) (n=2).
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According to the obtained adsorption isotherms (Fig. 3.2) and corresponding isotherm
parameters (Table 3.5), the AMO showed the highest adsorption capacity for As(V),
exceeding the maximum capacity of both Fe nano-oxides by an order of magnitude.
The highest concentration of As(V) adsorbed by AMO (S,.x) exceeds 130 mg g at
pH 7 and 8, while adsorption maxima for nanomaghemite and nanomagnetite reached
only 11.3 and 10.5 mg g'1 at pH 4 and 5, respectively.

Table 3.5
Parameters of Langmuir and Freundlich isotherms of As adsorption.
Langmuir Freundlich
Smax K R? n K R?
(mgg”) (Lkg’) (Lkg™)
pH4 279 0.019 0.856 0.395 2681 0.954
pH5 61.1 0.038 0.550 0.406 6489 0.958
AMO pH6 123 0.042 0.319 0.390 13518 0.927
pH7 134 0.045 0.368 0.389 14 886 0.849
pH8 134 0.214 0.479 0.320 24 469 0.825
pH4 11.3 0.810 0.595 0.119 6878 0.898
pH5 9.91 0.429 0.328 0.107 6009 0.947
Fe lll pH6 8.22 3.458 0.728 0.153 4638 0.931
pH7 7.30 1.415 0.572 0.170 3789 0.963
pH8 10.1 0.091 0.857 0.304 2224 0.991
pH4 104 1.747 0.623 0.132 5899 0.548
pH5 105 0.561 0.720 0.180 4833 0.835
Fel,ll. pH6 8.13 1.215 0.744 0.174 4071 0.931
pH7 7.61 0.464 0.645 0.197 3281 0.921
pH8 5.33 1.133 0.606 0.145 3012 0.920

AMO: amorphous manganese oxide, Fe /ll: maghemite, Fe II,/ll: magnetite

When compared to other studies dealing with Fe- and Mn-based materials
(Table 3.6), AMO appears as one of the most efficient materials, and to the best of
our knowledge, such adsorption capacity is significantly higher than values reported
for most Mn and Fe (hydr)oxides (Table 3.6). One possible explanation is probably
the unusually basic pH,,. of the AMO (8.3) (Della Puppa et al., 2013) that is
considerably higher than values summarized for numerous Mn oxides by Kosmulski
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(2004) and Prélot et al. (2003). According to these overviews, the highest pH,,. (7.7)
was reported for f-MnO, by Prélot et al. (2003), which is still lower than the value
obtained in our study. Interestingly, while the adsorption of As onto the Fe
nanooxides increased with decreasing pH, AMO showed the opposite trend,
increasing the adsorption with increasing pH. While the former is the behavior
commonly supposed for anionic species and already confirmed both for magnetite
(Yean et al., 2005; Giménez et al., 2007) and maghemite (Tuutijarvi et al., 2009),
the opposite trend recorded for the AMO could be explained by the pH-dependent
dissolution of this phase (Fig. 3.2b) as up to 60 % of total AMO was dissolved at pH
4 compared to 17 % at pH 8. Additionally, the amount of released Mn was found to
closely negatively correlate with the S, of the AMO (R2 =-0.98). When
recalculated the amount of As bound to undissolved phase (data not shown),
the adsorption of As onto AMO appears almost pH-independent which possibly
indicate the formation of inner-sphere complexes.

XPS analyses

Concerning the original AMO samples (i.e., before sorption), the binding energy at
the peak detected for Mn 2p 3/2 (642.5 eV) together with the peak splitting of
Mn 2p 3/2 and Mn 2p 1/2 (11.7 eV) corresponds well to values tabulated for MnO,
(McCann et al. 2015; Wagner et al. 1979). The Mn 2p spectra shows contributions of
MnQO, (642.8 eV) together with Mn bound to hydroxy groups (Mn-O-H) (645.9 eV) at
the surface of the original material. In the case of AMO with adsorbed As(V), Mn is
bound predominantly to oxygen atoms (Fig. 3.3b). The deconvolution of oxygen
spectra further suggests Mn-O, Mn-O-H and probably adsorbed water as the main
oxygen-bound surface complexes to the original AMO very similar to those observed
by McCann et al. (2015) for their birnessite-type natural manganese oxide. The Ar ion
bombardment proved almost no influence on obtained spectra.

Comparison of the spectra (Fig. 3.3a) generally confirms the presence of As on
the surface of As-treated samples. The As 3d peak (46.95 eV) confirms As(V) as
the only As species which was further confirmed by the deconvolution of As 3p 3/2
and As 3p 1/2 bands (Fig. 3.3d). The calculated surface stoichiometry (15 % Mn,
74 % O, and 11 % As) further indicates considerably high surface coverage with
adsorbed As(V) being, e.g., 2 orders of magnitude higher than values reported for
0-MnO, nanorods (0.099 %) and 8-MnO, nano-fiber clumps (0.021 %) treated with
6.7 mM As(V) (Singh et al. 2010). The As(V) is bound to the AMO surface through
bonds with oxygen atoms (Fig.3.3¢) and together with previous adsorption

76



The Fe and Mn (nano)oxides as perspective amendments for the stabilization of As

Table 3.6

Maximum As(V) adsorption capacities of selected Fe- and Mn-based materials.

Material Maximum pH BET Reference
adsorption surface
capacity for area
As(V) (mg g™ (m’g”)
Fe-based materials
Nanomaghemite 11.3 4.0 46.6 present study
Nanomagnetite 10.5 5.0 36.6 present study
Magnetite 3.65 7.9 11.9 Bujiidkova et al. (2013)
Amorphous FeOOH 55 6.9 247 Zhang et al. (2009)
Hematite 0.41 6.0 1.7 Mamindy-Pajany et al. (2011)
Goethite 1.22 6.0 11.6 Mamindy-Pajany et al. (2011)
Magnetite 0.85 6.0 1.6 Mamindy-Pajany et al. (2011)
Sodium dodecyl sulphate- 60.6 7.0 293 Wou et al. (2014)
goethit
Maghemite commercial 16.7 3.0 51.0 Tuutijarvi et al. (2009)
Maghemite 50 3.0 203 Tuutijarvi et al. (2009)
mechanochemical
Maghemite sol-gel 25 3.0 90.4 Tuutijarvi et al. (2009)
Magnetite 300 nm 1.1 4.8 3.7 Yean et al. (2005)
Magnetite 20 nm 11.4 4.8 60.0 Yean et al. (2005)
Magnetite 11.72 nm 46.7 8.0 98.8* Yean et al. (2005)
Mn-based materials
Amorphous manganese 134 7 135 present study
oxide
5-MnO, 19 3 114 Villalobos et al. (2014)
Acid birnessite 7.5 3 39 Villalobos et al. (2014)
MnO, 7.5 not not Lenoble et al. (2004)
specified specified
MnO, 2 5 Ajith et al. (2013)
MnO, 60 7 Dalvi et al. (2015)
a-MnO; nanorods 194 6.5 Singh et al. (2010)
8-MnO, nano-fiber clumps 15.3 6.5 Singh et al. (2010)
Fe/Mn binary oxides
3:1 Fe:Mn binary oxide 60 6.9 265 Zhang et al. (2009)
6:1 Fe:Mn binary oxide 60 7.0 224 Zhang et al. (2012)
CMC-stabilized Fe-Mn 372 3.0 not An and Zhao (2012)
binary oxide specified
CMC-stabilized Fe-Mn 272 5.0 not An and Zhao (2012)
binary oxide specified
Fe-Mn binary oxide 69 5.0 265 Zhang et al. (2007)

*Surface area calculated from the mean particle diameter and magnetite density
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experiments, this confirms the chemical sorption as the main mechanism involved in
As(V) adsorption onto AMO. These results are in good accordance with previous
studies dealing with As(V) adsorption mechanism onto AMO. These results are in
good accordance with previous studies dealing with As(V) adsorption mechanism
onto MnO,-based materials (Foster et al., 2003; Manning et al., 2002; Singh et al.,
2010; Villalobos et al., 2014) that consistently confirms specific adsorption of As(V)
onto MnO, surface. Further spectroscopic investigations focused on geometry of
surface complexes formed with As(V) on several types of birnessite revealed that
As(V) is present mainly in a form of bidentate binuclear (bridging) complexes
(Manning et al., 2002; Singh et al., 2010; Villalobos et al., 2014), which can be also
expected for the AMO.

a) Mn 2p MnoO, b)

As-treated
AMO
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Figure 3.3

XPS spectra of the original AMO and AMO with adsorbed As(V) (a)
and deconvolution of Mn 2p (b), O 1s (c), and As 3p (d) peaks from As-treated AMO
spectra.

AMO: amorphous manganese oxide.
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Incubation batch experiments

The time-dependent stability of the tested oxides in amended soils together with their
effect on the mobility of As and metals was evaluated using incubation batch
experiments (Fig. 3.4). The changes in pH of soil solution after the addition of
the tested amendments (Table 3.7) were observed mainly in the Fluvisol. In this case,
the most significant effect was recorded for the AMO as its application resulted into
an increase of pH from 5.6 (control) to 6.1 after 4 weeks observed as well by
Michalkova et al. (2014). The pH of other variants showed a decreasing trend in time
decreasing from pH ~6.0 to ~5.5-5.6. In the case of the Chernozem, the effect of
(nano)oxides application was not so pronounced because of an already high initial pH
of the original soil (8.0). The AMO proved to be the most efficient amendment for
stabilizing As in the Chernozem soil (Fig. 3.4a), being able to reduce the content of
As in the soil solution after 1, 4, and 8 weeks to 7, 40, and 16 % of the control,
respectively. On the other hand, almost no effect of nanomaghemite and
nanomagnetite on the content of As in the Chernozem soil solution was observed
(Fig. 3.4a), which is in accordance with their relatively low adsorption capacities at
pH 8 (Table 3.5). Regarding the fractionation of As in the studied soils after 8 weeks
of the experiment, the changes were much more pronounced in the Chernozem with
the largest portion of labile As (Table 3.8). As visible, the influence of aging on As
mobility during 8 weeks of experiment is still crucial in the artificially spiked soil
regardless previous 2-month equilibration and highlights thus the drawback of using
artificially spiked soils for stabilization studies (Ali et al., 2004; Liang et al., 2014;
Smolders et al., 2015). From the tested amendments, the AMO was the most efficient
in decreasing the most labile As fraction while increasing significantly those bound to
amorphous and poorly crystalline oxides. On the other hand, the most effective in
increasing the residual phase of As was nanomaghemite; however, the value was still
lower than in the control. In the case of the Fluvisol, As and Pb in the soil solution
were below the limit of detection for all the time intervals. The AMO was again
the most efficient amendment for decreasing the mobility of other contaminants in
this soil (i.e., Cd and Zn) (Fig. 3.4b, c). Eight weeks after AMO application,
the concentration of Cd and Zn in the soil solution decreased 10 and 15 times
compared to the control (from 0.32 to 0.03 mg kg™ and from 26.9 to 1.8 mg kg™,
respectively). For both of these elements, a general trend of concentration increases in
time was recorded, which was probably the consequence of the decreasing pH value.
Increased concentrations of Mn in the soil solution from the AMO-amended Fluvisol
suggest a partial dissolution of the AMO. On the other hand, no dissolution of
Fe oxides was observed in any soil.

79



Chapter 111

150 {Chernozem ™= C == Fell . b
= AMo= el a) 40 | Fluvisol L, @ )
a
~120 - a
2 . |
o 90 - c
E a
= a
< 60 -
30 -
b b b
01 a
Fluvisol a 1409 Fluvisol 5 d)
40
03 _ b
"o 230
202 | g b
g § 20
Qo
0.1 -
10
b a al @ a
aa a @da
0.0 - 0 -
Chernozem e) Fluvisol f)
160 a b
i, 300 a a <
~ a 2
(=]
é a E’120 a a a
200 = a
3 ala 8 a
o ad a 80 a
a a b
100 | a 20 a
al |a
0 0
1week 4weeks 8 weeks 1 week 4 weeks 8 weeks
Figure 3.4

Characteristics of the soil solutions obtained during batch incubation experiment:
As (a) and DOC concentrations (e) in soil solution from the Chernozem and Zn (b),
Cd (c), Mn (d), and DOC (f) concentrations in soil solution from the Fluvisol soil.

C: control, AMO: amorphous manganese oxide (1 %, w/w), Fe [ll. maghemite
(1 %, wiw), Fe Il,1ll: magnetite (1 %, w/w).

Statistical analysis was performed separately for every single time interval; data with
the same letter represent statistically identical values (P<0.05) (n=3).

80



The Fe and Mn (nano)oxides as perspective amendments for the stabilization of As

Table 3.7
Soil solution pH after 1, 4, and 8 weeks of incubation.
Chernozem Fluvisol
1 week 4 weeks 8 weeks 1 week 4 weeks 8 weeks

C 8.19+0.10 7.96+0.05 8.05+0.11 5.96 + 0.04 5.60 + 0.01 5.51+£0.10
AMO 8.03+0.24 8.00+0.05 8.23+0.03 6.04 £ 0.08 6.08 £ 0.10 6.02 £ 0.03
Fe lll 8.00+£0.20 8.11+0.06 8.10+0.11 5.84+£0.18 5.72+0.04 5.44 £ 0.05
Fe 1111l 7.99 + 0.01 8.11 +£0.02 8.01 +£0.03 5.95 + 0.01 5.79+0.15 5.60+0.10

Table 3.8
Fractionation of As (mg kg'1) in the Chernozem after 8 weeks of incubation using the
sequential extraction by Wenzel et al. (2001a).

FA: FB: FC: FD: FE:
- bound to well- residual
non- specifically bound to crystallized phases
specifically adsorbed amorphous hydrous
sorbed and poorly oxides of Fe
crystalline Aland Mn
hydrous
oxides of Fe,
Al and Mn
Initial 374+3 3807 152 + 14 46+ 9 95
Control 180+ 4 281+4 165+ 7 42 + 2 378
AMO 153 + 20 340+0.3 297 + 14 43+6 214
Fe lll 204 £ 4 30110 183 +8 382 321
Fe Il 209 + 24 310+ 4 193+ 6 58+ 6 277

AMO: amorphous manganese oxide (1 %, w/w), Fe lll: nanomaghemite (1 %, w/w),
Fe II,1ll: nanomagnetite (1 %, w/w).

Data shown are means + SD, n=3.

Additionally, the influence of the tested amendments on the potential dissolution of
soil organic matter (SOM) was evaluated as well, as the potential ability of AMO to
oxidize/dissolve SOM was highlighted in our previous studies (Ettler et al., 2014;
Michalkova et al., 2014). In the present study, the influence of the applied
amendments on SOM dissolution was not so pronounced and was statistically
significant only in the case of AMO incubated in the Fluvisol for 4 and 8 weeks
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(Fig. 3.4f). That could be caused by the higher pH values of soils used in this study
compared to those used in previous works where the oxidizing nature of AMO toward
SOM is generally more pronounced in more acidic conditions (Ettler et al., 2014;
Michalkova et al., 2014).

The pH-static leaching experiment

The results from the pH-static leaching experiment are shown in Fig. 3.5. The pH of
the soil leachate was influenced by the (nano)oxide addition only in the case of
the Fluvisol where the AMO application resulted in a pH increase from 5.8 to 6.6.
In the case of the Cambisol and Chernozem, the pH of all variants remained 5.9 and
7.7, respectively. A similar pattern was recorded for As release from the Fluvisol
(Fig. 3.5a) and the Cambisol (Fig. 3.5b), reaching the maximum at the highest pH
value (pH 7), which is a behavior commonly observed for As in contaminated soils
(Cappuyns et al., 2002; Van Herreweghe et al., 2002). On the other hand, the release
of As from the artificially contaminated soil showed an opposite trend when
decreased As leachability with increasing pH. This behavior was caused probably by
the artificial origin of As contamination supplied into soil in a form of a highly
soluble As salt, highlighting thus the problems associated with experiments using
artificially spiked soils even after a two month equilibration. The predominant As
fractions in the Chernozem soil were thus nonspecifically (374 mg kg') and
specifically (380 mg kg™") sorbed species (Table 3.3). The AMO was again the most
efficient amendment reducing As concentrations in the leachates, especially in
the case of the Chernozem soil, despite the considerable dissolution of the AMO at
lower pH values (Fig. 3.5g). This trend was similar for all soils (data not shown). We
propose that the main reason why the AMO immobilizing potential was the most
pronounced in the case of the artificially spiked soil dwells in the fractionation of As.
To illustrate, the content of specifically and nonspecifically bound fractions
(Table 3.3) of As in Chernozem was determined to be ~750 mg kg' compared to
~46 mg kg in the Cambisol and ~20 mg kg in the Fluvisol, while the content of
the most labile fraction (nonspecifically sorbed) was ~374 mg kg compared to ~2.7
and ~0.16 mgkg', respectively. We thus suppose that during the 1-month
equilibrating period before the experiment, AMO in the artificially spiked soil was
able to adsorb the highest portion of As due to its highest available amount available
for adsorption in this soil. Despite the high efficiency of AMO for both cationic (Cd,
Cu, Pb, Zn) and for anionic (As) contaminants, a potential drawback of this
stabilizing agent remains its possible dissolution in acidic conditions coupled with
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Results of the pH-static leaching experiment: As (a), Cd (d), Pb (e), Zn (f), Mn (g),
Fe (h), and DOC (j) contents in Fluvisol extract; As (b), Fe (i), and DOC (k) contents
in Cambisol extract; As (c) and DOC (I) contents in Chernozem extract.

C: control, AMO: amorphous manganese oxide (1 %, w/w), Fe llI. maghemite
(1 %, wiw), Fe Il,lll: magnetite (1 %, w/w), pH nat: variants with natural (nonadjusted)
pH.

Statistical analysis was performed separately for every single pH value; data with the
same letter represent statistically identical values (P<0.05) (n=3).
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oxidation of SOM connected with potential remobilization of adsorbed metals. This
shortcoming could be theoretically mitigated with a surface modification of AMO
particles with a manganese carbonate layer as our previous studies suggest that during
the aging in soil conditions, the surface of the AMO is naturally covered by
manganese carbonate coatings, which decreases its solubility and oxidative properties
towards SOM (Ettler et al., 2014; Michalkova et al., 2014). Although many authors
found Fe oxides to be highly effective in decreasing As mobility, bioaccessibility, and
bioavailability in soils (Bagherifam et al., 2014; Farrow et al., 2015; Hartley and
Lepp, 2008; Kim et al., 2012; Ko et al., 2015; Liang and Zhao, 2014), their effect was
not as pronounced as in the case of AMO in our study. Besides, the already
mentioned higher adsorption capacity of AMO toward As(V), another reason of
the apparently lower stabilizing efficiency of the tested Fe oxides could also be
the extremely high As concentrations in soils that are generally an order of magnitude
higher than in former works. In the case of Cd (Fig. 3.5d) and Zn (Fig. 3.5f) in
the Fluvisol, the effect of applied amendments was rather indistinctive being the most
pronounced in the case of variants with AMO at natural (i.e., not adjusted) pH.
An interesting trend was observed in the case of Pb (Fig. 3.5e), showing the lowest
leachability at pH 5 and increasing significantly toward higher pH values. Lead in
soils usually shows an opposite trend, decreases its leachability with increasing pH
(Cerqueira et al., 2011; Houben et al., 2013). In our study, the increased amount of Pb
released at pH 6 and pH 7 is supposed to be the consequence of increased dissolution
of SOM (Fig. 3.5j) as ~750 mg kg™ (~17 %) Pb was bound to the oxidizable fraction
of the original soil (Table 3.3). The highest dissolution of Fe in neutral conditions
(Fig. 3.5h) was also probably connected with the release of organically bound Fe
(~3500 mg kg in the original soil).

Conclusions

The potential of an amorphous Mn oxide, nanomaghemite, and nanomagnetite to
stabilize As in various contaminated soils was evaluated using adsorption and XPS
study together with batch incubation and pH-static leaching experiments. The results
of all experiments consistently highlight that the AMO is a promising and efficient
amendment for As immobilization. The XPS analyses confirmed chemical sorption as
the main process involved in As(V) binding onto the AMO surface. The adsorption
capacity of the AMO for As(V) increased with increasing pH and reached
a maximum of 134 mg kg™ at pH 7-8 that is significantly more than reported for any
other Mn (hydr)oxide. Such a high adsorption capacity at neutral/alkaline pH is even
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more emphasized for As contaminated soils where the risk associated with As
leaching is more pronounced at higher pH wvalues (Sadig, 1997). Considerable
stabilization potential of the AMO shown in this study together with the unusually
high pH,,. of this material highlight its suitability for remediation of soils
contaminated with As. A potential drawback of this agent, its possible dissolution in
acidic conditions, could be theoretically reduced by its surface modification with
a manganese carbonate layer which is currently under investigation. However, this is
not the issue in neutral-alkaline soils contaminated with As.
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Abstract

An amorphous manganese oxide (AMO) and a Pb smelter-polluted agricultural soil
amended with the AMO and incubated for 2 and 6 months were subjected to
a pH-static leaching procedure (pH 3-8) to verify the chemical stabilization effect on
metals and metalloids. The AMO stability in pure water was pH-dependent with
the highest Mn release at pH 3 (47% dissolved) and the lowest at pH 8 (0.14%
dissolved). Secondary rhodochrosite (MnCO;) was formed at the AMO surfaces at
pH > 5. The AMO dissolved significantly less after 6 months of incubation.
Sequential extraction analysis indicated that “labile” fraction of As, Pb and Sb in soil
significantly decreased after AMO amendment. The pH-static experiments indicated
that no effect on leaching was observed for Cd and Zn after AMO treatments,
whereas the leaching of As, Cu, Pb and Sb decreased down to 20%, 35%, 7% and
11% of the control, respectively. The remediation efficiency was more pronounced
under acidic conditions and the time of incubation generally led to increased retention
of the targeted contaminants. The AMO was found to be a promising agent for
the chemical stabilization of polluted soils.
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Introduction

Iron and manganese oxides are often tested for chemical stabilization of metals and
metalloids in polluted soils mainly due to their sorption potential, which leads to
a decrease in contaminant mobility and bioavailability (Bagherifam et al., 2014;
Bolan et al., 2014; Komarek et al., 2013; Kumpiene et al., 2008). Comparison of
the sorption efficiencies indicated that Mn-oxides can be much more efficient
sorbents than Fe-oxides for some metals (e.g. Pb) (O’Reilly and Hochella, 2003;
Wang et al., 2012a). Moreover, Mn oxides, through their dissolution, can change
the redox speciation of contaminants, leading to their oxidation, which is not
favorable in the case of Cr (Cr(III) to more mobile and toxic Cr(VI)) (Dai et al., 2009;
Feng et al., 2006; Landrot et al., 2012a, b), but can be suitable for As (As" oxidizes
to less mobile and less toxic AsV) (Chen et al., 2006; Feng et al., 2007; Lafferty et al.,
2010a,b; Manning et al., 2002; Villalobos et al., 2014; Ying et al., 2012).

Recently, a novel amorphous manganese oxide (AMO), prepared by a modified
sol-gel procedure generally used for the birnessite synthesis but without the heating
step, was tested as a new sorbentfor metals and its sorption efficiency was found to be
comparable with that of birnessite (Della Puppa et al., 2013). Despite the fact that
10-18% of AMO dissolved during the 90 days of exposure in contrasting soils, it was
concluded that it is relatively stable and can be potentially used as an amendment for
polluted soils (Ettler et al., 2014). The first experiments studying the chemical
stabilization of Cd, Cu and Pb in polluted soils using AMO indicated that
the adsorption capacity of AMO was an order of magnitude higher than those
recorded for selected Fe-nanooxides (nano-maghemite, Fe,O; and nano-magnetite,
Fe;0,) (Michalkova et al., 2014).

The influence of varying environmental conditions (where pH is the major driving
force) on chemically stabilized metal(loid)s in soils is often overlooked in evaluation
of the efficiency of a particular remediation technique. The adsorption efficiency of
the AMO in soils is expected to be highly dependent on the pH and time of aging. For
these reasons, the present study investigated (i) the AMO stability in aqueous
environments as a function of the pH and liquid-to-solid (L/S) ratio used during
theleaching experiments and (ii) the changes in chemical fractionations of inorganic
contaminants and their pH-dependent leaching from an AMO-amended
smelter-polluted agricultural soil.
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Materials and methods

Amorphous manganese oxide and studied soil

The synthesis of a poorly crystalline or amorphous manganese oxide (AMO) was
based on the methodology of Ching et al. (1997), generally used for birnessite
synthesis, but without the heating step (details of the procedure are given in Della
Puppa et al. (2013) and Ettler et al. (2014)). The specific surface area (SSA) of the
AMO was measured by BET measurement using a Sorptomatic 1990 Thermo
Electron instrument (ThermoFisher Scientific, USA) and corresponded to 14.8 m’g”
(without degassing) or 157 m’°g" (after degassing at 110-C). The average oxidation
state of Mn was 2.52 (corresponding to the chemical formula MnQO ) (Della Puppa
et al., 2013). The natural pH of AMO was obtained by acid neutralization
capacity/base neutralization capacity measurement (ANC/BNC; details see below)
and corresponded to 7.12. The granulometry of the AMO sample used in the present
study was measured using a Sympatec particle size analyser equipped with a HELOS
laser diffraction sensor and ultrasound sample treatment (Sympatec GmbH, Germany)
and yielded the following results: <I pm (3.28%), 1-2.6 um (22.01%), 2.6-5 pum
(34.25), 5-10 um (28.69%) and >10 um (11.77%). Previous investigations using
X-ray diffraction (XRD) and scanning electron microscopy (SEM) indicated that
small contents of Mn-oxalate hydrate can be present in the AMO as a result of
glucose transformation used during the synthesis (Ettler et al., 2014).

An agricultural soil (classified according to US Soil Taxonomy as Inceptisol Typic
Dystrudepts) was used as a model soil for chemical stabilization experiments.
The soil was polluted by emissions from a Pb smelter located in Ptibram (Czech
Republic) and was previously studied by Ettler et al. (2005). The soil properties and
main physico-chemical parameters are reported in Table 4.1.
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Table 4.1
Properties of the studied smelter-polluted agricultural soil.

pH 5.32
CEC (cmol kg™ 6.96
Corq (%) 1.79
Siot (%) 0.02
Pot (9 kg™) 2.42
Particle size distribution Total metal concentrations (mg kg'1)

Clay (%) 10.0 As
Silt (%) 32.7 Cd
Sand (%) 57.3 Sb

Oxalate extractable (g kg™”) Pb
Fe 170+ 9 Zn
Al 396 + 10 Mn
Mn 41+1.0 Fe

Amorphous manganese oxide leaching

The pH-dependent stability of AMO was tested using a pH-static leaching experiment
according to the European standard CEN/TS 14,997 (2006). Preliminary
determination of steady-state pH and the acid and base consumptions (ANC/BNC)
was performed before the pH-static leaching using manual titration and pH
measurement every 30 min. The pH-static experiments were carried out at 20 + 4°C
for 48 h. A mass of 1 g of solid was placed in a 20 mL centrifuge PP bottle and 9.6 ml
of MilliQ+ deionised water were added to maintain an L/S ratio of 9.6 with a final
ratio of about 10 after addition of the acid/base. Six pH values between 3 and 8§ at
I-unit increments were selected to represent the pH range relevant for soil
environments. Acid (14 M, 1 M or 0.1 M HNOs) or base (5 M, 2 M or 1 M NaOH)
was added to adjust the pH values. A variant conducted at the natural pH (i.e., without
acid/base addition) was included in all cases. The reactors were agitated continuously
(except for the time of pH control and titration). After 48 h, the suspended solids were
allowed to settle for about 10 min and the physical-chemical parameters (pH, Eh,
specific conductivity) were measured immediately using Schott multimeters (Schott
Instruments GmbH, Germany) in the leachate before filtration (Millipore®0.45 pm).
All the experiments were performed in duplicate and included procedural blanks.
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To evaluate the effect of the L/S ratio on AMO dissolution, leaching in deionized
water (natural pH) was performed at L/S ratios of 10, 100 and 1000. All the leachates
were filtered with 0.45-pum membrane filters (Millipore®) and leachates obtained at
L/S of 1000 were also filtered to 0.1 um (Millipore®) and ultrafiltered to 100 kDa
(~10-20 nm) and 5 kDa (~3-5 nm) using a Millipore®Labscale Tangential Flow
Filtration (TFF) system equipped with Pellicon XL 50 ultrafiltration cassettes to
assess the role of the colloidal-sized fractions on leaching. Leachate samples from
each experiment were analyzed for Al, Ba, Ca, Cd, Co, Cr, Cu, Fe, K, Mg, Mn, Na,
Ni, P and Zn by inductively coupled plasma optical emission spectrometry (ICP-OES;
ThermoScientific iCAP 6500 radial, UK). Residual AMO samples were dried and
X-ray diffraction (XRD) patterns were recorded on a PANalytical X’Pert Pro
diffractometer with an X’Celerator detector (PANalytical B.V., the Netherlands)
(Cu Ka radiation, 40 kV and 30 mA, 26 range 2-80°, step 0.02, counting time of
150 s). Qualitative analysis of the XRD patterns was performed using PANalytical
X’PertHighScore Plus software (version 3) and the ICDDPDF-2 database (2002).
The AMO samples were also studied using a TESCAN VEGA scanning electron
microscope (SEM; TESCAN Ltd. Czech Republic) equipped with an Oxford Link
X-Max 50 energy dispersion spectrometer (EDS; Oxford Instruments, UK).
The spectrometer was calibrated against the SPI (SPI supplies, USA) set of standards.

Chemical stabilization experiment

The soil was amended with 2% (w/w) of AMO; 50 g of soil and 1 g of AMO were
placed in a 100-ml PE bottle (P-lab, Czech Republic). Every 2 weeks, the soil was
homogenized by mixing and rewetted to 30% of the water-holding capacity (WHC)
using deionized water. The soils were incubated under these conditions for 2 and 6
months. The experiment was conducted in duplicate with procedural blanks (soil
without AMO amendment).

The change in the chemical fractionation of contaminants in the soil after
the application of the AMO was examined using the optimized BCR sequential
extraction procedure (SEP) (Rauret et al., 1999; Sutherland and Tack, 2002).
Although this chemical fractionation scheme was originally designed for metals, its
successful application has also been demonstrated for metalloids (Sb, As) (Ettler et
al., 2010). The sequential extraction steps should mobilize operatively defined
fractions: fraction 1-exchangeable/acid extractable, 2-reducible (targeting Fe and
Mn oxides), 3-oxidizable (targeting organic matter and sulphides) and 4-residual.
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The pH-dependent leaching according to the European standard CEN/TS 14997 was
performed in the pH range of 3-8 on the original soil and the AMO-amended soils
after 2 months and 6 months of incubation.

The bulk concentrations of major elements (Ca, K, Na, P, S, Si) in the leachates and
SEP extracts were determined using ICP-OES; trace metal(loid)s (Al, As, Cd, Cu, Fe,
Mg, Mn, Pb, Sb, Zn) were measured using ICP-MS (ThermoScientific Xseries”,
USA). The alkalinity of the samples with pH > 4.5 was measured by back titration
(0.05 M HCI) using a Schott TitroLine Easy automatic titrator (SchottInstruments
GmbH, Germany). Leachates from pH-static experiment were also analyzed for
dissolved organic carbon (DOC) using a Shimadzu TOC-LCPH/CPN analyzer
(Shimadzu Co., Japan).

The accuracy of the digestion/measurement procedure was con-trolled using parallel
digestions of standard reference materials SRM NIST 2710 A and 2711 A (Montana
soils) and SRM NIST 1643D (Trace elements in water); the accuracy of the SEP was
controlled by parallel extraction of CRM 483 certified reference material (Sewage
sludge amended soil) and was found to be satisfactory in all cases.

Data treatment

All the data were plotted and statistically treated using SigmaPlot 12 software (Systat
Software Inc. USA). The experimental data were evaluated using analysis of variance
(ANOVA) at P <0.05 using the Tukey test.

The PHREEQC-3 speciation solubility code (Parkhurst and Apello, 2013) was used to
determine the speciation of elements in the solutions and the possible oversaturation
of soil pore waters with respect to the solid phases. The T&H.dat database
(downloaded fromhttp://hydrochemistry.eu) containing binding constants for
dissolved organic matter (DOM) was used for all the calculations. The dissolved
organic matter was entered into the code as fulvate (Ettler et al., 2012).
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Results

Leaching of AMO

The AMO dissolution in water was highly pH-dependent and exhibited an L-shaped
leaching curve in the pH range of 3-8 with natural pH close to 7 (Fig. 4.1a).
The released Mn concentration was the highest at pH 3 (34.1 g kg™', 47% dissolved)
and decreased to 0.09 g kg'l at pH 8 (0.14% dissolved; Fig. 4.1a). The leaching at
different L/S ratios indicated a steady-state pH of the suspensions in the range
6.85-7.10. At these natural pH values, 0.2%, 4% and 9.2% of the total amount of Mn
was released at L/S 10, 100 and 1000, respectively (Fig. 4.2). Although slightly lower
Mn release was observed for ultrafiltered suspensions at 100 kDa and 5 kDa, no
statistically significant difference was observed, thus indicating no influence of
colloidal-sized AMO particles on the Mn concentration in the leachates (Fig. 4.2).
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Figure 4.1
The pH-dependent leaching of Mn from the AMO (a) and AMO-amended soil (b).
AMO: amorphous manganese oxide.
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Mn leaching from amorphous

manganese oxide (AMO) at the natural
pH as a function of the liquid-to-solid
(L/S) ratio (concentrations in mg/kg and
% dissolved). The values obtained at
L/'S=1000 for wvarious levels of
filtration/ultrafiltration of leachates are
statistically identical (ANOVA, P=0.180),
indicating that there is no influence of
colloidal-sized AMO particles on the Mn
concentration in the leachate.

Figure 4.3
Microphotographs  of  surfaces  of
amorphous manganese oxide (AMO)
after the pH-static leaching experiments.
(a) AMO surface after leaching at pH 3 v
(in secondary electrons, SE); (b) AMO Y < M arbo‘natg :
grains inassociation with residual Mn b e WA
oxalate (Mn-ox), some of the AMO grains o -
are coveredby aggregates of Mn
carbonate (rhodochrosite) (leaching at
pH 5, in backscattered electrons, BSE);
(c) AMO grain covered by secondary
rhodochrosite (leaching at pH 7, in BSE).
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The XRD analysis indicated that the original AMO was predominantly an amorphous
material with traces of hydrated Mn-oxalate (C,MnQO42H,0, PDF card 025-0544
with major diffraction line at 18.43° 28), being a residuum from the AMO synthesis
(Ettler et al., 2014). As revealed by XRD and SEM, AMO was highly dissolved at
pH 3 with residue consisting of only the X-ray amorphous material (Fig. 4.3a; XRD
data not shown). Secondary rhodochrosite (MnCO3) appeared in the diffractograms of
residues obtained by leaching at pH > 5 (PDF card 044-1472 with major diffraction
line at 31.36° 20) and was also observed on the AMO surface by SEM
(Fig. 4.3b, ¢).The PHREEQC-3 calculations indicated that, over the whole pH-range
of the leaching test, the leachates were undersaturated with respect to birnessite
(MnQ,) and pyrochroite (Mn(OH),) indicating the general tendency of Mn-oxides and
hydroxides to be dissolved (Table 4.2). Only under neutral and slightly alkaline
conditions, did hausmannite (Mn;0,), manganite (MnOOH) and pyrolusite (MnO,)
yield positive saturation indices (Table 4.2), but XRD and SEM did not document
their presence. However, the leachates were oversaturated with respect to
rhodochrosite at pH 6 and higher (Table 4.2), in relatively good agreement with
mineralogical observations.

Chemical fractionation of contaminants in soil treated with AMO

The changes in the chemical fractionation of the metals and metalloids after
the treatment with the AMO are reported in Fig. 4.4. The most “labile”
(exchangeable) fraction of contaminants was especially monitored and statistically
evaluated using ANOVA to investigate the effect of chemical stabilization. A simple
addition of AMO to soil (denoted in Fig. 4.4 as Soil + AMO) led to a statistically
significant decrease in the amount of As, Pb and Cd bound in the “labile” fraction and
the decrease was more pronounced after AMO aging. A decrease in the “labile”
fraction of Sb was not recorded immediately after the AMO amendment, but only
after the aging. After 6 months of incubation, the decrease in the “labile” fraction of
the following contaminants was statistically significant: As (from 5.30 to
2.51 mgkg™"), Pb (from 77.4 to 12.3 mg kg™), Sb (from 1.17 to 0.42 mg kg™).
In contrast to other contaminants, the decrease in the “labile” fractions of Cu and Zn
was not statistically significant and the efficiency of the AMO amendment in their
retention was not demonstrated (Fig. 4.4). Despite its statistical significance,
the decrease in the “labile” fraction of Cd after the AMO treatment was relatively
small (from 2.67 to 2.25 mgkg'); moreover, it is important to note that Cd is
predominantly bound in the “labile” fraction even after the AMO treatment and can
thus be potentially leached from all the studied soils.
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Table 4.2

Mean saturation indices of carbonates and Mn oxides for leachates obtained during
pH-static leaching experiments with amorphous manganese oxide (AMO) (calculated
by PHREEQC-3).

pH Calc Rhod Birn Haus Man Pyrol Pyroch
Ca003 MnC03 MI’IOQ Mn304 MnOOH MnOz Mn(OH)z

pH 3 3.02 -11.05 -5.40 -13.1 -20.53 -7.61 -10.92 -10.19
pH 4 4.00 -9.15 -3.52 994 -13.58 -5.07 -7.72 -8.31
pH 5 502 -7.13 -1.61 -9.10 -8.92 -3.69 -6.88 -6.40
pH 6 599 -522 0.05 -496 -1.46 -0.79 -2.74 -4.74
pH7 7.02 -3.11 1.63 -245 4.2 1.26 -0.23 -3.16
pH 8 8.01 -1.09 2.39 -0.38  7.81 2.68 1.84 -2.39
NaturalpH 7.06 -3.05 1.69 -13.2  -6.37 -4.06 -10.93 -3.10
L/S 100
[0.45 ym]® 6.85 nd® 0.77 -2.69 225 0.71 -0.47 -4.01
L/S 1000
[0.45um]® 7.10 nd 0.75 -3.68 1.23 0.21 -1.45 -4.03
L/S 1000
[0.1 ym]? 701 nd 0.55 -4.21 0.30 -0.16 -1.98 -4.23
L/S 1000
[100 kDa]* 7.03 nd 0.60 -2.85 1.76 0.55 -0.62 -4.18
L/S 1000
[5 kDa]® 6.96 nd 0.46 -1.93 2.39 0.93 0.29 -4.32

Calc: Calcite, Rhod: Rhodochrosite, Birn: Birnessite, Haus: Hausmannite, Man: Manganite,
Pyrol: Pyrolusite, Pyroch: Pyrochoite

? leaching test performed at a given liquid-to-solid (L/S) ratio and pore size of the filters used for
filtration/ultrafiltration of the leachates

® nd: not determined
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Figure 4.4

Chemical fractionation of metal(oid)s in the original soil and soil amended with
amorphous manganese oxide (AMO). Statistically significant differences for the
exchangeable fractions are indicated with different letters as obtained by ANOVA
(P<0.05) using the Tukey test.
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The pH-dependent metal(loid) leaching

Despite the fact that AMO has a tendency to dissolve partially in an aqueous
environment (Fig. 4.1a), the amendment was significantly less reactive when mixed
with the soil. The pH-dependent leaching of Mn in AMO treatments indicated steeper
leaching towards acidic conditions in comparison with AMO leaching in water
(Fig. 4.1b). Moreover, AMO aging led to its stabilization and significantly less Mn
was leached from AMO treatments after 6 months of incubation. Despite the fact that
a relatively high proportion of AMO from the amended soil still dissolved at pH 3
(41.3% after 2 months, 35.4% after 6 months), the AMO dissolution was significantly
lower at pH > 5 (0.2-9.0% after 2 months, 0.1-5.9% after 6 months) (Fig. 4.1b).

The ANC/BNC measurements performed prior to pH-static leaching indicated that
the natural pH of the original soil was 5.8 and increased after amendment with AMO
(pH 6.6 and 6.2 after 2 months and 6 months of incubation, respectively).
The pH-dependent releases of contaminants from the amended soils incubated for
2 and 6 months and comparisons with the original soils are reported in Fig. 4.5. Up to
62% of the total Cd and up to 20% of the total Zn were leached at pH 3. Whereas
practically no effect on the pH-dependent leaching after AMO amendment was
observed for Cd and Zn, a decrease in the leaching was observed for the other
contaminants. Increased time of incubation generally further decreased the leaching
of the metal(loid)s under acidic conditions, but not under neutral and slightly alkaline
conditions (Fig. 4.5). Copper was a minor contaminant in the studied soil and
exhibited U-shaped leaching as a function of the pH, with leached concentration
<1.1 mg kg (~3% of total Cu). The AMO amendment decreased the Cu leaching by
a factor of up to 2.8. The Pb leaching from the soil exhibited an L-shaped leaching
curve as a function of the pH with a maximum leached concentration of 39.9 mg kg™
at pH 3 (~3.6% of total Pb). The AMO treatment significantly decreased the leaching
of Pb, which is a major contaminant, by a factor of 8.3 and 7.0 at pH 3 and 4,
respectively. However, the leaching of Pb was not strongly affected by AMO
treatment at pH > 5 (Fig. 4.5). Arsenic leaching from the soil exhibited a U-shaped
leaching curve with the highest leached concentration at pH 8 (3.84 mg kg™'; ~3.3%
of total As). The AMO treatment was responsible for a significant decrease in the As
leaching by a factor of up to 4.9 after 6 months of incubation (Fig. 4.5). Antimony
leaching from the soil increased as a function of the pH with the highest leached
concentration at pH 8 (1.93 mgkg'; ~4.0% of total). The AMO treatment
significantly decreased the Sb leaching (by a factor up to 9.1) under all the studied
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The pH-static leaching of metal(loid)s from the original soil and soils amended with

amorphous manganese oxide (AMO).
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conditions. The overall decrease in the leaching of these four contaminants expressed
as % of the control (unamended) soil was as follows: As (20-60%), Cu (35-85%), Pb
(7-100% [not efficient for pH values in the range 5-7]) and Sb (11-45%)).

Contaminant leaching can also be related to the dissolution of soil organic matter. The
pH-dependent DOC leaching exhibited a U-shaped curve for the original soil and
both incubations (Fig. 4.6). The maximum leached concentrations at pH 8 reached
values of 83.6 mg L for the original soil and 66.7 and 51.8 mg L™ after incubation
for 2 and 6 months, respectively. Generally, lower DOC leaching was observed for
AMO treatments compared to the original soil (Fig. 4.6).
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Figure 4.6
Dissolved organic carbon (DOC) leaching as a function of the pH.

The PHREEQC-3 calculations indicated that all the leachates were highly
undersaturated with respect to several Mn-oxides and hydroxides, indicating no
secondary precipitation. In contrast to the AMO leaching in aqueous environments,
only soil leachates at pH > 6 were potentially oversaturated with secondary
rhodochrosite. Other secondary phases which could be also responsible for retention
of contaminants by sorption (Al- and Fe-oxides) were predicted by the PHREEQC-3
calculations to be oversaturated in leachates especially at circumneutral pH values.
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Discussion

Effect of L/S ratio and pH on the leaching of AMO

Leaching of solids at high L/S ratios indicates long-term stability of a given material
(Ettler et al., 2008) and consequently much higher dissolution of AMO can be
expected in a longer-term perspective when exposed to soil solutions. Our results on
leaching at various L/S ratios (Fig. 4.2) are in agreement with Della Puppa et al.
(2013), who observed that 0.24% and 5.7% of the AMO dissolved at L/S of 10 and
500, respectively. Despite the small amount of colloidal-sized particles in the original
AMO (3.28% of particles <1 pm), our leaching results on filtered/ultrafiltered
suspensions indicate that they do not affect the Mn leaching from AMO (Fig. 4.2),
probably due to its aggregation in soils (Ettler et al., 2014).

The pH-static experiments in an aqueous environment clearly indicate that the AMO
dissolution is pH-dependent, as was previously demonstrated in a long-term
weathering study in contrasting soils with various pH values (Ettler et al., 2014).
However, when used as an amendment in soil, its dissolution is significantly less
pronounced and supports the hypothesis about AMO “stabilization” in soil (Fig. 4.1).
The addition of AMO to the soil led to an increase in the natural pH of the soil due to
its partial dissolution connected with the release of OH™ ions (Michalkova et al.,
2014).

Effect of time and pH on metal(loid) stabilization by AMO

The efficiency of metal(loid) retention after application of a stabilizing agent is a key
parameter determining the chemical stabilization process in contaminated soils (Bolan
et al., 2014; Komarek et al., 2013). Previous investigations indicated that a novel
amorphous manganese oxide (AMO) has a high potential for adsorption of metals
(Della Puppa et al., 2013) and it was found to have highly promising applications for
remediation of polluted soils (Michalkova et al., 2014). The remediation potential of
a given amendment is often evaluated by various extraction methods (e.g., deionized
water, CaCl,, EDTA, acetic acid) and comparisons with untreated soil (Cheng and
Hseu, 2002; Mech et al., 1994; Michalkova et al., 2014; Tsang et al., 2013; 2014). For
example, Michalkova et al. (2014) recently demonstrated that soil amendment with
AMO led to a decrease in CaCl,-extractable Cu to 8% of the value in the control
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(untreated) soil and Pb concentrations decreased to values below the detection limit.
Although they are often criticized, sequential extraction procedures are also suitable
tools for assessment of the amendment efficiency in soils. Changes in the chemical
fractionation of contaminants after the addition of an amendment are commonly
evaluated, especially the most “labile” exchangeable fraction. Recently, Kumpiene et
al. (2012) demonstrated that the amount of As bound in the exchangeable fraction of
the sequential extraction significantly decreased in amine spoil treated with compost,
zerovalent iron and coal fly ash in comparison with the original spoil material;
moreover, the transfer of As to less available fractions and binding to Fe-oxides was
documented by X-ray absorption spectroscopy and microbeam X-ray fluorescence.
A statistically significant decrease in exchangeable fraction of metal(loid)s was
observed after amendment with Mn-oxide in numerous studies (e.g. Michéalkova et
al., 2014; Tsang et al., 2013) and was in agreement with our results for all the studied
contaminants except Zn (Fig. 4.4). Along with this trend, an increase of binding to
less available reducible fraction (Fe-oxides) was observed for Pb and mainly for
redox sensitive species such as As and Sb (Fig. 4.4), which is in agreement with other
soil remediation studies (Kumpiene et al., 2012; Michalkova et al., 2014).

Nevertheless, it is important to stress that the extraction efficiency of simple leaching
tests used for these evaluations is often dictated by the nature of the extracting
solution (pH, presence of ligands etc.) and potential pH changes in the environment
are not taken into account. The stability of the amended soil under a wider range of
pH conditions thus provides additional insights needed for assessment of
the treatment efficiency.

The pH-dependent leaching experiments performed on the original and stabilized
soils indicated that the AMO treatments were not efficient for Cd and Zn, where up to
62% and 20% of the total concentrations were leached, respectively (Fig. 4.5). This
phenomenon can be explained differently. It can be related to the fact that these
metals as usually found in smelter-polluted soils are often present in “labile” forms,
as revealed by sequential extraction data (Fig. 4.4; Chrastny et al., 2012; Ettler et al.,
2012). Moreover, the speciation of these contaminants in the soil pore water solution
can affect their binding to soil constituent by adsorption (Ettler et al., 2009; 2012).
Another explanation can be related to their direct sorption on AMO. Della Puppa et
al. (2013) reported that AMO is a more efficient sorbent for Pb and Cu than for Cd
and Zn. Moreover, the Cd and Zn sorption onto AMO was found to be highly
pH-dependent with the lowest sorption at pH 4 (~50%) in comparison with Cu
(~65%) and Pb (~95%) (Della Puppa et al., 2013).
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In contrast, relatively efficient chemical stabilization was found for Pb, As, Cu and Sb
despite the fact that only <4% of their total concentration was leached from the soil.
For all these contaminants, the efficiency was more pronounced under acidic
conditions with generally the highest decrease in leached concentrations in
longer-term incubations (6 months) (Fig. 4.5). Particularly high retention compared to
the untreated soil was observed for Pb under acidic conditions (pH 3-4) and can be
attributed to its strong binding to AMO (Fig. 4.5). Efficient sorption of Pb to
Mn-oxides (birnessite, todorokite, cryptomelane) originates from their low pH,y
values ranging between 1.75 and 3.50 (Della Puppa et al., 2013; Feng et al., 2007),
which is, however, not the case for AMO. It is also known that the sorption capacity
of birnessite for Pb is much higher than that for other metals (Cd, Cu, Zn), which is
generally explained by Pb occupancy in both the interlayer and surface edge sites of
Mn-oxides, while other metals occupy mostly interlayer sites (Wang et al., 2012a).
Nevertheless, contradictory data are available in the literature on the pH-dependent
adsorption edges of Pb on Mn-oxides. Whereas Della Puppa et al. (2013) reported
that Pb adsorption on AMO was almost pH-independent and was similar to that of
birnessite, Zaman et al. (2009) reported that Pb adsorption edges on MnO,
(unspecified from the mineralogical point of view) were between pH 5 and 6.
In addition, Villalobos et al. (2005a) also demonstrated a significant increase in the
Pb sorption capacity for 6-MnO, as a function of the pH (range 4-6.5).

When compared to Pb, Cu is much less efficiently sorbed onto Mn-oxides (e.g. Della
Puppa et al., 2013; Feng et al., 2007; Wang et al., 2012a). However, AMO application
to soils led to a decrease in the Cu leaching (35-85% of the control) (Fig. 4.5). The
leaching of As also decreased after AMO application to soils (20-60% of the control)
(Fig. 4.5); similarly, Bagherifam et al. (2014) demonstrated that, after the addition of
2% Mn-oxide to a polluted soil, the DTPA-extractable As decreased to 80% of
the control. Numerous studies demonstrated that As can be efficiently sorbed by
Mn-oxides, which also help to oxidize As(III) to As(V) (Chen et al., 2006 Ying et al.,
2012). Nevertheless, it can be extremely difficult to describe As sorption onto
Mn-oxides in the presence of other contaminants (metals). Villalobos et al. (2014)
recently demonstrated that As(III) oxidation increases with decreasing pH, but As(V)
sorption was higher at pH 6 than at pH 4.5. Other contaminants (Pb, Zn) decreased
As(IIT) oxidation due to site blockage, but in turn their presence increased As(V)
sorption (Villalobos et al., 2014). Higher Cu and As leaching from the original soil
and both treatments at pH > 7 are probably due to NaOH addition during the pH-static
leaching test, which promotes partial dissolution of soil organic matter (Fig. 4.6). Our
SEP data (Fig. 4.4) and other studies (Ettler et al., 2010; Michalkova et al., 2014)
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indicated that particularly Cu and As can occur insignificant proportions in the
oxidizable fraction of the sequential extraction (targeting soil organic matter).
Moreover, As is known to be generally more mobile at higher pH (Komarek et al.
(2013) and references therein). In comparison with other contaminants, contrasting
leaching patterns were observed for Sb with an increase in leaching as a function of
time. The AMO application led to a decrease in the Sb leaching in the range of
11-45% of the control (Fig. 4.5). Relatively little information is available on
the efficiency of soil amendments in Sb retention; a recent study by Bagherifam et al.
(2014) reported that, after soil treatment with 2% Mn-oxide, the DTPA- extractable
Sb concentration decreased by 50%, which is in agreement with our results.
An increase in leaching at pH > 7 can be partly related to dissolution of soil organic
matter, but may also be connected with the dissolution of soil Fe-oxides, which can
be highly responsible for Sb binding in smelter-affected soils (Ettler et al., 2010)
(an increase in Fe leaching as a function of the pH was documented, data not shown).
In addition, Wang et al. (2012b) recently demonstrated that Sb(V) sorption onto
manganite (y-MnOOH) is efficient under acidic conditions, but Sb can be desorbed at
pH > 6, which can also be partly responsible for increased Sb leaching after AMO
treatments at higher pH (Fig. 4.5).

Conclusions

Amorphous manganese oxide (AMO) was used as an amendment for a Pb smelter
polluted agricultural soil and the pH-dependent stability of the treatments was
evaluated after 2 and 6 months of incubation in the pH range 3-8. Sequential
extraction indicated that AMO treatments lead to a statistically significant decrease in
the “labile” fraction of As and Sb in the soil. The pH-static experiments indicated that
no effect of the AMO treatment was observed for Cd and Zn, whereas the leaching of
other contaminants decreased significantly compared to the original soil: As (down to
20% of the control), Cu (35%), Pb (7%), Sb (11%). The remediation efficiency was
more pronounced under acidic conditions and the time of incubation generally led to
increased retention of the studied contaminants. The AMO thus proved to be
a promising agent for chemical stabilization of multiple metal(loid)s in contaminated
soils. Its effects on the bioavailable concentrations of metal(loid)s and its applications
in field experiments are currently under investigation.
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Stability of an amorphous Mn oxide and its surface-modified form in soils

Abstract

A surface-modified amorphous manganese oxide (SM-AMOQO) was prepared to
increase the stability of a previously studied promising stabilizing agent and to
compare its immobilizing efficiency with respect to contaminating metals with the
original material. To synthesize the SM-AMO, the AMO surface was synthetically
covered with a coating of MnCO; because newly formed rhodochrosite precipitates
were previously found to increase the stability of AMO particles in soils.
A preliminary experiment evaluating the long-term stability of both materials in pure
water suggested higher stability for the SM-AMO particles, showing a smaller release
of Mn compared to the original AMO. An adsorption kinetics study focused on As,
Cd, Pb and Zn showed lower adsorption rates and adsorption capacity for Zn,
probably as a result of partial surface passivation. In comparison to these results for
simple controlled systems, different effects were recorded when the two materials
were applied to contaminated soils. When incubated in soil, a constantly lower mass
loss was recorded in the case of SM-AMO. There were no significant differences in
the release of Mn and DOC into the soil solution or in the stabilizing efficiency with
regard to contaminating metal(loid)s between the original and surface-modified
materials. Concerning the potential solid phase transformations in soil conditions, we
observed a gradual equilibration between both materials. While the newly formed
rhodochrosite precipitated on the AMO surface, the MnCO; coatings on SM-AMO
gradually dissolved, equilibrating the surface composition of the two materials. Both
amendments also effectively supported microbial activity, especially in the more
contaminated soil sample. Thus, despite the smaller mass loss, the effectiveness of
both materials is comparable in the long term.
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Introduction

Manganese oxides/hydroxides (generally referred as Mn oxides) are ubiquitous
minerals present in virtually all types of soils and sediments worldwide. They usually
occur as coatings or fine-grained aggregates with large surface areas, and, although
they are present in only small amounts, they are considered one of the main driving
factors controlling the partitioning of metals/metalloids between the solid and liquid
phases in soil (Post, 1999). Manganese oxides form strong inner-sphere complexes
with metals (e. g., Cd, Pb, Zn) (Lefkowitz and Elzinga, 2015; Qin et al., 2011) and are
thus able to reduce their bioavailability and bioaccessibility very effectively (Beak et
al., 2008; Hettiarachchi et al., 2000; Sapin-Didier et al., 1997). The ability of
manganese oxides to take part in various redox reactions is used to oxidize more
mobile and toxic As(II) to As(V) in remediation processes (Chiu and Hering, 2000;
Manning et al., 2002). In contrast, these materials are not considered to be suitable for
the remediation of Cr in the environment due to the risk of Cr(III) oxidation to Cr(IV)
(Landrot et al., 2012). The ability of Mn oxides to effectively scavenge
metals/metalloids has been used in many environmental applications, including
contaminated water treatment (Chang et al., 2008; Han et al., 2006; Liu et al., 2009;
Liu et al., 2016; Ocinski et al., 2016) and chemical stabilization of metals/metalloids
in contaminated soils (Ettler et al., 2015; Chen et al., 2000a, b; Komarek et al., 2013;
McCann et al., 2015; Michalkova et al., 2014; 2016).

In the last two decades, intensive research has been conducted in the field of chemical
immobilization of metals/metalloids in contaminated soils because this remediation
technique has the potential to be cheaper and less disturbing than conventional
remediation methods, e.g., soil excavation and landfilling (Kumpiene et al., 2008). In
this case, various stabilizing agents, including alkaline materials (Gray et al., 20006),
organic matter (Soares et al., 2015), phosphates (Sun et al., 2016), clays (Yin and
Zhu, 2016), zeolites (Shi et al., 2009), industrial waste and byproducts (Garau et al.,
2011), elemental Fe (Tiberg et al., 2016) or Fe (Kim et al., 2012), Mn (McCann et al.,
2015) and Al (Garcia-Sanchez et al., 2002) oxides are applied to soil to decrease
the mobility and bioavailability of contaminating metals/metalloids. The main
mechanisms involved in this process are considered to be adsorption, complexation
with organic ligands, (co-)precipitation or ion exchange (Kumpiene et al., 2008). To
date, most of the studies have focused on the stabilization efficiency of applied
amendments and information on the stability and potential transformations of
the applied materials in soil conditions remain scarce.
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In this study, a surface-modified amorphous manganese oxide (SM-AMO) was
prepared as a potentially more stable alternative to the original amorphous manganese
oxide (AMO), which has proven in our previous studies to be a highly efficient
stabilizing agent usable both for metal(loid)-contaminated soils (Ettler et al., 2015;
Michélkova et al., 2014; 2016). The affinity towards both cationic and anionic
contaminants was also confirmed by adsorption experiments when the recorded
adsorption capacities reached 2.24, 0.52, 4.02 and 0.46 mmol g'1 for Cd, Cu, Pb and
Zn, respectively (Della Puppa et al., 2013; Michélkova et al., 2014). The recorded
adsorption maximum for As was 1.79 mmol g, which represents one of the highest
adsorption capacities reported for As from the Mn oxide-based materials to date
(Michalkova et al., 2016). Although highly efficient, the drawback of this agent lies in
its relatively lower stability, especially at lower pH values, which may be followed by
increased dissolution of soil organic matter (SOM) (Ettler et al., 2014; Michalkova et
al., 2014). To minimize these unwanted effects, surface pretreatment with MnCO;
coating prior to the direct application of AMO particles to soil was proposed, as this
phase was found as the main alteration product on the surface of raw AMO particles
incubated in contaminated soils. It was observed that the formation of this layer was
connected with higher stability of AMO particles and decreased their oxidative effects
towards SOM as well (Ettler et al., 2014). Surface modification of the AMO particles
before their application could thus help to optimize the properties of this novel
promising stabilizing agent.

Materials and methods

Adsorbent synthesis and characterization

The amorphous manganese oxide (AMO) was synthesized according to Della Puppa
et al. (2013) using the modified sol-gel method for the preparation of birnessite
(Ching et al., 1997). The gel was then air-dried, finely milled and washed three times
with deionized water to obviate the synthesis residue on the AMO surface.
The surface-modified AMO (SM-AMO) was subsequently prepared by incubating the
material in deionized water saturated with CO,. For each batch, 3 g of AMO were
mixed with 30 mL of deionized water at 10:1 L/S and placed in a 50-mL burette.
The CO, was formed by dropping diluted HCI into NaHCO; (30 g of NaHCO; per
each batch), being captured and conducted into the AMO suspension. After the end of
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the reaction, the burettes were closed tightly. This procedure was repeated over
another three consecutive days and on the fifth day, the modified AMO particles were
filtrated and air dried. For comparison purposes, another set of AMO samples was
incubated in deionized water in an open system (one batch consisted again of 3 g of
AMO and 30 mL of deionized water) for the same amount of time as the samples
actively saturated with CO,.

The solid phases were identified using X-ray diffraction spectrometry (XRD;
PANalytical B.V., the Netherlands) (CuKo radiation, 40 kV and 30 mA, range
10-80° 26, step 0.02, counting time of 300 s), together with scanning electron
microscopy/energy dispersive X-ray spectroscopy (SEM/EDX; TESCAN Ltd., Czech
Republic) equipped with an EDX detector Bruker Quantax 125 eV. The accelerating
voltage was set to 15 kV, and element quantification was carried out using a Quantax
Esprit 1.9 software. Qualitative XRD analysis was performed using PANalytical
X’Pert HighScore Plus software (version 3) and the ICDD PDF-2 database (2003).
The pH of the studied oxides was determined in deionized water at 1:10 w/v, and
pH,,. was assessed using the immersion technique (Fiol and Villaescusa, 2009). The
specific surface was determined using the Brunauer-Emmett-Teller (BET) method
(Nova e-Series analyzer, Quantachrome Instruments, USA).

Characterization of model contaminated soils

For the purpose of this study, two models of soils contaminated with metals and As
were used. The first soil (Fluvisol) was collected from Litavka river alluvium heavily
polluted with As, Cd, Pb and Zn as a result of historical activity of a nearby Pb-
processing smelter in Pfibram (Czech Republic). The second soil (Leptosol) was
sampled at Smolotely village (Czech Republic), where As occurs naturally in
extremely high concentrations due to the presence of As-bearing minerals.

Soil samples were collected from the superficial layer (0—20 cm), air dried,
homogenized and sieved through a 2-mm stainless sieve. The particle size distribution
was determined using the hydrometric method (Gee and Or, 2002). Soil pH was
measured in suspension using a 1:2.5 (w/v) ratio of soil/deionized water or 1 M KCl
(ISO 10390:1994). The total organic carbon content (TOC) was determined using the
carbon analyzer TOC-L CPH (Shimadzu, Japan). The cation exchange capacity was
determined using the 0.1 M BaCl, extraction method (Carter and Gregorich, 2008).
The pseudo total concentrations of elements were determined using the US EPA aqua
regia extraction method (US EPA method 3051a) with microwave digestion
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(SPD-Discover, CEM, USA) and ICP-OES analysis (Agilent 730, Agilent
Technologies, USA). The fractionation of metals was determined using the BCR
sequential extraction procedure by Rauret et al. (2000) and the fractionation of As
was determined according to Wenzel et al. (2001a). The standard reference materials
2710a Montana Soil I (NIST, USA) and CRM 483 (Institute for Reference Materials
and Measurements, EU) were used for QA/QC. All chemicals used in the experiments
were of analytical grade.

Stability in pure water

Preliminary stability experiments were performed by agitating the AMO or SM-AMO
particles (w/v ratio of 1/50 and 1/500) in deionized water up to 4 weeks. The solution
was collected in periodic intervals, pH and Eh were measured and the contents of
elements were determined using ICP-OES. The experiment was performed in
duplicates.

Adsorption kinetics study

Adsorption experiments were used to evaluate the adsorption kinetics of the
metal(loid)s (As, Cd, Pb and Zn) present in the model soils in the tested materials. All
adsorption experiments were performed using 0.01 M NaNO; as the background
electrolyte. The kinetic study was performed in a suspension of 1 g L™ of the
AMO/SM-AMO and 0.1 mM L' of As, Cd, Pb and Zn, which were added as
Na,HAsO,*7H,0, Cd(NOs),*4H,0, Pb(NOs), and Zn(NO;),*6H,0, respectively.
The experiment was conducted separately for each metal(loid) and adsorbent.
The suspension was then agitated for up to 2 hours in the case of Cd, Pb and Zn and
24 hours in the case of As. The pH was adjusted continuously at pH 5 (Cd, Pb and
Zn) and 7 (As) using NaOH/HNO; and an automatic titration device (TitroLine alpha
plus, SI Analytics, Germany). Five mL of the suspensions were collected after each
time step in duplicates and filtered immediately through a 0.45-um nylon syringe
filter. Metal(loid) concentrations in the solutions were determined using ICP-OES.
The obtained kinetic data were modeled using the pseudo-second-order equation
(Michalkova et al., 2016).

Incubation batch experiments

Incubation batch experiments were performed to investigate the stability and
transformations of the AMO and SM-AMO particles in model contaminated soils,
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their influence on soil solution characteristics and the mobility of metals/metalloids.
The experiment was conducted in two variants in duplicates using the Fluvisol and
Leptosol soils. Firstly, to examine the possible transformations and stability of
AMO/SM-AMO particles, 1-g aliquots of AMO/SM-AMO were placed into
two-layered sealed polypropylene poaches. These poaches were then placed into
plastic pots together with 150 g of Fluvisol or Leptosol soil. The poaches were
situated approximately 3 cm from the bottom of the pot and rhizon samplers (mean
pore volume size 0.15 um; Rhizosphere Research Products, Netherlands), enabling
the collection of the soil solution below the poaches.

The second variant of the experiment focused mainly on the changes in
metal/metalloid mobility and other characteristics of soil solutions in
AMO/SM-AMO-amended soils. 200 g of soil samples were mixed with
AMO/SM-AMO at a concentration of 1% (w/w) and placed into plastic pot with
arhizon sampler as above. A control variant without any AMO was included. Pots
with and without poaches were watered with deionized water to maintain ~60-70% of
the water holding capacity. The experiment was performed in separate pots for time
intervals of 1, 2, 4 and 10 weeks. After these periods, the soil solution was collected.
The content of metals/metalloids and DOC (dissolved organic carbon) was
determined using ICP-OES and a TOC/DOC analyzer, respectively. The pH and Eh
of the soil solutions were monitored as well. In addition, the PHREEQC-3 speciation
solubility code (Parkhurst and Appelo, 2013) was used to determine the speciation of
selected elements in the solutions and the possible oversaturation of soil pore water
with respect to solid phases (saturation indices, SI). For this purpose, all the measured
parameters and concentrations of cations as well as anions were included. The
T&H.dat database was used for all the calculations, which enables the use of DOC in
the simulations as documented by Ettler et al. (2012). With reference to Bortivka et
Vécha (2006), who studied fractionation into fulvic acids (FA) and humic acids (HA),
and the fact that HA/FA ratio changes with pH and soil type, the dissolved organic
carbon was entered into the code as fulvate and humate i a model ratio of 1:1.
The content of inorganic carbon was calculated based on the partial pressure of CO,
(pCOy) in soils and on the assumption that pCO, affects the final pH (i.e., the actual
changes in pH during the incubation experiments were taken into account for each
simulation). The poaches with AMO/SM-AMO were extracted from the soil at
chosen time intervals and air dried, and the change in AMO/SM-AMO weight was
determined. The AMO/SM-AMO particles were subsequently examined using XRD
and SEM/EDX under the same conditions as described in chapter “Adsorbent
synthesis and characterization.”
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Additionally, the activity of soil microorganisms in the control soils and soils
amended with AMO/SM-AMO (1%, w/v) was determined. Soil samples were
collected at the same time as when the soil solution was collected and the microbial
activity was determined using a simple dehydrogenase assay (Rogers and Li, 1985).

PpH-static leaching experiments

The pH-static leaching experiments were performed to determine the influence of pH
changes on the leachability of metals/metalloids and stability of AMO/SM-AMO in
amended soils. Soil samples were mixed with AMO/SM-AMO at a concentration of
1% (w/w) and maintained at ~60-70% of the water holding capacity for 4 weeks.
A control variant without AMO/SM-AMO addition was included. An amount of 1.5 g
of dry soil was then watered with 15 mL of deionized water and leached for 48 hours
(CEN/TS 14997, 2006; Van Herreweghe et al. 2002) at pH 4, 5, 6, 7 and 8. The pH
was continuously controlled and adjusted using NaOH/HNO3. A variant with natural
soil pH (i.e., without pH adjusting) was also included. All experiments were
performed in triplicates. After the end of the experiment, the pH of samples without
pH adjustments was determined. All samples were then centrifuged (5000 rpm,
10 min) and filtered through 0.45-um nylon syringe filters. The Eh value was
measured in filtrates using a digital multimeter (Multi 3420,WTW, Germany).
Metals/metalloids and DOC concentrations in leachates were measured using
ICP-OES and a TOC/DOC analyzer, respectively.

Statistical analysis
All statistical analyses were performed using SigmaPlot 12.5 (StatSoft Inc., USA).

The experimental data were evaluated using analysis of variance (ANOVA) at
P < 0.05 using the Tukey test.

Results and discussion

Adsorbent synthesis and characterization

For the XRD spectra obtained for the original AMO, the samples incubated in water
saturated with CO, and water equilibrated with atmospheric CO, are depicted in
Fig. 5.1. The AMO particles incubated in water equilibrated solely with atmospheric
CO, showed almost the same pattern as the original ones, with no significant changes.
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Figure 5.1

Comparison of XRD spectra obtained for the original amorphous manganese oxide
(AMO) (a), AMO incubated in deionized water saturated with CO, (b) and AMO
incubated in water equilibrated with atmospheric CO, (c).

In contrast, the spectra received for particles incubated in CO,-saturated water
showed a significant increase in the intensity of the MnCO; peak, indicating the
presence of a newly formed carbonate phase. The Mn-oxalate was another phase
identified in all the examined samples, in agreement with previous observations of
Ettler et al. (2014). These results were further confirmed by SEM/EDX (Fig. 5.2),
where MnCOj; was found to form a coating on the original AMO particles. For that
reason, further experimental work addressed only original AMO particles and
surface-modified particles incubated in water saturated with CO, (SM-AMO).
The physico-chemical properties of the AMO/SM-AMO are summarized in
Table 5.1. The pH of SM-AMO was higher than that of the original AMO, but a
higher pH,,, was recorded in the case of the AMO. These values are lower than those
reported for the AMO by Della Puppa et al. (2013), probably due to the purification
washing step after the milling of the dry material that was added to the original
synthesis protocol.

Table 5.1
Physico-chemical properties of the amorphous manganese oxide (AMO) and its
surface-modified variant (SM-AMO).

pH PHape BET (m”g")
AMO 6.03 6.97 135
SM-AMO 6.43 6.29 189
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Figure 5.2
SEM images of original AMO particles (a) and AMO particles incubated in deionized
water saturated with CO; (b). AMO: amorphous manganese oxide.

Characterization of model contaminated soils

The basic physico-chemical properties of the studied soils are summarized in
Table 5.2. Both soils were slightly acidic. The Leptosol, as an insufficiently
developed soil, had a coarser texture and lower content of soil organic matter (SOM)
than the Fluvisol. In contrast, the Leptosol showed a higher cation exchange capacity,
mainly due to the significantly higher content of Fe oxides. The limit values set for
metals/metalloids in agricultural soils by the Ministry of the Environment of the
Czech Republic (Act No. 13/1994) were exceeded for As, Cd, Pb and Zn in the
Fluvisol and As in the Leptosol. Both soils differ in the origin of contamination.
Whereas the multi-metallic contamination of the Fluvisol originates from the
historical smelting activities and leachates from surrounding slag heaps, the high As
concentration in the Leptosol has its origin in the bedrock rich in As-bearing
minerals. Metal(loid) fractionation in the studied soils was evaluated using sequential
extraction procedures (Table 5.3). In the Leptosol, the largest portion of As (~67%)
was present in the fraction bound to amorphous and poorly crystalline hydrous oxides
of Fe, Al and Mn. Although the amount of As in the two most labile fractions, usually
related to non-specifically and specifically bound As, was relatively low (0.36 and
8.63%, respectively), the absolute amount of As bound in these fractions was still
very high due to the extreme As concentrations in the original soil. In the case of the
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Fluvisol, the largest fraction of As (72%) was present in the fraction associated with
amorphous and the poor crystalline hydrous oxides of Fe, Mn and Al, similarly to the

case of Leptosol. The major part of Cd and Zn in Fluvisol was present in the most
mobile exchangeable fraction (61% and 46%, respectively), whereas Pb was found
mainly in the reducible fraction (61%), usually associated with metals bound to Fe,

Mn and Al oxides.

Table 5.2

Basic physico-chemical characteristics of the studied soils. Limit concentrations of
metals/metalloids in agricultural soils are set according to the Ministry of the
Environment of the Czech Republic (Act No. 13/1994). <DL.: below detection limit.

Fluvisol Leptosol
PHH20 5.95 6.09
pHkci 5.14 4.87
CEC (cmol kg™") 9.08 £ 0.52 15.85 + 0.53
TOC (%) 2.15 1.16
Particle size distribution (%)
Clay (%) 7 6
Silt (%) 31 7
Sand (%) 62 87
Texture sandy loam loamy sand
Pseudo total metal concentrations (mg kg'1) (n=3) Limit concentrations
(mg kg
As 296 + 6 17 563 + 2798 30
Pb 3539 + 375 73112 140
Cd 39+ 1 <DL 1
Zn 4002 + 68 193+ 12 200
Cu 68 +3 51+5 100
Fe 37 408 £ 195 68 910 £ 4274 no limit
Mn 4276 + 34 1096 + 124 no limit
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Table 5.3
Fractionation of As, Cd, Pb and Zn in the studied soils.

Fractionation of As (sequential extraction by Wenzel et al. 2001) (mg kg'1) (n=3)

FA: FB: FC: FD: FE:
non- specifically bound to bound to residual
specifically adsorbed amorphous well- phase
sorbed and poorly crystallized
crystalline hydrous
hydrous oxides of
oxides of Fe, Fe, Al and
Al and Mn Mn
Fluvisol 0.16 £ 0.02 20.2 £ 0.1 214 + 4 459+ 84 16
Leptosol 64 +3 1516 + 96 11777 5753 £ 537 -
1968

Fractionation of metals in the Fluvisol (sequential extraction by Rauret et al.
2000) (mg kg™) (n=3)

FA: FB: FC: FD:
exchangeable reducible oxidizable residual phase
Cd 240+0.3 8.0+1.1 1.3+0.2 6
Pb 281+ 11 2165+ 176 705 + 93 388
Zn 1822 + 50 816 + 45 298 + 32 1066
Stability in pure water

The stability of the original and surface-modified AMO was preliminarily compared
in a simple system with deionized water based on the amount of Mn released into the
solution (Fig. 5.3). Generally, more Mn was released from both materials at the ratio
of 1/500 (w/v). In the case of both ratios used (i.e., 1/50 and 1/500), the release of Mn
was lower in the case of SM-AMO. Maximal recorded amounts of released Mn
corresponded to 7.6 and 5.7% of the total Mn contained in AMO and SM-AMO at the
ratio of 1/50, and 21.8 and 17.5% at the ratio of 1/500. The Eh measurements
confirmed oxidative conditions during the whole experiment with pH values ranging
from 6.6 to 7.1 (Fig. 5.4). Della Puppa et al. (2013) also examined the stability of
AMO particles in pure water over a period of 400 hours and observed two dissolution
steps for the ratio of 1/500 (w/v). The first one was reached within 20 hours and was
assigned to the release of weakly sorbed Mn. The second step was reached after
200 hours and could correspond to the dissolution of AMO particles. In our case,
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a slow gradual dissolution (i.e., release of Mn) of AMO/SM-AMO was observed
throughout the experiment. In contrast to Mn, the amount of released K (Fig. 5.5)
remained stable, in agreement with the observations of Della Puppa et al. (2013). This
was explained by the release of weakly sorbed K and KMnQ, residue on the particles’
surface; no K was found inside the birnessite structure synthesized according to
Ching et al. (1997).
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Figure 5.3
The amount of released Mn in time and at a w/v ratio (n=2). AMO: amorphous
manganese oxide, SM-AMO: surface-modified amorphous manganese oxide.
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pH (a) and Eh (b) values determined in solution after long-term agitation of the
amorphous manganese oxide (AMO; 1/50 and 1/500 w/v) and its surface-modified
variant (SM-AMO; 1/50 and 1/500 w/v) (n=2).
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Figure 5.5

Potassium content in solution after the long-term agitation of the amorphous
manganese oxide (AMO; 1/50 and 1/500 w/v) and its surface-modified variant
(SM-AMO; 1/50 and 1/500 w/v) (n=2).

Adsorption kinetics study

The adsorption kinetics of the studied metal(loid)s onto AMO/SM-AMO and the
corresponding amounts of released Mn are depicted in Fig. 5.6, and the modeled
pseudo-second order kinetic parameters are summarized in Table 5.4. When
recalculated to molar concentrations, the highest adsorption rate was generally
recorded in the case of Pb, being ~6, 9 and 21 times higher than in the case of Zn, Cd
and As, respectively (data for the AMO). These results correlate well with those
obtained in previous studies, where Pb had the highest affinity and adsorption
capacity towards AMO (Della Puppa et al., 2013; Michalkova et al., 2014; 2016).
These findings are in accordance with the strong potential of Mn oxides to bind Pb
(Beak et al., 2008; Feng et al., 2007; Villalobos et al., 2005). Comparing the original
and surface-modified AMO, a higher adsorption rate was observed in all cases for the
original AMO. However, the recorded equilibria times were similar for the two
materials. Although the adsorption rates differed between AMO and SM-AMO, both
materials reached almost the same equilibrium concentration of adsorbed
metals/metalloids in the case of Cd, Pb and As, yielding nearly 100% sorption of Pb
and As under given conditions. The only exception was Zn, for which SM-AMO was
able to adsorb 10% less than AMO. Decreased SM-AMO adsorption rate/capacity
compared to the AMO can be explained by the partial surface passivation with
MnCOs. Similarly, rhodochrosite formed on the birnessite surface and microbial
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activity passivated its surface, inhibiting further As(Ill) oxidation (Ying et al., 2011).
Regarding the amount of released Mn, there were almost no differences between the
original and surface-modified AMO at pH 5 (Figs. 5.6a2, b2 and c2), but the amount
of dissolved Mn was visibly reduced at pH 7 (Fig. 5.6d2) in the case of SM-AMO,
suggesting the possible dissolution of the MnCOj layer at lower pH values.
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Kinetics of Cd (a1), Pb (b1), Zn (c1) and As (d1) adsorption onto the tested materials
with corresponding amounts of released Mn (a2, b2, c2 and d2), initial metal(loid)s
concentrations of 0.1 mM (n=2). AMO: amorphous manganese oxide, SM-AMO:
surface-modified amorphous manganese oxide.

122



Stability of an amorphous Mn oxide and its surface-modified form in soils

Table 5.4

Pseudo-second-order kinetic parameters obtained for the adsorption of Cd, Pb and
Zn and pH 5 and As(V) at pH 7 onto the amorphous Mn oxide (AMO) and the
surface-modified amorphous Mn oxide (SM-AMO).

ka2 (9 mmol'1min'1) g (Mmol g'1) R?

Cd AMO 6.972 0.079 1.00
SM-AMO 2.813 0.078 0.99

Pb AMO 63.657 0.098 1.00
SM-AMO 18.063 0.098 1.00

Zn AMO 11.453 0.051 1.00
SM-AMO 5.130 0.041 1.00

As AMO 3.095 0.095 1.00
SM-AMO 0.820 0.095 1.00

Incubation batch experiments

The aim of the incubation experiments was to compare the stability and potential
transformations of AMO and SM-AMO directly in soil conditions and their possible
influence on the mobility of soil contaminants. The application of both materials
resulted in a significant increase in soil pH compared to the control (Table 5.5). As
the incubation time increased, the pH naturally decreased in all variants, including
control soils, yet the influence of AMO/SM-AMO application was still visible after
10 weeks, with the Fluvisol increasing in pH from 5.1 (Control) to 6 and 5.9. Another
situation occurred in the Leptosol, where, apart from an initial rapid increase, the pH
of the AMO/SM-AMO-amended variants decreased below the control after 10 weeks.
However, the results of the adsorption experiment might suggest a lower efficiency of
SM-AMO with regard to the immobilization of metals/metalloids in soils; the
effectiveness of both materials was in general very similar, yielding just few
differences between the original and surface-modified AMO particles. Both materials
(application of 1% w/w) were able to decrease the amount of Cd and Zn in the
Fluvisol solution by 64% and 77% of the control (Figs. 5.7a, ¢), whereas the Pb
concentrations decreased below the limit of detection (Fig. 5.7b) after 10 weeks.
The behavior of the target metals may be related to the potential precipitation of
carbonates. Although most of the solutions were undersaturated (SI < 0) with respect
to metal carbonates, otavite (CdCOs3), smithsonite (ZnCO;) and cerussite (PbCO3)
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were predicted to be the main solubility-controlling phases, yielding SI close to zero
(Table 5.6). Moreover, the precipitation of Al/Fe oxyhydroxides might be responsible
for further sorption of metals. Rhodochrosite (MnCO;) was the only Mn-phase
predicted to have positive saturation indices in all of the Fluvisol solutions
(Table 5.6). The amount of As in the Leptosol solution (Fig. 5.7d) in amended
variants decreased significantly at the beginning of the experiment but subsequently
increased gradually with the incubation time towards control values. This progression
was probably connected with the drop in pH observed in the
AMO/SM-AMO-amended variants (Table 5.6) because we have recently shown that
the adsorption of As onto AMO generally decreases with decreasing pH (Michalkova
et al., 2016), which is in contrast to other studies (Dixit and Hering, 2003; Zhang et
al., 2016). In addition, the behavior of As is related to important speciation changes as
predicted using the PHREEQC-3 code. In particular, different As speciation clearly
reflected the decrease in pH (Bowell et al., 2014 and references therein); i.e., the form
of HAsO,” prevailed at the beginning (>70%), while an increasing trend was
observed for H,AsO,’, reaching nearly 100% after 10 weeks for both AMO/SM-AMO
(Table 5.7). A different charge of the species is probably responsible for their
different sorption affinities. Further, negative SI for Al/Fe oxyhydroxides calculated
with increased time (Table 5.6) indicated the potential dissolution of such phases,
which can subsequently enhance the release of As (Davranche et al., 2013).

Table 5.5

The pH of the soil solution from the Fluvisol and the Leptosol. AMO: amorphous
manganese oxide (1%, w/w), SM-AMO: surface-modified amorphous manganese
oxide (1%, w/w), w: week(s) (n=2).

Fluvisol Leptosol
1w 2w 4w 10w 1w 2w 4w 10w

Control 573+ 568+ 519+ 511+ 597+ 580+ 548+ 531+
0.09 0.09 0.07 0.07 0.04 0.1 0.02 0.05

AMO 731+ 6.83+ 657+ 6.00+ 780+ 654+ 5681+ 500+
0.05 0.04 0.07 0.21 0.07 0.39 0.06 0.09

SM-AMO | 716+ 664+ 6.49+ 590+ 749+ 683+ 576+ 491+
0.06 0.13 0.08 0.12 0.80 0.26 0.02 0.02
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Figure 5.7

Characteristics of the soil solutions obtained from soils homogenously mixed with the
stabilizing amendments: concentrations of Cd (a), Pb (b), Zn (c) and DOC (e) in
solutions from the Fluvisol concentration of of As (d), DOC (f) in solutions from the
Leptosol (n=2) and activity of soil dehydrogenase in Fluvisol (i) and Leptosol (j) (n=3).
C: control, AMO: amorphous manganese oxide (1%, w/w), SM-AMO:
surface-modified amorphous manganese oxide (1%, w/w), <dI: values below the limit
of detection. Statistical evaluation is performed separately for every single time
interval, data with the same letter represent statistically identical values (P<0.05).
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Table 5.6
Saturation indices of selected solubility-controlling phases calculated by PHREEQC-3 in solutions from mixed soil samples.
AMO: amorphous manganese oxide (1%, w/w), SM-AMO: surface-modified amorphous manganese oxide (1%, w/w).

Cerussite (PbCO;)  Otavite (CdCO5) S’?g’gg’;)’ te Boehmite (AIOOH) Fe(OH); R"‘;,‘l'ﬂzcé’g:)s" te

Fluviso. ~ AMO  SM-AMO  AMO  SM-AMO  AMO  SM-AMO  AMO  SM-AMO  AMO  SM-AMO  AMO  SM-AMO
Tweek  -1.47 118  031° 008  -013  -0.38 i 0.41 1.35 1.40 2.73 2.47
weeks  -1.51 109 -029  -051 058 071 - 0.60 1.03 0.90 2.20 2.03
4weeks  -1.26 1.31 038 068  -0.71 -0.88 0.66 0.38 0.59 0.52 2.08 1.89
10 weeks  -1.01 140  -037  -088  -069  -1.03 - - -0.61 -0.34 1.75 1.44
Boehmite (AIOOH) Fe(OH); Rh‘;mcé’g;s" te

Leptosol AMO  SM-AMO  AMO  SM-AMO  AMO  SM-AMO
1 week - 0.12 - 1.85 1.48 0.87
2 weeks - - - - -1.55 0.57
4 weeks - 1.16 - 473 078 133
10 weeks - - - - -2.46 -2.67

? Oversaturation of the solutions with respect to the solid phases is indicated in bold.
®_; not calculated



Table 5.7

The effect of AMO/SM-AMO treatment on the distribution of selected species calculated by PHREEQC-3. AMO: amorphous
manganese oxide, SM-AMO: surface-modified amorphous manganese oxide.

Mn** MnHCO;" MnCO; Zn** ZnHCOs' ZnCO;
’; ’(;’L‘,’ésh‘zs AMO SM-AMO AMO SM-AMO AMO SM-AMO AMO  SM-AMO AMO SM-AMO AMO SM-AMO
1 week 63.6% 51.2% 35.2% 46.7% 1.18% 2.16% 54.6% 41.7% 42.9% 53.9% 2.54% 4.42%
2 weeks 73.0% 71.5% 26.5% 28.2% 0.47% 0.25% 65.4% 63.8% 33.6% 35.7% 1.05% 0.57%
4 weeks 66.4% 76.5% 33.2% 23.3% 0.34% 0.18% 58.1% 69.6% 41.2% 30.0% 0.74% 0.42%
10 weeks 66.4% 75.3% 33.5% 24.5% 0.16% 0.13% 58.1% 68.2% 41.6% 31.5% 0.35% 0.31%
Fluvisol — mix AMO SM-AMO AMO SM-AMO AMO SM-AMO AMO  SM-AMO AMO SM-AMO AMO SM-AMO
1 week 58.1% 71.4% 23.8% 18.6% 18.1% 9.99% 42.3% 58.1% 24.6% 21.5% 33.1% 20.4%
2 weeks 69.5% 76.0% 24.4% 20.7% 6.17% 3.34% 58.2% 66.9% 28.9% 25.7% 13.0% 7.39%
4 weeks 67.1% 76.3% 28.9% 21.3% 4.00% 2.44% 56.8% 67.8% 34.7% 26.8% 8.51% 5.44%
10 weeks 59.7% 69.6% 38.9% 29.5% 1.45% 0.86% 50.4% 61.3% 46.5% 36.8% 3.07% 1.90%
Mn** MnHCOs* MnCO; H,AsO; HAsO/Z
L;f;g;‘e”s g AMO SM-AMO AMO SM-AMO AMO SM-AMO AMO SM-AMO AMO SM-AMO
1 week 83.6% 76.1% 15.2% 23.1% 1.20% 0.79% 83.5% 91.9% 16.5% 8.13%
2 weeks 74.5% 68.8% 25.1% 30.8% 0.38% 0.38% 96.1% 96.7% 3.89% 3.32%
4 weeks 69.1% 67.2% 30.2% 32.5% 0.71% 0.29% 93.8% 97.6% 6.20% 2.40%
10 weeks 63.9% 65.1% 35.9% 34.6% 0.23% 0.26% 98.2% 97.9% 1.81% 2.07%
Leptosol - mix AMO SM-AMO AMO SM-AMO AMO SM-AMO AMO  SM-AMO AMO SM-AMO
1 week 91.6% 94.8% 2.46% 2.36% 5.96% 2.82% 15.0% 27.0% 85.0% 73.0%
2 weeks 99.2% 90.8% 0.68% 7.21% 0.09% 1.89% 77.1% 62.3% 22.9% 37.7%
4 weeks 90.5% 88.9% 9.24% 10.8% 0.23% 0.24% 94.4% 95.0% 5.60% 4.97%
10 weeks 72.0% 67.0% 27.9% 33.0% 0.10% 0.10% 99.0% 99.2% 1.02% 0.84%
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Furthermore, AMO/SM-AMO particles were analyzed to examine the stability and
transformations of both materials. A higher mass loss was recorded consistently for
AMO at all time intervals (Fig. 5.8), showing an increasing tendency in time. After
10 weeks of incubation in both soils, the mass loss recorded for the SM-AMO was
~40% lower than that of the AMO. Interestingly, this weight loss did not correlate
with Mn concentrations found in corresponding soil solutions. While the recorded
weight losses were almost identical for the two soils (Figs. 5.8al, b1), the amount of
released Mn was 2 orders of magnitude lower in the case of the Leptosol (Fig. 5.8b2)
compared to Fluvisol (Fig. 5.8a2). Additionally, there were no significant differences
in Mn concentrations in the soil solution from AMO and SM-AMO-amended
variants, which was probably caused by the possible readsorption/precipitation of
released free Mn species in soil. Although the total Mn concentrations were similar,
PHREEQC-3 calculations showed differences in Mn speciation (Table 5.7). Whereas
a higher portion of free Mn®" was present in the SM-AMO-amended Fluvisol, the
opposite trend was recorded in the case of the Leptosol. Based on XRD and
SEM/EDX analyses, we observed equilibration between both materials with time,
which was further confirmed by PHREEQC-3 calculations showing no significant
differences in rhodochrosite precipitation in the long term between AMO and
SM-AMO (Table 5.7). According to XRD, an increased intensity of MnCO; peaks
was recorded after 1 week of incubation of the AMO in both soils, which
subsequently remained relatively stable over the experiment. These results were in
accordance with those obtained from SEM/EDX analysis (Fig. 5.9 and Table 5.8).
Based on percentual atomic surface concentrations (Table 5.8), the formation of
carbonates is suggested after AMO application even after the 1-week incubation in
soil. In the case of SM-AMO, the intensity of MnCO; peaks decreased gradually,
suggesting the dissolution of the MnCO; layer, which was reflected also by the
decreasing C content on the SM-AMO surface (Table 5.8) and visual reduction of the
rhodochrosite cover (Fig. 5.9). This decrease was more pronounced in the case of
Leptosol probably due to the lower pH.
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Weight loss of the materials incubated in the Fluvisol (a1) and Leptosol (b1) with
corresponding Mn concentrations detected in soil solutions (n=2).

C: control, AMO: amorphous manganese oxide, SM-AMO: surface-modified
amorphous manganese oxide. Statistical evaluation is performed separately for every
single time interval, data with the same letter represent statistically identical values

(P<0.05).

Table 5.8

Atomic concentrations on surfaces determined by EDX for original materials and

particles incubated in soil for 1 and 10 weeks.

AMO: amorphous manganese oxide, SM-AMO: surface-modified amorphous
manganese oxide, (n=2).

C (at. %) O (at. %) Mn (at. %) K (at. %)
AMO 6.76 £1.93 70.01 £ 2.40 22.87 +0.55 0.57 £0.12
SM-AMO 31.70 £ 4.76 59.29 + 3.42 8.91 £ 1.50 0.02 + 0.00
Fluvisol
AMO 1w 15.71 £ 0.20 59.41+0.13 24.53 +0.17 0.23 +0.10
AMO 10 w 15.84 + 3.59 63.36 + 1.49 20.56 + 2.04 0.13 + 0.06
SM-AMO 1w 25.72+7.29 56.26 = 0.10 17.77 £7.07 0.09 + 0.08
SM-AMO 10 w 25.12 + 4.74 56.01  1.50 18.62 £ 3.18 0.06 + 0.03
Leptosol
AMO 1w 15.99 + 1.18 58.25 + 5.67 25.01+4.16 0.38 £ 0.04
AMO 10 w 12.84 +0.40 62.87 + 0.34 24.01+0.71 0.13+0.03
SM-AMO 1w 22.46 +1.32 54.22 + 0.89 23.07 + 1.54 0.13 £0.02
SM-AMO 10 w 13.96 + 0.15 63.58 + 0.07 22.29 +0.23 0.07 + 0.04
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Fig. 5.8

SEM images of the original
amorphous manganese oxide
(AMO) and its surface-
modified variant (SM-AMO)
and the same materials
incubated in the Fluvisol (Flu)
and the Leptosol (Lep) for
1 and 10 weeks.
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Microbially induced rhodochrosite formation on birnessite surfaces has been
repeatedly demonstrated as a consequence of both bioreduction of Mn(IV) present in
the birnessite structure and CO, generated by microbial respiration (Fisher et al.,
2008; Johnson et al., 2016; Lovley and Phillips, 1988; Ying et al., 2011). In contrast
to the mentioned studies operating with simple systems (one mineral phase, one
microbial species, one source of organic C), Ettler et al. (2014) observed
rhodochrosite formation at the AMO surface after 30 days of incubation and
emphasized the extent complexity of the soil system and resulting difficulties
connected with the interpretation of complex reactions involving both
physico-chemical and biological (i.e., microbial in this case) mediators.

To evaluate the influence of the tested materials on microbial activity in contaminated
soils, a widely used and simple soil dehydrogenase assay (Fig. 5.7i, j) was chosen due
to its non-specific nature, making it possible to involve the performance of the whole
microbial community (Carbonell et al., 2000). In this test, the microbial activity is
quantified indirectly based on TPF (1,3,5-triphenylformazan) production. In most
cases, AMO/SM-AMO addition increased microbial activity, and these changes were
more pronounced in the Fluvisol. The reason could be the generally higher toxicity of
the Fluvisol because the obtained TPF concentrations were an order of magnitude
lower than in the case of the Leptosol (the TPF production is supposed to be directly
proportional to microbial activity). Zinc is supposed to be the main toxic species in
the Fluvisol because a significant amount is present in the exchangeable fraction
(~1800 mg kg'; Table 5.3). Additionally, we recently observed extremely high
(i.e., in orders of g kg dry weight) concentrations of Zn in sunflower (Helianthus
annuus L.) tissues grown on this Fluvisol that were connected with leaves chlorosis
and growth inhibition (unpublished results). Thus, the reason for the increased
microbial activity after AMO/SM-AMO addition may be the lowered bioavailability
of contaminating metals/metalloids together with an increased amount of dissolved
organic matter (Fig.5.7g) in soil solution, which can be used as an additional
substrate and promote microbial growth (Michalkova et al., 2014). Additionally,
some microorganisms may mediate the bioreduction of Mn(IV) present in
AMO/SM-AMO to Mn(II). Increased microbial activity (and resulting increased
microbial respiration) recorded after the AMO/SM-AMO addition might elevate the
partial CO, pressure in soil, which may enhance rhodochrosite precipitation (Fisher et
al., 2008; Johnson et al., 2016; Lovley and Phillips, 1988; Ying et al., 2011). In
contrast, dissolution of AMO/SM-AMO may further promote SOM dissolution and
microbial growth.
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PpH-static leaching experiment

The aim of the pH-static leaching experiment was to observe the influence of pH on
the stability and stabilizing efficiency of the unmodified and surface-modified
materials. The application of both agents proved to increase the pH of the Fluvisol,
whereas the Leptosol with a higher natural pH was affected only by the SM-AMO
(Table 5.9). Concerning the changes in the leachability of the studied
metals/metalloids (Figs. 5.10a, b, ¢, d, e), the application of both materials yielded
generally very similar results with few exceptions in the natural (non-adjusted)
samples; the SM-AMO was more efficient in stabilizing Pb and As in the Fluvisol
(Figs. 5.10b and d) and As in the Leptosol (Fig. 5.10e). In contrast to static batch
incubations (Fig. 5.7), the concentration of released metals/metalloids was in this case
up to two orders of magnitude higher due to the more invasive experimental
conditions consisting of 48-hours constant agitating. For that reason, the decrease in
contaminant mobility after the addition of AMO/SM-AMO was not as pronounced as
in the case of static batches, as observed previously in our previous study
(Michalkova et al., 2016). The leachability of Cd and Zn in the Fluvisol
(Figs. 5.10a, c¢) decreased similarly with increasing pH and reached the highest values
at a lower pH (pH 4 and 5). At these pH values, the effect of the applied amendments
was also insignificant, becoming apparent at pH 6 (Zn) and 6.4 (Cd). Lead had the
lowest extractability at pH 5 and increased sharply towards neutral/basic pH values
(Fig. 5.10b). As Pb extractability usually decreases with increasing pH (Steinnes,
2013), this unusual behavior was probably connected with increased dissolution of
SOM at higher pH values (Fig. 5.10h) associated with the release of organically
bound Pb (~705 mg kg according to sequential extraction; Table 5.3). The highest
leachability of As from the Leptosol was recorded at pH 7, where SM-AMO was
found to be more effective than AMO. Manganese leaching (Figs. 5.10f, g) was
strongly pH dependent, decreasing with increasing pH, which is the same trend as
observed in our previous studies (Ettler et al., 2015; Michalkova et al., 2016). In this
case, almost no differences in the release of Mn between AMO and SM-AMO were
recorded, similarly to static batches.
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Table 5.9
The pH of the natural (non-adjusted) soil samples from the pH-static leaching
experiments. AMO: amorphous manganese oxide (1%, w/w), SM-AMO:
surface-modified amorphous manganese oxide (1%, w/w), (n=3).
Control AMO SM-AMO
Fluvisol 6.03 £ 0.01 6.58 £ 0.03 6.40 £ 0.05
Leptosol 6.43 + 0.06 6.39 £ 0.04 6.65 + 0.09
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Figure 5.10

The results of pH-static leaching experiment: Cd (a), Pb (b), Zn (c), As (d), Mn (f) and
DOC (h) concentrations in the Fluvisol extracts, and As (e), Mn (g) and DOC (i)
concentrations in the Leptosol extract (n=3). C: control, AMO: amorphous manganese
oxide (1%, w/w), SM-AMO: surface-modified amorphous manganese oxide
(1%, wiw), nat — variants with natural (non-adjusted) pH, <dl: values below the limit of
detection. Statistical evaluation is performed separately for every single pH value,
data with the same letter represent statistically identical values (P<0.05).
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Conclusions

To increase its stability, amorphous manganese oxide was synthetically covered with
MnCQO; coatings (SM-AMO) because the newly formed rhodochrosite phase was
previously found to form on particles’ surfaces in soils, increasing their stability
(Ettler et al., 2014). A preliminary experiment was performed to evaluate the
long-term stability of both materials in pure water. The SM-AMO particles showed
a lower Mn release compared to the original AMO. A study of the adsorption kinetics
of As, Cd, Pb and Zn showed lower adsorption rates and adsorption capacity for Zn,
probably due to partial surface passivation of the SM-AMO. However, the effects
recorded in soil systems were different from those obtained in simple controlled
systems (i.e., stability in pure water and adsorption kinetics). When applied to soil,
a lower mass loss was recorded in the case of SM-AMO. In addition, neither
significant differences in the Mn and DOC release into soil solution nor differences in
the stabilizing efficiency towards contaminating metal(loid)s between the original and
surface-modified materials were observed. Concerning the potential AMO/SM-AMO
alterations in soil conditions, differences in the surface composition (i.e., amount of
precipitated rhodochrosite) gradually disappeared with increasing incubation time.
While the newly formed rhodochrosite precipitated on the AMO surface, the MnCOj3
coating on the SM-AMO gradually dissolved and reached a new equilibrium between
the AMO and rhodochrosite. Both amendments also positively influenced microbial
activity, especially in the soil with higher available metal concentrations. It can thus
be concluded that despite the lower mass loss, both materials are comparably efficient
in the long term and the preliminary modification of the AMO surface is not
necessary. However, the amendment should be applied only to alkaline, neutral or
slightly acidic soils to prevent its dissolution.
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Abstract

An amorphous manganese oxide (AMO) synthesized in our previous studies showed
an importnat stabilizing potential for metals and As in contaminated soils, but its
influence on green plants have not been investigated yet. For this reason, experiments
with rhizoboxes were performed in order to evaluate the AMO influence on mobility
of metal(loid)s in rhizosphere and bulk soil of sunflower (Helianthus annuus L.)
plants. Concerning the fractionation of metal(loid)s in soil, the AMO was able to
effectively reduce water- and 0.01 M CaCl,-extractable fractions of Cd, Pb and Zn.
The decreased bioavailability of contaminating metal(loid)s resulted in significant
increase of microbial activity in AMO-amended soil being ~3.5 fold higher in the
rhizosphere and ~9-fold higher in bulk soils compared to the control. Together with
metal(loid) extractability, the AMO was also able to significantly reduce the uptake of
metals and ameliorate plant growth. The former was important especially in the case
of Zn as this metal was taken up in excessive amounts from the control soil causing
strong phytotoxicity and even death of young seedlings. On the other hand, AMO
application lead to significant release of Mn that was readily taken up by plants.
Resulting biomass concentrations exceeded Mn toxicity tresholds while plants were
showing emergent Mn phytotoxicity symptoms. Therefore, AMO should be applied
only to neutral or alkaline soils.
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Introduction

Chemical stabilization of metals/metalloids in contaminated soils using various types
of amendments is a perspective method of soil remediation. In this technique,
different organic and inorganic materials are applied to soil in order to decrease the
mobility and also the bioavailability and bioaccessibility of contaminating
metals/metalloids. This can be reached by the adsorption, complexation with organic
ligands, ion exchange or surface precipitation (Kumpiene et al., 2008). Besides
chemical stabilization, living plants (together with associated microorganisms) can
take part in contaminants immobilization in soil and may therefore prevent potential
additional contamination spreading (Pulford and Watson, 2003). In fact, combination
of chemical and phyto-stabilization is often used in projects focused on restoration
and revegetation of contaminated sites. In this case, stabilizing amendments are
applied prior to phytostabilization in order to decrease the phytotoxicity and
bioavailability of contaminants and promote subsequent plant growth (Yang et al.,
2016). Potential stabilizing agents thus should be tested first at laboratory level not
just with regard to their adsorption properties or potential to immobilize
metals/metalloids in “pure” soil, but attention should be paid also to their effects and
behavior when applied in combination with living plants.

As previously shown in some stabilization studies (Friesl et al., 2006; Torri and
Lavado, 2009), results obtained from simple “soil+amendment” systems do not
necessarily correlate with those from systems with plants. Even when plants are used
in the experimental design, changes of metal mobility in soil do not always
correspond to changes in metal uptake. For example, McBride and Martinez (2000)
performed a pot experiment testing the efficiency of various stabilizing amendments
on immobilization of metals in a contaminated soil together with the influence on
maize (Zea mays L.) growth. In this case, ferrihydrite was able to reduce the amount
of 0.01 M CaCl,-extractable Cu in soil by 93%. Yet, no effect of this amendment on
reduction of Cu uptake by maize was recorded. The potential phytotoxicity of applied
amendments has to be taken into account as well, as the amendment itself may harm
the plant growth. Oustriere et al. (2016) tested poultry manure derived biochar alone
and in combination with iron grit for stabilization of Cu in contaminated soil.
Application of this material resulted in 4- to 10-fold increase of Cu in pore water
together with significant reduction of biomass yield of roots and shoots of dwarf bean
(Phaseolus vulgaris L.).
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In our previous studies (Michalkova et al., 2014; 2016), the synthesized amorphous
manganese oxide (AMO) proved to be a highly effective amendment in decreasing
the mobility of Cd, Cu, Pb, Zn and As in contaminated soils. Despite these promising
results, all experiments to date were conducted using only soil - the influence of
AMO on living plants has not been examined yet. Additionally, Ettler et al. (2014)
pointed out the potential phytotoxicity of free Mn”" ions released at increased levels
to soil solution after AMO application. The aim of this study was therefore to
determine the influence of AMO application on mobility of metals in bulk soil and
sunflower (Helianthus annuus L.) rhizosphere together with its effects on plant
growth and metal uptake.

Materials and methods

Material synthesis and characterization

The amorphous manganese oxide (AMO) was synthesized according to Della Puppa
et al. (2013) using the modified sol-gel method for preparation of birnessite (Ching et
al., 1997). The pH of the studied oxides was measured in deionized water at 1:10 w/v,
pH,,. was determined using the immersion technique (Fiol and Villaescusa, 2009) at
1.25:100 w/v. The specific surface was determined using the Brunauer-Emmett-Teller
(BET) method and a Nova e-Series analyzer (Quantachrome Instruments, USA).

Soil characteristics

For the purpose of the study, a model multi-metal contaminated soil was used. The
soil (Fluvisol) was collected in the Litavka river alluvium heavily polluted with As,
Cd, Pb and Zn as a result of historical activity of a nearby Pb-processing smelter in
Ptibram (Czech Republic). Soil samples were collected from the superficial layer
(020 cm), air dried, homogenized and sieved through a 2-mm stainless sieve.
Particle size distribution was determined using the hydrometric method (Gee and Or,
2002). Soil pH was measured in suspension using a 1:2.5 (w/v) ratio of soil/deionized
water or 1 M KCI (ISO 10390:1994). Total organic carbon content (TOC) was
determined using the carbon analyzer TOC-L CPH (Shimadzu, Japan). Cation
exchange capacity was analyzed using the 0.1 BaCl, extraction (Carter and
Gregorich, 2008). Total concentrations of elements in soil were determined using the
digestion in HNO;/HF under microwave conditions (SPD-Discover, CEM, USA) and
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inductively-coupled plasma optical emission spectrometer (ICP-OES, Agilent 730,
Agilent Technologies, USA). Fractionation of metals in soil was determined using the
modified BCR extraction by Rauret et al. (1998) and As fractionation was determined
according to Wenzel et al. (2001a). The standard reference materials 2710a Montana
Soil T (NIST, USA) and CRM 483 (Institute for Reference Materials and
Measurements, EU) were used for QA/QC. All chemicals used were of analytical
grade.

Rhizobox experiment

Rhizoboxes are special devices designed to enable easy separation of rhizosphere soil
from plant roots using a nylon nano-membrane (Wenzel et al., 2001b). Experiments
in rhizoboxes were performed in order to evaluate the influence of applied stabilizing
amendment (AMO) on the mobility of metals in soil together with its interactions in
the sunflower (Helianthus annuus L.) rhizosphere. Firstly, soil was mixed with the
AMO (1%, w/w) and watered with deionized water for 4 weeks in order to maintain
60-70% of the water holding capacity. After that, soil compartments of the rhizoboxes
were filled with the soil and 10 sunflower seeds were planted in each rhizobox.
Rhizoboxes were randomly distributed on a bench in a glasshouse (20-25°C, 13 h
daylight/11 h darkness, photosynthetically active radiation 225 pE m~ s ', and
humidity of 60-80%) and watered with deionized water. After 30 days of growth, the
whole plants were harvested and stems and roots were separated. Rhizosphere soil
samples were collected as a 0.5 mm thin layer below the membrane impacted by the
roots. Samples of bulk soil were collected from the opposite part of the rhizobox and
were regarded as not influenced by root exudates. Immediately after the collection,
microbial activity in fresh soil samples was determined using the soil dehydrogenase
test (Rogers and Li, 1985).

Plant samples were washed with deionized water, dried at 60°C to constant weight
and weighed. The amount of 150 mg of each sample was than digested overnight at
150°C using 2mL H,0, and 8 mL of concentrated HNO;. The content of
metals/metalloids in digestate was determined using ICP-OES. Soil samples were air-
dried and subsequently analyzed. The pH of the samples was determined in the
suspension with deionized water (1:2.5, w/v). Soil samples were then extracted with
deionized water (1:10, w/v) for 2 hours, centrifuged and filted through 0.45 pm nylon
syringe filter. The Eh value was measured in the filtrate and contents of metals and
dissolved organic carbon (DOC) were determined using ICP-OES and TOC/DOC
analyzer, respectively.
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Statistical treatment

All statistical analyses were performed using SigmaPlot 12.5 (StatSoft Inc., USA).
The experimental data were evaluated using analysis of variance (ANOVA) at
P < 0.05 using the Tukey test.

Results and discussion

Soil and stabilizing agent properties

The amorphous manganese oxide (AMO) originally synthesized by Della Puppa et al.
(2013) was used in this rhizobox study as it proved to be highly efficient in
decreasing the mobile fraction of metals/metalloids in contaminated soils in our
previous studies (Michalkova et al., 2014; 2016). According to Della Puppa et al.
(2013), the pH and pH,,. of this material is 8.1 and 8.3, respectively, while the BET
surface was determined to be 135 m? g'1 (Michalkova et al., 2016). A contaminated
Fluvisol was used as a model contaminated soil (Table 6.1). This soil is heavily
contaminated with Cd, Pb, Zn and As due to occasional floods bringing the
contamination from historical Pb-smelter slag heaps in river surroundings. On the
basis of sequential extractions (Table 6.2), Zn is the most mobile contaminating
metal yielding more than 1800 mg kg™ in the exchangeable fraction. Although the
total amount of Pb is comparable with that of the Zn, this metal is much less available
yielding ~280 mg kg in the exchangeable fraction. The relatively highest mobile
metal was Cd as ~62% (i.e., 24 mg kg') of the total amount was present in the
exchangeable pool. In contrast, As showed quite low mobility being bound
predominantly to the reducible fraction (roughly corresponding to amorphous and
poorly crystalline oxides of Fe, Al and Mn).
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Table 6.1

Basic physico-chemical characteristics of the model contaminated soil. Limit
concentrations of metals/metalloids in agricultural soils are set according to the
Ministry of the Environment of the Czech Republic (Act No. 13/1994).

Fluvisol
PHh20 5.95
pHkci 5.14
CEC (cmol kg™ 9.08 + 0.52
TOC (%) 2.15
Particle size distribution (%)
Clay (%) 7
Silt (%) 31
Sand (%) 62
Texture sandy loam

Total metal concentrations (mg kg™') (n = 3) Limit concentrations (mg kg™")

As 296 + 6 30
Pb 3539 + 375 140
Cd 391 1
Zn 4002 + 68 200
Cu 68 + 3 100
Fe 37,408 + 195 no limit
Mn 4276 + 34 no limit
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Table 6.2

Fractionation of As, Cd, Pb and Zn in the contaminated soil.

Fractionation of As (sequential extraction by Wenzel et al. 2001a) (mg kg™")

(n=3).
FA: FB: FC: FD: FE:
non- specifically bound to bound to residual
specifically adsorbed amorphous well- phase
sorbed and poorly crystallized
crystalline hydrous
hydrous oxides of
oxides of Fe, Fe, Aland
Al and Mn Mn
As 0.16 £ 0.02 20.2+0.1 214 + 4 459+8.4 16

Fractionation of metals in the Fluvisol (sequential extraction by Rauret et al.,
2000) (mg kg™) (n=3)

FA: FB: FC: FD:

exchangeable reducible oxidizable residual phase
Cd 24.0+0.3 8.0+1.1 1.3+0.2 6
Pb 281 + 11 2165+ 176 705 £+ 93 388
Zn 1822 £ 50 816 + 45 298 + 32 1066
Fe 148+ 1.4 4243 £ 76 3481 + 373 29 669
Mn 189+ 5 2214 + 240 760 * 83 1113

Availability of metal(loid)s

The aim of the short study was to investigate the effect of AMO on plant growth and
metal(loid) uptake together with microbial activity and fractionation of metal(loid)s in
a contaminated soil as the potential (phyto)toxic effects are closely related to the
bioavailable metal(loid) pool in soil. As mentioned in the previous studies dealing
with AMO (Ettler et al., 2014; Michalkova et al., 2014; 2016), its application resulted
in significant increase of soil pH (Table 6.3), from ~6 to ~7 in water extract, yet there
were no observed significant differences between rhizosphere and bulk soil. The
availability of metal(loid)s in soil was determined using deionized water (DI) and
0.01 M CaCl, extractions similarly to other studies (Houba et al., 2000; Pueyo et al.,
2004; Sharmasankar and Vance, 1997; Xenidis et al., 2010) (Table 6.3). However, it
is needed to mention that the interpretation of the extractions results is more difficult
when dealing with rhizosphere soil than with soil samples not affected by plants. In
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the case of rhizosphere, the potentially extractable metal(loid) pool may be reduced
by plant and microbial uptake and differences in metal(loid) extractability between
rhizosphere and bulk soil are thus more complicated to explain. Extractability (by DI
and CaCl, as well) of all contaminating metals (Cd, Pb, Zn) decreased significantly in
AMO-amended soils compared to control. The stabilization effectiveness of AMO
was previously explained as a combined effect of pH increase favoring the sorption of
cationic metals and significant sorption capacities of AMO towards targeted metals
(Della Puppa et al., 2013; Michalkova et al., 2014). The only contaminant showing no
decrease after AMO addition was As in the case of DI extraction as the As contents in
CaCl, extracts were below the limit of detection. Here, AMO influence on As
mobility might be misrepresented by inappropriate experimental technique
(i.e., shaking with DI) as in our recent study (Michalkova et al., 2016) dealing with
the same soil, As contents in directly sampled soil solutions were below the limit of
detection just as in the case of the CaCl, extraction. On the other hand, AMO
application to acidic soils led to significantly increased concentrations of extractable
Mn which is an already known drawback of this agent (Ettler et al., 2014; Michalkova
et al., 2014). For that reason, its possible phytotoxic effects should be investigated in
this study.

Microbial activity in soil was evaluated using the soil dehydrogenase (DH) assay
(Fig. 6.1). This simple test is the most widely used soil enzymatic test enabling to
quantify the activity of the whole microbial community (Kumar et al., 2013). Despite
some criticism pointing at the dependence of DH activity on actual soil and site
conditions (Beyer et al., 1993), it remains a useful tool for comparing various soil
managements, remediation techniques etc. for one specific soil under the same
conditions. In our case, AMO application resulted in significant increase of DH
activity, which was ~3.5-fold higher in the rhizosphere and ~9-fold higher in bulk
soils. Concerning differences between rhizosphere and bulk soil, higher activity was
recorded in both cases (i.e., control and AMO-amended soil) in rhizosphere soil. This
is in accordance with the known ability of root exudation together with root
respiration to promote microbial growth and activity by supplying easily available C
sources while increasing at the same time the rate of soil organic matter (SOM)
decomposition (the so-called rhizosphere priming effect) (Kuzyakov, 2002;
Kuzyakov and Cheng, 2001).
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Figure 6.1

Soil dehydrogenase activity in control soil and soil amended with the amorphous
manganese oxide (AMO, 1% w/w). Data with the same letter represent statistically
identical values (P<0.05) (n=4).

Plant growth and metal uptake

Besides AMO influence on the fractionation of metal(loid)s in soil, its impact on
sunflower growth and metal uptake was investigated as well. Firstly, it is needed to
mention that the control soil itself proved as highly phytotoxic. After 30 days of
growth, plants were harvested as those in control variants virtually started to die. Zinc
is supposed to be the main contaminant responsible for the mentioned phytotoxicity.
Its high availability in soil was firstly suggested by the results of sequential extraction
(Table 6.2) where more than 1800 mg Zn kg' was present in the most labile
exchangeable fraction. Additionally, Zn had the highest extractability from the
studied elements (Table 6.3). According to Chaney (1993), monocots are generally
much more tolerant to increased Zn concentrations than dicots, and in fact, grasses
species were the only plants growing on the sampling site. Finally, Zn was found to
be present in extremely high concentrations also in sunflower tissues (Table 6.4)
yielding ~1470 mg g™ dry weight (DW) in shoots and ~17,700 mg g' DW in roots in
control soil. Sunflower is generally treated as a relatively metal-tolerant plant species
tested repeatedly for phytoextraction purposes (Hattab-Hambli et al., 2016; Lin et al.,
2009; Zalewska and Nogalska, 2004). Although Chaney (1993) refers to
300 mg Zn kg DW in leaves as a toxicity treshold for most of dicots, Zalewska and
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Nogalska (2004) did not observed toxic effects on sunflower even at concentrations
of 515 mg Zn kg DW. At a concentration of 898 mg Zn kg™ DW, the biomass yield
was significantly reduced. Concentrations reached in our experiment far exceeded
those reported as phytotoxic. By contrast, AMO application resulted in significant
reduction of Zn uptake decreasing the Zn concentrations in shoots and roots down to
~250 and ~2190 mg kg DW, respectively.

Concerning the effects on sunflower growth, biomass yield in AMO-amended
variants increased 1.7 and 3.4-times for shoots and roots compared to the control.
Root growth and development was significantly inhibited in the control soil
(Fig. 6.2), most probably as a result of Zn phytotoxicity. Li et al. (2012) investigated
Zn-induced phytotoxicity mechanisms involved in root growth inhibition of wheat
(Triticum aestivum L.). In their study, wheat seeds (and subsequently seedlings) were
exposed to solutions containing from 2 (control) to 197 mg Zn L. In their case, no
significant influence on seed germination was observed, yet all Zn doses (the lowest
of 34 mg L") significantly reduced root length and development. This inhibition
effect was more pronounced in the case of roots than shoots which is in accordance
with trend observed in our study (Table 6.4). The highest dose of Zn induced the loss
of viability of cells in the root tips and caused their increased lignification.

The other soil contaminants (Cd, Pb) were taken up just in limited extent, the contents
of As in sunflower tissues were below the limit of detection in all cases. All targeted
metallic contaminants were stored preferentially in the roots as compartmentalization
of potentially toxic elements in physiologically less active parts in order to protect
younger tissues (Rivelli et al., 2012). The extent of root to shoot translocation
depended on the particular metal. While the concentrations of Zn and Cd in shoots
was an order of magnitude lower than in roots, Pb was bound in roots more strongly
showing almost no translocation to shoot. These results are in accordance with
general abilities of mentioned metals to be transported within plants (Kabata-Pendias,
2011). As in the case of Zn, AMO proved efficient in decreasing Cd and Pb uptake.

Besides reduced root growth, chlorosis/necrosis developed on young sunflower leaves
grown in control soil as a symptom of Zn toxicity (Kabata-Pendias, 2011; Rout and
Das, 2003). Although visibly in better condition, leaves of sunflowers cultivated in
the AMO-amended soil showed before the end of experiment marks of emergent
necrotic brown spots as well. While the sunflowers from the control soil contained
excess of Zn, plants grown on AMO-amended soil taken up significant amount of Mn
released due to AMO dissolution resulting in concentrations about 4420 and
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7320 mg Mn kg DW in shoots and roots, respectively. Toxicity tresholds for Mn
differ significantly amongst plant species, yet most plants are affected at
concentrations above 500 mg Mn kg DW. In the case of resistant plant species or
genotypes, concentrations above 1000 mgMnkg'DW are possible while
hyperaccumulators may take up more than 10 000 mg Mn kg DW (Greger, 1999).
According to Kabata-Pendias (2011), appropriate Fe:Mn ratio (ideally between 1.5
and 2.5) is necessary for a healthy plant metabolism, while below this range, Mn
toxicity (and Fe deficiency) symptoms may occur. The calculated ratio of 0.013 for
sunflowers cultivated in AMO-amended soil thus strongly suggests Mn phytotoxicity
that probably started to manifest before the end of experiment. As in the case of Mn,
excess Zn concentrations also interfere with Fe uptake and translocation and may
result in Fe deficiency (Chaney, 1993; Fernando and Lynch; 2015; Rivelli et al.,
2012). The other elements impacted by AMO application were Mg and P, whose
concentrations in shoots were significantly lower in AMO-amended variants. But,
although Mg and P contents were reduced compared to control, their concentrations
remained within the range recorded for healthy sunflowers (Gunes and Inal, 2009;
Kotschau et al., 2014).

Although AMO application effectively reduced metal uptake and significantly
ameliorate sunflower growth compared to the control, toxicity symptoms related with
excess of Mn in plant tissues were recorded. Drawbacks concerning potential
phytotoxicity of Mn released from AMO in acidic soils (Ettler et al., 2014) were thus
confirmed in this case. AMO solubility was found to depend on factors like soil pH,
cation exchange capacity (CEC) or SOM content. In our recent studies (Michalkova
et al., 2016; Michalkova et al., submitted manuscript — Chapter V), we measured the
concentrations of Mn in soil solutions from Fluvisol (the same soil as used in this
rhizobox study), Chernozem (alkaline pH, high CEC) and Leptosol (high CEC, low
SOM content) amended with AMO (1%, w/w). Here, the recorded concentrations of
Mn in Chernozem and Leptosol solution were 1 to 2 orders of magnitude lower than
in the Fluvisol. As Mn uptake is fundamentally dependent on its availability in soil,
suitable soil conditions (neutral or slightly alkaline pH, lower content of SOM, higher
cation exchange capacity) may thus eliminate the risk of increased AMO dissolution
and subsequent excessive plant uptake.
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(b)

Figure 6.2
Roots of sunflower grown in control (a) and AMO-amended soil (b) after 25 days of
growth.
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Table 6.3

pH, Eh (mV) and concentrations of elements (mg kg™') in soil solutions extracted with deionized water and 0.01 M CaCl,. Data
with the same letter represent statistically identical values (P<0.05) (n=4).

pH Eh Mn Fe Zn Pb As Cd Cu Ni Mg Ca K Na Ti Al

Extraction with deionized water

Cw 599a 481a 13.2a 19.5a 51.2a 1.6a 0.18a 0.62a 0.74a 0.12a 12.7a 128a 101 6.3a 0.44a 23a
(0.10) (14) (11.2) (15.1) (14.7) (0.6) (0.15) (0.21) (0.22) (0.02) (3.3) (67) (49) (1.9) (0.34) (20)

AMO,, 7.23b 475a 37.4b  3.4a 3.8b 03b 011a 008 0.3%  0.03b  58b 31b 81 3.3b 0.07a  2.5a
%) (6.5) (1.0) (1.2) (0.1) (0.01) (0.02) (0.04) (0.01) (0.7) ) (40)  (0.4) (0.02) (0.7)

(0.16)
Cou 5.83a 515b 8.1a 535b  302c 4.2c 055b  0.32c  0.59ab 0.10ac 9.4ab  48b 40 3.6b 1.09  61b(9)
014 © @5 (6.9) 2.7) (0.5) (0.10)  (0.03)  (0.04)  (0.00)  (0.7) (22) (4  (0.8) (0.11)

AMOp, 7.090 506b 43.2b 52.0b 12.0d 3.5¢c  0.56b 0.14bc  0.57ab  0.09a 9.2ab 38b 73 3.1b 1.20b 61b (6)
(0.24) (7) (8.9) (5.9) (1.5) (0.5) (0.05) (0.01) (0.02) (0.02) (0.5) (7) (15) (0.5) (0.11)

ANOVA *kk *kk *kk Kk Kk *kk *kk ks %k ok *kk *% ns %% *kk Kk

Extraction with 0.01 M CaCl,

Cm n.a. na. 40a(9) 0.47a 480a 1.6a bdl 10.4a 0.27a 0.51a 74a(2) na. 110a 17.6a bdl 0.90a
(0.05) (23) (0.2) (0.2) (0.01) (0.03) (10) (10.2) (0.06)
AMO,, n.a. n.a. 585b 0.22b 48b 0.1b bdl 2.2b 0.13bc  0.10b 65b(4) n.a. 158b 7.3ab bdl 0.30bc
(42) (0.05) (26) (0.0) (0.7) (0.03) (0.02) (20) (1.0) (0.07)

Chu n.a. n.a. 53a 0.19b 363c 1.5a bdl 9.1c 0.17b 0.45¢c 62b(1) n.a. 95a 7.4ab bdl 0.39c
(31) (0.08) 17) (0.0) (0.2) (0.02) (0.02) (6) (1.0) (0.11)

AMOpy n.a. na. 612b 0.13b 61b 0.1b bdl 2.6b 0.11c 0.10b 58b(5) n.a. 169b 6.2b bdl 0.22b
(95) (0.06) (29) (0.0) (0.6) (0.01) (0.03) (33) (0.3) (0.07)

ANOVA _ ks *kk *kk *kdk *kk *kk *kdk *kdk *kdk * Kk

C.n: Rhizosphere control soil, AMO,,; AMO-amended rhizosphere soil, C,: Control bulk soil, AMO,,: AMO-amended bulk soil
n.a.: not analyzed, bdl: below limit of detection, ns: not significant, * P<0.05, ** P<0.01, ***P<0.001



Table 6.4

Biomass production (g/10 plants) and content of elements (mg/g DW) in shoots and roots of sunflower (Helianthus annuus L.)
grown in control soil and soil amended with amorphous manganese oxide (AMO, 1% w/w). Data with the same letter represent
statistically identical values (P<0.05) (n=4).

FW DW Mn Fe Zn Pb Cd Cu P Mg Ca K Na Se Al

Shoot

Control 0.55a 0.18a 0.20a 0.083 1.47a 0.003 0.014 0.022 8.50a 6.36a 6.92 9.11 0.45a 0.004a 0.011
(0.03) (0.031) (0.46)  (0.001) (0.004) (0.004) (1.04) (0.61)  (1.52)  (1.38)  (0.08)  (0.000) (0.006)

AMO 2.27b 0.30b 4.42b 0.055 0.25b bdl 0.009 0.020 2.62b 2.87b 4.26 22.9 0.23b 0.006b  0.009
(3.58)  (0.013) (0.17) (0.003) (0.04) (1.35) (1.50)  (3.19)  (17.6)  (0.02)  (0.002) (0.002)

ANOVA *% *k * ns *k - ns ns Fekk *k ns ns Fkk *k ns

Root

Control 0.16a  0.026a 0.70a  0.859 17.4a  0.35 0.196a 0.070  5.76 3.19 1196 16.3a  0.83a 0013 077
(0.41)  (0.510) (7.74)  (0.19)  (0.109) (0.023) (2.36) (1.24)  (8.03)  (26.9) (0.46)  (0.014) (0.54)

AMO 1.15b 0.088b  7.32b 0.168 2.19b 0.14 0.034b  0.039 4.15 2.58 5.23 37.7b 1.73a 0.006 0.12
(1.58) (0.124)  (0.36) (0.08) (0.019) (0.019) (0.68) (0.53) (0.65) (10.2) (0.67) (0.003) (0.05)
ANOVA *% *% *kk ns *kk ns *kk ns ns ns ns *% * ns ns

bdl: below limit of detection, ns: not significant, * P<0.05, ** P<0.01, ***P<0.001



The application of an amorphous Mn oxide reduces metal(loid) uptake by sunflower

Conclusions

Most studies evaluating the potential of new stabilizing amendments focus
predominantly on their direct influence on contaminants mobility. However,
their use for the remediation of contaminated sites and subsequent
revegetation is also affected by the local plants and soil microorganisms and
needs to be investigated. For this reason, the effect of AMO application on
sunflower (Helianthus annuus L.) growth and metal(loid) uptake was
investigated. Based on the performed soil extractions, microbial activity assay
and rhizobox experiment with, the AMO appears to be an effective stabilizing
agent being able to significantly decrease bioavailability of the studied
contaminants and promote plant growth. Nevertheless, the known drawback of
this agent, reductive dissolution of AMO in acidic soil connected with release
of Mn, resulted in excessive Mn concentrations in sunflower plants that were
manifested by symptoms of Mn phytotoxicity. As Mn uptake is fundamentally
dependent on its bioavailable fraction, AMO application is recommended for
soils where lower solubility of this phase is expected (higher pH, higher cation
exchange capacity). These results stress the importance of studies performed
in the soil-plant continuum in order to provide information needed for field
application.
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Biochar coated by amorphous Mn oxide removes metal(loid)s from solution

Abstract

A newly synthesized AMOchar and biochar stirred with pure AMO under given pH
value (BC+AMO) were tested to remove various metal(loid)s from aqueous solution.
The AMOchar was formed mainly by Mn-oxalates which had coated surface of
the pristine biochar. In contrast, the formation of rhodochrosite (MnCO;) was
determined in the AMO-+BC complex. In comparison with the pristine biochar (BC)
both AMO-biochar composites were able to remove significantly higher amounts of
various metal(loid)s from the solution. Despite the rather high pH of the AMOchar,
such modified biochar was able to sorb efficiently not only Pb(Il), almost 99%, and
Cd(I), 51.2%, but also a very high amount of As(V), 91.4%. Additionally, both
AMO-biochar composites were able to reduce Mn leaching. This can avoid potential
post-contamination caused by the dissolution of less stable Mn-oxalates as observed
in the pure AMO.
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Introduction

As reviewed by Mohan et al. (2014), the biochar removal efficiency usually results in
a few milligrams of remediated metal(loid) per gram of activated carbon. Because of
that and due to its porous structure (represented by large active surface), biochar has
recently also been modified using various secondary oxides in order to improve its
sorption efficiency.

Often, biochar has been modified using Fe-oxides (e.g. magnetite). Trakal et al.
(2016) showed that metal sorption of the biochars with well-developed structure was
significantly improved after the modification, however, the biochars represented by
lower BET surface (< 100 m* g') showed negligible and/or negative effect. The same
effect has also been confirmed by Mohan et al. (2015); Han et al. (2015); and Yan et
al. (2015).

Next, biochar could also be modified by Mn-oxides having usually very high
immobilization potential for metal(loid)s as reviewed by Komarek et al. (2013).
Specifically, the Mn-oxides can be used not only for the more common divalent
metals (e.g. Pb(Il), Cd(Il), Cu(Il), etc.) through the adsorption process onto
amphoteric surface groups of the Mn-oxides (Komarek et al., 2013), but also for
As(V) and/or Cr(VI) due to the initial oxidation/reduction process and consequent
sorption, surface complexation and/or co-precipitation with birnessite and hydrous
manganese oxide (Lenoble et al., 2004; Komarek et al., 2013). Despite the high
potential of various metal(loid)s to improve the biochar removal rate for metal(loid)s
such as As(V) (Wang et al., 2015a; 2015d), Cd(II) (Wang et al., 2015b) and Pb(II)
(Wang et al., 2015b; 2015c¢), only a few studies have been published. With respect to
these papers, amorphous manganese oxide (AMO) was utilized in this study for the
biochar modification, because of its very high efficiency to immobilize various
metal(loid)s as shown in the recent studies of Della Puppa et al. (2013), Michalkova
et al. (2014; 2016) and Ettler et al. (2015). Furthermore, stability of the pure AMO
was found to be rather low (represented by intensive Mn leaching) and strongly
pH-dependent (Della Puppa et al., 2013; Ettler et al., 2014; 2015). Therefore, the
AMO stability needs to be improved.

In this study, concerning the improvement of the AMO stability together with

the biochar sorption enhancement, pristine biochar was modified by the AMO using
two different approaches. The specific objectives of this research were to: (i)
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synthetize a new AMO-biochar composites; (ii) characterize resulting biosorbents;
(iii)) compare the As(V), Cd(Il), and Pb(II) depletion from aqueous solution using
AMO, pristine biochar and both biochar-AMO composites under given pH value; and
(iv) monitor the stability of newly synthesized biosorbents.

Materials and methods

Sorbents preparation

The same grape stalks biochar as selected previously by Trakal et al. (2014) for its
highest metal sorption was utilized as a pristine biochar (BC). Next, two
AMO-modified biochars were prepared in two different ways at three AMO/BC ratios
(Table 7.1): 1/2, 1/1, 2/1 (w/w). In the first approach, biochar was added directly into
the reaction mixture for the synthesis of AMO (AMOchar). Specifically, biochar was
mixed with 0.4 M KMnO, solution and subsequently 1.4 M glucose solution was
added (Della Puppa et al., 2013). The resulting gel was then washed several times
with deionized water, dried at laboratory temperature and milled in agar mortar.
In the second approach, the already prepared AMO and biochar were mixed together
at three AMO/BC ratios (Table 7.1): 1/2, 1/1, 2/1 (w/w) and agitated together in
deionized water (20/1; L/S) for 24 hours at pH 9.00 (mean pH value between pH,,. of
pristine BC and pure AMO, respectively; AMO-+BC composite). The desired pH
value was maintained using 0.1 M KOH. The pure amorphous Mn-oxide (AMO) was
also prepared according to Della Puppa et al. (2013). Additionally, biochar-birnessite
complex (synthetized according to Wang et al., 2015a) was prepared in order to
compare its removal efficiency with that of both AMO-biochar modifications.
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Table 7.1
Overview of used sorbents.

Component (%)

Symbol Biochar  Mn-oxide Comment/Reference
100 0 Synthesis according to Della Puppa et al.
AMO (2013)
BC 0 100 Pyrolysis of grape stalks Trakal et al. (2014)
AMO+BC 1:2 67 33 Agitation under pH = 9.00 (mean pH value
AMO+BC 1:1 50 50 between pHp. of the BC and AMO,
AMO+BC 2:1 33 67 respectively)
AMOchar 1:2 67 33
] Application of the BC during the actual
AMOchar 1:1 50 50 synthesis of the AMO
AMOchar 2:1 33 67
BCB Biochar modification by birnessite according to Wang et al. (2015a)

AMO: amorphous manganese oxide, BC: pristine bichar

Sorbents characterization

Firstly, all newly synthetized biochars were analysed for the following characteristics:
(i) pH value using an inoLab® pH meter (pH 7310, WTW, Germany); (ii) pH of
the point of zero charge (pHzpc) determined using the immersion technique (IT)
described in the study of Fiol and Villaescusa (2009); and (iii) cation exchange
capacity (CEC) determined using the 0.1 M BacCl, (1:50 w/V) protocol (Trakal et al.,
2012). These data were then compared with those of the pristine biochar and
the AMO, presented elsewhere in papers of Della Puppa et al. (2013) and Trakal et al.
(2014), respectively. Next, presence of Mn-oxides has also been verified using X-ray
diffraction analyses (XRD; PANalytical X Pert Pro diffractometer with X’Celerator
detector). The exact Mn-oxides-biochar structure binding energies were then studied
though X-ray photoelectron spectroscopy (XPS; Omicron Nanotechnology, Ltd.) and
the Casa XPS program (for spectra evaluation). The SEM images of
Mn-oxides-biochar composites were provided using high-resolution scanning electron
microscope JEOL JSM-7401F Fesem (USA) and the SEM TESCAN VEGA3XMU
(TESCAN Ltd., Czech Republic) equipped with a Bruker QUANTAX200 energy
dispersive X-ray spectrometer (EDS).
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Sorption experiments

For the aim of this study the sorption kinetics of As(V), Cd(II) and Pb(Il) in respect of
all sorbents, a set of batch sorption experiments was performed. All studied materials
were agitated in 1 mM solution of As(V), Cd(II) and Pb(Il) (supplied as
Na,HAsO,*7H,0, Cd(NO;),*4H,O and Pb(NOs),, respectively; analytical grade;
Lach-Ner, Czech Republic) in the ratio of 500/1 (L/S). The 0.01 M NaNO; was used
as a background electrolyte. The pH was continuously adjusted to the value of 5.00
(Cd(II) and Pb(II)) or the value of 7.00 (As(V)) to avoid precipitation of the studied
metal(loid)s. The suspension was collected at given time intervals (3 — 450 minutes)
and filtered immediately through 0.45-um nylon filter (VWR, Germany). The content
of the studied metal(loid)s (including also Mn and K) in solution was then determined
using inductively coupled plasma optical emission spectrometry (ICP-OES, Agilent
730, Agilent Technologies, USA). Additionally, concentration of dissolved organic
carbon (DOC) in solution was determined using the carbon analyser TOC-L CPH
(Shimadzu, Japan).

Results and discussion

Properties of newly synthesized AMO-biochar composites

Firstly, the presence of birnessite in the structure of the biochar was verified.
The X-ray diffraction (XRD) patterns (Fig. 7.1) as well as the SEM-EDS (Fig. 7.3) of
biochar-birnessite (BCB) confirmed the same composition as in the study of Wang et
al. (2015a). Partly crystalline K-exchanged birnessite (Ko sMn,O43(H,0)05; PDF-2
card 01-087-1497) was detected in the BCB composite. Additionally, the XPS wide
scan (Figure A2) showed that the amount of Mn2p on the BCB surface was 14.0%
(atomic), which was a higher quantity than in the study of Wang et al. (2015a);
(9.40%). More specifically, deconvolution of Mn2p band of BCB showed three bands
binding energies (641.47, 643.03, and 645.11 eV), which corresponds to the presence
of Mn,O, or birnessite (Mn(III), Mn(IV)), and residual KMnO4 (Mn(VII)).

Next, two newly synthetized AMO-biochar composites were analysed. The XRD
pattern (Fig. 7.1) of the AMOchar confirmed its amorphous character (obvious from
the wide shape of the pattern), where all peaks were represented by Mn-oxalate
hydrate (C;MnO,*H,0; PDF-2 card 00-025-0544; as the best reflection of the AMO
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AMO+BC

BCB

0 10 20 30 40 50 60 70 80
2 Theta (degree)

0 — Mn-oxalate hydrate (C,MnQ,#2H,0); PDF-2 card: 00-025-0544

r — rhodochrosite (MnCQ;); PDF-2 card: 01-086-0172

b — birnessite K-exchanged (K sMn,0, 3(H,0)y 5); PDF-2 card: 01-087-1497
¢ — carbon; PDF-2 card: 00-026-1080

Figure 7.1

Comparison of X-ray diffraction (XRD) patterns of the AMOchar, AMO+BC, and BCB
composites before sorption.
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according to Ettler et al., 2014) and by carbon (PDF-2 card 00-026-1080), shows
the presence of the biochar. Second, apart from the presence of Mn-oxalate hydrate
and carbon, the presence of rhodochrosite (MnCO;; PDF-2 card 01-086-0172) was
also confirmed by the XRD investigation of the BC+AMO composite. The formation
of the rhodochrosite was previously explained by Ettler et al. (2014) as a reaction of
the removed Mn from oxalates of the AMO with atmospheric CO,. Additionally, such
leached Mn could react with the biochar, which contains COs> groups (presented by
Trakal et al., 2014). The alkaline pH conditions during the actual synthesis/reaction
(pH = 9.00) can also increase the rhodochrosite precipitation. Furthermore, the XPS
spectra of both AMO-biochar composites (Fig. 7.2) show the presence of Mn2p in
the amount of 6.60% (atomic). The deconvolution of Mn2p band of both modified
biochars shows three bands of binding energies (between 641.47 — 646.30 eV). This
corresponds to the presence of Mn,O,/Mn-oxalate (Mn(Ill), Mn(IV)), MnCO;
(Mn(Il)) and residual KMnO, (Mn(VII)). Additionally, a detailed scan of Cls
(Fig. 7.2b) shows three peaks corresponding to: (i) m-bond on graphite C
(284.55 + 0.32 eV); (ii) C—O bond represented mainly by COs> (286.06 + 0.05 eV);
and (iii) O=C—O bond represents carboxylic group (288.60 + 0.10 eV). This is in
agreement with the study of Wang et al. (2015b). Each Mn-biochar composite has its
individual proportion of the three peaks, where AMO+BC has the highest peak of
graphite C whereas the highest peak of C—O bond has the AMOchar. This fact,
therefore, reflects different synthesis of both composites, where BC+AMO shows
a similar Cls band as the pristine biochar (Trakal et al., 2014). Moreover, such
difference between both AMO-biochar composites was more obvious from
the deconvolution of Ols, where the peak (531.08/529.75 eV) represents O(Il) in
oxides (eventually in carbonates) for AMOchar and AMO-+BC composite,
respectively. The peaks at (532.65 and 534.03 eV) represent oxygen bound in
carboxylic group and the peaks at (533.99 and 534.03 eV) then reflect absorbed H,O.

Concerning the structure and surface morphology of a new AMOchar, the SEM
images were obtained and coupled with EDS analysis in order to determine
the Mn-oxides loading onto the surface of the biochar. Figure 7.3 shows Mn-oxalates
coatings on the surface of the pristine biochar originated during the actual synthesis.
On the other hand, the AMO+BC composite shows individual particles of the AMO
and biochar (Fig. 7.3), where the surface of biochar is partly occupied by clusters of
the Mn-oxalate and/or rhodochrosite (Fig. 7.3). The presence of the rhodochrosite
(confirmed by the XRD pattern) was detectable only by the high-resolution SEM,
which could be due to its very small crystal size (= 100 nm) caused by the short time
of stirring during the preparation.
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Figure 7.3
The SEM-EDS images in
back-scattered electrons

(BSE) (a, ¢, e€) with
corresponding EDS spectra
and the high-resolution SEM
(b, d, f), respectively, of the
AMOchar (a, b), AMO+BC
composite (c, d) and biochar-
birnessite (BCB) complex
(e, f).
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Chemical characterization of all tested sorbents

Table 7.2 presents selected chemical characteristics of all sorbents. The pH value of
all sorbents (except birnessite and biochar-birnessite complex) was alkaline. When
the biochar was modified directly by the AMO during its synthesis (AMOchar),
the resulting pH of all three ratios was significantly reduced to an equal pH value
(approx. 8.4) in comparison to the pristine biochar (10.0). In the case of AMO+BC
composite, the resulting pH values vary between 9.02 (for AMO+BC 2:1) and 9.52
(for AMO+BC 1:2). This low reduction in pH (compared to AMOchar) was caused
by maintaining the pH value around 9.00 during the reaction. Concerning the biochar
modification by birnessite, the resulting BCB composite has dropped to a neutral pH
(6.98), which reflects the acidic conditions during the actual synthesis. Next, as
discussed in the paper of Della Puppa et al. (2013), the pure AMO shows
a theoretically positively charged surface as the pH of aqueous solution was 5.00/7.00
and the pH of the point of zero charge (pHzpc) was 8.30. Moreover, all prepared
AMO-biochar composites also showed a theoretically positively charges surface,
whereas the surface of BCB was theoretically negatively charged during the As(V)
sorption. The cation exchange capacity (CEC) of the pristine biochar (BC) was
40.2 cmol kg (Trakal et al., 2014), which was similar to that of the pure AMO
(34.0 cmol kg''; Della Puppa et al., 2013) but the CEC of pure birnessite was more
than 6-times higher compared to the BC. The CEC value of the biochar-birnessite
composite was equal to that of the pristine biochar. Concerning the AMO-+BC, all
three ratios showed values within the range of 28.1 —31.2 cmol kg™'. Finally, the CEC
values of all AMOchars significantly increased compared to the pristine biochar and
pure AMO, respectively. This could be caused by a mutual interaction of Mn-oxides
with the surface of pure biochar. As the CEC value is represented as a driving factor
for metal(loid)s removal (Trakal et al., 2014), such a modified biochar could,
therefore, be a very efficient sorbent.
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Table 7.2

Selected characteristics of all sorbents.

Sorbent BET pH PHzpc CEC Reference
(m2 9_1'1) (cmol kg_]'1)
AMO 1438 810+030 830+010 340+10 DellaPuppaet
al. (2013)
Biressite  76.5 330+010 270+030 247+29  DellaPuppaet
al. (2013)
BC 72.0 1004010 9924010 402+03 Irakaletal
. 0+0. 9240 2503 ot
AMOBC 952+0.02 889+010 281+06  Thisstudy
AMOBC 9.36+0.04 849+010 245+01  This study
AMOBC 9.02+0.06 809+010 312+03  This study
AM?_;“” / 840+0.02 7.94+0.10 653+24  This study
AMOchar 835+003 800+010 77.1+16  This study
ANDchar 8.47+003 7.88+010 789+10  This study
BCB | .
/ 6.98+0.03 639+010 408+02  This study

®biochar-biressite composite was synthesized according to Wang et al. (2015a)

Removal of various metal(loid)s from aqueous solution

Compared to the modified sorbents and pure AMO, the pristine biochar (BC) proved
a lower sorption of the As(V), Cd(Il), and Pb(Il) from aqueous solution (Fig. 7.4).
The As(V) removal was negligible due to a very high pH of the aqueous solution.
The amount of sorbed Cd(I) and Pb(Il) was approximately 15.0% and 60.0%,
respectively, where the removal rate of Cd(Il) and Pb(II) continuously decreased in
time (Fig. 7.5). This unexpected trend was caused by the initial precipitation of both
metals when, at the start of the experiment, it was not possible to maintain the set-up
pH value (5.00) due to the alkaline pH of the BC.
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Figure 7.4
Maximum removal efficiency of metal(loid)s onto studied sorbents (obtained from
kinetic experiment at equilibrium state).
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The pure AMO was very efficient in removing both metals and metalloids (Fig. 7.4)
from solution which has also been confirmed by Della Puppa et al. (2013); Ettler et al.
(2015); and Michalkova et al. (2016). The removal rates of the studied metal(loid)s
were 76.9% of As(V), 52.8% of Cd(I), and 99.9% of Pb(ll). Additionally,
the equilibrium was reached after several minutes for Pb(Il), after one hour for Cd(II),
and after 7 hours for As(V) (Fig. 7.5). Such a fast sorption (especially for Pb) was
also previously confirmed by Della Puppa et al. (2013).

The removal efficiency of the BCB presented previously by Wang et al. (2015a) was
very high (> 99.0%) for Pb(Il), rather high (= 48.0%) for Cd(II) but very limited
(<9.0%) for As(V). Maximum sorption of BCB was 3.42 g kg™ for As(V) and
105 g kg for Pb(II) which was 3- and 2-times more, respectively, as reported for
birnessite-pine biochar (BPB) by Wang et al. (2015a). Such difference (in case of the
BCB) could be explained by different origins of the two biochars. As reported in
paper of Trakal et al. (2014), woody-biochars with well-developed structure were less
efficient for Pb(Il) and Cd(II) sorption than those with a poorly developed structure
(e.g. from grape stalks).

The AMOchar has proved to be a very complex sorbent suitable not only for
removing both tested metals but also for the sorption of As(V). In particular,
the AMOchar was able to remove > 98.5% of dissolved Pb(Il), 34.5 - 51.2% of
dissolved Cd(Il), and 64.3 - 91.4% of dissolved As(V) (Fig. 7.4). Generally, the
samples with higher doses of AMO were able to remove greater amounts of
metal(loid)s, which reflects a high affinity of all tested metal(loid)s to sorb on
the Mn-oxides surface (Komarek et al., 2013). Furthermore, the biochar stirred with
AMO under given pH conditions (AMO+BC) also showed significant enhancement
in metal(loid)s sorption compared with the BC (Fig. 7.4). The improvement was more
obvious for the ratio of 2:1 (AMO:BC), where the surface of the biochar was
intensively occupied by Mn-oxalate as well as by rhodochrosite (as discussed earlier).

The reaction speed of metal(loid)s sorption on selected biochars is presented in
Fig. 7.4. In general, the equilibrium state was reached within 1 hour or less for Pb(II)
and Cd(II), respectively, but within 8 hours for As(V). This is in agreement with other
studies (e.g. Trakal et al., 2014; Wang et al., 2015a; 2015d). The fastest metal(loid)s
sorption (except the pure AMO) was detected on the AMOchar, especially that where
higher amount of AMO was present (data not shown). The second fastest sorption
occurred in the case of the biochar-birnessite composite (the greatest contrast was
recorded for Pb; see Fig. 7.5). The kinetics of the AMO+BC composite shows similar
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behaviour as the BC, as the removal rate continuously decreased in the case of Cd(Il)
and Pb(Il), respectively. As already explained above for the BC, the initial
precipitation of both metals was caused by the very alkaline pH of the sorbent.

Finally, Fig. 7.6 shows the leaching of selected elements during metal(loid)s sorption
in all the chosen sorbents that were tested. The standard deviation reflects
the concentration changes in K, Mn and DOC that had occurred during the
experiment which tested sorption of individual metal(loid)s. Potassium leaching had
not changed significantly in time and the leaching proceeded in the following order
(BC = AMOchar > AMO > BCB > AMO+BC). The high content of K in the BC was
described previously by Trakal et al. (2014). Manganese leaching was negligible from
the pristine biochar but a very high quantity of Mn was leached from the pure AMO
(60.0 - 351 mg L™). Additionally, Mn leaching had continuously increased in time
during metal(loid)s sorption, which could be caused by the gradual dissolution of
low-stability Mn-oxalates (Ettler et al., 2014). Nevertheless, both AMO-biochar
composites show the reduction in Mn leaching (more intensive for the AMO+BC).
This demonstrates that: (i) stabilization had occurred in the Mn-oxalates on
the structure of AMOchar; and (ii) some Mn was pre-leached during the stirring of
the AMO+BC composite. Additionally, the BCB complex shows an even higher
reduction in Mn-leaching, probably caused by higher stability of birnessite compared
with Mn-oxalates. The DOC (dissolved organic carbon) leaching was also measured
during the metal(loid)s sorption. In the test, the pristine biochar showed very similar
DOC concentrations over the period of the experiment duration (as indicated by
minimum SD; Fig. 7.6). By contrast, more variable and significantly higher DOC
concentration was observed in the pure AMO (described also by Michalkova et al.,
2014). The mean value of leaching of DOC from the AMOchar had varied in time
but, otherwise, it was similar to that of the pristine biochar. The DOC leaching was
significantly reduced in the AMO+BC and the BCB composites. This could be due to:
(i) pre-leaching during the preparation of AMO+BC and (ii) higher stability resulting
from acidic conditions during the BCB synthesis.
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Figure 7.6

Mean concentration £ SD of potassium (K), manganese (Mn) and dissolved organic
carbon (DOC) in the solution during the sorption experiment of the studied
metal(loid)s. Data shown are statistically significant (using one-way ANOVA).
Differences between the means were determined using Tukey’s test at (p < 0.05).
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Biochar coated by amorphous Mn oxide removes metal(loid)s from solution

Conclusions

A newly synthetized AMOchar, i.e., biochar coated by the AMO, was formed mainly
by Mn-oxalates, whereas in the case of AMO+BC composite, crystals of
rhodochrosite were also detected in addition to Mn-oxalates. Despite the rather high
pH of AMOchar, this composite was able to sorb not only Pb(II) and Cd(II) but also
ahigh quantity of As(V). In comparison with the pristine biochar and the
biochar-birnessite modification, the AMOchar was the most suitable biosorbent for
removing various metal(loid)s from aqueous solution. Additionally, the AMOchar
was able to reduce Mn leaching in comparison with the pure AMO.
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Chapter VIII

The thesis evaluated the use of selected (nano)oxides for the stabilization of metals
and metalloids in contaminated soils. We dealt basically with two Fe nanooxides and
one partially nanoscale amorphous Mn oxide. Both Fe oxides, commercial
nanomaghemite (Fe III) and nanomagnetite (Fe ILIII), were chosen as promising
materials for chemical stabilization that have not been yet widely tested for soil
applications. The amorphous Mn oxide (AMO) was a newly synthesized phase in our
laboratory (Della Puppa et al., 2013) and was tested to evaluate its potential to
stabilize metals/metalloids in contaminated soils.

In general, the experimental work can be divided into 5 main sections: i) basic
characterization of the (nano)oxides and contaminated soils, ii) adsorption properties
of the tested oxides, iii) stabilizing potential of the oxides in a simple soil-amendment
system, iv) oxides transformations in soils, and v) their interactions with living plants
and microorganisms. The aim was thus to provide a complex view on chosen
stabilizing amendments regarding not just their direct influence on contaminants
mobility, but also their stability and transformations in soil conditions together with
their influence on soil microorganisms and higher plants. Several soil samples
contaminated with metals and metalloids were chosen for our experiments. These
soils differed in basic physico-chemical characteristics, content and type of
contaminating metals/metalloids (e.g., Cd, Cu, Pb, Zn, As) or origin of contamination
(i.e., anthropogenic, geogenic or artificial spiking). Such approach enabled us to study
the behavior of tested materials in various soil conditions with respect to various
contaminants.

As adsorption is the key process playing role in stabilization of metals/metalloids in
contaminated soils, adsorption kinetics together with adsorption capacities of the
tested materials towards Cd, Cu, Pb and As were studied. In this context, the most
effective material showed to be the AMO (one to two orders of magnitude higher
adsorption capacities than Fe III and Fe ILIII) (Table 8.1). As expected, while the
adsorption capacity for metallic elements (i.e., Cd, Cu and Pb) generally increased
with increasing pH for all tested materials, the adsorption of As(V) showed a different
trend. In this case, the adsorption capacity of Fe IIl and Fe ILIII increased with
decreasing pH, which is in accordance with a general trend observed for adsorption of
this compound. In contrast, adsorption of As(V) onto the AMO increased with
increasing pH. This uncommon trend could be explain by the unusually high pH,,. of
the AMO (8.1) favoring the adsorption of anionic species together with significant
dissolution of this phase at decreasing pH. The adsorption of As(V) was further
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studied using XPS analysis that confirmed the chemical sorption as the main process
involved in As(V) sorption on the AMO surface.

Table 8.1
Maximal adsorption capacities observed for the studied amendments under given
experimental conditions. Adsorption of Pb onto Fe Ill and Fe ILIII did not fit the

Langmuir model.

Material Metal/metalloid Experimental pH Smax (Mmol g '1)
AMO Cd 4.25 2.243
Cu 4.25 0.522
Pb 5.85 4.019
As(V) 8.00 1.79
Fe lll Cd 4.25 0.088
Cu 4.25 0.156
Pb 5.85 n.a.
As(V) 4.00 0.151
Fe ILII Cd 4.25 0.100
Cu 4.25 0.066
Pb 5.85 n.a.
As(V) 4.00 0.139

AMO: amorphous manganese oxide; Fe /ll: nanomaghemite; Fe II,/ll: nanomagnetite;
Smax. Maximal adsorption capacity

While the adsorption tests provided some general information on metal(loid)
adsorption onto the (nano)oxides, the behavior of these materials directly in soil
conditions needed to be investigated as well. For this reason, several sets of
experiments including static batch, column or pH-static leaching experiments were
performed. Generally, the influence of (nano)oxides addition on contaminants
mobility together with other physico-chemical soil characteristics was observed.
Again, the most efficient stabilizing agent proved to be the AMO, being the most
effective in reducing the labile pools of Cd, Cu, Pb, Zn and As in model contaminated
soils. On the other hand, Fe III and Fe ILIII addition generally showed a minimal
effect on contaminants mobility. Application of the AMO was further connected with
the increase of soil pH that was more pronounced in more acidic conditions. This
buffering effect was also associated with AMO dissolution and unwanted oxidation of
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soil organic matter (SOM). For these reasons, AMO application can be recommended
for neutral or slightly alkaline contaminated soils.

Besides the stabilizing efficiency, the stability and potential alterations of the
amendments in soil conditions are another important factor for their long-term
performance. Possible transformations of the tested materials were examined both by
long-term agitation in soil solution and direct incubation in soil conditions. The
SEM/EDS analysis performed after one-month agitating in soil solution showed
MnCQO; (rhodochrosite) coatings on the AMO surface, while no significant changes
were recorded in the case of Fe III and Fe ILIIL. In our previous study focused on
AMO alterations in contaminated soils (Ettler et al., 2014), rhodochrosite precipitates
were identified as the main newly-formed phase. As the observed rhodochrosite
formation was connected with increased stability of the AMO and decreased SOM
dissolution, synthetic surface coverage with MnCOs; coatings (SM-AMO) prior to its
application was proposed. The stability, alterations and stabilizing efficiency towards
targeted contaminants was further examined for the original and surface-modified
materials. SM-AMO had a constantly lower mass loss than AMO. On the other hand,
the the stabilizing efficiency together with the amount of manganese and DOC
released to soil solution were similar for both materials. The differences in surface
composition of both materials decreased with time as rhodochrosite precipitated on
the AMO surface while the SM-AMO coating was gradually dissolving.

As the soil represents a living system inhabited by numerous micro- and
macroorganisms, the use of stabilizing agents should always take into account this
factor. In order to investigate their effects on soil microbial activity, simple
respiration and soil dehydrogenase assays were performed using various soils and
amendments. Generally, AMO application promoted soil microbial activity in all
cases while no significant changes were observed in the case of Fe III and Fe ILIIL
This effect is supposed to be the consequence of both decreased
bioavailability/toxicity of contaminating metals and increased SOM dissolution that
can provide additional substrate for microbes. Yet, increased microbial activity was
recorded even in cases when DOC concentrations remained at control level
confirming thus the ability of AMO to lower the toxicity of the contaminating
metal(loid)s. Furthermore, the effect of AMO on sunflower (Helianthus annuus L.)
growth and metal uptake was examined. The AMO proved efficient in decreasing
uptake of Cd, Pb and Zn, eliminating Zn toxicity symptoms and promoting plant
growth. On the other hand, Mn released from AMO was readily taken up by plants in
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excessive amounts showing emerging symptoms of Mn phytotoxicity especially in
acidic soils.

Due to the ability of AMO to efficiently adsorb metals (Cd, Cu, Pb, Zn) and As, we
also recently tried to synthesize various types of composite AMO-biochar sorbents in
order to ameliorate biochar sorption capacity and reduce content of Mn released from
the AMO. From all the tested variants, 2:1 (w/w) AMO-biochar composite (denoted
as AMOchar) was the most efficient in adsorbing Cd(II), Pb(II) and As(V) from
aqueous solution with reduced Mn leaching compared to the AMO. A field
experiment focused on metal(loid) stabilization is currently under preparation.

The use of Fe and Mn oxides generally represents a viable solution for stabilization of
metal(loid)s in contaminated soils. Particular stabilizing amendment suitable for
given locality has to be always selected with respect to contaminating metal(loid)s,
site conditions, vegetation cover and costs associated with their application. From the
three (nano)oxides studied in this PhD thesis, the AMO proved to be the most
efficient stabilizing amendment applicable both for the immobilization of metals and
As. Moreover, it is able to efficiently promote microbial activity and plant growth,
but its application is recommended only in soils with neutral or slightly alkaline pH
where the risk of unwanted Mn release is minimized. Results of this PhD thesis thus
highlight the need for a complex approach in stabilizing agents testing including
interactions both with biotic and abiotic parts of soil environment in order to obtain
complete information about its efficiency and applicability.
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