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Abstract

The main aim of the thesis was to evaluate the (ad)sorption mechanisms of metals and
metalloids onto Mg-Fe layered double hydroxides (LDHs) and mixed oxides (CLDHs)
using mechanistic/modeling approaches and describe the stability and stabilizing
efficiency of these materials in contaminated soils. The (ad)sorption properties of
materials were studied by basic (ad)sorption modeling and surface complexation
modeling (diffuse layer model). To further differentiate between individual
(ad)sorption processes, various solid-state analyses were used, e.g., X-ray diffraction
analysis (material/phase identification), electron microscopy analysis (morphology of
materials), elemental mapping (distribution of elements on the material surface),
infrared spectroscopy and X-ray photoelectron spectroscopy (binding arrangements)
and low-temperature >’Fe Mossbauer spectroscopy (other structural changes). In
general, the As(V) and Sb(V) (ad)sorption processes onto Mg-Fe LDHs included
surface complexation (As, Sb), anion exchange (As, minorly for Sb), the formation of
brandholzite-like structures (Sb). In the case of Mg-Fe CLDHs, the predominant effect
of surface complexation was observed since the possible metalloid incorporation in the
interlayer region via the material reconstruction took place only at low metalloid
loadings. The (ad)sorption mechanisms of Pb(II) and Zn(II) were influenced by surface
complexation, (surface) precipitation (Pb, Zn) and isomorphic substitution (minorly for
Zn). In the case of Mg-Fe CLDHs, similar mechanisms were observed; however, the
reconstruction ability was significantly limited at higher Pb(Il) an Zn(II) loadings.
Afterwards, the application of Mg-Fe LDHs and CLDHs to soil solutions and soils with
highly elevated As(V), Pb(Il) and Zn(II) concentrations was performed. Although Mg-
Fe CLDHs were more effective/stable in aqueous solutions, Mg-Fe LDHs showed more
promising results after their direct soil incubation. The buffering effect of Mg-Fe LDHs
and CLDHs improved metal stabilization. Despite higher pH values, both materials
were also highly effective for stabilization of As(V). After soil incubation, Mg silicates
and carbonates were formed on the Mg-Fe LDHs and CLDHs surface resulting in lower
Mg leaching compared to aqueous solutions (i.e., higher stability of materials). Mg-Fe
Additionally, LDH/biochar composites were introduced as promising materials for
remediation technologies. The results of the proposed thesis evaluated the (ad)sorption
properties as well as applicability of Mg-Fe LDHs and CLDHs for water and soil
remediation. Moreover, a suitable approach for testing new stabilizing materials
evaluating all important (ad)sorption characteristics as well as stability of materials at
different conditions was also presented.



Abstrakt

Hlavnim cilem ptedkladané prace bylo zhodnotit adsorpéni mechanismy kovi a
metaloidi na podvojné vrstevnaté hydroxidy (LDHs) a smésné oxidy (CLDHs)
s vyuzitim mechanisticky/modelovych ptistupi, a dale popsat stabilitu a stabiliza¢ni
efektivitu téchto materiald v kontaminovanych pidéach. (Ad)sorpéni vlastnosti
materiali byly studovany s vyuzitim zakladnich adsorpénich modeli a modeli
povrchové komplexace (model difuzni vrstvy). K odliSeni jednotlivych (ad)sorpcnich
mechanismil byla vyuzita fada analyz pevné faze napf. rentgenova difrakéni analyza
(identifikace materialt/fazi), elektronova mikroskopickd analyza (morfologie
materialt), prvkové mapovani (distribuce prvkll na povrchu materialil), infracervena
spektroskopie a rentgenova fotoelektronova spektroskopie (vazebné uspotadani) a
nizkoteplotni °>’Fe Mdssbauerova spektroskopie (dalsi strukturalni zmény). (Ad)sorpéni
procesy As(V) a Sb(V) na Mg-Fe LDHs byly rozdéleny na povrchovou komplexaci
(As, Sb), aniontovou vymeénu (As, minoritné u Sb) a tvorbu struktur na bazi
brandholzitu (Sb). V pripadé¢ Mg-Fe CLDHs ptevladala povrchova komplexace, jelikoz
mozny vliv inkorporace metaloidi do mezivrstevnatého prostoru béhem rekonstrukce
materidll byl patrny pouze pii nizSich koncentracich metaloidi. (Ad)sorpéni
mechanismy Pb(II) a Zn(Il) byly ovlivnény povrchovou komplexaci, (povrchovym)
srazenim (Zn, Pb) a izomorfni substituci (minoritné u Zn). Stejné mechanismy byly
pozorovany iv pripadé Mg-Fe CLDHs, avSak pfi vysSich koncentracich Pb(II) a Zn(II)
byla vyznamné omezena schopnost rekonstrukce materiali. Nasledné byla provedena
aplikace Mg-Fe LDHs and CLDHs do realnych pud se zvySenymi koncentracemi
As(V), Pb(Il) and Zn(II). Mg-Fe LDHs prokazaly slibnéjsi vysledky po jejich piimé
inkubaci v ptidach, prestoze Mg-Fe CLDHs vykazovaly vyssi efektivitu/stabilitu ve
vodnych roztocich. Stabilizace kovii byla vyznamné ovlivnéna pufra¢nim efektem Mg-
Fe LDHs a CLDHs, avsak i pies vyssi hodnotu pH vykazovaly oba materialy rovnéz
vysokou stabiliza¢ni efektivitu pro As(V). Na povrchu Mg-Fe LDHs a CLDHs byly po
inkubaci v ptidach pozorovany Mg silikaty a karbonaty, které mély za nasledek nizsi
uvoliiovani Mg ve srovnani s vodnymi roztoky (tedy vyssi stabilitu materiali). Dale
byly predstaveny Mg-Fe LDH/biochar kompozity jako slibné materialy pro remedia¢ni
technologie. Vysledky pfedkladané dizertacni prace umoznily zhodnotit vyuzitelnost
(ad)sorpénich vlastnosti Mg-Fe LDHs a CLDHs a jejich vyuzitelnost pro remediaci vod
a pid. Navic byly vpraci prezentovany vhodné piistupy k testovani novych
stabiliza¢nich ¢inidel umoznujici zhodnoceni jak vSech dilezitych (ad)sorpénich
vlastnosti, tak i stability materiali pfi riznych podminkach.
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Background of the study

The remediation of water and soil contaminated by metals (e.g., zinc and lead) and
metalloids (e.g., arsenate, antimonate) is highly actual as metals/metalloids are priority
pollutants due to their toxicity, mobility, and non-degradability in ecosystems.
However, common methods of water remediation (e.g., coagulation, precipitation,
reverse osmosis, or ion exchange) and soil remediation (e.g., soil excavation and
dumping, soil washing/flushing, electrokinetics, or vitrification) show a lot of
significant disadvantages, such as higher costs and energy demands, and are more
disruptive to the natural water/soil environment (Komarek et al., 2013; Kumpiene et
al., 2008). Compared to standard methods, chemical stabilization is an appropriate
alternative technique offering significant advantages, being a low-cost and simple
process with a high metal- and metalloid-immobilization efficiency. The chemical
stabilization using solid inorganic materials is a combination of immobilizing process
including adsorption (surface complexation and ion exchange) and surface
precipitation (Kumpiene et al., 2008). Adsorption, as the predominant stabilizing
mechanism, is the adhesion of metals/metalloids to the surface of solid materials and
can be further categorized into physical (weaker binding) and chemical (stronger
binding) adsorption (Liang et al., 2013). The (ad)sorption process can be evaluated with
numerous empirical models, such as adsorption kinetics or isotherms (Limousin et al.,
2007, Simonin et al., 2016). Nevertheless, these models cannot differentiate between
individual (ad)sorption mechanisms which is crucial in terms of evaluating the
immobilization efficiency of metals/metalloids using solid materials. Conversely,
mechanistic models, e.g., surface complexation models (SCMs), allow the
investigation of the emerging surface complexes. Moreover, the parameters obtained
by SCMs (e.g., stability constants of emerging complexes) are less system-dependent
and therefore transferable to other systems (Komarek et al., 2018; Koretsky, 2000).
Nevertheless, the results of the SCM should be coupled with other measurements and
analyses to differentiate between individual (ad)sorption mechanisms, e.g., anion
exchange or surface precipitation (Sparks, 2003).

Several materials have been studied for chemical stabilization of metals/metalloids in
soil and water, such as Fe/Al oxides and hydroxides (Garcia-Sanchez et al., 2002;
Hanauer et al., 2011; Komadrek et al., 2013), Mn oxides (McCann et al., 2015;
Michalkova et al., 2016a, 2016b), biochars (Trakal et al., 2011, 2016), zeolites (Wang
and Peng, 2010), or Fe(0) (Kumpiene et al., 2006; Vitkova et al., 2017). Nevertheless,
individual materials showed some possible disadvantages, e.g., lower stability at acidic
conditions or limited efficiency for some metals or metalloids. Therefore, effective
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materials that could be used for stabilization of various contaminants at different
conditions need to be tested. Layered double hydroxides (LDHs) have been previously
suggested as effective sorbents for metals, metalloids and non-metalic compounds in
the aqueous solution (Goh et al., 2008; Liang et al., 2013). Moreover, a thermal
treatment of LDHs leads to mixed oxides (CLDHs) that have a larger surface area, a
higher thermal stability and stronger basic properties (Liang et al., 2013) that could
even increase the (ad)sorption capacity compared to pristine LDHs. Nevertheless, most
of the studies deal with Al-based LDHs that could be potentially risky for the
environment since Al can be leached from LDHs and CLDHs at lower pH values
(Jobbagy and Regazzoni, 2011). Therefore, Fe-based LDHs appers as potentiallymore
appropriate materials for remediation technologies. Previously, Fe-based LDHs and
CLDHs have shown a high (ad)sorption efficiency for various metals and metalloids in
the aqueous solution (Caporale et al. 2011; Carja et al., 2005; Liang et al., 2009; Seida
et al., 2001). Nevertheless, studies focused on advanced adsorption modeling, stability
of Mg-Fe LDHs and CLDHs at various conditions and/or their application to real water
and soil remain scarce.
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Metals and metalloids in the environment

Sources and speciation of metals and metalloids

Metals and metalloids occur naturally in the Earth’s crust in non-bioavailable forms for
the plant uptake. However, natural processes and changes of the soil pH can cause their
leaching to ground water and increase their bioavailability as well (Santona et al.,
2006). Furthermore, metals and metalloids originating from anthropogenic activities
(mining, industrial processes, pesticides or phosphate fertilizers) are usually more
mobile and (bio)available (Bolan et al., 2014; Lamb et al., 2009; Singh et al., 2015).
The speciation and the mobility of metals and metalloids are influenced by soil
reactions (e.g., acid/base, precipitation/dissolution, oxidation/reduction, sorption or ion
exchange) that are strongly dependent on the pH/Eh values, temperature, moisture, etc.
(Hashim et al., 2011). The speciation and sources of chosen metals and metalloids are
given in Table 1.1. The mobility of metals is strongly influenced by the pH values in
the environment. In general, the mobility of Zn(Il) and Pb(II) increase with decreasing
pH values where both metals exist as metal cations. At natural conditions, Pb(II)
predominantly forms stable inorganic compounds (chlorides, carbonates, sulphates or
phosphates) or organic complexes (humates, fulvates). Soil organic matter (SOM)
predominantly immobilizes Pb(Il) in soils via surface complexation, ion exchange or
surface precipitation. Since SOM is dissolved at higher pH values, leaching of Pb(II)
could be observed at these conditions (Vitkova et al., 2017). Similarly, Zn(II) can be
also complexed with various inorganic and organic compounds. Moreover, adsorption,
surface precipitation or coprecipitation of Zn(Il) by hydrous Fe/Mn oxides also occurs
in natural environments (Bolan et al., 2014; Hashim et al., 2011). However, Zn(II)
immobilization could be decreased by the presence of Pb(Il) resulting in the
competition for sorption sites (Cao et al., 2004; Kumpiene et al., 2008). Contrarily,
anions, e.g., As(V), can complex with Zn(II) on the surface of solid materials (Grife et
al., 2004). Arsenic predominantly occurs as As(V) or As(Ill) at natural conditions.
While arsenate is a soft acid forming complexes with sulphides, arsenite is a hard acid
that complexes with oxides and/or nitrogen. Although As(V) is the most stable form of
As at natural conditions, As(III) can be found in anaerobic conditions, such as in
groundwater. Arsenic is extremely mobile at pH > 6.5 under aerobic and anaerobic
conditions as well (Mohan and Pitman, 2007; Singh et al., 2015). At natural conditions,
As(V) is strongly bound to Fe oxides and hydroxides at acidic conditions; contrarily,
As(II) is water soluble and can be adsorbed or co-precipitated with metal sulphides
(Hashim et al., 2011). Similarly, Sb can be found as Sb(V) (aerobic conditions) and
Sb(III) (anaerobic conditions). Nevertheless, Sb(V) predominates at natural conditions
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(Cai et al., 2015). Antimony is immobilized via adsorption onto Fe, Al and Mn oxides
and hydroxides in soils (Leusz et al., 2006).

Table 1.1 Speciation and sources of Pb, Zn, As and Sb (Bolan et al., 2014; Hashim et

al., 2011; Komarek et al., 2013; Singh et al., 2015; Fillela et al., 2002a).

Metal(loid)

Ocxidation states and speciation

Natural
sources

Anthropogenic
sources

Pb

7n

Sb

ox.st.: 0, II

higher pH: complexation

lower pH: Pb(II)

presence in
the Earth’s
crust

mining and smelting,
combustion of fossil
fuels

ox.st.: 0, II
pH > 7-7.5: Zn(OH),
pH <7-7.5: Zn(1l)

essential
element

mining and smelting

ox.st.: =111, 0, III, V
aerobic c.: As(V)y
anaerobic c.: As(I1l)

As-enriched
minerals

(pyrite ores)

mining and smelting,
industrial processes

ox.st.: -III, O, III, V
aerobic c.: Sb(V)
anaerobic c.: Sb(III)

Sb minerals
(sulphides,
oxides)

mining, waste
incineration, spent
ammunition
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Chemical stabilization of metals and
metalloids

Chemical stabilization reduces the bioavailability, bioaccessibility and the transport of
metals and metalloids in soil and water environments (Komarek et al., 2013; Kumpiene
et al., 2008). The process of chemical stabilization using solid materials consists of
several transport and stabilizing (“sorption”) processes. Individual processes (Fig. 1.1)
are divided into: transport of metal and metalloids from the solution to the surface of
the solid material (1), transport through the liquid film attached to the surface of the
solid material, i.e., film diffusion (2) and interactions of metals or metalloids with the
surface, i.e., (ad)sorption (3). In the case of porous materials, metal and metalloids
slowly diffuse into the pores (4) by the mean of interparticle diffusion followed by the
(ad)sorption processes (Aharoni and Sparks, 1991; Gupta and Bhattacharyya, 2011).

(6] 2) Solid material
©)
- T @ ¢4) wmp ®
Bulk solution  mmmp -—) - (14; ®
- N & - ®
©)

Fig. 1.1. Transport (1, 2, 4) and (ad)sorption processes (3) of metals and metalloids
during chemical stabilization using solid materials; adapted according to Aharoni and
Sparks (1991).

On the surface of the solid material, metals or metalloids are stabilized by various
processes including adsorption that means a two-dimensional accumulation at the
surface of solid materials (e.g., surface complexation and ion exchange) and/or surface
complexation that means a three-dimensional accumulation (Smith, 1999). Individual
processes are influenced by pH, metal/metalloid concentrations, temperature, redox
potential and individual properties of solid materials (Komarek et al., 2013; Kumpiene
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et al.,, 2008). The adsorption mechanism can be further divided into physical and
chemical adsorption. Differences between these processes are given in Fig. 1.2.

/

*Nonselective
*Reversible
Physical *Van der Waals forces (electrostatic bonding)
adsorption *Multi-layered and non-specific adsorption
*Low adsorption heat (= condensation)
\ *Rapid
4 )
*Selective
*Nonreversible
Chemical *Chemical bonds (coordinate covalent bonding)
adsorption *Monolayered and specific adsorption
*High adsorption heat (= chemical reaction)
*Slow

-

Fig. 1.2. Differences between physical and chemical adsorption (Atkins, de Paula,
2010; Sparks, 2003; Thommes et al., 2015).

Surface complexation

Surface complexation is the interaction between metal or metalloid ions in the solution
and the surface functional groups resulting in a formation of stable molecular entity
(Sparks et al., 2003). Surface complexes are further divided into outer-sphere
complexes (corresponding to physical adsorption) and inner-sphere complexes
(corresponding to chemical adsorption). Schematic representation of the most common
surface complexes and surface precipitates is shown in Fig. 1.3. In the case of outer-
sphere complexes, water molecule is present between the metal or metalloid ion and
the surface functional groups. Conversely, no water molecules occur between these
groups in inner-sphere complexes.
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0000
XXX

OUTER-SPHERE INNER-SPHERE SURFACE
COMPLEX COMPLEXES PRECIPITATE

N

Fig. 1.3. The scheme of outer/inner-sphere complexes and surface precipitates; adapted
from Brown (1990).

Inner-sphere complexes can be further divided into monodentate, i.e., binding to one
oxygen, and bidentate, i.e., binding to two oxygens (Goldberg et al., 2014; Sparks,
2003; Sposito, 1989). In bidentate inner-sphere complexation, the metal or metalloid
ion is bound to one type of the surface functional group, i.e., mononuclear, or to two
different surface functional groups, i.e., binuclear (Sparks, 2003). The most common
types of inner-sphere surface complexes are shown in Fig. 1.4.

| 4 | | | |
Mononuclear Mononuclear Binuclear Mononuclear
Monodentate Bidentate Bidentate Monodentate

(with hydrogen bonding)

Fig. 1.4. The most common types of inner-sphere surface complexes (M = adsorbed
metal or metalloid; O = oxygen; S = crystalographically-bound group on the surface;
dashed lines = surface); adapted according to Maurice (2009).

Moreover, surface complexation can be further divided by a polyhedral approach
describing the molecular configurations of emerging surface complexes on the surface
of solid materials, i.e., a single corner monodentate mononuclear complex (one oxygen
is shared with two octahedrons), a double corner bidentate binuclear complex (two
nearest oxygens are shared with an octahedron and two other octahedrons), an edge
bidentate mononuclear complex (two nearest oxygens are shared with two octahedrons)
and face tridentate mononuclear complex (three nearest oxygens are shared with two
octahedrons) (Charlet and Manceau, 1992). The formation of outer-sphere complexes
is a rapid process occurring on the surface of solid materials that have a different charge
compared to the metal or metalloid ion that should be adsorbed. The formation of outer-
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sphere complexes is suggested if the adsorption process is dependent on the ionic
strength. Nevertheless, the co-presence of both complexes is commonly observed in
adsorption studies (Sparks, 2003).

Ion exchange

Ion exchange is a special type of the adsorption process and corresponds to the
formation of outer-sphere complexes. Ion exchange means a replacement of
exchangeable ion on the surface of the solid material by another ion from the bulk
solution. The ion exchange process can be expressed by the following simple reaction:

NASm(s) + mB(na-t]) = nBSys) + mA’(Z;) Eq. 1.1

where 4 and B represent exchangeable cations (or anions) with valences of m and n
(negative for anions) in the solution (ag) or on the surface (S) of individual exchangers
ASm(s) and BSn(s) with the surface S (Smith, 1999). The process of ion exchange is
relatively rapid, stoichiometric and selective. Since the electroneutrality of the surface
needs to be maintain, the charge deficit is balanced by ions with the same charge or by
appropriate amounts of ions with lower charges. The selectivity and the rate of ion
exchange is influenced by the Coulomb’s law, i.e., higher selectivity towards ions with
higher polarization. Cations with smaller hydrated radius occurring in the same group
and at the same valence state will be preferentially exchanged. In the case of different
valence states, ions with higher values will be preferred. In the case of anions, the
polarization is higher for larger ones (Sparks, 2003). The maximal amount of the
exchangeable ions is called the ion exchange capacity that is divided into the cation
exchange capacity (CEC) and the anion exchange capacity (AEC). The CEC and AEC
are influenced by the pH values, i.e., the increasing CEC by the increasing pH values
caused by deprotonation of surface functional groups and; conversely, increasing AEC
by decreasing pH values caused by the protonation of functional groups (Bolan et al.,
2014; Sparks, 2003). To identify ion exchange by empirical models (e.g., adsorption
isotherms), the concentration of the metal or metalloid ions in the solution needs to be
the same order of magnitude or higher than the exchangeable ion (Limousin, 2007).

Surface precipitation

Surface precipitation relates to the sorption process of various metals and metalloids
onto solid materials. In general, surface complexation, i.e., the formation of outer/inner-
sphere complexes, occurs at a lower surface coverage, whereas surface precipitates are

10
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formed at a higher surface coverage. Surface precipitation is the formation of new
phases on the surface of solid materials below the saturation limit of the appropriate
phase in the bulk solution (i.e., by the mean of homogenous precipitation). The atomic
structure of emerging surface precipitates is similar to the standard precipitates;
nevertheless, they are not identical (Smith, 1999). Another type of the surface
precipitation is the formation of surface co-precipitates that consist of the metal and/or
metalloid ions in the solution and ions released from the material by its partial
dissolution. Nevertheless, the ionic radius of these ions needs to be similar and the
dissolution of the mineral is the rate limiting step of the process. The type of surface
precipitates is dependent on both metal/metalloid ions and the solid material. In general,
the surface precipitation begins as a local oversaturation of metal and/or metalloid ions
on the surface of the solid material resulting in the formation of micronuclei of
precipitates and; subsequently, exponential grown of surface precipitates occurs
(McBride, 1994). Based on the thermodynamics, surface precipitation is favoured by:
a) a lowering of the nucleation energy by sterically similar sites on the solid surface; b)
activity of emerging complexes that is lower than 1; ¢) a lowering of the solubility of
surface precipitates by the lower dielectric constant near the surface compared to the
bulk solution (Sparks, 2003). The formation of surface precipitates significantly
reduces the metals and/or metalloid content in the solution and; moreover, aging of
these surface precipitates leads to the formation of stable phases (Sparks, 2003).

11
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Studying of the (ad)sorption mechanisms

The (ad)sorption process can be described by various models that are further divided
into three main categories, i.e., empirical models (e.g., kinetics and isotherms),
thermodynamically-based surface speciation models (e.g., surface complexation
modeling) and semi-empirical models that means a combination of these two types of
modeling approaches for heterogenous natural systems. Nevertheless, the result of
these models needs to be coupled with appropriate spectroscopic and microscopic
techniques to confirm the results obtained from the modeling and; moreover, to identify
other mechanisms, i.e., anion exchange and/or surface precipitation, that can occur
simultaneously with the surface complexation (Sparks, 2003). Moreover, other indirect
measurements, e.g., point of zero charge or ionic-strength dependency, are also useful
to provide more information about the (ad)sorption mechanism (Goldberg et al., 2007).

Adsorption kinetics

Adsorption kinetics enable to determine the rate of the adsorption and the time that is
necessary to attain the equilibrium (Gupta and Bhattacharyya, 2011). Adsorption
kinetics of metals and metalloids is commonly a biphasic process, i.c., the initial rapid
adsorption (outer-sphere complexation) and subsequent slower reaching of the
equilibrium (inner-sphere complexation) (Goldberg et al., 2007; Limousin et al., 2007).
However, the adsorption process could be also influenced by the diffusion of metals
and metalloids as well as by their desorption. Based on the rate-limiting step (the
slowest), the adsorption process can be divided into diffusion-controlled process
(limited by the diffusion) and adsorption-controlled process (limited by the adsorption)
(Gupta and Bhattacharyya, 2011; Simonin, 2016). In general, the kinetic process can
be affected by the experimental conditions, e.g., the diffusion-controlled process can
be eliminated by the rapid stirring. However, some process cannot be sufficiently
solved by this simple solution, since the effect of the diffusion is typical for solid
materials with micropores or smaller particles that significantly increases the diffusion
effect (Sparks, 2003). In general, the rate of the adsorption process for two reactants
can be expressed by a differential equation:

%=k-[A]“-[B]b Eq. 1.2

where k represents the rate coefficient, @ and b mean the order of the reaction according
to individual species A (metal or metalloid) and B (solid material). Based on the

12
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literature, adsorption of metals and metalloids onto solid materials is commonly
expressed by the pseudo-first order kinetics (PFO) or pseudo-second order kinetics
(PSO). The pseudo kinetic order states that the concentration of one reactant is
negligible, i.e., the reactant is unchanged during the process or is in the great excess
(Gaya, 2014).

The PFO is the earliest kinetic model (Lagergren, 1898). In general, the pseudo-first
order kinetics means that the whole adsorption process is reversible and depends only
on the concentration of the metal or metalloid. This model has been previously used for
the diffusion-controlled processes and/or if the physical adsorption was the
predominant mechanism. In general, the PFO provides a reasonable fit only for the
initial time stages of the kinetic process (approx. 30 min) since the subsequent slow
attending of the equilibrium (denoted to chemical adsorption) cannot be well captured
by the PFO. Therefore, the adsorption capacity established by the PFO may not
correspond to the real adsorption capacity of the material (Ho and McKay, 1998, 1999).
The pseudo-first kinetic order is represented by:

da
=k (e~ q0) Eq. 13

The integrated form of the equation for the boundary conditions t=0to¢=¢and ¢, =0
to ¢:= q; is represented by:

Gt = qe " (1 — ™) Eq. 1.4

where ¢; a g. (mg g') describe the adsorbed amount at time ¢ (min) and at the
equilibrium. The constant k; (min™') means the rate coefficient of the pseudo-first order
kinetics that depends on the initial concentration of metal or metalloid and decreases
with their increasing concentration in the bulk solution (Fabrianto et al., 2008).

Compared to the PFO, the PSO is suitable for processes controlled by chemical
adsorption, i.e., the process with the share/exchange of electrons between the solid
material and the adsorbed metal or metalloid species (Ho and McKay, 1999). The rate
of the kinetic process described by the PSO is dependent on the adsorption capacity of
the solid material that should be proportional to the number of active sites on the
material surface. However, the capacity is also influenced by the initial metal/metalloid
concentration (Ho and McKay, 1998). The pseudo second-order is represented by:
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d
f =ky -+ (qe — qu)? Eq. 1.5
The integrated form of the equation for the boundary conditions f=0to t=¢tand g,= 0
to g: = g is represented by:

_ i ket
e = e T qut Eq. 1.6

where ¢; a g. (mg/g) correspond to the adsorbed amount at time ¢ (min) and at the
equilibrium. The constant k; [g (mg-min)"'] means the rate coefficient of the pseudo-
second order kinetics that is also dependent on the initial metal or metalloid
concentration as mentioned by the PFO. In general, the rate at which the metals or
metalloids are adsorbed onto the surface of the solid material is determined by the value
of the kinetic rate coefficient (Gupta and Bhattacharyya, 2011). Faster kinetic processes
are represented by higher values of these coefficients (Peng et al., 2014, Sun et al.,
2015a).

In general, the PFO has been established as the most suitable kinetic model to describe
the rate of metal and metalloid adsorption (Gupta and Bhattacharyya, 2011; Ho, 2006).
Nevertheless, the results of various studies focused on the PFO and PSO modeling have
been revised by Simonin (2016). In these studies, the experimental data at the
equilibrium as well as after attending the equilibrium were used which systematically
favoured the PSO compared to the PFO. Moreover, the linear forms of the PFO and
PSO equations have been also widely used which significantly influenced the obtained
results and; frequently, favours the PSO fitting, i.e., higher correlation coefficients for
the PSO were observed. Finally, it has been mentioned that the overall adsorption
mechanism should not be established by the mean of kinetic models since the good fit
of the PFO or PSO may not ensure that the individual rate limiting steps controlled the
adsorption process (Simonin, 2016).

Other kinetic models, e.g., the Elovich model, intra-particle diffusion model and liquid
film diffusion model, have been used to describe the rate of the adsorption process. The
Elovich model can be used for the solid materials with energetically heterogenous
surface and for systems that are influenced by the desorption and/or interaction between
adsorbed species. The Elovich equation (Low, 1960) is represented by:

dac _ . o—Ba
o —ae i Eq. 1.7
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The integrated form of the equation for the boundary conditions = 0to t=¢and ¢;= 0
to ¢:= q: is represented by:

qe =B In(a-p-1t) Eq. 1.8

where ¢, (mg g') correspond to the adsorbed amount at time ¢ (min). The Elovich
coefficients o (g mg™! min?) and S (g mg™! min™) represent the initial adsorption rate
and desorption rate, respectively. Nevertheless, this model is suitable only for the data
that are far from the equilibrium, i.e., at the initial adsorption stage, since the effect of
the desorption is neglected at # — oo (Gupta and Bhattacharyya, 2011). For the porous
materials, the intra-particle diffusion model that takes account the transport of metals
or metalloids into the porous structure of the adsorbent can be used. The intra-particle
diffusion model (Weber and Morris, 1963) is represented by:

qe = k-t Eq. 1.9

where ¢, (mg g') correspond to the adsorbed amount at time ¢ (min) and k; represents
the intra-particle diffusion rate (mg g' min™®®). The straight plot means that the
adsorption process is controlled by the intra-particle diffusion; contrarily, a multi-linear
plot shows that more mechanisms influenced the adsorption process (Gupta and
Bhattacharyya, 2011; Fierro et al., 2008). Besides the intra-particle diffusion, the liquid
film diffusion can also influence the adsorption rate. The liquid film diffusion model
(Boyd, 1947) is represented by:

In(=F) = —kgq - t Eq. 1.10

where F (g/q.) corresponds to fractional attainment of equilibrium and ky (min™)
represents the film diffusion rate coefficient. Nevertheless, the intra-particle diffusion
model and the liquid film diffusion model have been used rarely assuming that the
adsorption rate is less affected by the transport than the binding of metals or metalloids
on the surface (Gupta and Bhattacharyya, 2011).

Adsorption isotherms

Adsorption isotherm is the relationship between the equilibrium concentration of
metals or metalloids in the solution and the adsorbed amount at constant temperature
(Sparks, 2003). Adsorption equilibrium is the time in which a dynamic balance between
metals or metalloid concentration in the solution and the concentration on the surface
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of the solid material exists (Foo and Hameed, 2010). Generally, adsorption isotherms
are divided into four main types (Fig. 1.5): a line of zero-origin isotherm (C-type), a
convex isotherm (L- or H-type) and a sigmoidal isotherm (S-type) (Giles et al., 1974).
A C-type isotherm means that the ratio between the equilibrium concentration in the
solution and the adsorbed amount on the solid material (denoted as a partition
coefficient Kp) remain the same by the increasing initial concentration of metals or
metalloids. This isotherm type can be used as an approximation for very low initial
concentrations, i.e., before the saturation of adsorption sites that is characteristic by a
nonlinear shape of the isotherm. The L-type isotherm means that the ratio between the
equilibrium concentration in the solution and the adsorbed amount on the surface of the
solid material decreases by the increasing initial concentration of metals or metalloids.
This isotherm type can be further divided into the isotherm with a strict asymptotic
plateau (i.e., materials with limited adsorption sites at given conditions) and the
isotherm without a plateau (i.e., materials with unlimited adsorption sites at given
conditions). The H-type isotherm represents a special type of the L-type isotherm with
a high initial slope suggesting a high affinity of metals or metalloids for the surface of
the solid material. Such shape of the isotherm is often representative of the formation
of inner-sphere complexes. The S-type isotherm means energetically different
adsorption sites on the surface of the solid material or the influence of different
adsorption processes on the removal mechanism (e.g., surface precipitation or ion
exchange). In general, the S-type isotherm reaches the plateau at low initial metal or
metalloid concentrations; however, the adsorbed amount significantly increases at
higher initial concentrations (Limousin et al., 2007; Sparks, 2003).

(a).The “C” isotherm (b)_The “L” isotherm

Q Q | .
4 With strict plateau

without strict plateau
> C > C
(c) The “H” isotherm (d)_The “S” isotherm
Q Q

r 3

point of inflection

\

> C > C

Fig. 1.5. The most common types of adsorption isotherms; adapted from Giles et al.
(1974).

16



Chapter 1

Various empirical models have been used to describe the adsorption isotherms. In
general, models can be divided into two main categories, i.e., two parameter models
(e.g., Lagmuir model, Freundlich model, Temkin model, Dubinin-Radushkevich
model) and three parameter models (e.g., Brunauer-Emmet-Teller model, Sips model).
Among these adsorption isotherms, the Langmuir and Freundlich models are the most
widely used empirical models to study metal and metalloid adsorption (Foo and
Hameed, 2010; Limousin et al., 2007). However, adsorption isotherms should not be
used to describe the adsorption mechanism without molecular investigations (e.g.,
spectroscopic techniques or identification of emerging solid phases) since adsorption
isotherms are not able to sufficiently differentiate between individual (ad)sorption
mechanisms (than commonly occur simultaneously) as well as between physical and
chemical adsorption (Sparks, 2003). Moreover, these models are applicable only for
the given system (i.e., chosen conditions and materials) since the application of the
results to other systems leads to significant errors (Goldberg et al., 2007). It needs to
be mentioned that many adsorption studies also used linear regression to evaluate the
fitting using adsorption isotherm models which lead to the bias of the adsorption data
producing different outcomes, altering the error structure and/or violation of the error
variance; therefore, the non-linear form of individual adsorption isotherm models
should be used (Foo and Hameed, 2010).

The Langmuir model was originally developed to describe gas adsorption onto a planar
surface. The Langmuir isotherm assumes with the monolayer adsorption onto a fixed
number of energetically equal adsorption sites (i.e., with constant enthalpies and
activation energies of adsorption) that possess equal affinity for metals or metalloids in
the solution. Moreover, no interactions between adsorbed species occurs. Therefore,
this model should not be used for more complex heterogenous systems (Foo and
Hameed, 2010; Langmuir, 1918; Sparks, 2003). The Langmuir equation (Langmuir,
1918) is represented by:

K ce

de = Qmax 14K, Cy Eq. .11

where ¢, and g. correspond to the equilibrium concentration in the solution (mg L)
and the adsorbed amount at the equilibrium (mg g™), respectively. Parameters gu4x and
K, mean the maximum adsorption capacity (mg g™') and the Langmuir constant related
to the affinity to the adsorbate (L mg™) (Foo and Hameed, 2010; Limousin et al., 2007).
The Langmuir constant can be further used to calculate a separation factor R, (Webber
and Chakkravorti, 1974) that is represented by:
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1

R, =
L 1+Kco

Eq. 1.12

where K; and ¢y correspond to the Langmuir constant (L mg"') and initial metal or
metalloid concentrations (mg L™). In general, the basic adsorption mechanism is
suggested by the R value, i.e., irreversible adsorption (R; = 0), favourable adsorption
(0 < Rr< 1), linear adsorption (R;= 1) and unfavourable adsorption (R;> 1) (Foo and
Hameed, 2010). Among the standard Langmuir isotherm, the modified equitation can
be used for the system with more than one adsorption site of a given energy. The
modified Langmuir isotherm for two adsorption sites is represented by:

K 1,Ce Ky 2,Ce
= _—  + 2
e = Amax 14K 1 Co qdmax,2 14K 2-Co

Eq.1.13

where 1 and 2 represent adsorption sites of high and low activation energy.
Nevertheless, if the adsorption process is influenced by ion exchange, special
multispecies isotherms should be used (Limousin, 2007; Sparks, 2003).

The Freundlich model was the first to describe the non-ideal, reversible and multilayer
adsorption onto gas-solid interface. This model assumes a heterogenous surface with a
non-uniform distribution of enthalpies and activation energies of adsorption, i.e., the
adsorbed amount is the sum of adsorption onto all sites (stronger binding sites are
occupied first). The main disadvantage of this model is a lack of fundamental
thermodynamic basis. Nevertheless, it has been widely used in heterogenous systems
including metal and metalloid adsorption (Foo and Hameed, 2010). The Freundlich
equation (Freundlich, 1906) is represented by:

1
qe = Kp - (co)n Eq. 1.14

where ¢, and g. correspond to the equilibrium concentration in the solution (mg L)
and the adsorbed amount at equilibrium (mg g™'), respectively. Parameters Kra n are
the Freundlich constant [(mg g) (L mg)""] and the dimensionless constant describing
the adsorption process. Values of n are commonly in the range from 1 to 10 that means
favourable adsorption (Foo and Hameed, 2010; Sparks, 2003).

Surface complexation modeling

Surface complexation models (SCMs) provide a molecular description of metal and
metalloid adsorption reactions onto solid materials using an equilibrium approach. The

18



Chapter 1

SCMs are based on thermodynamics and define the emerging surface species,
equilibrium constants, chemical reactions and mass/charge balances as a function of
the pH value, ionic strength and solute concentration. Compared to empirical models
(e.g., adsorption isotherms), the SCMs are applicable over variable experimental
conditions and; therefore, provide a more mechanistic approach to study the adsorption
process (Goldberg et al., 2007; Hayes et al., 1991). The SCMs are based on the electric
double-layer theory that describes the ion distribution near the charged surface of the
solid material. The Gouy-Chapman model (Gouy, 1910; Chapman, 1913) assumes the
existence of a diffuse cloud in which cations and anions exist and that is located near
the charged surface of the solid material. The opposite ions are concentrated near the
surface and exponentially decreases with the distance until the equal number of ions
with the same and opposite charges are observed. Moreover, only electrostatic
interaction with the surface exists. The charge on the surface of the solid material is
compensated with the ions of the opposite charge and; therefore, the electrically neutral
system exists. The diffuse layer parameters (e.g., surface charge, surface potential and
the thickness of the layer) depend on the type of the solid material. However, real
systems show much more interactions between individual ions and the surface than is
assumed by this simple model (Sparks, 2003). The Stern model is a modification of the
Gouy-Chapman model (Stern, 1924). The Stern model assumes that a Stern layer
between the charged surface and the diffuse layer exists and; moreover, inner-sphere
complexes are formed in this layer. The charge at the surface is compensated by the
charge of ions in the solution that are distributed between the Stern layer and the diffuse
layer. Nevertheless, surface complexation models have been developed to sufficiently
describe the ion adsorption onto more complex surfaces (Goldberg, 1992; Sparks,
2003).

The most widely used 2-pK SCMs are the constant capacitance model (CCM; Stumm
etal., 1980), the diffuse layer model (DLM; Dzombak and Morel, 1990) and triple layer
model (TLM; Davis et al, 1978). The surface charge is a result of
protonation/dissociation reactions and surface complexation reactions on the surface
hydroxyl groups (Goldberg, 1992). The scheme of the solid-liquid interface described
by these models is given in Fig 1.6. In general, the CCM and the DLM describe the
formation of inner-sphere complexes located in a single surface o-plane. Moreover, the
diffuse layer in the DLM includes the ions attracted to the charged surface but
remaining in the bulk fluid phase. Finally, the TLM describes the formation of inner-
sphere surface complexes (the o-plane) and outer-sphere surface complexes (the B-
plane between the surface plane and the diffuse layer) (Goldberg et al., 2007).
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Fig. 1.6. The scheme of the solid-liquid interface described by the CCM, the DLM, the
TLM (y is to the surface potential (V) and x is the surface charge density (C m™) in the
individual planes, respectively); adapted from Goldberg et al. (2007).

Individual SCMs contain adjustable parameters that can be experimentally determined
for the studied solid material (Table 1.2). The surface protolysis constants (K and K°),
the total number of surface sites (V;) and the electrolyte surface-binding constants (Kiy
and Kcyr) are commonly determined by acid-base titrations. The values of the
capacitance C; (inner-layer capacitance) and C, (outer-layer capacitance) can be
obtained by the linear extrapolation of the potentiometric titration. To eliminate
possible variability and uncertainty, the value of C; is commonly optimized to fit
experimental titration data and the value of C> is fixed as 0.2 F m? (Goldberg, 2014;
Hayes et al., 1991). In general, the TLM shows better fitting of the titration data over
the wide range of ionic strengths and at the constant ionic strength as well. Contrarily,
the CCM is limited to the high and constant ionic strength. Finally, the DLM shows a
worse fit of the titration data, but the simplicity of this model makes it more attractive
the CCM and TLM (Hayes et al., 1991; Komarek et al., 2015; Komarek et al., 2018).

Table 1.2 Parameters of the CCM, the DLM and the TLM model (Hayes et al., 1991).

Parameters CCM DLM TLM
The surface protolysis KK N \ N
constants

The total.number of Nt N N N
surface sites

The capacitance c N N
parameter

The capacitance c N
parameter

Electrolyte surface- K Kear N

binding constants
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The surface of the solid material described by the 2-pK SCMs follows several chemical
reactions. The surface functional groups (SOH; S represents the mineral surface and
OH the reactive hydroxyl group) could be protonated or deprotonated asexpressed by
chemical reactions:

SOH + H* & SOH,™ Eq. 1.15
SOH & SO~ + H* Eq. 1.16

where SOH," and SO are protonated and deprotonated surface groups, respectively.
The formation of inner-sphere complexes for the CCM, DLM and TLM is expressed
by chemical reactions:

SOH + M™ « soMm~V 4 g+ Eq.1.17
2SO0H + M™* & (50),M™~2) + 2H* Eq. 1.18
SOH+ L' + HY & SLU"D~ 4+ H,0 Eq. 1.19
2SOH + L'~ + 2H* & S,L0-9~ 4+ 2H,0 Eq. 1.20

where M and L mean the cation of charge m+ and anionic ligand of charge 1,
respectively. Moreover, surface complexes can be monodentate (S) and/or bidentate
(25). The formation of outer-sphere complexes for the TLM can be expressed by
chemical reactions:

SOH + M™ & S0~ — M™Y) + H* Eq. 1.21
SOH + M™* 4+ H,0 & SO~ — MOH™~V + 2H* Eq. 1.22
SOH + L' + HY & SOH," — L) Eq. 1.23
SOH + L'~ + 2HY & SOH," — LH¢-D- Eq. 1.24
SOH +C* & SO~ —C*+ H* Eq. 1.25
SOH+ A+ HY & SOH," — A~ Eq. 1.26

where C" and A" is the cation and anion of the background electrolyte, respectively.
(Goldberg, 1992; Goldberg, 2007). Moreover, the charge balance and mass balance
for the surface functional group SOH, i.e., the sum of all surface species for the specific
site type, in the SCM should be considered (Goldberg, 2007).

Solid-state analyses

Various solid-state analyses can be used to evaluate the (ad)sorption mechanisms of
metals and metalloids onto solid materials as well as possible metal/metalloid
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precipitation (Sparks, 2003). Moreover, the individual surface complexes established
by the SCMs could be differentiated by appropriate spectroscopic techniques. The most
commonly used methods are: X-ray absorption spectroscopy (XAS), Fourier-
transform infrared spectroscopy (FTIR) and X-ray photoelectron spectroscopy (XPS).
The X-ray absorption spectroscopy (XAS) provides structural details (geometry) of
emerging surface complexes. The technique is further divided into X-ray absorption
near edge structure (XANES) and extended X-ray absorption fine structure (EXAFS).
The XANES describes the oxidation state of the adsorbed species and the coordination
number and; therefore, provides the information about the local environment.
Contrarily, the EXAFS gives more quantitative information since the average distance
and the number/identity of atom in the first coordination shells around the atom are
obtained. The EXAFS thus shows the type of emerging complexes and possible surface
precipitates (Goldberg, 2007; Koretsky, 2000). Fourier transform infrared spectroscopy
(FTIR) can provide information about interactions on the surface of solid materials,
i.e., differentiate between inner- and outer-sphere complexes (Goldberg, 2007). In
general, FTIR enables to identify the presence of characteristic functional groups in the
structure of solid materials. A vibrational spectrum that is formed by a set of absorption
or scattering peaks as a function of the energy is recorded. The vibrational spectrum is
dependent on the interatomic forces in the molecule or crystal. Therefore, positions,
symmetries, relative intensities and any changes of the observed peaks in the spectrum
provide useful information about the structure of the material (Kloprogge and Frost,
2010). X-ray photoelectron spectroscopy (XPS) uses monoenergetic soft X-rays to
describe interactions with atom near the surface of solid materials using the
photoelectric effect, i.e., photoemission of core and valence electrons. Each atomic
specie has its specific binding energy and; therefore, the comparison with known values
can be provided and the surface ion composition can be identified (Gier and Johns,
2000). Based on the position of the peaks and their shifts, the presence of the bonds
between the metals or metalloids and the specific surface sites can be provided and;
additionally, the adsorption mechanism, i.e., formation of outer- and inner-complexes,
can be evaluated (Komarek et al., 2015; Lu et al., 2015; Trakal et al., 2014a; Vithanage
et al., 2013).

Surface precipitation is a common sorption process that can occur together with the
surface complexation and; therefore, suitable methods for its identification are needed.
Surface precipitates can be identified by spectroscopic techniques (mentioned above),
X-ray powder diffraction (XRD) and/or microscopic analyses, i.e., scanning electron
microscope/transmission electron microscope (SEM/TEM). Powder X-ray diffraction
(XRD) is the major method for the structural characterization of different solid
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materials. To identify the structure of the solid material as well as surface precipitates,
the position of the peaks in the diffractogram and their intensity, shape and breadth as
well as changes of the cell parameters are studied. Nevertheless, the intensity of peaks
is directly proportional to the concentration of the studied solid phase (Klug and
Alexander, 1954). Morevoer, the intensity is also influenced by the nature of the solid
phase. In general, broader reflections correspond to amorphous phases (without any
regular interior arrangement of atoms) and sharper reflections to crystalline phases
(atoms arranged in a periodic pattern in three dimensions) (Cullity, 1878; Jaiswal et al.,
2014; Sparks, 2003). Scanning electron microscopy (SEM) and transmission electron
microscopy (TEM) can identify morphological characteristics of the solid materials.
Moreover, electron microscopes can be coupled with energy-dispersive X-ray
fluorescence spectroscopy (EDX), which provides quantitative information (i.e.,
elemental composition) and qualitative information (i.e., distribution of elements). The
elemental distribution is provided by X-ray maps which are produced by characteristic
X-rays from the given element (generated by electrons) in the sample. The elemental
mapping obtained from SEM and TEM measurements differ by the spatial resolutions
which is about 1 um (SEM) and 2 to 100 nm (TEM), respectively. Moreover, elemental
maps can also provide quantitative information about the sample (Friel and Lyman,
2006). Nevertheless, the main disadvantage is that these methods are not able to
distinguish between individual species (only elemental concentration are obtained) and
the weight percentage (wt%) of individual elements need to be higher than 1% to be
detectable (Sparks, 2003).

Indirect measurements

The (ad)sorption mechanism can be also supported by some indirect measurements,
i.e., by the point of zero charge of the solid material (pHpzc) or ionic-strength
dependency. In general, the surface functional groups could be protonated or
deprotonated; nevertheless, the charge on the surface of the solid material depends on
the pH value in the solution. The pHpzc means that the number of negatively and
positively charged surface groups are equal. At the pH values higher than pHpzc,
negatively charged groups predominate; conversely, the opposite effect is observed at
the pH values lower than pHpzc (Sragek and Zeman, 2004). The charge on the surface
of the solid material could influence the (ad)sorption mechanism of metals and
metalloids since electrostatic interactions take place between the ions with different
charge, i.e., outer-sphere complexation occurs at pH < pHpzc for metalloids and at pH
> pHpzc for metals (Koretsky, 2000). Moreover, the shift of pHpzc of the material after
the (ad)sorption process could be assigned to the formation of inner-sphere complexes;
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however, the formation of outer-sphere complexes by the interaction of metals or
metalloids via strong hydrogen bonds cannot exclude. Therefore, this value provides
only a small insight to the possible (ad)sorption mechanisms (Goldberg, 2007). The
ionic-strength dependency is commonly used to differentiate between inner- and outer-
sphere complexes. The ionic-strength independency means that inner-sphere
complexes are preferably formed. Conversely, decreasing (ad)sorption by increasing
ionic strength of the background electrolyte means the formation of outer-sphere
complexes (Hayes and Leckie, 1987; Hayes et al., 1988). However, increasing
(ad)sorption by increasing ionic strength could be also assigned to the formation of
inner-sphere complexes (McBride, 1997). It needs to be mentioned that the ionic-
strength dependency is also influenced by the type of the electrolyte and this
generalization is mainly applicable only for NaNOs (Goldberg, 2007).
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Layered double hydroxides and mixed
oxides

Layered double hydroxides (LDHs) were discovered at the end of the 19" century. To
this date, more than 43 species distributed between 9 groups have been described (Mills
et al., 2012). Layered double hydroxides are natural or synthetically prepared layered
materials with many applications (Fig. 1.7) including catalysis, photochemistry and
environmental or biomedical scientific uses (Cavani et al., 1991; Goh et al., 2008;
Liang et al., 2013). Nevertheless, their use as adsorbents is still limited. In general,
LDHs or CLDHs (thermally treated LDHs; mixed oxides) are mainly produced as
plastic additives, flame retardants and PVC stabilizers at the industrial scale (Chubar et
al., 2017). The most important advantages of these materials are their special structure,
unique properties and a relatively simple and economical synthesis. Layered double
hydroxides have been presented as potentially perspective materials for metal and
metalloid removal at a larger scale; however, there is still a lack of comprehensive
studies describing the real potential of these materials in remediation technologies
(Chubar et al., 2017; Goh et al., 2008; Liang et al., 2013).

\

Cataysis:
- transesterification
Industry: - steam reforming
- ion exchangers - polymerization Cata.lyst support:
- molecular sieves - hydrogenation - Ziegler-Natta
- flame retardant l - Ce0,
Layered double
hydroxides and mixed
oxides
.
Medicine: .
.. Adsorption:
- neutralizing agents
. - metals
- stabilizers ]
. . - metalloids
- antipeptins

Fig. 1.7. The use of LDHs and CLDHs (Cavani et al., 1991; Goh et al., 2008, Liang et
al., 2013).

25



Chapter 1

Structure of layered double hydroxides and mixed oxides

The structure of LDHs consist of Mg(OH)s octahedral units that share edges in order
to build Mg(OH); brucite-like layers which are stacked on themselves and held together
by hydrogen bonds. Layers are positively charged and formed by divalent and trivalent
metal cations. The positive charge of layers is compensated by anions intercalated in
the interlayered region. Moreover, water molecules can be found in the free space of
this region (Fig. 1.8). A general formula of LDHs is given by:

(M2, M3 (OH),1¥* [, - yH,0] Eq. 128
where M?" a M’" mean divalent and trivalent metal cations and A" represents
appropriate anion (# is the valence). The positive charge of layers is generated by a
substitution of divalent metal cations by trivalent metal cations. Layered double
hydroxides can be formed by cations with the ionic radii close to Mg(Il) and AI(III).
Possible cations and their ionic radii are shown in Table 1.3. The ionic radii are in the
range 0.65 - 0.80 A for divalent and 0.50 - 0.69 A for trivalent metal cations (Cavani et
al., 1991).

Fig. 1.8. The structure of layered double hydroxide; adapted from Benicioet al. (2015).

Table 1.3 The ionic radii (A) of divalent and trivalent metal cations possible to form
LDHs (Cavani et al., 1991).

M(I) Mg Zn Fe Ca Cu Mn
0.65 0.74 0.76 0.98 0.69 0.80

M(I1T) Al Fe Ti Ga \% In
0.50 0.64 0.76 0.62 0.74 0.81
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The trivalent metal ratio (the symbol x) is an important parameter that describes the
structure of LDHs and can be calculated by the following formula:

M3+
X = W Eq 1.29

The value of this parameter corresponds approximately to 0.2 < x < 0.4 that means
molar ratio of M(II) and M(III) in the structure of LDHs between 3:1 and 2:1;
nevertheless, LDHs with molar ratio up to 4:1 is commonly used. The upper limit of x
leads to electrostatic repulsions between neighboring trivalent cations in the layers and
also between the charge-balancing anions. The lower limit of x means a collapse of the
interlayered region due to a higher distance between anions in the interlayered region
(de Roy, 2001). Moreover, high values of x lead to the formation of AI(OH);. On the
contrary, Mg(OH), is formed at low values of x. Afterwards, both hydroxides occur as
secondary phases (Cavani et al., 1991).

A great variety of anions can be incorporated in the interlayered region. Moreover,
these anions can be easily exchanged due to weak bonds. They are divided into five
groups: halides (e.g., chloride), oxyanions (e.g., carbonate or nitrate), oxo- and
polyoxometalates (e.g., dichromate), anionic complexes (e.g., ferrocyanide and
ferricyanide) and organic anions (e.g., carboxylates) (de Roy, 2001). The type of the
anion influences the width of the interlayered region that is represented by the basal
spacing of layers calculated from XRD diffractograms. If two different basal reflections
are observed, two different types of anions exist in the interlayer region (Cavani et al.,
1991). Values of basal spacing of anions that commonly occur in the structure of LDHs
are shown in Table 1.4.

Table 1.4 Values of basal spacing (dp;) of the most common interlayered anions
(Cavani et al., 1991).

Type of anion OH- COs* Cr NO5
Basal spacing (A) 7.55 7.65 7.86 8.79

The thermal treatment (calcination) of LDHs leads to mixed oxides (CLDHs) that have
many advantages compared to LDHs (e.g., a larger surface area, stronger basic
properties, a higher thermal stability, a smaller crystal size and a higher stability against
sintering) (Liang et al., 2013). The LDHs can be also reconstructed from these materials
by a rehydration. Afterwards, the intercalation of anions takes place. The whole process
is called the memory effect (Cavani et al., 1991; Kang et al., 2013). The thermal
treatment of LDHs is commonly held in an inert atmosphere and the structure of LDHs
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changes into (M(II)*)O and (M*"),0s. A spinel structure (M*")(M*"),04 can be
synthesized during higher temperatures (Yang et al., 2002). Properties of synthesized
CLDHs depend on a temperature program of a furnace (e.g., a final temperature, a time
and an atmosphere). The thermal treatment of is divided into several steps (Andreozzi
et al., 2000; de Roy, 2001; Yang et al., 2002) that are shown for Mg-Al CO; at Fig. 1.8:

A) Elimination of water in the interlayered region (70—190°C)

B) Elimination of the OH™ groups bonded with AI(III) (190—280°C)

C) Elimination of the OH™ groups bonded with Mg(II) (240—405°C) which
means a collapse of the brucite-like sheets

D) Elimination of COs*  (405—580°C) resulting into transformation to the
amorphous mixed oxide

E) Formation of the spinel structure (600—1000°C)

(A) B)
Mg- Al layered 70-90°C
double =)
hydroxide Interlayer water
Al-OH- Water from
Solid solution Amorphous Phase 190-280°( OH- groups
MgO + AL O, Mg-OH-
405-580°C 280-405°(
Carbonates Water from
from interlayer OH- groups

region

(E) (D) ©)

Fig. 1.9. The thermal treatment of Mg-Al COs; LDH; adapted according to Yang et al.
(2002).

(Ad)sorption of metals and metalloids

Layered double hydroxides and mixed oxides have been used for the (ad)sorption of
oxyanions (AsO4>, PO4*), monoatomic anions (F, CI', Br',I) or organics, but there are
only few studies focused on the (ad)sorption of metal cations (Goh et al., 2008; Liang
et al., 2013). Nevertheless, studies dealing with the complex mechanistic/modelling
approach are rather scarce. Generally, individual species can be stabilized by various
mechanisms, i.e., surface complexation (monoatomic anions, metals, metalloids,
organics), incorporation by the mean of anion exchange or during the reconstruction
process (monoatomic anions, metalloids, organics), precipitation or surface
precipitation (metals), isomorphic substitution (metals) and/or chelation (metals).
Individual processes can occur simultaneously and may influence the whole
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(ad)sorption mechanism (Liang et al., 2013). In general, the main factors influencing
metal and metalloid (ad)sorption onto LDHs and CLDHs are the pH value, the
temperature, the thermal treatment of LDHs, the dosage and the stability of LDHs and
CLDHs.

The (ad)sorption mechanisms of metals onto LDHs and CLDHs include surface
complexation, precipitation of metal hydroxides on the surface of LDHs or CLDHs
(especially if the pH value is not adjusted), isomorphic substitution and chelation with
functional ligands in the interlayered region (Liang et al., 2013). Surface complexation
of metals onto the LDH and CLDH surface can be divided into the formation of outer-
sphere complexes and inner-sphere complexes. Isomorphic substitution leads to the
replacement of divalent metal cations within the lattice without any changes of the
crystal structure of the material (so called diadochy). This unique mechanism enables
to lock divalent metal cations in the LDH structure. Moreover, the kinetics of this
process is quite rapid (Komarneni et al., 1998; Richardson and Braterman, 2009).
Divalent metal cations must have the similar ionic radii as Mg(II) to be successfully
incorporated (Komarneni et al., 1998; Richardson and Braterman, 2009; Sun et al.,
2015a). Although the ionic radius of Zn(II) (0.74 A) shows a higher value than ionic
radii of Cu(II) (0.72 A) and Ni(II) (0.72 A), the affinity of metal cations decreases in
the order Zn(Il) > Cu(Il) > Ni(Il). The increasing affinity with the increasing ionic
radius can be ascribed to a steric hindrance that causes a lower chance of small cations
to be incorporated into the LDH structure. The substitution of Mg(Il) (with a smaller
ionic radius) by divalent metal cations (with larger ionic radii) can be identified by the
changes in the XRD diffractogram, i.e., the decrease of the parameter a is observed. On
the contrary, the lattice parameter ¢ increases which is ascribed to changes of the
original LDH structure during the isomorphic substitution (Sun et al., 2015a). Since
LDHs have a buffering effect that leads to the increase of pH values, the precipitation
of metals, i.e., a formation of new solid phases, can be also observed, especially if the
pH is not adjusted during the (ad)sorption experiments (Fujji et al., 1992). Precipitates
can occur as parts of the LDH structure (surface precipitation) or as separate phases.
Other factors affecting precipitation are the composition of layers, solubility constant
of metal hydroxides, sorbent stability and/or coexisting species. Finally, chelation can
also influence the (ad)sorption mechanism; nevertheless, functional ligands (EDTA,
DTPA, citrate, etc.) should be present in the interlayered region and; afterwards, the
reaction of metal cations with these ligands without any deformation of the LDH
structure takes place (Liang et al., 2013).
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The (ad)sorption mechanisms of metalloids onto LDHs and CLDHs include surface
complexation and anion exchange in the interlayered region. Moreover, CLDHs enable
the intercalation of metalloid anions in the renewed interlayer region as the
reconstruction of the original layered structure of LDHs (Kang et al., 2013).
(Ad)sorption of metalloids (e.g., arsenate, antimonate) is the pH-dependent surface
complexation and takes places mainly at low pH values, i.e., on the protonated surface.
Anion exchange is influenced by the layer charge density and the type of anions in the
interlayered region of LDHs. The layer charge density depends on the amount of
trivalent metal cations in the brucite-like sheets that means the increasing charge of
layers with the increasing number of trivalent cations (Goh et al., 2008). Furthermore,
the effectivity of the anion exchange strongly depends on ionic radii of metalloid
anions. It means that the maximal effectivity is reached when the interlayered region is
large enough for the chosen type of the metalloid anion. Nevertheless, the effectivity
of the anion exchange is also influenced by the competing anion in the interlayer region.
Generally, HCO5, CO;* and HPO4* have the highest interfering effects (Kiso et al.,
2005; Yang et al., 2005). Moreover, the competing anions have stronger effects for
LDHs than for CLDHs (Yang et al., 2005). However, the most attractive (ad)sorption
mechanism is the LDH reconstruction by the mean of the memory effect that is caused
by the rehydration of CLDHs and the concurrent intercalation of metalloid anions into
the interlayered region (Goh et al., 2008).

Factors influencing metal and metalloid (ad)sorption

The effectivity of metal and metalloid (ad)sorption strongly depends on the point of
zero charge (pHpzc) of LDHs and CLDHs. Generally, pHpzc of Mg-Al LDHs and Mg-
Fe LDHs is between 8.7 and 12.5. As has been previously discussed, the surface is
positively charged when the pH value is lower than pHpzc and vice versa. Since metal
(ad)sorption increases with increasing pH values, the buffering effect of LDHs and
CLDHs spontaneously increases the pH value and improves metal (ad)sorption
efficiency by precipitation of new solid phases (hydroxides or carbonates) (Kameda et
al., 2005). Therefore, it is necessary to separate the influence of the different
mechanisms influencing the whole (ad)sorption process. On the contrary, favourable
(ad)sorption of metalloids is observed with a decreasing pH value. However, the pH
value that is significantly higher than pHpzc (pH >> pHpzc) leads to the decrease of
(ad)sorption of arsenate due to competitive effects with OH™ groups (Liang et al., 2013).

The efficiency of the (ad)sorption process is also influenced by the temperature. In the
case of metalloid (ad)sorption using LDHs and CLDHs, increasing (ad)sorption with
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decreasing temperature, i.e., the exothermic process, was observed (Yang et al., 2005);
however, opposite results were presented by Das et al. (2004). Metal (ad)sorption is
commonly described as an endothermic process. In general, increasing temperature
influences the interparticle diffusion that could be the rate-limiting step and thus
influence the whole (ad)sorption process (Liang et al., 2013). The temperature of the
thermal treatment of LDHs, i.e., the formation of CLDHs, significantly affects the
(ad)sorption properties of the final material (e.g., surface area and memory effect). At
lower temperatures (see Fig. 1.9), the layered structure is not completely collapsed, not
all carbonates are eliminated, and the surface area does not reach the maximum value.
On the contrary, at higher temperatures (over 800°C) the spinel structure disables the
reconstruction of LDHs and decreases the surface area (Goh et al., 2008; Liang et al.,
2013).

The optimum dosage of the solid material is a necessary factor for cost-effective
applications of LDHs and CLDHs. Increased solid content results into more available
surface sites, so (ad)sorption increases rapidly. However, the (ad)sorption capacity
could decrease with a higher solid content due to the presence of surface sites of
different binding energies. Therefore, a higher (ad)sorption capacity could be observed
in the case of lower sorbent dosages while all sites are exposed for (ad)sorption and the
saturation is fast. Moreover, higher sorbent dosages could lead to the decrease of
available surface sites of higher energy (at the expense of a larger fraction of surface
sites of lower energy). Moreover, increasing the solid content can cause aggregation
and; afterwards, the diffusion affects the (ad)sorption process (Liang et al., 2013).

The stability of the sorbent is a crucial factor affecting the (ad)sorption of metals and
metalloids. The stability depends on the pH value and also on the type of metal cations
in brucite-like sheets of LDHs and CLDHs (Boclair and Braterman, 1999; Ferreira et
al., 2006; Jobbagy and Regazzoni; 2011). Generally, the stability of LDHs and CLDHs
increases with the stability of divalent metal cations in the order Mg(Il) < Mn(Il) <
Co(II) = Ni(Il) < Zn(II) and with the stability of trivalent metal cations in order Al(III)
< Fe(Ill) (Boclair and Braterman, 1999). In the case of Mg-Al LDH, the leaching of
Mg(Il) is observed in the pH range from 5 to 9 and increases with the decrease of the
pH value (without any leaching of AI*"). However, a complete dissolution (the leaching
of Al) takes place in 3 hours at pH 4 (Jobbagy and Regazzoni; 2011). The dissolution
of Mg-Fe LDHs can be observed at pH 3 (Jiao et al., 2014). Therefore, the release of
harmful metals must be controlled by appropriate pH values of the (ad)sorption process
or by using LDHs and CLDHs that are free of toxic metals in the brucite-like sheets,
e.g., Mg-Fe LDHs and CLDHs (Goh et al., 2008; Liang et al., 2013).
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Perspectives in the field of metal and metalloid (ad)sorption

Surface complexation models can provide a useful tool to identify individual
(ad)sorption mechanisms of metals and metalloids onto the surface of solid materials.
Nevertheless, the SCM describing metal and metalloid (ad)sorption onto LDHs or
CLDHs has not been presented yet. Up to now, the SCM has been used only to describe
the surface charging behaviour of LDHs by the modified complexation model (Rojas
Delgado et al., 2004, 2008) and the formation of LDHs by the Zn co-precipitation with
Al(OH); by the diffuse layer model (Tokoro et al., 2015). In general, the formation of
outer- and/or inner-sphere complexes during metal and metalloid (ad)sorption onto
LDHs and CLDHs has been studied by XAS analyses (Izumi et al., 2002, 2005; Liu et
al., 2006; Paikaray et al., 2013; Sommella et al., 2015; Wang et al., 2009), XPS analyses
(Goh et al., 2009) or by ionic-strength dependency (Liang et al. 2009; Zhang and Hou,
2007; Zhao et al., 2011). However, metal (ad)sorption onto LDHs and CLDHs were
mainly performed without pH adjustment resulting in the predominant effect of
precipitation or surface precipitation of new solid phases rather than surface
complexation (Liang et al., 2013).

Some studies have focused on the application of LDHs and CLDHs in soils. However,
these studies are rather scarce. Moreover, the stabilization mechanism as well as the
stability of materials in soil conditions have not been studied in detail. Therefore, future
studies based on the application of LDHs and CLDHs in soils contaminated by metals
and metalloids should be useful to evaluate the stabilizing potential of these materials
in real contaminated soils. Previously, the remediation of Cr(VI) was performed by the
combination of adsorption onto CLDHs and electrokinetic methods which could be a
promising method for the remediation of other oxyanions (Zhang et al., 2012a).
Moreover, the removal of the organic matter in alkaline soils was also studied. Strong
interactions between the organic matter (anionic compounds) and LDHs enable
accumulation and storage of the organic matter in these soils (Griinewald et al., 2008).
Perspectives of LDHs and CLDHs in the agriculture have been also tested (Benicio et
al., 2015). The intercalation of N and P within LDHs was published as a new fertilizer
technology that optimizes N and P supply to plants (a long-term exchanger that controls
the movement and reduces the leaching of NO5") (da Silva et al., 2014; Torres-Dorante
et al., 2008). Moreover, agrochemicals (such as pesticides and herbicides) can be
encapsulated in the LDH structure thus reduces environmental hazards of their
application (Bruna et al., 2009). Finally, LDHs and CLDHs may be used for the
removal of anionic species that are commonly used in the agriculture (e.g., nitrates,
phosphates) by adsorption. Subsequently, the adsorbed compounds can be slowly
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released back to the plants (Benicio et al., 2015; Terry, 2009). Previously, Mg-Al
CLDHs were compared with other amendments (sepiolite, red mud, iron grit,
phosphogypsum, ferrihydrite and iron phosphate) for the reduction of As(V)
bioavailability in soils and to study the influence of these amendments on the plant
growth and other biological processes. In the case of CLDHs, a significant decrease of
water soluble and also soil available As(V) fraction was observed. Moreover, the
uptake of As(V) by plants (Bactris campestris) was also reduced by the application of
CLDHs. However, a significant decrease in B. campestris dry matter is observed that
is probably caused by the buffering effect of CLDHs which increased soil pH from 7.11
to 7.50 (Sun et al., 2015b). This study showed that LDHs and CLDHs can be effective
stabilizing amendments in soils; however, more studies evaluating their stabilizing
potential as well as the effect on plants and/or microorganisms in real conditions are
necessary.
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Abstract

Layered double hydroxides have been proposed as effective sorbents for As(V), but
studies investigating adsorption mechanisms usually lack a comprehensive
mechanistic/modeling approach. In this work, we propose coupling surface
complexation modeling with various spectroscopic techniques. To this end, a series of
batch experiments at different pH values were performed. Kinetic data were well fitted
by a pseudo-second order kinetic model, and the equilibrium data were fitted by the
Freundlich model. Moreover, the pH-dependent As(V) sorption data were satisfactorily
fitted by a diffuse layer model, which described the formation of >SOAsO;H"
monodentate and >(SO),AsO;” bidentate inner-sphere complexes (">S" represents a
crystalographically-bound group on the surface). Additionally, XPS analyses
confirmed an adsorption mechanism. The sorption mechanisms were affected by anion
exchange, which was responsible for the formation of outer sphere complexes, as
identified by XRD and FTIR analyses. Further, a homogenous distribution of As(V)
was determined by HR-TEM with elemental mapping. Using low-temperature
Mossbauer spectroscopy on isotope °'Fe, a slight shift of the hyperfine parameters
towards higher values following As(V) sorption was measured, indicating a higher
degree of structural disorder. In general, mechanistic adsorption modeling coupled with
solid state analyses presents a powerful approach for investigating the adsorption
mechanism of As(V) on Mg-Fe LDH or other sorbents.
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Introduction

Several materials have been used to remove As(V) from aqueous solutions (including
soil solutions), such as Fe (hydr)oxides (Komarek et al., 2013), ferrates (Prucek et al.,
2013), zeolites (Melo et al., 2012), anionic clays (Dousova et al., 2011) and/or layered
double hydroxides (Goh et al., 2008). Layered double hydroxides (LDHs) are natural
or synthetically prepared layered materials that can be used for various purposes,
including catalysis, photochemistry, environmental or biomedical applications (Cavani
etal., 2001; Fan et al., 2014). The most important advantages of LDHs are their unique
structure, sorption properties and relatively simple and economical synthesis (Goh et
al., 2008; Liang et al., 2013). Their unique structure facilitates various applications,
e.g., intercalation of different fertilizers or agrochemicals in the structure of LDHs that
can be slowly released back to the plants or intercalation of hazardous compounds via
various mechanisms including isomorphic substitution of metals in the layers or anion
exchange of As(V) in the interlayered region (Benicio et al., 2015; Goh et al., 2008;
Liang et al., 2013). The structure of LDHs consist of Mg(OH)s octahedral units that
share edges to create Mg(OH), brucite-like stacked layers held together by hydrogen
bonds. The layers are positively charged and formed by divalent and trivalent metal
cations. The positive charge of the layers is compensated by anions intercalated in the
interlayered region. In addition, water molecules can also be present in the free space
of this region (Cavani et al., 2001).

LDHs or their thermally treated products (CLDHs) have been shown to be potential
sorbents for oxyanions and metal cations (Goh et al., 2008; Liang et al., 2013).
However, most studies have examined the sorption of metals and metalloids on Al-
based LDHs or CLDHs, which have the negative consequence of possible leaching of
Al at low pH values (Boclair and Braterman, 1999; Jobbagy and Regazzoni, 2011).
Therefore, Fe-based LDHs and CLDHs may be more appropriate (Caporale et al., 2011;
Carja et al., 2005; Kang et al., 2013; Peng et al., 2014). The adsorption of As(V) onto
Mg-Fe LDHs and CLDHs has been already described by several authors (Kang et al.,
2013; Peng et al., 2014; Paikaray et al., 2013; Tiirk et al., 2009, with the main focus on
the sorption mechanism of As(V) on CLDHs by structural reconstruction meaning
incorporation of As(V) as the interlayered anion in the contact of CLDHs with aqueous
solutions (Cavani et al., 2001; Goh et al., 2008). However, research based on the
sorption of As(V) on LDHs to include adsorption via bonding with surface hydroxyl
groups and anion exchange in the interlayered region remains limited, while the authors
are mainly focused on the detailed adsorption mechanism of As(V) on Mg-Fe CLDHs
(Kang et al., 2013; Peng et al., 2014; Huang et al., 2015).
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Although the adsorption rate, efficiency and capacity are commonly described by
kinetic and equilibrium adsorption experiments (Liang et al., 2013), advanced
spectroscopic methods are used to determine the adsorption mechanisms of As(V) on
Mg-Fe LDHs and CLDHs, including SEM/EDX, TEM, XRD, FTIR, XPS (Kang et al.,
2013; Park and Kim, 2011; Peng et al., 2014) and/or XAS (Izumi et al., 2005; Paikaray
et al., 2013). However, the adsorption mechanisms of oxyanions and metal cations on
LDHs by a coupled surface complexation modeling/spectroscopic approach have not
yet been examined. Thermodynamically based surface complexation models (SCMs)
are used to describe metal and/or metalloid adsorption onto different solid materials as
a function of pH, ionic strength and solute concentration (Komarek et al., 2015; Reich
and Koretsky, 2011; Tonkin et al., 2004; Hayes et al., 1991; Veselska et al., 2016).
Generally, As(V) sorption on Fe-based materials is strongly influenced by pH, i.e..,
decreasing As(V) sorption as a result of increasing pH (Dzombak and Morel, 1990).
Therefore, a detailed study dealing with the pH-dependent sorption of As(V) on Mg-
Fe LDH is needed. There are few studies based on the application of the SCM for
LDHs, including the surface-charging behavior of LDHs described by the modified
multisite complexation model (MUSIC) (Rojas Delgado et al., 2004, 2008) and the co-
precipitation of Zn on aluminum hydroxide that measures the formation of LDHs using
the diffuse layered model (DLM) (Tokoro et al., 2015).

The aim of this study is to investigate the adsorption mechanisms of As(V) onto Mg-
Fe LDHs using a combination of SCMs and detailed analyses of the solid phases (XRD,
SEM/EDX, HR-TEM with elemental mapping, FTIR-ATR, XPS and low-temperature
>’Fe Mossbauer spectroscopy). Additionally, the determination of the equilibrium time,
reaction rates, adsorption capacity and other spectroscopic parameters were obtained.
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Materials and methods

Materials

All chemical reagents used in this study were of analytical grade and used directly
without any purification or treatment. All solutions were prepared using deionized
water (18.2 MQ). The pH value of the adsorption experiments was adjusted using
HNO; and NaOH (0.001 M, 0.01 M, 0.1 M).

Synthesis and basic properties of the Mg-Fe LDH

The Mg-Fe LDH was prepared using the co-precipitation method described in Seida et
al. (2001). The detailed synthesis is given in Supplementary Material. The pHpzc of the
material was determined by the immersion technique (Fiol and Villaescusa, 2009).
Finally, the specific surface area of the adsorbent was measured by N, adsorption at 77
K (BET analysis) using an ASAP 2050 (Micrometrics Instrument Corporation, USA).

Kinetic adsorption experiments

The kinetic adsorption experiments were performed in individual batches containing
10* M As(V) prepared by dissolution of Na;HAsO4-7H,0 in 0.01 M NaNO; as the
background electrolyte. The solid/liquid ratio in all experiments was 1 g L' and the pH
values (5.5 and 8.5) were controlled using 1 M and 0.1 M HNOs during the whole
experiment. The given experimental conditions were chosen according to Michalkova
et al. (2016a). The slightly acidic conditions (pH 5.5) are characteristic pH values for
soils that are investigated in subsequent works. On the other hand, slightly alkaline
conditions (pH 8.5) limit As(V) sorption (Dzombak, Morel, 1990; Michalkova et al.,
2016a). Moreover, lower pH causes leaching of Mg(II) from the LDH structure (Liang
et al., 2013). The adsorbent was then added to the solution and the mixture was stirred
(550 rpm) using a magnetic stirrer at specific time intervals (i.e., 1, 3, 5, 10, 15, 20, 30,
60, 90 and 120 min). The samples were filtered using a 0.45 pm membrane and the As
(limit of detection: 0.01121 mg L), Fe (limit of detection: 0.00036 mg L") and Mg
(limit of detection: 0.00024 mg L") concentrations were determined using ICP-OES
(Agilent Technologies 700 Series). The adsorption efficiency of As(V) (in %) on Mg-
Fe LDH was calculated as the concentration difference between the initial and final As
concentrations.
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Equilibrium adsorption experiments

The equilibrium adsorption experiments were also performed in individual batches at
specific pH values (i.e., 5.5, 6.5 and 7.5). The solid/liquid ratio in all experiments was
1 g L! and equilibrium was reached after 120 min, in accord with the results of the
kinetic experiments. The initial As(V) concentration for the equilibrium adsorption
experiments ranged from 1 to 450 mg L' The experiments were performed in an orbital
shaker (GFL 3005; 250 rpm) at constant pH values. The samples were then filtered
(cellulose acetate membrane; 0.45 pum) and analyzed by ICP-OES. To obtain the
samples for the solid-state analyses, the initial concentration of As(V) was set to 500
mg L. The liquid sample (10 mL) was filtered (0.45 pm) and analyzed using ICP-
OES. The entire solution was subsequently filtered using a vacuum pump and the
sample was dried at room temperature.

Surface complexation modeling

Acid-base potentiometric titrations were performed in triplicates to characterize the
protonation behavior of the Mg-Fe LDH surface (Jolstera et al., 2010; Turner and Fein,
2006). The titration procedure is described in detail Supplementary Material. The
adsorption edge experiments were conducted under atmospheric conditions at total
As(V) concentrations of 10 and 10* M and at different solution pH values (ranging
from 5.5 to 12) and ionic strengths (0.001, 0.01, and 0.1 M NaNOj as the background
electrolyte). A set of individual batches was prepared with a 25 mL volume of the
solution containing As(V) and the background electrolyte. Mg-Fe LDH (1 g L) was
then added to the solution and the slurry was pre-equilibrated with constant stirring
(250 rpm) at room temperature for 24 h. The pH value was then held constant for 120
min for each individual batch using 0.1 to 1 M HNOs and NaOH, starting at a pH value
of 5.5 in the first batch and increasing in steps of ~1 pH for each subsequent batch until
pH 12 was reached. Finally, the samples were filtered using 0.45 pum filters and
analyzed by ICP-OES. The adsorption edge data were used to calibrate the two-pK
DLM and the surface complexation constants were obtained using the software
FITEQL 4.0 (Herbelin and Westall, 1999) with the default thermodynamic data for
aqueous species from Visual MINTEQ (Gustafsson, 2013) (Table 2.1). Visual
MINTEQ 3.0 was used to calculate surface complexation model predictions for the
studied systems (Goldberg et al., 2007). More information is available in
Supplementary Material.
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Table 2.1 Reaction stoichiometries and stability constants for formation of aqueous
and solid species (taken from the Visual MINTEQ 3.1 database) during adsorption edge
experiments. Stability constants describing As(V) inner-sphere complexation using
DLM are present as average values (optimized in FITEQL 4.0).

Reactions in solution Log Stability Constant
H,O = H"+ OH" -13.99
Na* + NOs = NaNO; -0.55
Na* + OH = NaOH -13.90
6H" + 2As04* = As;Os + 3H,0 34.69
H + ASO43' < HASO42' 11.80
2H" + ASO43' = H,AsOy4 18.79
3H" + ASO43' <= H3AsO4 21.09
Reactions on the LDH-solution interface

>SOH + H* = >SOH," 3.56
>SOH = >SO + H* -5.33
Formation of monodentate complexes

10 M As(V)

>SOH + AsO4* + H" = >S0As0;* + H,O 25.74
>SOH + AsO4* +2H" = >SOAsO;H" + H,O 31.14
>SOH + AsO4* +3H" = >SOAsO;H, + H,O 35.00
107° M As(V)

>SOH + AsO4* + H" = >S0As0;* + H,O 26.56
>SOH + AsO4* +2H" = >SOAsO;H" + H,O 33.36
>SOH + AsO4* +3H" = >SOAsO;H, + H,O 36.67
Formation of bidentate complexes

10 M As(V)

2>SOH + AsOs* +2H" = (>S0),As0, + 2H,0 32.69
2>SOH + AsOs* + 3H"' = (>S0),AsO,H + 2H,0 37.76
107° M As(V)

2>SOH + AsOs* +2H' = (>S0),As0, + 2H,0 34.87
2>SOH + AsOs* + 3H"' = (>S0),AsO,H + 2H,0 38.05

Site density: 47.5 sites nm
Specific surface area: 40.1 m? g’!

Solid state analyses

The structural characterization of the solid phase before (Mg-Fe LDH) and after As(V)
sorption was performed by X-ray diffraction analysis (XRD) using a PANalytical
X’Pert Pro diffractometer with an X’Celerator detector (Cuk, radiation, 40 kV, 30 mA,
a measuring step 0.02° s in the range 10 to 80° 20). The morphology and chemical
composition of the materials were analyzed using a scanning electron microscope
(SEM; Tescan Inc., USA) and energy dispersive X-ray spectroscopy (EDX; Bruker
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Quantax, USA). Characteristic functional groups were described using Fourier
transform infrared spectroscopy in attenuated total reflection mode using diamond
crystal (FTIR-ATR; Nicolet 6700). The surface analysis was performed by X-ray
photoelectron spectroscopy (XPS; Omicron Nanotechnology, Ltd) and the Casa XPS
program, which was used to deconvolute the spectra. High-resolution transmission
electron microscopy images (HRTEM) were obtained using a HRTEM TITAN 60-300
microscope with an X-FEG type emission gun operating at 80 kV. Elemental mappings
were obtained by STEM-Energy Dispersive X-ray Spectroscopy (EDS) with an
acquisition time of 20 min. *’Fe Mdssbauer spectra were collected in transmission
geometry (constant acceleration mode) with a >’Co(Rh) radioactive source (1.85 GBq)
at 5 K. The values of the hyperfine parameters (e.g., isomer shifts) were calibrated
against a metallic iron (a-Fe) foil at room temperature. The spectra were fitted by
Lorentz functions using the CONFIT2000 software (Zak and Jiraskova, 2006). The
experimental error is = 0.02 mm s for the hyperfine parameters.
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Results and discussion

Kinetic adsorption experiments

Kinetic adsorption experiments provide information on the equilibrium time, the
adsorption rate and additional parameters that describe the adsorption process (Gupta
and Bhattacharyya, 2011; Limousin et al., 2007; Simonin, 2016). The adsorption
efficiency of As(V) removal by Mg-Fe LDH at pH values 5.5 and 8.5 was 99% and
98%, respectively. The adsorption data (Fig. 2.1A) were modeled by pseudo-first and
pseudo-second order kinetics (see Supplementary Material) (Gupta and Bhattacharyya,
2011; Simonin, 2016). Experimental values of the adsorbed amount at equilibrium
(Ge(exp), the calculated parameters (g., k; and k2) and the correlation coefficients (R?) for
both models are given in Supplementary Table S2.1. As seen, the experimental data are
described better by the pseudo-second order kinetic model and the experimental values
of the adsorbed amount at equilibrium correspond to the modeled values. Based on the
newest results described by Simonin (2016), the experimental data were also modelled
without data after reaching the equilibrium (t = 20 min; data not shown). Identically,
this process led to the improvement of R? established by the pseudo-first order kinetics.
On other hand, pseudo-second order kinetics still better described the experimental
data. The rate coefficients (k;, k) permit determination of the rate at which the metals
and/or metalloids adsorb onto the surface of a solid material (Gupta and Bhattacharyya,
2011). Higher values of the rate coefficients were obtained for the data at pH 5.5 as a
result of a faster kinetic process (Peng et al., 2014). In general, higher pH values result
for the desorption of As(V) from Fe-based solid materials that is caused by the change
in the surface charge from positive to negative as pH increases above pHpzc (Dzombak
and Morel, 1990). The adsorption of As(V)on Mg-Fe LDH was also influenced by the
high value of pHpzc (about 10) for the material (see Supplementary Fig. S2.1). The
surface becomes positively charged as the pH value decreases below the pHpzc value
(Bohn et al., 2015).
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Fig. 2.1. Adsorption kinetics fitted by the non-linear form of pseudo-first and pseudo-
second order kinetic models (A) and adsorption isotherms fitted by the non-linear form
of the Langmuir and Freundlich model (B) of As(V)on Mg-Fe LDH at different pH

values. Data (B) presented are means (n = 3). Maximum SD is 2.3 mg g™’

Equilibrium adsorption experiments

Equilibrium adsorption experiments give the basic adsorption mechanism, the adsorbed
amount and additional parameters that describe the adsorption process (Foo and
Hameed, 2010; Limousin et al., 2007). The adsorption equilibrium data of As(V) on
Mg-Fe LDH at pH 5.5, 6.5 and 7.5 are given in Fig. 2.1B. All measured isotherms
exhibited a convex shape, and the Langmuir and Freundlich equations were chosen as
appropriate models (see Supplementary Material) (Foo and Hameed, 2010). The
calculated parameters (i.e., ¢man K1, Kr, and n) and the correlation coefficients (R?) of
both models are given in Supplementary Table S2.2. The highest values of R’ were
obtained by the Freundlich model. This model describes a non-ideal and reversible
adsorption process on a heterogeneous surface without the formation of a monolayer,
whereas the Langmuir model describes a monolayer adsorption at a fixed number of
identical and equivalent sites (Foo and Hameed, 2010; Limousin et al., 2007). Higher
R? values for both models were calculated for the data measured at lower pH values.
The gmax values provided by the Langmuir model were slightly undervalued according

to the experimental values of the adsorbed amount (g ). Although experimental

max(exp)
data were better fitted by the Freundlich model, gy established by the Langmuir
model was used for comparison of As(V) adsorption on different LDHs (Table 2.2). In
this study, the highest value of guax (i.€., 129 mg g™') was observed for the data measured
at pH 5.5 from the kinetic experiments. However, the highest affinity to the adsorbate
described by K; was obtained for the experimental data measured at pH 7.5. In general,
affinity is evaluated by the initial slope, which was very high for these materials
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(Limousin et al., 2007). The Freundlich model provides an evaluation of the adsorption
process by the parameter n. All experimental data exhibited » values ranging from 1 to
10, indicating a positive adsorption process, which suggests that the adsorbate
concentration is higher than in the bulk solution (Tan, 2010). Based on the modeled
experimental data, higher concentrations of As(V) on the surface of Mg-Fe LDH were
observed until the bulk solution concentration reached 25, 73 and 116 mg L™ at pH 7.5,
6.5 and 5.5, respectively.

Table 2.2 A comparison of gy established by the Langmuir model for As(V) sorption
on different LDHs.

Type of the

LDH Initial pH gmax (g g1) Reference
Mg-Al natural 33 Lazaridis et al. (2002)
Mg-Al 7 105 Kiso et al. (2005)
Li-Al 5 24 Liu et al. (2006)
Mg-Al 6 130 Violante et al. (2009)
Zn-Fe 7 97 Lu et al. (2015)
Mg-Fe 6 195 Caporale et al. (2011)
Mg-Al 7 126 Huang et al. (2015)
_Mg-Fe 5.5 (controlled) 129 This study

Surface complexation modeling

Adsorption of As(V) on Mg-Fe LDH has been described using the DLM. The results
indicate that the model works better for lower loading concentrations of As(V). First,
surface reactions were used to include simple monodentate inner-sphere complexes.
The average DLM stability constants for three different monodentate complexes (Table
2.1) can describe the pH-dependent As(V) adsorption on Mg-Fe LDH well below pH
~ 8 at higher As(V) concentrations (Fig. 2.2). An improvement in the DLM fit was
observed with decreasing As(V) concentration since the DLM simulations describe the
As(V) adsorption along a wider pH region (pH 5 — 10) at an As(V) concentration of 10
> M. Nevertheless, the DLM does not correctly capture the measured data at higher pH
values ranging from 8.5 to 12 and 10.5 to 12 at As(V) concentrations of 10* M and 10"
> M, respectively (Fig. 2.2). A possible explanation for these discrepancies is the
formation of outer-sphere complexes that could not be described by the DLM. In
general, As(V) adsorption decreases with increasing ionic strength, whereas the
difference between the highest and the lowest ionic strength is more significant at 10
M As(V). However, the ionic strength dependence of As(V) adsorption is correctly
captured by the simple DLM only for >SOAsO3;H™ and >SOAsO;H; complexes. The
results of DLM simulations for >SOAsOs* also predict a decrease in adsorption with
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decreasing ionic strength. According to the adsorption edge positions relative to the
experimental data, the DLM best describes the formation of >SOAsO;H, at 10* M

As(V) and >SOAsOsH at 10° M As(V).
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Fig. 2.2. Adsorption of monodentate inner-sphere complexes >SOAsO;> (A, D),
>SOAsO;H (B, E) and >SOAsO;H, (C, F) on Mg-Fe LDH at 10* (A-C) and 10° M
(D-F) As(V).

Previously, the presence of monodentate mononuclear complexes was confirmed on
Mg-Al LDHs using XPS by the stoichiometric ratio of the surface hydroxyl groups
between the material before and after As(V) sorption (Goh et al., 2009). However, prior
XAS spectroscopic studies performed on different LDHs (Izumi et al., 2005; Liu et al.,
2006; Paikaray et al., 2013; Wang et al., 2009) indicated either the preferential
formation of inner-sphere bidentate complexes (Goh et al., 2009; Paikaray et al., 2013)
or outer-sphere complexes (Goh et al., 2009, 2010; Wang et al., 2009). Moreover, the
simultaneous presence of both inner-and outer-sphere surface complexes has been also
observed during on LDHs synthesized by the coprecipitation of individual metals with
As(V) with the preferential formation of inner-sphere bidentate binuclear complexes
(Sommella et al., 2015). To confirm the XAS spectroscopic observations, additional
reactions involving the formation of bidentate surface complexes have been examined
(Table 2.1). The DLM simulations for bidentate As(V) complexes did not significantly
improve the fitting of the adsorption edges for 10* M As(V) compared with the
monodentate complexes (Fig. 2.3). A satisfactory fit for the experimental data was
observed for >(SO),AsO, at 10° M As(V). Accordingly, the DLM with either the
monodentate complex >SOAsO;H™ or bidentate complex >(SO),AsO;" can sufficiently
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describe the pH-dependent As(V) adsorption on Mg-Fe layered double hydroxides
from pH 5.5 to pH 11.5. As mentioned before, regarding the discrepancies between the
model and the measured data above pH 11.5, the formation of outer-sphere complexes,
which cannot be described by the DLM, are possible. Moreover, the adsorption of
As(V) on the LDHs is affected by the type of interlayered anions, which have a strong
influence on the formation of outer sphere complexes by way of anion exchange (Goh
et al., 2010). However, carbonates are the most probable interlayered anions in Mg-Fe
LDH (Seida et al., 2001) and due to their high affinity, adsorption is the most favourable
mechanism (Violante et al., 2009). Otherwise, the effect of anion exchange is also
expected (Huang et al., 2015).

=3

(=}
!

-

®©
S
n
»

o
(=]

1—— Model for 0.1 M
Model for 0.01 M
Model for 0.001 M

= Exp. data for 0.1 M

= Exp. data for 0.01 M

¢ Exp. data for 0.001 M .

1004 . - * C - . A —g D

N
=)

[¥]
[=}
n

& D @
o = (=}
n ! n
*e
-
8
*a

Adsorbed amount (%) Adsorbed amount (%)
8 =

=}

576 7 8 6 lon 125 6 7 8 5 1001

pH pH
Fig. 2.3. Adsorption of bidentate inner-sphere complexes >(SO):AsO, (A, C) and
>(S0),As0,H (B, D) on Mg-Fe LDH at 10 (A-B) and 10 M (C-D) As(V).

Solid state analyses

The solid phase analyses of Mg-Fe LDH and Mg-Fe LDH after As(V) sorption (Mg-
Fe LDH-As) were performed using various techniques including XRD, SEM/EDX,
HR-TEM with elemental mapping, FTIR-ATR, XPS and low-temperature *’Mdssbauer
spectroscopy. Mg-Fe LDH-As exhibited a relatively large amount of As(V) adsorbed
(159 mg g"), which is comparable to other studies on LDHs (see Table 2.2 or Goh et
al., 2008) and higher than commonly used Fe-based materials that is mostly lower than
60 mg g (Michalkova et al., 2016a).
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The XRD patterns of Mg-Fe LDH and Mg-Fe LDH-As are shown in Supplementary
Fig. S2.3. The diffractogram of Mg-Fe LDH exhibited characteristic patterns for an
LDH structure (Kang et al., 2013; Kustrowski et al., 2005) (see also Supplementary
Material). All diffraction peaks shifted to lower values of 20 in the diffractogram of
Mg-Fe LDH-As and no additional diffraction peaks appeared. However, a noticeable
decrease of intensities of the reflections and a higher background occurred. Similar
diffractograms following As(V) sorption were also observed in Kang et al. (2013) and
Huang et al. (2015). The decreasing intensity of the reflections could be assigned to the
leaching of Mg during the sorption process (Supplementary Fig. S2.4), especially since
Mg leaching is strongly influenced by the pH. Generally, the leaching of Mg is
observed in the pH range from 5 to 9 and increases with decreasing pH. Otherwise, the
structure of the LDH remains stable. At lower pH values, dissolution occurs (Jobbagy
and Regazzoni, 2011). The intensity of the reflections could also be caused by the
decreasing crystallinity of the material as a result of the As(V) sorption process. To
characterize this process further, the basal spacing of layers dyg; and the cell parameters
a and ¢ were calculated (Supplementary Table S2.3). The cell parameters a and c
correspond to the rhombohedral structure of LDHs and represent the average cation—
cation distance and three times the basal spacing, respectively. The values of these
parameters can be calculated from the positions of the (003), (006) and (110) diffraction
lines (Evans and Slade, 2006; Klemkaite et al., 2011; Paikaray et al., 2013). Parameter
a was calculated from the (110) diffraction line:

a=2d;10 (1)
Parameter ¢ was calculated from the (003) and (006) diffraction lines:
c=3/2(dpos +2dpos) (2)

The value of parameter a did not change after the sorption of As(V). However, the basal
spacing of the layers and parameter ¢ increased. Generally, the basal spacing depends
on the type of anion; and parameter c is a function of the average charge of the metal
cations, the nature of the interlayer anions, a degree of hydration and general
electrostatic interactions between the positive brucite-like sheets and the interlayer
region (Cavani et al., 2001). The increase of both parameters has been assigned to the
influence of anion exchange (Goh et al., 2010; Huang et al., 2015; Kang et al., 2013).
As an interlayered anion, the affinity of COs> is higher than the affinity of AsOs”
(Miyata, 1983; Palmer et al., 2009; Sato, 1993; Violante et al., 2009). However, minor
differences of these parameters can also be affected by structural changes of the
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material after the sorption of As(V). Therefore, the sorption of As(V)on Mg-Fe LDH
was likely influenced by both processes (i.e., adsorption and anion exchange) (Paikaray
et al., 2013).

The SEM images of Mg-Fe LDH and Mg-Fe LDH-As showed slightly different particle
sizes (Supplementary Fig. S2.5A-B). The distribution was probably caused by the
sieving procedure (particles under 250 um) during the preparation of the material. In
general, LDHs prepared by the co-precipitation method at low supersaturation show
agglomerated and irregular sheets that lie on top of one another (Cocheci et al., 2010).
However, no obvious changes between individual materials have been found.
Therefore, the chemical composition of the materials using the EDX analysis was
measured (Supplementary Table S2.4). The EDX analysis of both materials identified
C, O, Mg and Fe. However, the total amount of these elements differed after the
sorption of As(V). First, the amount of Mg decreased. This result is attributed to the
leaching of Mg during the sorption process, which is also consistent with the results
from the XRD analysis. Of course, the decrease of Mg results in a percentage increase
of Fe that was not leached during the sorption of As(V). A significant amount of As
(13.7%) was observed in the EDX spectrum following sorption, and the same amount
of As (14.0%) was found for Mg-Al LDH (Goh et al., 2009). However, we note that a
smaller amount of As (8.1%) was described in (Huang et al., 2015). The morphological
details of the samples were also studied by TEM (Supplementary Fig. S2.5C-D). The
TEM image of Mg-Fe LDH showed characteristic hexagonal shape morphology of
individual sheets (Abellan et al., 2015). Compared with the material before As(V)
sorption, Mg-Fe LDH-As possessed a smoother surface (Yue et al., 2016). To identify
the distribution of individual elements after As(V) sorption, elemental mapping of Mg,
Fe, O and As was performed (Fig. 2.4A-E) and showed a homogenous distribution of
all these elements. The similar distribution of As(V) could be assigned to anion
exchange, as has been presented in previous studies based on Cr(VI) sorption on Mg-
Al and Zn-Al LDHs (Yan et al., 2015a; Yu et al., 2012; Yue et al., 2016). The image
containing Fe, As and O (Fig. 2.4F) indicate a slightly higher Fe content in the outer
part of the aggregates relative to the other elements. The chemical composition of the
marked mapped area is shown in Fig. 2.4G.
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Fig. 2.4. Elemental mapping (A-F) and the chemical composition of the marked
mapped area (G) of Mg-Fe LDH-As.

The FTIR-ATR spectra of both samples are given in Supplementary Fig. S2.6. As seen,
the Mg-Fe LDH spectrum has characteristic bands corresponding to important binding
arrangements (Cavani et al., 2001; Goh et al., 2008; Kang et al., 2013) (see also
Supplementary Material). Mg-Fe LDH-As showed a lower intensity of signals, which
is likely caused by structural changes of the material after As(V) sorption. Therefore,
the measurement was performed at a different number of scans (i.e., 65 scans for Mg-
Fe LDH and 750 scans for Mg-Fe LDH-As). Based on these properties, the intensity of
the Mg-Fe LDH-As spectrum was even lower than that shown in Supplementary Fig.
S2.6. Some changes in the Mg-Fe LDH-As spectrum are visible. The shift of the band
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corresponding to the stretching vibration of hydroxyl groups from 3444 cm™ to 3205
cm™' could be a result of stronger and shorter hydrogen bonds with the oxygen atoms of
the arsenate groups (Sumin de Portilla, 1974). The presence of stronger hydrogen bonds
during the sorption of As(V) on hematite was observed by (Blanchard et al., 2012) and
outer-sphere complexes were deemed to be the most favorable adsorption
configuration. Moreover, the formation of outer-sphere complexes was assigned to the
influence of an anion exchange mechanism for the As(V) sorption on the LDHs (Goh
et al., 2010), which was confirmed by a decrease of the band corresponding to
carbonates (Huang et al., 2015; Park and Kim, 2011). Finally, a new peak at 785 cm’
in the Mg-Fe LDH-As spectrum indicates the formation of As-O bonds (Park and Kim,
2011).

The Mg 2s, Mg 2p, Fe 2p, C 1s and O 1s peaks appeared in the XPS spectrum of both
samples (Supplementary Fig. S2.7). Additionally, peaks corresponding to As 3s (209.8
eV), As 3pin (149.1 V), As 3p32 (144.3 eV) and As 3d (45.2 eV) were identified after
the sorption of As(V), a proof of effective adsorption onto the Mg-Fe LDH surface
(Goh et al., 2009; Kang et al., 2013; Paikaray et al., 2013; Yoshida et al., 2015). A
decreasing intensity of the Mg 2s and Mg 2p peaks following As(V) adsorption
corresponds to the partial leaching of Mg during the sorption process, which is
consistent with the XRD and EDX analysis. The intensity of the Fe 2p peak increased
and a spectral shift to lower binding energy was observed, indicating a strong
interaction between As(V) and Fe (Goh et al., 2009). Further, both contributions from
Fe 2p (i.e., Fe 2p12 and Fe 2p352) correspond to Fe(Ill) (Hadnadjev et al., 2008; Han et
al., 2013; Paikaray et al., 2013). The C 1s peak is composed of two contributions. The
larger contribution at lower binding energies reflects atmospheric CO; and the smaller
contribution at higher binding energies corresponds to CO;>. The intensity of both
peaks decreased significantly after the adsorption of As(V) on Mg-Fe LDH. The
decreasing intensity of the peak corresponding to carbonates is assigned to the partial
replacement of the interlayered COs* by As(V), as was described in Huang et al.
(2015), and corresponds with the results from the XRD and FTIR-ATR analyses. A
decreasing intensity and different shape of the O 1s peak was observed as a result of
changes to the oxygen compounds on the Mg-Fe LDH-As surface (Goh et al., 2009;
Kang et al., 2013). Based on the peaks in the XPS spectra, the surface stoichiometry of
the samples was calculated (Supplementary Table S2.5).

The deconvolution of the O 1s peak of Mg-Fe LDH and Mg-Fe LDH-As is given in

Fig. 2.5.A and Fig. 2.5B, respectively. The O 1s peak of Mg-Fe LDH was deconvoluted
into three components corresponding to the M-O bond (529.6 eV), the M-OH bond
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(531.2 eV) and carbonates (533.6 eV). However, the contributions of Mg and Fe oxides
and hydroxides for the O 1s peak cannot be clearly separated (Kang et al., 2013;
Leftheriotis et al., 2003). The O 1s spectrum of Mg-Fe LDH-As was deconvoluted into
four components corresponding to the M-O bond (530.3 eV), the As-O bond (531.1
eV), the M-OH bond (532.0 e¢V) and chemically or physically adsorbed water (532.9
eV) (Kang et al., 2013; Zhang et al.,, 2010). Generally, the binding energies of
carbonates and water are often overlapped in the O 1s peak. Therefore, an appropriate
contribution for the deconvolution was chosen by the intensity of the C 1s in the XPS
spectrum of Mg-Fe LDH and Mg-Fe LDH-As. As mentioned before, the intensity of
the C 1s in the Mg-Fe LDH-As spectrum was very low; thus water was chosen as an
appropriate contribution for the deconvolution procedure. The XPS results indicate that
chemical adsorption is preferable, which is consistent with the results from the
adsorption modeling (Sections Equilibrium adsorption experiments and Surface
complexation modeling).
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Fig. 2.5. Deconvolution of the O 1s peak of Mg-Fe LDH (A) and Mg-Fe LDH-As (B).

The low-temperature Mossbauer spectra on isotope °'Fe measured before and after
As(V) sorption are almost identical (Supplementary Fig. S2.8). The doublet-form (i.e.,
one doublet for Fe(IlI) in the case of sample Mg-Fe LDH and two doublets for Fe(III)
and Fe(Il) in the case of sample Mg-Fe LDH-As) of the spectra indicates paramagnetic
(or superparamagnetic) ordering of both materials at a temperature of 5 K, which is
consistent with an LDH structure. The slight asymmetry of the Fe(Ill)-doublets
suggests that LDH phase is somehow textured in both samples. This result corresponds
to the TEM observations. The slight shift of the hyperfine parameters (i.e., isomer shift,
quadrupole splitting, line width; see Supplementary Table S2.6) toward higher values
for Mg-Fe LDH-As could indicate a higher degree of structural disorder compared with
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Mg-Fe LDH. This observation could be linked with the partial leaching of Mg, leading
to an increased number of vacancies and overall structural disorder of the LDH. From
the Mg-Fe LDH-As spectrum, 6% of the Fe atoms appear to be in the Fe(Il) valence
state. However, there was no indication of newly formed ferric oxides/hydroxides upon
As(V) sorption on the LDH.
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Conclusions

The Mg-Fe LDH synthesized by the co-precipitation method showed a promising
As(V) sorption efficiency. The adsorption processes were successfully described by
adsorption modeling; specifically, the adsorption kinetics by the pseudo-second order
model and the equilibrium data by the Freundlich model. For further insight into the
sorption mechanism, a diffuse layer model was constructed to describe the pH-
dependency of As(V) sorption. The best fit was obtained for >SOAsOs;H monodentate
and >(S0O),As0; bidentate inner-sphere complexes. Notably, adsorption modeling was
supported by various solid-state analyses. XPS analysis confirmed that the main
sorption mechanism was chemical adsorption. The influence of anion exchange, which
contributed to the formation of the outer-sphere complexes, was proposed according to
XRD and the FTIR analyses. Moreover, elemental mapping by HR-TEM showed a
homogenous distribution of As(V), indicating the possible influence of anion exchange.
A higher degree of structural disorder of the material following As(V) sorption was
established by the slight shift of hyperfine parameters to higher values as determined
by low-temperature Mossbauer spectroscopy on isotope *’Fe. In conclusion, adsorption
modeling coupled with solid state analyses effectively describe the adsorption
mechanism of As(V) on Mg-Fe LDH. For this reason, we recommend this
comprehensive approach for further studies on metal/metalloid adsorption onto
synthetic materials.
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Supplementary Material

Materials and methods

Synthesis and basic properties of the Mg-Fe LDH

First, MgCl,-6H,0 (30.50 g) and FeCl3-6H>O (9.05 g) were dissolved in 200 mL of
deionized water and stirred vigorously. Second, the solution was titrated to pH 13.3
with 2.5 M KOH and stirred for 24 h at room temperature. The mixture was then filtered
(cellulose; basic weight: 84 g/m?) and washed with demineralized water to remove
residual chemicals (e.g., CI)). Subsequently, the wet solid sample was dried at 393 K
for 12 hours. The dried sample was then milled and sieved (< 250 um) (Seida et al.,
2001). The yield of the single synthesis was 12 g and the synthesis procedure was
repeated in triplicates. All solid samples were mixed and the representative sample for
further measurements was chosen by the quartering.

Acid-base potentiometric titration

The titration of the LDH-H" system was performed in triplicates in suspension with a
Mg-Fe LDH concentration of 12.5 g L™ (0.5 g of solid phase in 40 mL of 0.1 M NaNO;
background electrolyte) according to (Jolstera et al., 2010). First, the suspension was
titrated to pH 12 by adding 0.1 M NaOH under constant stirring and a N, atmosphere
using an automatic TitroLine® alpha plus Titration Unit (Schott, Germany). The
solution was then titrated to pH 6 using 0.1 M HNO:s. Titration data were used to
optimize the adjustable model parameters (including surface protonation constants and
the total number of surface sites) using the program ProtoFit 2.1 (Turner and Fein,
2006) and are presented in Supplementary Fig. S2.1.

Adsorption edge experiments

The surface complexation constants for As(V) were obtained using FITEQL 4.0
(Herbelin and Westall, 1999) and the reactions in Table 2.1. The values of the surface
protonation constants and the total number of surface sites were obtained from the
titration data (Table 2.1). Then, the average stability constant for a given reaction
stoichiometry was included in the thermodynamic database program of Visual
MINTEQ 3.1 (Gustafsson, 2013) to obtain the final DLM for As(V) adsorption onto
the LDHs. For this study, the DLM was tested to provide a good fit to the experimental
adsorption data. Although the DLM only enables a description of the formation of the
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inner-sphere complexes, this model was chosen because of its simplicity since it
requires a minimum number of adjustable model parameters (Goldberg et al., 2007).
The goodness of fit of each calculated edge to the experimental data was assessed using

the WSOS/DF ratio.

Fig. S2.1. Potentiometric titration
data and DLM model for Mg-Fe
LDH at ionic strength of 0.1 M

pH,

Fig. S2.2. pHpzc of Mg-Fe LDH
determined by the
technique.

immersion

NaN03 .

Results and discussion

Kinetic adsorption experiments
The pseudo-first order kinetics is represented by:

q: = qe(1-e*") Eq. S2.1

where ¢, and g. (mg g"') describe the adsorbed amount at time ¢ (min) and at the
equilibrium time, respectively, and the constant k; (min™) is the pseudo-first order rate
coefficient. The pseudo-second order kinetics is given by:
q: = kaq t/(1+k>q.t) Eq. S2.2
where ¢; and g. (mg g') correspond to the adsorbed amount at time ¢ (min) and at the

equilibrium time, respectively, and the constant k; [g (mg min)"'] is the pseudo-second
order rate coefficient (Gupta and Bhattacharyya, 2011;Simonin et al., 2016).
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Table S2.1 Parameters of the non-linear modeling using the pseudo-first and pseudo-
second order kinetic for adsorption of As(V) on Mg-Fe LDH.

pHS.5 pH 8.5
eepy) (Mg g7 7.79 7.18
Pseudo-first order ge(mg g™) 7.69 6.69
ki (min™) 0.46 0.25
R2 0.97 0.93
e ! 8.07 7.22
Pseudo-second order ge (Mg g7)
k> [g (mg min)™'] 0.10 0.05
R 0.99 0.99

Equilibrium adsorption experiments

The non-linear form of the Langmuir equation is given by:
e :CImaxKLce/(] +KLCe) Eq S2.3

where ¢, and g. correspond to the equilibrium concentration in the solution (mg L)
and the adsorbed amount at equilibrium (mg g™), respectively. The parameters ¢y, and
K are the maximum adsorption capacity (mg g™') and the Langmuir constant related to
the affinity to the adsorbate (L mg™'), respectively. The non-linear form of the
Freundlich equation is given by:

ge =Krc" Eq.S2.4

where ¢, and g. correspond to the equilibrium concentration in the solution (mg L)
and the adsorbed amount at equilibrium (mg g), respectively. The parameters K and
n are the Freundlich constant [(mg g')(L mg")""] and a dimensionless constant that
describes the influence of the surface heterogeneity on the adsorption process,
respectively (Foo and Hameed, 2010).
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Table S2.2 Parameters of the non-linear modeling using the Langmuir and Freundlich
model for adsorption of As(V) on Mg-Fe LDH.

pH55 pH 6.5 pH 75
Langmuir Gmax(exp) (Mg g1 131 96.4 30.8
model Gmar (Mg g1 129 90.1 25.5
K. (L mg) 0.10 0.06 5.02
R2 0.92 0.91 0.86
Freundlich n(-) 4.04 3.87 6.10
model Kr[(mg g")(L mg")'] 34.4 20.6 14.3
RZ 0.97 0.99 0.90

Solid state analyses

Reflections on the basal planes, characterized by sharp and symmetric peaks, were
observed at low and high values of 20 (11.42, 22.87, 59.48 and 60.78) and belonged
to the Miller indexes (003), (006), (110) and (013). However, reflections on the non-
basal planes, characterized by broad and asymmetric peaks, were found in the middle
of the 20 values (34.05, 38.52 and 45.55) and belonged to the Miller indexes (009),
(015) and (018). Reflections corresponding to the Miller indexes (110) and (013) are
known to result from a highly crystalline structure (Kang et al., 2013; Kustrowski et
al., 2005).
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Fig. S2.4. Leaching of Mg during the

sorption of As (cp = 10 M) at

different pH values (in 0.01 M
NaNO; for 120 min).

Fig. S2.3. XRD patterns of Mg-Fe
LDH and Mg-Fe LDH-As
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Table S2.3 The basal spacing of layers and the cell parameters calculated from
diffractograms of Mg-Fe LDH and Mg-Fe LDH-As.

Material doos(A)  doos(A)  dos(A)  doro(R)  a(A) c(A)
Mg-Fe LDH 7.748 3.888 2.633 1.554 3.108 23.24
Mg-Fe LDH-As 7.826 3.947 2.947 1.556 3.111 23.48

Table S2.4 The EDX analysis of Mg-Fe LDH and Mg-Fe LDH-As.

% Mg-Fe LDH Mg-Fe LDH-As
C 18.42 13.59
o 59.25 47.27
Mg 15.58 10.64
Fe 6.67 15.07
As - 13.73

Fig. S2.5. SEM (A, B) and TEM images (C, D) of Mg-Fe LDH (A, C) and Mg-Fe
LDH-As (B, D).
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The broad band at 3444 cm™ corresponds to the stretching vibration of hydroxyl groups
in the brucite-like layers. The bending vibration of water occurs at 1637 cm™. The
absorption band of COs” in the interlayered region is observed at 1361 and 643 cm™.
Finally, the region at approximately 535 cm™ indicates the vibrations of M-O and/or
M-OH (Cavani et al., 2001; Goh et al., 2008; Kang et al., 2013).

—— Mg-Fe LDH
Mg-Fe LDH-As

1638 1340

Transmittance (%)
CPS

Y ) s L T i e e S . ~,fi”‘f 3p e
—— Mg-Fe LDH-As 5000 EERAITY|
‘Wavenumbers (cm™) Binding energy (eV)
Fig. S2.6. FTIR-ATR spectra of Mg- Fig. S2.7. The XPS spectra of Mg-Fe
Fe LDH and Mg-Fe LDH-As. LDH and Mg-Fe LDH-As.
Table S2.5 The surface stoichiometry (%) of Mg-Fe LDH and Mg-Fe LDH-As.
Mg-Fe LDH Mg-Fe LDH-As
Fe 2p 1.4 4.0
Mg 2s 359 15.5
O 1s 45.5 55.8
Cls 17.2 18.1
As 3p - 6.6
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[ ] Fe(Il)
Fe(III) []
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Mg-Fe LDH
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Fig. S2.8. Low-temperature Mdssbauer spectra on isotope >’Fe of Mg-Fe LDH and Mg-

Fe LDH-As.

Table S2.6 Low-temperature (5 K) >’Fe Mdssbauer hyperfine parameters for Mg-Fe
LDH and Mg-Fe LDH-As.

Sample 6(mm s) AEo(mm s™) RA (%) Assignment
Mg-Fe LDH 0.46 0.52 100 Fe(III)
Mg-Fe LDH-As 0.48 0.67 94 Fe(1II)

2.12 2.86 6 Fe(II)

Notations: 8 — isomer shift (0.02 mm s!), AEq — quadrupole splitting (+0.02 mm s-') and RA — relative
area in the spectrum (£ 3%).
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Abstract

Comprehensive mechanistic and modeling approaches are needed to effectively
evaluate sorption of metal ions from aqueous solutions. However, such a complex study
using layered double hydroxides has not yet been presented. Therefore, adsorption
modeling was performed coupled with solid state analyses describing the mode of zinc
and lead removal by magnesium-iron layered double hydroxides, and an excellent
removal efficiency for both metal ions was observed. The maximal adsorbed
concentration, as established by the Langmuir model, increased with the increasing
magnesium/iron molar ratio. The pH-dependent sorption was fitted by the diffuse layer
model, which described the formation of monodentate inner-sphere complexes,
indicating strong binding between metal ions and the layered double hydroxides
surface. Based on the solid state analyses of materials with high surface concentrations
of zinc (1.44 mmol g') and lead (1.65 mmol g"), respectively, the whole sorption
mechanism was also influenced by other processes, i.¢., precipitation (lead) and surface
accumulation/precipitation/isomorphic substitution (zinc). Transmission electron
microscopy-based elemental mapping showed a heterogeneous distribution of zinc and
lead on the surface of particles. Low-temperature Mossbauer spectra were nearly
identical for the studied materials before/after zinc and lead sorption indicating no
structural changes in incorporated iron. Generally, we suggest that these layered double
hydroxides are highly effective sorbents for metal ions from aqueous solutions.
Furthermore, we propose a comprehensive mechanistic/modeling approach as a
powerful tool for describing the mechanism of metal ions binding on layered double
hydroxides in contaminated waters.
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Introduction

Layered double hydroxides (LDHs) have been proposed as universal low-cost sorbents
that can effectively remove various contaminants from real drinking/waste/ground
water samples contaminated by oxyanions, e.g., AsO;*(Jiang et al., 2015), AsO4> (Ha
et al., 2016), CrO4* (Zhang et al., 2012b), PO,*" (Drenkova-Tuhtan et al., 2013), SO4*
(Sepehr et al., 2014), boron species, e.g., Hs3BOs and/or B(OH)4 (Kameda et al., 2017),
monoatomic anions, ¢. g., Bri(Echigo et al., 2007) and F~(Elhalil et al., 2016), organics
(Teixeira et al., 2014) and metal ions, e.g., Zn*" (Zhang et al., 2012b). However, there
are a lack of comprehensive studies based on sorption of metal ions including
accessible and powerful approaches. Therefore, we propose mechanistic adsorption
modeling coupled with solid state analyses for predicting the reactions on the LDH
surface during the sorption process. Layered double hydroxides (LDHs) are layered
materials with positively charged brucite-like layers consisting of octahedrally
coordinated divalent and trivalent metal cations. The positive charge of the layers is
compensated by intercalated anions. The interlayered region also contains water
molecules. A general formula for the LDH structure is given by [M*"M,*"
(OH) [ [Axa™.yH20T", where M*" a M*" mean divalent (e.g., Mg>" or Zn*") and
trivalent cations (e.g., Fe’" or AI’") and A™ corresponds to appropriate n-valence anions
(e.g., CO3* or NO3). The symbol x describes the trivalent metal ratio M**/(M*+M>")
(Cavani et al., 1991; Liang et al., 2013). Generally, the sorption mechanism for metal
ions by LDHs intercalated with inorganic anions is performed by adsorption through
bonding with surface hydroxyl groups (surface complexation), isomorphic substitution,
and precipitation of metal hydroxides and/or carbonates on the surface of the LDHs
(Liang et al., 2013). The sorption mechanism has been described previously by various
techniques including SEM/EDX, TEM, XRD, FTIR, XPS (Sun et al., 2015a; Xiao et
al., 2015; Liang et al., 2009; Park et al., 2007) and/or EXAFS (Izumi et al., 2005; Izumi
et al., 2002). However, the emphasis was mainly put on Mg-Al LDHs and their thermal
thermally products (CLDHs) (Liang et al., 2013) that contain potentially risky AI(III).
Moreover, the production of CLDHs is more expensive due to the thermal treatment.
There are just a few studies (Izumi et al., 2005; Izumi et al., 2002; Liang et al., 2009;
Seida et al., 2001) that focused on metal ions sorption by Mg-Fe LDHs and CLDHs as
more environmental friendly materials. Moreover, there are a lack of studies dealing
with the effect of different M(II)/M(III) molar ratios on the removal efficiency.

Generally, the mobility and speciation of metals is strongly influenced by the pH value

controlling their leaching (desorption) at lower pH values and the precipitation of metal
hydroxides and/or carbonates at higher pH values (Hashim et al., 2011). Most of the
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sorption studies of metal ions on LDHs were performed without pH adjustment
resulting in preferential metal precipitation caused by the buffering effect of the LDHs
(Fujji et al., 1992; Gonzalez et al., 2015; Seida et al., 2001). To differentiate between
precipitation and adsorption, the pH during the sorption process needs to be adjusted.
Moreover, pH-dependent sorption enables the development of surface complexation
models (SCMs) that describe the binding of metal ions onto solid materials depending
on the pH, ionic strength and sorbate concentration (Komarek et al., 2015; Veselska et
al., 2016). An SCM has been successfully optimized in our previous studies based on
As(V) sorption on Mg-Fe LDH (Hudcova et al., 2017). However, an SCM describing
metal ions sorption on LDHs or CLDHs has not been performed at all.

The aim of this study is to describe the sorption mechanisms and competition of Zn(II)
and Pb(II) on Mg-Fe LDHs by complex adsorption modeling coupled with the solid-
state analyses (XRD, SEM/EDX, FTIR-ATR, XPS, HR-TEM with elemental mapping
and low-temperature >’Fe Mossbauer spectroscopy). Both metals reflect contrasting
geochemical behavior although they commonly occur together in contaminated water
and soil due to industrial activities (Ettler et al., 2006), while the presence of Pb(Il) can
decrease the sorption efficiency of Zn(Il) (Kumpiene et al., 2008). The basic adsorption
mechanism of Zn(II) and Pb(II) was described by adsorption kinetic and equilibrium
experiments. Moreover, the effect of different Mg/Fe molar ratios on adsorption
properties was also studied. Finally, the pH-dependent equilibrium data were described
by the diffuse layer model (DLM).
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Materials and methods

Materials

All chemical reagents were analytical grade without any purification or treatment. All
solutions were prepared using deionized water (18.2 MQ). HNO; and NaOH solutions
(0.001, 0.01 and 0.1 M) were used to adjust the pH value during sorption experiments.

Synthesis and characterization of Mg-Fe LDHs with different Mg/Fe molar
ratios

The Mg-Fe LDHs with different Mg/Fe molar ratios were synthesized by the co-
precipitation method described in Seida et al. (2001). The synthesis procedure is given
in detail in the Supplementary Material. The structural characterization of synthesized
materials was determined by X-ray diffraction analysis (XRD) using a PANalytical
X’Pert PRO diffractometer with an X’Celerator detector (Cuk, radiation, 40 kV, 30
mA, a measuring step 0.02° s™! in the range 10 to 80° 20). The chemical composition
of material was measured using ICP-OES (Agilent Technologies 720 Series) after
dissolution in 0.1 M HNOs. The pHpzc of material was determined by the immersion
technique described by Fiol and Villaescusa (2009). The specific surface area was
determined by N, adsorption at 77 K (BET analysis) using an ASAP 2050
(Micrometrics Instrument Corporation, USA).

Kinetic and equilibrium adsorption experiments

Kinetic experiments were performed in individual batches using single- and multi-
metal solutions with Zn(II) and Pb(Il) concentrations of 0.1 mM according to our
previous studies (Hudcova et al., 2017). The detailed experimental conditions are given
in the Supplementary Material. The equilibrium adsorption experiments were
performed in individual batches according to our previous studies (Hudcova et al.,
2017) at initial Zn(II) and Pb(II) concentrations ranging from 0.03 to 3 mM and at pH
5.5. Detailed experimental conditions are given in the Supplementary Material.

Surface complexation modeling

The characterization of the protonation behavior of the Mg-Fe LDH-4 surface (surface
protonation constants and the total number of surface sites) was performed by acid-
base potentiometric titrations (Rojas Delgado et al., 2004; Turner and Fein, 2006). The
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details of the titration of the LDH-H" system and the modeled titration data are given
in the Supplementary Material (Fig. S3.1). The adsorption edge experiments of Zn(II)
and Pb(Il) on Mg-Fe LDH-4 were conducted according to our previous studies
(Hudcova et al., 2017) and detailed experimental conditions are given in the
Supplementary Material. The adsorption edge data were used to calibrate the two-pK
DLM describing the formation of inner-sphere complexes (Goldberg et al., 2007;
Gustafsson, 2013; Herbelin and Westall, 1999). The goodness-of-fit V(Y) of the DLM
to the experimental data was assessed according to Heinrich et al. (2008) and Reich et
al. (2010) and is generally considered to be reasonable if it is between 1 and 20 (at 95%
confidence interval). More information is available in the Supplementary Material. All
established constants are given in Table S3.1.

Solid state analyses after Zn(Il) and Pb(Il) sorption

The solid samples before (Mg-Fe LDH-4) and after Zn(II) and Pb(II) sorption (Mg-Fe
LDH-Zn and Mg-Fe LDH-Pb) were characterized by a robust combination of the
following techniques: XRD analysis (see Section Synthesis and characterization of
Mg-Fe LDHs with different Mg/Fe molar ratios) was performed to identify the
structures of all materials and the possible formation of new phases. A scanning
electron microscope (SEM; Tescan, Inc., USA) and energy dispersive X-ray
spectroscopy (EDX; Bruker Quantax, USA) were used to study the morphology and
the chemical composition of the materials. Material morphology was visualized by
high-resolution transmission electron microscopy (HR-TEM; TITAN 60-300
microscope with an X-FEG type emission gun operating at 80 kV). The distribution of
individual elements after Zn(II) and Pb(II) sorption was studied by elemental mapping
performed by the STEM-Energy Dispersive X-ray Spectroscopy (EDX) with an
acquisition time of 20 min. Fourier transform infrared spectroscopy in attenuated total
reflection mode using a diamond crystal (FTIR-ATR; Nicolet 6700) enabled the
establishment of characteristic functional groups. The surfaces of materials, including
the surface stoichiometry, was described using X-ray photoelectron spectroscopy
(XPS; Omicron Nanotechnology, Ltd). The spectra were deconvoluted using the Casa
XPS program. The low-temperature (5 K) transmission *’Fe Mossbauer spectra were
collected with constant acceleration mode using an MS96 spectrometer equipped with
a°’Co(Rh) radioactive source (1.85 GBq). The values of the hyperfine parameters (e.g.,
isomer shifts) were calibrated against a metallic iron (a-Fe) foil at room temperature.
The spectra were fitted by Lorentz functions using the CONFIT2000 software (Zak and
Jiraskova, 2006).
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Results and discussion

Characterization of materials

Diffractograms of synthesized Mg-Fe LDHs with different Mg/Fe molar ratios
exhibited characteristic patterns for the LDH structure, i.e., sharp and symmetric peaks
at low and high values of 20 and broad and asymmetric peaks in the middle of the 20
values (see Fig. S3.2). Reflections corresponding to Miller indexes (110) and (013)
suggested a highly crystalline structure of the as-prepared materials. Moreover, the
increasing Mg/Fe molar ratio led to the increasing intensity of all reflections, except
for the reflection corresponding to Miller index (015), which is caused by the increasing
crystallinity of materials (Kang et al., 2013; Seida and Nakano, 2000). However, some
changes in the relative intensity of particular diffraction peaks in the diffractogram of
Mg-Fe LDH-3 also occurred resulting in increasing intensity of the reflection
corresponding to Miller index (015). This effect could be assigned to some structural
disorder in the material (Cavani et al., 1991). Moreover, a small peak at 18.81° in the
diffractograms of Mg-Fe LDH-3 and Mg-Fe LDH-4, respectively, meant the formation
of Mg(OH); during the synthesis, i.e., not all Mg(II) was incorporated into the structure
of the synthesized LDHs. The basal spacing of layers dys; and cell parameters a and ¢
calculated from the (003), (006) and (110) diffraction peaks (Evans and Slade, 2006;
Klemkaite et al., 2011) are given in Table S3.2. The values of all cell parameters
increased due to the increasing Mg/Fe molar ratio as was described in Kang et al.
(2013). However, the Mg-Fe LDH-3 showed higher values of the cell parameters than
Mg-Fe LDH-4. As has been mentioned before, this effect was probably caused by some
structural disorder of the Mg-Fe LDH-3.

The general properties of synthesized Mg-Fe LDHs with different Mg/Fe molar ratios
are given in Table S3.3. The Mg/Fe molar ratios in all materials determined by acid
dissolution were slightly overestimated, which was probably caused by the synthesis
procedure as has been mentioned by the XRD analyses (i.e., dissolution of redundant
Mg). The pHzpc of all materials was similar. The specific surface area decreased with
the increasing Mg/Fe molar ratio corresponding to the increasing crystallinity of the
materials as was described by the XRD analyses.

Kinetic and equilibrium adsorption experiments

Adsorption kinetics enable the determination of the removal rate and the adsorption
efficiency of Zn(II) and Pb(IT) on LDHs (Gonzalez et al., 2015; Liang et al., 2009; Sun
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et al., 2015a). The removal efficiency for Zn(II) and Pb(Il) is given in Fig. S3.3. The
excellent removal efficiency (100%) for both metal ions (ad)sorbed on all materials
was observed in the experiments without pH control (Fig. S3.3A-B). The change of pH
during kinetic experiments is shown in Fig. S3.3C-D. The pH value increased from the
initial pH of 5.5 to the final pH of approximately 8.5-9.5, which was also observed by
Gonzélez et al. (2015), indicating a strong buffering effect for Mg-Fe LDHs (Seida et
al., 2001). Therefore, these sorption processes were mainly affected by precipitation of
carbonates and/or hydroxides as was confirmed by the oversaturation of such species
using the program Visual MINTEQ 3.1. To avoid these artefacts, the removal
efficiency at controlled pH 5.5 was determined (Fig. S3.3E-F). Based on these results,
the removal efficiency for Zn(Il) strongly depended on the Mg/Fe molar ratio, i.e., Mg-
Fe LDH-2 (60%) < Mg-Fe LDH- 3 (63%) < Mg-Fe LDH-4 (77%). However, the
removal efficiency for Pb(Il) was nearly the same for all materials, i.e., 97% for Mg-
Fe LDH-2, 93% for Mg-Fe LDH-3 and 98% for Mg-Fe LDH-4. Subsequently, kinetic
data at pH 5.5 (not influenced by precipitation) (Fig. 3.1A-B) were modeled by the non-
linear form of pseudo-first and pseudo-second order kinetics (Gupta and
Bhattacharyya, 2011; Simonin, 2016). Based on the results described by Simonin
(2016), only the experimental data near the equilibrium (# = 20 min) were modeled. The
use of such experimental data results in a significant improvement of the pseudo-first
order kinetics that is commonly undervalued in comparison with pseudo-second order
kinetics. Experimental values of the adsorbed amount at equilibrium (gexy), calculated
parameters (g., k; and k) and correlation coefficients (R”) are given in Table S3.4. The
experimental data of Zn(Il) and Pb(II) adsorption on Mg-Fe LDH-2 were better fitted
by the pseudo-second order kinetics that are commonly used for kinetic data of metal
ions sorption on LDHs and CLDHs (Gonzalez et al., 2015; Xiao et al., 2015; Zhao et
al., 2011). However, the correlation coefficients for both models of Zn(II) and Pb(II)
adsorption on Mg-Fe LDHs with higher Mg/Fe molar ratios were equal. The adsorbed
amount at equilibrium (g.) for both metal ions on all materials increased with increasing
molar ratios. The rate coefficients (k; and ;) for Zn(II) were significantly lower for
data describing sorption on Mg-Fe LDH-3. Similar values were observed for Mg-Fe
LDH-2 and Mg-Fe LDH-4. It is important to note that k; and k. describing Pb(II)
sorption were strongly influenced by the Mg/Fe molar ratio, i.e., they increased with
increasing Mg/Fe molar ratios. Generally, the increasing rate coefficients indicate a
faster removal process (Sun et al., 2015a). Based on these results, Mg-Fe LDHs with
higher Mg/Fe molar ratios seem to be more effective sorbents for Zn(II) and Pb(II)
from aqueous solutions. Additionally, the co-adsorption of Zn(II) and Pb(II) on Mg-Fe
LDH-4 is given in Fig. 3.1C and the calculated parameters are in Table S3.5. The
adsorption efficiency, i.e., 72% for Zn(Il) and 93% for Pb(Il), slightly decreased
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compared to individual kinetic experiments. The experimental data describing Zn(II)
sorption were better fitted by pseudo-second order kinetics. However, the correlation
coefficients for both models describing Pb(II) sorption were equal. The rate coefficients
for both models significantly decrease for Zn(II). Conversely, minor differences in rate
coefficients for Pb(II) sorption were observed. The decreasing Zn(II) sorption on Mg-
Fe LDH-4 due to the co-presence of Pb(Il) was also described by Kumpiene et al.
(2008).
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Fig. 3.1. Adsorption kinetics of Zn(II) (A) and Pb(II) (B) on Mg-Fe LDH with different
Mg/Fe molar ratios and co-adsorption of Zn(II) and Pb(II) on Mg-Fe LDH-4 (C) at pH

5.5 fitted by the nonlinear form of pseudo-first and pseudo-second order kinetic models.

* Mg-Fe LDH-4 (Pb)
% Mg-Fe LDH-4 (Zn)
—— Pseudo-first order

- - - - Pseudo-second order

The basic adsorption mechanism is commonly described by the equilibrium adsorption
data (Fig. 3.2.A-B) that can be modeled by several models, e.g., the Langmuir model
(monolayer adsorption) and/or the Freundlich model (adsorption on a heterogeneous
surface without the formation of a monolayer) (Foo and Hameed, 2010; Limousin et
al., 2007). The precipitation of Zn(II) and Pb(Il) compounds during equilibrium
adsorption experiments at pH 5.5 was excluded by the program Visual MINTEQ 3.1.
The maximal adsorbed amounts (gmq), Langmuir constants (K;), Freundlich constants
(KF), parameters n and the correlation coefficients for both models are given in Table
S3.6. The sorption of Zn(Il) and Pb(II) on all materials (except for Zn(II) sorption on
Mg-Fe LDH-4) were better fitted by the Langmuir model. The maximal adsorbed
amount (gmax) for both metal ions increased with increasing Mg/Fe molar ratio and
higher values were observed for Pb(II). Moreover, the affinity of Pb(II) described by
K (Limousin et al., 2007) was significantly higher than the affinity of Zn(II).
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Fig. 3.2. Adsorption isotherms of Zn(Il) (A) and Pb(Il) (B) on Mg-Fe LDHs with
different Mg/Fe molar ratios fitted by the non-linear form of the Langmuir and

Freundlich model. Data presented are means (n = 3). Maximum SD is + 0.06 mmol
1

g .
Surface complexation modeling

The pH-dependent sorption of Zn(II) and Pb(Il) on Mg-Fe LDH-4 at different ionic
strengths is given in Fig. 3.3. Generally, the pH-dependent sorption of Zn(II) and Pb(II)
on LDHs is divided into several regions due to the charge of the LDH surface and
predominant Zn(II) and Pb(Il) species at the given pH value, i.e., the sorption was
influenced by several mechanisms. At lower pH values (pH < 4), the possible
dissolution of LDHs occurred (see Fig. S3.4 or Jobbagy and Regazzoni, 2011).
Subsequently, increasing pH resulted in increasing sorption that was assigned to the
surface properties of Mg-Fe LDH. The surface was positively charged at pH < pHpzc
(see Table S3.3). Therefore, the surface of Mg-Fe LDH-4 was positively charged at pH
< 10 (protonation reaction) and negatively charged at pH > 10 (dissociation of
functional groups). The high sorption efficiency of Zn(Il) and Pb(II) also occurred at
lower pH values, i.e., on the positively charged surface of Mg-Fe LDH, indicating
predominantly chemical adsorption. Other mechanisms may also influence the sorption
process of metal ions on LDHs. In the case of Pb(Il) sorption on LDHs, the effect of
surface-induced precipitation has been previously observed in Liang et al. (2009) and
Park et al. (2007). The surface-induced precipitation of metal hydroxides, e.g.,
Pb3(CO3)2(OH),, occurs at lower pH values than in pure aqueous solutions and it is
caused by the high pH on the surface of LDHs (similar to pHpzc) (Zhang and Hou,
2007). Due to similar properties, Zn(II) sorption was probably also influenced by these
mechanisms.
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The formation of inner-sphere complexes, i.e., chemical binding, and outer-sphere
complexes, i.e., electrostatic binding, corresponds to the charge of the LDH surface at
a given pH, as has been discussed above. Generally, XAS studies have been used to
differentiate between these complexes. However, previous XAS studies based on Zn(II)
and LDH interactions have been mainly focused on the formation of Zn-based LDHs
during sorption of Zn(II) on different materials, e.g., kaolinite (Nachtegaal and Sparks,
2004) or pyrophyllite (Ford and Sparks, 2000), at higher pH values. Identically, the
XAS studies based on Pb(II) and LDH interactions are also limited (Izumi et al., 2005;
Izumi et al., 2002). Such sorption processes have been mainly provided without pH
control, which means the predominant effect was the surface-induced precipitation as
has been mentioned above. Few studies have been focused on the sorption experiments
at different ionic strength that can also differentiate between inner-sphere and outer-
sphere complexes. However, this approach cannot differentiate between the individual
types of these complexes. In the case of Pb(Il) sorption on Mg-Al LDHs, the
predominant formation of outer-sphere complexes has been observed (Zhang et al.,
2007; Zhao et al., 2011). On the other hand, Mg-Fe LDH showed the preferable
formation of inner-sphere complexes according to Liang et al. (2009). As shown in Fig.
3.3, the Zn(Il) and Pb(Il) sorption on Mg-Fe LDH was not influenced by the ionic
strength indicating the formation of inner-sphere complexes. Therefore, the data
describing pH-dependent Pb(II) adsorption fit well with the DLM. In the case of Zn(II),
the model slightly overestimates adsorption at pH > 6 and underestimates it at pH < 4.
In general, the DLM works better for lower adsorbate concentrations, which is
consistent with our previous results for As(V) adsorption on Mg-Fe LDH (Hudcova et
al. 2017). In contrast to As(V), less ionic strength dependence for Zn(Il) and Pb(II)
adsorption was observed indicating the formation of inner-sphere complexes on the
Mg-Fe LDH surfaces. For both metal ions, pH-dependent adsorption could be best
described by the formation of simple monodentate inner-sphere complexes optimized
within the pH range 6-10 (Table S3.1, Fig. 3.3A-B, E-F). The DLM simulations for
bidentate complexes did not improve the fitting of the adsorption edges for either Zn(II)
or for Pb(Il) compared with the monodentate ones (Fig. 3.3C-D, G-H). In general, the
DLM can be used as a successful tool for prediction of Zn(II) and Pb(Il) adsorption
onto Mg-Fe DLMs when considering them as potential materials for water remediation.
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Fig. 3.3. Adsorption of monodentate (A-B, E-F) and bidentate (C-D, G-H) inner-sphere
complexes of Zn(II) (A-D) and Pb(II) (E-H) on Mg-Fe LDH at metal concentrations of
10* (A,C,E,G) and 10° M (B,D,F,H) and with 0.1 M (asterisk), 0.01 M (square) and
0.001 M (diamond) NaNOs;. Symbols represent experimental data; DLM adsorption
edges are represented by solid, dashed and dotted lines at 0.1, 0.01 and 0.001 M NaNOs,
respectively. Vertical lines indicate hydrozincite (solid lines) and hydrocerussite
(dashed lines) supersaturation for aqueous Zn(II) and Pb(II) concentration of 10 and
107 M in the absence of adsorption.
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Solid state analyses of Mg-Fe LDH samples after Zn(Il) and Pb(Il) sorption

The detailed characterization of Mg-Fe LDH-4, Mg-Fe LDH-Zn and Mg-Fe LDH-Pb
samples was performed using a combination of XRD, SEM/EDX, FTIR-ATR, XPS,
HR-TEM with elemental mapping and low-temperature >’Fe Mdssbauer spectroscopy.
The (ad)sorbed amounts of Zn(II) and Pb(Il) on Mg-Fe LDH-4 reached 1.44 and 1.65
mmol g, respectively. As mentioned previously, the sorption processes at pH 5.5
should not be affected by precipitation. However, high initial concentrations of Zn(II)
and Pb(II) could also affect the sorption mechanism. First, the precipitation of Zn(II) at
the given conditions was not confirmed by Visual MINTEQ 3.1. Contrarily, the
saturation index of hydrocerussite (SI = 0.017) confirmed its possible formation during
Pb(1I) sorption (apparent equilibrium at initial concentration higher than 493 mg L™).
A comparison of the (ad)sorbed amount of Zn(Il) and Pb(Il) on different LDHs
incorporated with inorganic anions is given in Table S3.7. However, these results are
mainly affected by the precipitation of carbonates and/or hydroxides since these
sorption processes are without pH control.

The XRD diffractograms of Mg-Fe LDH-4, Mg-Fe LDH-Zn and Mg-Fe LDH-Pb are
given in Fig. 3.4. The characteristic peaks for the LDH structure were observed in all
the diffractograms. The intensities of these peaks decreased after Zn(Il) and Pb(II)
sorption and this decrease was more pronounced for Mg-Fe LDH-Pb. Generally,
decreasing intensities in diffractograms after Pb(II) adsorption originated from the
slight decomposition of Mg-Fe LDH-4 after the sorption process (Liang et al., 2009;
Park et al., 2007; Zhang and Hou, 2007; Zhao et al., 2011). Moreover, the new peaks
observed after Pb(Il) sorption were assigned to the precipitation of hydrocerussite (in
accordance with Visual MINTEQ

3.1 modeling) and cerrusite (Liang et o o —rry
al, 2009; Yang et al, 2016). R =
Moreover, as mentioned previously, R i e
surface-induced precipitation during 2 < L'=MgFe LDH

Pb(Il) sorption on LDHs also ‘E . H‘ He e

occurred. Precipitation of carbonates £ Ll f ul| iy

was supported by the presence of R AR e
atmospheric CO, and interlayer _L,JLJ\/\/\_\_JV\,___V

carbonates in the structure of Mg-Fe
LDH-4 as well (Liang et al., 2009).
As has already been mentioned, Fig.3.4. XRD patterns of Mg-Fe LDH-4, Mg-
interlayered carbonates could be Fe LDH-Znand Mg-Fe LDH-Pb.
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available for precipitation with Pb(Il) leading to the decomposition of the LDHs and
such behavior has also been previously observed by Park et al. (2007). The influence
of Pb(Il) adsorption on the whole sorption mechanism was also expected, whereas
Pb(II) surface complexation on LDHs is expected at pH < 6 (Yang et al., 2016).
Contrarily, the diffractogram of Mg-Fe LDH-Zn showed no additional peaks of
crystalline phases. Therefore, the removal of Zn(Il) was mainly influenced by
adsorption (surface complexation), precipitation of amorphous phases and/or
isomorphic substitution (Xiao et al., 2015).

For further description of the adsorption mechanism, the cell parameters ¢ and ¢ were
calculated for all Mg-Fe LDH samples. The cell parameter ¢ slightly increased after
Zn(Il) and Pb(II) sorption (see Table S3.2). Generally, increasing cell parameter ¢
means the influence of mechanisms other than adsorption, e.g., isomorphic substitution
(Sun et al., 2015a; Xiao et al., 2015). However, the isomorphic substitution of Pb(II) is
not expected due to a significantly higher ionic radius of Pb(II) (1.19 A) compared to
Mg(1I) (0.65 A) indicating a steric hindrance for isomorphic substitution (Liang et al.,
2013; Sun et al., 2015a). Conversely, the ionic radius of Zn(II) (0.74 A) is much closer
to the ionic radius of Mg(Il). Therefore, isomorphic substitution could also affect the
removal of Zn(II) by Mg-Fe LDHs (Komarneni et al., 1998; Richardson and Braterman,
2009; Sun et al., 2015a).

The SEM/EDX analyses of Mg-Fe LDH-4, Mg-Fe LDH-Zn and Mg-Fe LDH-Pb are
given in Fig. 3.5. The Mg-Fe LDH-4 surface was significantly smoother compared to
the surface of Mg-Fe LDH-Zn and Mg-Fe LDH-Pb. Based on the XRD results, the
Pb(Il) sorption was also influenced by the precipitation of (hydro)cerussite with
characteristic hexagonal plates indicating a crystalline structure. The EDX analysis
showed a high amount of Pb(Il) (59%) on the Mg-Fe LDH-Pb surface resulting in
decreased concentrations of the other elements. On the other hand, some new
amorphous phases were also observed on the Mg-Fe LDH-Zn surface. Based on the
XRD results, precipitation of crystalline Zn phases was excluded. Therefore, the
mechanism was assigned to the possible precipitation of amorphous Zn
oxides/hydroxides or to the accumulation of Zn(II) on the surface of Mg-Fe LDH via
the formation of the Zn-O-Zn bond described in Xiao et al. (2015). Moreover, possible
multilayer adsorption of Zn(II) on Mg-Fe LDH-4 was also confirmed by adsorption
modeling (see Section Kinetic and equilibrium adsorption experiments).
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Fig. 3.5. SEM images of Mg-Fe LDH-4 (A), Mg-Fe LDH-Zn (B) and Mg-Fe LDH-Pb
(©).

The FTIR-ATR spectra of Mg-Fe LDH-4, Mg-Fe LDH-Zn and Mg-Fe LDH-Pb are
given in Fig. S3.5. The Mg-Fe LDH-4 spectrum shows the characteristic bands
corresponding to important binding arrangements (see Supplementary Material). The
Mg-Fe LDH-Zn and Mg-Fe LDH-Pb spectra exhibited all the characteristic adsorption
bands. However, the Mg-Fe LDH-Zn and Mg-Fe LDH-Pb showed lower intensity for
individual signals. Therefore, the measurement was performed with a different number
of scans, i.e., 65 scans for Mg-Fe LDH-4 and 750 scans for Mg-Fe LDH-Zn and Mg-
Fe LDH-Pb. Based on these properties, the intensity of the spectra after Zn(Il) and
Pb(Il) sorption were even lower than that shown in Fig. S3.5. The precipitation of
carbonates during Pb(II) sorption was confirmed by the increasing intensity of the
CO;* absorption band (Liang et al., 2009). Moreover, the precipitation of
(hydro)cerrusite was confirmed by the newly formed band at 838 cm™ (Sternlieb et al.,
2010). The Zn(II) sorption led to the formation of a new band at 551 cm™' corresponding
to the Zn-O bond (Alias and Mohamad, 2013), which could also be assigned to the
precipitation of amorphous Zn oxides/hydroxides as previously discussed. However,
this broad peak could be composed of other contributions, e.g., Zn-O-Zn at
approximately 540 cm™ (Arakha et al., 2015; Singh et al., 2007). The accumulation of
Zn on the Mg-Fe LDH surface via the formation of Zn-O-Zn bond has also been
discussed above.

The XPS spectra of Mg-Fe LDH-4, Mg-Fe LDH-Zn and Mg-Fe LDH-Pb are given in
Fig. 3.6A and the surface stoichiometry is given in Table S3.8. All XPS spectra include
Mg 2s, Mg 2p, Fe 2p, C 1s and O 1s peaks. Moreover, the peaks corresponding to Zn
2p and Pb 4f were identified after the sorption of Zn(Il) and Pb(Il), indicating proof of
effective sorption onto the Mg-Fe LDH-4 surface. A symmetric Mg 2p peak (49.2 eV)
of the Mg-Fe LDH-4 spectrum has position typical for Mg(OH), indicating octahedral
coordinated Mg(Il) in the LDH structure (Carja et al., 2012). The intensity of this peak
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decreased after Zn(Il). Moreover, this peak showed two contributions, i.e., a larger
contribution (71%) at higher binding energies (49.5 eV) reflected from Mg(Il) in the
brucite-like layers and a smaller contribution (29%) at lower binding energies (48.1
eV). This small peak was not observed prior to Zn(II) sorption and significantly
decreased after Ar” sputtering corresponding to the removal of the adsorbed species
from the surface (Zhao et al., 2012). The intensity of the Mg 2p peak after Pb(Il)
sorption was even lower and was caused by a low surface concentration of Mg(II). The
broad Fe 2p peaks, i.e., the Fe 2pi» and Fe 2psp, correspond to Fe(Ill) and indicate a
variety of possible contributions (e.g., Fe-O, Fe-OH, etc.) (Biesinger et al., 2011). The
intensity of this peak was similar for Mg-Fe LDH-4 and Mg-Fe LDH-Zn. After Pb(Il)
sorption, the intensity significantly decreased caused by the low surface concentration
of Fe(Ill). The C 1s peak decreased after sorption of both metal ions. However, the
amount of C on the surface significantly increased after Pb(Il) sorption, which could
be assigned to the precipitation of (hydro)cerussite on the surface of Mg-Fe LDH as
confirmed by previous analyses.

2500 A
ZFTZp — Fe 2p
d\‘ —O01s
m i L
o . \l Mg 2s \
@ | "
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%
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Fig. 3.6. XPS spectra of Mg-Fe LDH-4, Mg-Fe LDH-Zn and Mg-Fe LDH-Pb (A) and
deconvolution of the Zn 2p (B) and Pb 4f peak (C).
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The intensity of the O 1s peak in the Mg-Fe LDH-4 and Mg-Fe LDH-Zn spectra was
similar. However, this peak significantly decreased after Pb(II) sorption. Generally, this
broad peak consists of several contributions, i.e., the M-O bond at lower binding
energies (approximately 529 - 530 eV), M-OH and/or M-CO; bonds (approximately
531 - 533 eV) at middle binding energies and water at higher binding energies
(approximately 535 eV) (Alexander et al., 2000; Baltrusaitis et al., 2012). To identify
the sorption mechanism, deconvolution of the Zn 2p and Pb 4f peaks was performed.
The Zn 2p peak (Fig. 3.6B) consisted of two contributions, i.e., Zn 2pi» at
approximately 1045 eV and Zn 2ps at approximately 1022 eV. Moreover, the Zn 2p3
peak was deconvoluted into two contributions. First, the Zn-O bond occurred at 1021.8
eV (approximately 63%) identifying a Zn-O-Mg and Zn-O-Fe bond. Additionally, the
contribution at 1023.5 eV (approximately 37%) was assigned to Zn(OH), indicating
the formation of Zn-O-Zn and/or precipitation of amorphous Zn oxides/hydroxides.
The formation of the Zn-O-Zn bond has been described by Xiao et al. (2015) and is a
result of Zn(II) accumulation on the Mg-Fe LDH-4 surface after its saturation (i.e., all
adsorption sites are occupied). Finally, the Pb 4f peak (Fig. 3.6C) also consisted of two
contributions, i.e., Pb 4fs; at approximately 145.3 eV and Pb 4f, at approximately
140.2 eV. The Pb 4f;, peak was also deconvoluted into two contributions, i.e., the Pb-
O bond at 137.7 eV (51%) and Pb(OH),/PbCOs at 138.5 eV (49%). The formation of
the Pb-O bond could be assigned to surface complexation reactions and the second
contribution confirmed surface-induced precipitation of Pb(Il). Additionally, the shift
of Mg 2p, Fe 2psnand O 1s peaks (data not shown), i.e., changes in binding energies,
after Zn(Il) and Pb(II) sorption, indicated changes in the local bonding environments
and the chemical states of Mg, Fe and Mg that was assigned to the formation of inner-
sphere complexes (Zhang and Hou, 2007). The XPS results confirmed that the
mechanism of Zn(II) and Pb(II) immobilization on Mg-Fe LDH is a combination of
chemical adsorption and surface-induced precipitation.

To shed light on the distribution of Zn(Il) and Pb(Il) on the surface of Mg-Fe LDH
particles, elemental mapping of Mg, Fe, O, Zn and Pb was performed (Fig. 3.7). For
Mg-Fe LDH-Zn, the image containing Fe, Zn and O (Fig. 3.7A) shows a heterogeneous
distribution for Zn(II). Despite highly concentrated places, Zn(Il) was also distributed
on the whole LDH particle (Fig. 3.7E). Therefore, the general mechanism was
identified as adsorption and surface accumulation as has been confirmed by previous
analyses. While the distribution of Fe(Ill) was also heterogeneous (located mainly in
the inner part of the LDH particle), the distribution of Mg(Il) was homogeneous and
Mg(II) also occurred together with higher Zn(Il) concentrations. The connection of
Mg(IT) and Zn(II) during the sorption process has also been observed by XPS analyses,
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i.e., changes of the Mg 2p peak after Zn(Il) sorption. For Mg-Fe LDH-Pb, a
heterogeneous distribution of Pb was also observed that was mainly assigned to the
precipitation of hydrocerussite as has been confirmed by previous analyses (Fig. 3.7G
and Fig. 3.7K). A lower concentration of Pb(Il) also occurred over the whole of the
LDH particles supporting the hypothesis of Pb adsorption. Other elements, i.e., Mg, Fe
and O, were homogenously distributed over the LDH particles. The chemical
composition of the marked mapped areas after Zn(II) and Pb(II) sorption are shown in
Fig. 3.7F and Fig. 3.7L, respectively.
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Fig. 3.7. Elemental mapping (A-E) and the chemical composition of the marked
mapped area (F) of Mg-Fe LDH-Zn and elemental mapping (G-K) and the chemical
composition of the marked mapped area of Mg-Fe LDH-Pb (L).
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Based on Mdssbauer spectroscopy measured on isotope *'Fe at a temperature of 5 K
(Fig. 3.8; for hyperfine parameters see Table S3.9) we can conclude that there is no

formation of secondary Fe-phases,
such as ferric oxides and/or

oxyhydroxides, at a temperature of Mg-Fe LDH
5 K. There would be a sextet of
magnetically split spectral
components when nanocrystalline
ferric precipitates have formed (see
Prucek et al., 2013). Moreover,
from the nearly identical spectral
characteristics for the Mg-Fe LDH
sample and samples with Zn and Pb

Mg-Fe LDH-Zn

(i.e., in all cases, the spectra were fit
with just one doublet corresponding
to Fe’" in the structure of LDH), it is
clear, that there are no structural
changes in the LDH from the
viewpoint of structurally
incorporated iron. The non-

Transmitance (a.u.)

Mg-Fe LDH-Pb

symmetrical spectra of all three
samples (i.e., the two spectral lines
of the fitted doublet have different
intensities) indicate a preferential
orientation of the LDH sheets

and/or preferential orientation of
iron-sites in the structure of the 12 108 6 4 2 0 2 4 6 8 10 12
LDH, which is a typical feature of Velocity (mm s™)

layered materials. There is also no
evidence for reduction of Fe’"
during the interaction of the LDH
with Zn(I[) or Pb(Il) in aqueous
solution.

Fig. 3.8. Low-temperature °’Fe Mdssbauer
spectra of Mg-Fe LDH-4, Mg-Fe LDH-Zn ad
Mg-Fe LDH-Pb.
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Conclusions

Mg-Fe LDHs showed excellent removal efficiency for Zn(II) and Pb(Il) from aqueous
solutions without pH control, high removal efficiency at a controlled pH value (5.5)
and minor changes in removal efficiency in multi-metal solutions. The maximal
adsorbed amount of Zn(II) and Pb(Il) increased with increasing Mg/Fe molar ratio, and
thus Mg-Fe LDH with higher Mg/Fe molar ratios appeared as more promising metal
ions sorbents. Based on the DLM simulations, Zn(II) and Pb(Il) formed inner-sphere
complexes on the Mg-Fe LDH surface indicating chemical binding via strong covalent
bonds. Adsorption modeling was coupled with solid state analyses showing that the
whole sorption mechanism of Zn(Il) and Pb(II) was influenced by several processes,
ie., surface precipitation/complexation (Pb) and surface
complexation/accumulation/precipitation =~ of =~ amorphous  phases/isomorphic
substitution (Zn). Such a comprehensive mechanistic/modeling approach describing
metal ions sorption on LDHs is the first of its type and it showed Mg-Fe LDHs
performed as universal sorbents usable in metal contaminated waters under variable
experimental conditions.
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Supplementary Material

Materials and methods

Synthesis of Mg-Fe LDHs with different molar ratios

Mg-Fe LDHs with different Mg/Fe molar ratios were synthesized by dissolution of
MgCl,-6H>0 (0.15 mol) and FeCl3-6H,O (0.075 mol — Mg-Fe LDH-2, 0.05 mol — Mg-
Fe LDH-3, 0.0375 mol — Mg-Fe LDH-4) in deionized water (200 mL). The solutions
were vigorously stirred and titrated with 2.5 M KOH to pH 13.3. The mixture was kept
for 24 hours at room temperature. Subsequently, vacuum filtration (cellulose filtration
paper; basic weight: 84 g m?), washing (to remove residual chemicals, e.g., CI') and
drying of the wet samples at 393 K (12 hours) were performed. Afterwards, the solid
samples were milled and sieved (below 250 um).

Kinetic experiments

Kinetic experiments were performed in individual batches using single- and multi-
metal solutions with Zn(II) and Pb(II) concentrations of 0.1 mM prepared by
dissolution of Zn(NOs),-6 H,O and Pb(NOs) in the background electrolyte (0.01 M
NaNOs3). The experiments were performed without pH control, and at a controlled pH
of 5.5. The experimental conditions were obtained to discover the buffering effect of
synthesized materials (Seida et al., 2001) and slightly acidic conditions were chosen
due to the connection with subsequent experiments in soils (soil pH approximately 6).
Moreover, the given experimental conditions decreased the possible leaching of Mg(II)
from the LDH structure (Liang et al., 2013). In a typical experiment, a solid sample (1
g L) was added to the solution, vigorously stirred (550 rpm; magnetic stirrer) and 10
mL of suspension was sampled at specific time intervals (i.e., 1, 3, 5, 10, 15, 20, 30,
60, 90 and 120 min). The samples were immediately filtered using a 0.45 pm cellulose
acetate membrane. The concentrations of Zn (limit of detection: 0.0001 mg L"), Pb
(limit of detection: 0.00368 mg L), Mg (limit of detection: 0.00024 mg L) and Fe
(limit of detection: 0.00036 mg L") in the solution were measured by ICP-OES. The
adsorption efficiency of Zn(II) and Pb(II) (in %) on Mg-Fe LDHs was calculated as the
concentration difference between the initial and final Zn and Pb concentrations.
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Equilibrium experiments

The equilibrium adsorption experiments were performed in individual batches in an
orbital shaker (GFL 3005; 250 rpm). The solid/liquid ratio was 1 g L™ and the pH (5.5)
was controlled during all experiments. The samples (10 mL) were filtered (0.45 pm)
after 120 min and analyzed using ICP-OES. Moreover, the solid-state analyses of Mg-
Fe LDH-4 after Zn(Il) and Pb(II) sorption were performed at the initial Zn(II) and
Pb(II) concentrations of 7.7 mM and 2.4 mM (i.e., 500 mg L"), respectively. The liquid
sample (10 mL) was filtered (0.45 um) and analyzed using ICP-OES. The filtration of
the entire solution was performed using a vacuum pump and the wet solid sample was
dried at 298 K.

Acid-base titrations

The titration of the LDH-H" system
was performed in triplicate in
suspension with a Mg-Fe LDH-4
concentration of 3.33 g L™ (0.2 g of
solid phase in 60 mL of 0.1 M
NaNOs; background electrolyte)

according to a modified procedure ,:\.!,
described by Rojas Delgado et al. 0 : e,
(2004). The suspension was titrated ke e g 2 p,; s

from an initial pH (approximately
10) to pH 3 by adding 0.2 M HNOs3
under constant stirring and a N»
atmosphere to omit CO, using an
automatic TitroLine® alpha plus
Titration Unit (Schott, Germany).
Titration data were used to optimize

Fig. S3.1. Potentiometric titration data
(circles) and DLM fit (lines) for Mg-Fe LDH-
4 at ionic strength of 0.1 M NaNOs. Solid line
represents the best fit of DLM for titration data
at pH values ranging from 3 to 6; dashed line
for pH range from 6 to10. Two fits result in

. t tasets of 1 t hich
the adjustable model parameters, wo datasets of model parameters, whic

i.e., surface protonation constants
and the total number of surface sites,
using the program ProtoFit 2.1 (Turner and Fein, 2006). Titration data and the
corresponding models for Mg-Fe LDH-4 are presented in Fig. S3.1.

points out to the presence of two different
structural sites on the Mg-Fe LDH.

&5



Chapter 111

Adsorption edges

The adsorption edge experiments for Zn(I) and Pb(Il) on Mg-Fe LDH-4 were
conducted in individual batches at Zn(II) and Pb(II) concentrations of 0.01 and 0.1 mM
at different pH values (2.5 to 8.5) in the background electrolyte (0.001, 0.01 and 0.1 M
NaNOs3). The adsorbent (1 g L") was added to the solution and the mixture was pre-
equilibrated with constant stirring (250 rpm; orbital shaker) at 298 K for 24 h.
Afterwards, the specific pH value (starting at 2.5 and increasing in steps of ~1) in each
individual batch was manually controlled for 120 min using 0.01 to 1 M HNO; and
NaOH. The samples were filtered (0.45 um) and analyzed by ICP-OES.

The surface complexation constants for Zn(Il) and Pb(Il) on Mg-Fe LDH-4
wereobtained using the software FITEQL 4.0 (Herbelin and Westall, 1999) with the
default thermodynamic data for aqueous species from Visual MINTEQ 3.1
(Gustafsson, 2013). The constant values were optimized for two sets of protonation and
deprotonation constants acquired from Protofit modeling. The median stability
constants for monodentate and bidentate complexes were further used to optimize DLM
prediction for each adsorption edge using Visual MINTEQ 3.1.
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Table S3.1 Surface properties, reactions on the LDH-solution interface and stability
constants describing the Zn(II) and Pb(II) inner-sphere complexation using DLM
(median values of constants optimized in FITEQL 4.0). Two sets of surface protonation
and deprotonation constants were optimized in ProtoFit 2.1 in pH ranges 3-6 and 6-10,

respectively.
Reaction Log K
1. dataset II. dataset
Value V(Y) (VV((;())mi")’ Value V(Y) (VV((;{))mm;
Surface protonation and deprotonation
>SOH + H* = >SOH," -2.11 1.71
>SOH = >SO +H* 0.16 -3.14
Formation of monodentate complexes
7.1 5.5
2+ + + _ _
>SOH + Zn** 2>S0Zn" + H 7.64 (5.0, 11.0) 3.86 (3.8, 8.5)
7.3 1.7
2+ + + _ .
>SOH + Pb*" 2>SOPb"+H 6.40 (5.1, 11.4) 2.43 (1.2,2.7)
Formation of bidentate complexes
>2SOH + Zn** = >(SO):Zn + 2H" 470 203 393 308
= ’ (14.2,31.4) ’ (21.6,47.6)
21.9 27.5
2+ + _ .
>2SOH + Pb*" = >(SO).Pb + 2H 3.27 (153,33.8) 2.29 (193, 42.5)
Site density (sites nm) 153.53 57.05

Specific surface area: 40.1 m*g’!

V(Y) = parameter indicating the goodness-of-fit of the DLM to the measured adsorption edges (Heinrich et

al., 2008; Reich et al., 2010)

Results and discussion

Characterization of materials

1500 Mg-Fe LDH-2
(003) —— Mg-Fe LDH-3
©06) —— Mg-Fe LDH-4
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Fig. S3.2. Diffractograms of Mg-Fe
LDHs with different Mg/Fe molar
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Table S3.2 Basal spacing of layers and cell parameters calculated from diffractograms
of Mg-Fe LDH with different Mg/Fe molar ratios, Mg-Fe LDH-Zn and Mg-Fe LDH-
Pb.

Material dos(A)  dows(A)  dow(A)  down(A) a(R) c(A)™
Mg-Fe LDH-2 7.672 3.860 2.629 1.550 3.100 23.09
Mg-Fe LDH-3 7.855 3.941 2.624 1.555 3.110 23.61
Mg-Fe LDH-4 7.748 3.888 2.633 1.554 3.108 23.24
Mg-Fe LDH-Zn 7.878 3.940 2.643 1.554 3.108 23.64
Mg-Fe LDH-Pb 7.828 3.954 2.633 1.561 3.122 23.60

*a=2d110 *¢=3/2(doos +2doos)

Table S3.3 Basic characteristics of Mg-Fe LDHs with different Mg/Fe molar ratios.

Mg-Fe LDH-2 Mg-Fe LDH-3 Mg-Fe LDH-4
Mg:Fe ratio (theoretical) 2 3 4
Mg:Fe ratio (real) 24 3.5 4.6
pHpzc 9 10 10
Sper (m? g!) 71.24 50.56 40.14
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Kinetic and equilibrium adsorption experiments
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Fig. S3.3. The removal efficiency for Zn(II) (A) and Pb(II) (B) without pH control, the
increase of pH during Zn(II) (C) and Pb(II) sorption without pH control and the removal
efficiency for Zn(Il) (E) and Pb(Il) (F) at pH 5.5.
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Chapter 111

Table S3.5 Parameters of the non-linear modeling using the pseudo-first and pseudo-

second order kinetics for co-adsorption of Zn(II) and Pb(II) on Mg-Fe LDH-4.

Mg-Fe LDH-4
Model Parameter an b

Unax(exp) (mmol g) 0.08 0.10

Value S.E. Value S.E.

Pseudo-first order  q, (mmol g) 0.07 0.00 0.10 0.00
kinetics ki (min) 027 004 140  0.06

R 0.98 - 1.00 -

9, (mmol g 0.08 0.00 0.10 0.00
Efj;‘f‘ﬁ;:f;‘;d kzz[g (mmol min)'] 382 051 274 381

R 1.00 - 1.00 -
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50

Leaching of Mg (mg g)
2
-

3
|

Fig. S3.4. Leaching of Mg at
different pH values after 120 min.
Data presented are means of Mg
leaching in 0.1, 0.01 and 0.001 M
electrolyte (n = 3).

Table S3.7 A comparison of the (ad)sorbed amount (quax) of Zn(II) and Pb(Il) on

different LDHs.

Type of LDH Initial Solid/liquid  qmax Reference
(anion) pH (gLh (mmol g!)

Zn Mg-Fe (CO*) 5.5 1 1.44 This study
Mg-Al (CO3%) 4.7 2 4.76 Komarneni et al. (1998)
Mg-Al (CO5%) 5 10 1.20 Fujji et al. (1992)
Mg-Al (CI) 5 10 1.02 Fujji et al. (1992)

Pb  Mg-Fe (COs*) 5.5 1 1.65 This study
Mg-Al (CI) 5.7 0.2 0.33 Zhao et al. (2011)
Mg-Al (CI) 3-55 1 0.86 Liang et al. (2010)
Mg-Fe (CI) 3-55 1 2.03 Liang et al. (2009)
Mg-Al (CI) 6 2.5 0.53 Zhang and Hou (2007)
Mg-Al (CI) 5 10 0.97 Fujji et al. (1992)
Mg-Al (CO3%) 5 10 0.96 Fujji et al. (1992)
Mg-Al (CI) 5 1.7 0.63 Gonzalez et al. (2015)

* controlled
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Solid state analyses after Zn(Il) and Pb(1l) sorption

The Mg-Fe LDH-4 spectrum shows

characteristic bands corresponding to /\

important binding arrangements (Fig. ﬁ\ /ﬂ\\
S3.5.), i.e., the stretching vibration of
hydroxyl groups in the brucite-like

Transmittance (%)

layers (broad band at 3444 cm™), the \ ¢
bending vibration of water (1637 cm’ —— Mig-Fe LDH-4
1, the absorption band of COs* in the Mg-Fe LDH-Pb

T T T T T T T
4000 3500 3000 2500 2000 1500 1000 500

interlayered region (1361 and 643
cm™) and vibrations of M-O and/or )
M-OH (region at approximately 550 Flg. S3.5. FTIR-ATR ofMg-Fe LDH-4, Mg-
Fe LDH-Zn and Mg-Fe LDH-Pb.

‘Wavenumbers (cm")

cm™) (Cavani etal., 1991; Kang et al.,
2013).

Table S3.8 Surface stoichiometry (%) of Mg-Fe LDH-4, Mg-Fe LDH-Zn and Mg-Fe
LDH-Pb.

Mg-Fe LDH-4 Mg-Fe LDH-Zn Mg-Fe LDH-Pb
Fe 2p 1.40 1.70 2.30
Mg 2s 35.9 34.9 14.1
O1s 45.5 44.6 56.1
Cls 17.2 16.1 24.2
Zn 2p - 2.70 -
Pb 4d - - 3.30

Table S3.9 Low-temperature (5 K) >’Fe Mdssbauer hyperfine parameters for Mg-Fe
LDH-4, Mg-Fe LDH-Zn and Mg-Fe LDH-Pb.

Sample S(mm s) AEo(mm s™) RA (%) Assignment
Mg-Fe LDH-4 0.46 0.52 100 Fe*" in LDH
Mg-Fe LDH-Zn 0.48 0.52 100 Fe*" in LDH
Mg-Fe LDH-Pb 0.48 0.52 100 Fe’" in LDH

Notations: § — isomer shift (= 0.02 mm s™!), AEq — quadrupole splitting (+ 0.02 mm s') and RA - relative
area in the spectrum (+ 3%)
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Abstract

Although the mechanisms of metal(loid) removal from aqueous solutions using LDHs
(layered double hydroxides) and mixed oxides (thermally treated LDHs; CLDHs) have
been studied, research dealing with their stability, stabilizing efficiency and
remediation potential for contaminated soils remains scarce. We present a complex
study investigating the stabilizing efficiency of Mg-Fe LDHs and CLDHs at different
conditions, including aqueous solutions and real soils with highly elevated As(V),
Pb(II) and Zn(II) concentrations. All studied materials showed excellent (ad)sorption
efficiency for As(V), Pb(Il) and Zn(Il) in aqueous solutions. Additionally, the
reconstruction ability of CLDHs at different conditions that could improve their
adsorption properties was also evaluated, and the dependence on time, pH and the
concentrations of metal(loid)s was shown. In general, CLDHs showed higher stability
and stabilizing efficiency in aqueous and soil solutions; however, LDHs were more
efficient in contaminated soils. Furthermore, solid state analyses coupled with
geochemical modeling showed the formation of new phases corresponding to Mg-
carbonates/silicates on the surfaces of LDH/CLDH after their incubation in soils. Both
LDHs and CLDHs significantly decreased the bioavailable/labile fraction of As(V) and
Zn(Il) in the studied soils. In general, our work shows Mg-Fe LDHs and CLDHs as
prospective materials for water and soil remediation.
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Introduction

Different oxides and/or hydroxides have already been used for chemical stabilization
of As(V), Pb(Il) and Zn(Il) in soils, e.g., Fe/Al oxides/hydroxides (Garcia-Sanchez et
al., 2002; Hanauer et al., 2011), Mn oxides (McCann et al., 2015; Michalkova et al.,
2016a, 2016b) or Fe(0) (Kumpiene et al., 2006; Tiberg et al., 2016). Nevertheless,
complex studies dealing with long-term stability/stabilizing efficiency and possible
transformations of such materials in soil conditions are still needed to evaluate the
potential release of risk elements back to soils. Moreover, the universality of soil
amendments is crucial in terms of stabilization efficiency for various metal(loid)s. In
this context, layered double hydroxides (LDHs) and mixed oxides (thermal thermally
LDHs; CLDHs) have been previously proposed as excellent sorbents for As(V), Pb(II)
and Zn(II) in aqueous solutions. Moreover, CLDHs have shown even higher sorption
efficiency for such contaminants compared to pristine LDHs, and this enables their
incorporation via reconstruction of the original LDH structure (Goh et al., 2008; Liang
et al., 2013).

Although the sorption of As(V) and metals from aqueous solutions has been studied
intensively, research dealing with the stability and stabilizing efficiency of LDHs and
CLDHs in real contaminated soils remains scarce (Goh et al., 2008; Liang et al., 2013).
Generally, the main disadvantage of LDHs and CLDHs is the possible Mg(II) leaching
from the LDH structure that commonly occurs at pH values from 4 to 9 (Jobbagy and
Regazzoni, 2011). However, the information about Mg(II) release is often omitted in
sorption studies using LDHs and CLDHs. Therefore, stability testing combining both
solution and solid-state investigations is an important step in the assessment of the
materials as potential amendments for soils. Up to now, only a few studies have dealt
with stabilization of metal(loid)s in real/spiked soils using LDHs and CLDHs (Sun et
al., 2015b; Zhang et al., 2012a; Zhou et al., 2017). Some studies have focused on
incorporation of different fertilizers or agrochemicals, e.g., nitrate and/or phosphate
(Everaert et al., 2016; Torres-Dorante et al., 2008), in the LDH structure to enable their
slow release and their uptake by plants. Therefore, a complex study dealing with
stability and/or stabilizing efficiency of LDHs and CLDHs and their influence on soil
properties is needed. To the best of our knowledge, possible transformations of LDHs
and CLDHs in soils, e.g., reconstruction of CLDHs or formation of new phases, have
not been studied.

The objective of this study is a complex characterization of the behaviors Mg-Fe LDHs
and CLDHs at different experimental conditions including (ad)sorption experiments in
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aqueous As(V), Pb(Il) and Zn(Il) solutions, stability testing of materials using
deionized water and real soil solutions contaminated with As(V), Pb(Il) and Zn(II), the
influence of pH on metal(loid)s leaching from amended soils and the stability and
stabilizing efficiency of materials in real contaminated soils. The sorption mechanisms
and phase transformations of materials were investigated using a combination of solid
state analyses and geochemical modeling.
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Materials and methods

Soil characterization

The stability, stabilization efficiency and transformations of LDH, CLDH-450 and
CLDH-550 were studied in two contrasting soil types with elevated metal(loid)
contents. Both soils originated from the Czech Republic and were collected from the
superficial layer (0-20 cm), air dried, homogenized and sieved (2 mm stainless sieve).
Soil enriched with As(V) (As-soil) was collected in a forest area with naturally
occurring As-bearing minerals (Smolotely, Ptibram), e.g., arseniosiderite,
bariopharmacosiderite, yukonite, and Fe (hydr)oxides with variable As,Os contents
(Drahota et al., 2018). Soil contaminated mainly with Pb(Il) and Zn(II) (Zn-soil) was
collected from a river alluvium contaminated by the smelting industry (Trhové
Dusniky, Piibram). The detailed characteristics of the soils used in this study (Table
S4.1) were determined according to Michalkova et al. (2016b).

Synthesis and characterization

The synthesis of Mg-Fe LDH with a Mg/Fe molar ratio of 4 (denoted further as LDH)
was performed according to our previous studies (Hudcova et al., 2017, 2018; Seida et
al., 2001). Mixed oxides were obtained by the calcining synthesis of Mg-Fe LDH in a
muffle furnace at 450°C and 550°C (CLDH-450 and CLDH-550) with a temperature
rate of 5°C min™', and the final temperature was maintained for 8 hours. The structural
characterization of all synthesized materials was performed by X-ray diffraction
analysis (XRD) using a PANalytical X’Pert Pro diffractometer with an X’Celerator
detector (CuK, radiation, 40 kV, 30 mA, and measuring step of 0.02° s™' in the range
from 10° to 80° 20©), and the identification of all phases was performed using
PANalytical X’Pert HighScore Plus software (version 3) and the ICDD PDF-2 database
(2003). The specific surface area, pore size and pore distribution were determined using
the BET (Brunauer-Emmett-Teller) and BJH (Barrett-Joyner-Halenda) methods by N»
adsorption at -196°C using ASAP 2050 (Micrometrics Instrument Corporation, USA).
The pHuzo of all materials was measured in suspensions (1:5 w/v) of given material and
deionized water (ISO 10390:2005) with an inoLab pH meter (pH 7310, WTW,
Germany) equipped with a combined pH electrode (SenTix 41, WTW, Germany).
Finally, the pHpzc of all materials was determined by the immersion technique (Fiol
and Villaescusa, 2009).
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Sorption mechanisms in aqueous solutions

Adsorption properties of CLDH-450 and CLDH-550 were studied by kinetic and
equilibrium experiments using the same procedure and conditions as described for
pristine LDH in our previous studies where the basic adsorption properties of LDHs
were also evaluated (Hudcova et al., 2017, 2018). More specifically, kinetic and
equilibrium experiments were performed in individual batches using As(V)
(Na,HAsO4-7H,0; Sigma-Aldrich Co., USA), Pb(Il) (Pb(NOs),; Lach-Ner, Ltd., Czech
Republic) and Zn(I1l) (Zn(NOs),-6H>O; Lach-Ner, Ltd.) solutions at concentrations of
0.1 mM (kinetic experiments) and 0.01 to 3 mM (equilibrium experiments) at pH 5.5
for 120 min. All experiments were performed in 0.01 M NaNOs (Lach-Ner, Ltd.) as the
background electrolyte. The pH value was maintained using 1-0.01 M HNO; (PENTA,
Ltd., Czech Republic) and NaOH (PENTA, Ltd.). Concentrations of individual
elements in the solutions were determined by ICP OES (Agilent Technologies 720
Series).

The reconstruction abilities of CLDH-450 and CLDH-550 were determined by XRD.
The morphology of CLDHs after As(V), Pb(Il) and Zn(II) sorption was studied by
scanning electron microscopy (SEM; Tescan Inc., USA) coupled with energy
dispersive X-ray spectroscopy (EDX; Bruker Quantax, USA), and the surfaces of
materials were described using X-ray photoelectron spectroscopy (XPS; Omicron
Nanotechnology, Ltd). The XPS spectra were deconvoluted using the Casa XPS
program. Detailed information is given in the Supplementary Material.

Stability of materials in deionized water and soil solutions

The stability of LDH, CLDH-450 and CLDH-550 was tested in deionized water and
soil solutions (1 g L™"). The soil solutions were prepared as follows: the As-soil and Zn-
soil were first maintained at ~70% of the water holding capacity (WHC) for 14 days,
then dried at room temperature and extracted in deionized water (1:5 w/v). For stability
testing, the samples were leached (in duplicates), collected at given time intervals from
10 minutes to 28 days, and then filtrated (0.2 wm acetate membrane), and the pH value
was measured. The liquid and solid analyses were determined using ICP OES, XRD
and SEM/EDX analyses.
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PpH-static leaching experiments

The influence of the pH value on the leachability of metal(loid)s from soils amended
with LDH, CLDH-450 and CLDH-550 was tested by pH-static leaching experiments
at pH 3.5, 5.5, and 7.5 (manually adjusted using NaOH and HNOs) and without pH
adjustments (CEN/TS 14997, 2006). The detailed procedure is given in the
Supplementary Material. At the end of the experiment, the pH and Eh values were
measured. The Eh was determined using a digital multimeter (Multi 3420, WTW,
Germany) equipped with a combined IDS electrode (SenTix ORP 900, WTW,
Germany). Afterwards, all samples were centrifuged (3000 rpm, 20 min) and filtered
using a 0.2-pm acetate membrane. The content of elements was determined by ICP
OES, and the dissolved organic carbon (DOC) was measured using the carbon analyzer
TOC-L CPH (Shimadzu, Japan).

Incubation batch experiments

The stabilizing efficiency, stability and transformations of LDH and CLDH-450, in real
contaminated soils were studied using incubation batch experiments. The mixed oxide
CLDH-450 was selected according to better sorption properties and the reconstruction
ability compared to CLDH-550. Two types of experiments using As-soil and Zn-soil
were performed. First, LDH and CLDH-450 (1% w/w) were individually mixed with
each soil type, and 100 g samples of these mixtures were placed into plastic pots.
Second, materials were placed into two-layered sealed polypropylene pouches, and 99
g of each soil was placed on these pouches. The setup of the experiment is given in Fig.
S4.1. All experiments were performed in separate pots for time intervals of 1, 3, 5 and
10 weeks including a control variant (without amendments). Detailed information
(including liquid/solid analyses) is given in the Supplementary Material. In addition,
the analytical results were coupled with the PHREEQC-3 hydrogeochemical code
(Parkhurst and Appelo, 2013) to determine the potential precipitation of selected
secondary phases. The T&H.dat database (containing major and trace elements as well
as fulvic/humic acids) was used for all the calculations. According to Bortivka and
Vécha (2006), the DOC was entered into the code as fulvate (FA) (70%) and humate
(HA) (30%). Moreover, the pHu20, pHkc1 and simple/sequential extractions of the non-
amended and amended As-soil (Wenzel et al., 2001) and Zn-soil (Rauret et al., 2000;
Quevauviller, 1998) after 10 weeks were determined.
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Statistical analysis

The results of pH-static leaching experiments and incubation batch experiments were
statistically treated using the software Statistica 13 (StatSoft Inc., USA). The significant
differences between non-amended/amended soils and individual amendments were
evaluated. Since preliminary data analyses showed a non-normal distribution, the
nonparametric test (Mann-Whitney U test) at a significance level of a = 0.05 was used.
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Results and Discussion

Synthesis and characterization

Diffractograms of LDH, CLDH-450 and CLDH-550 are given in Fig. 4.1. The
diffractogram of LDH showed all characteristic peaks corresponding to the crystalline
LDH structure of layered double hydroxides as previously described (Hudcova et al.,
2017,2018). After thermal treatment, the layered structure of LDHs collapsed, and Mg-
Fe mixed oxides were formed, which resulted in the reduction of peaks in the
iffractograms (Kustrowski et al., 2005; Millange et al., 2000). Peaks in the
diffractogram of CLDH-450 and CLDH-550 corresponded to the formation of mixed
cubic MgO-like oxides (periclase). Commonly, mixed oxides are described as the solid
solution of Me(Il) (e.g., Mg) and Me(Ill) (e.g., Fe) with Me(III) dispersed in the MgO
lattice (Kustrowski et al., 2005). The higher temperature of the thermal treatment led
to the increase of sharpness and intensity of all peaks that corresponded to the
increasing crystallinity of CLDH-550 (Millange et al., 2000). Moreover, the broad peak
at 35.5° was assigned to the formation of spinel MgFe,O4 as has been discussed by
Hajek et al. (2017).

The specific surface area and porosity of LDH, CLDH-450 and CLDH-550 are given
in Table S4.2 and N, adsorption-desorption isotherms in Fig. S4.2. Detailed
information about N, adsorption-desorption isotherms is given in the Supplementary
Material (Teixeira et al., 2014; Thommes

et al.,, 2015; Vulic et al.,, 2012). The 500

specific surface area of both mixed oxides H

significantly increased in comparison to 3“ P

LDH. However, lower specific surface E CW\J\ p

area was observed for CLDH-550, which % / \

corresponded  to  the increasing £ W \\—w/

crystallinity of this material (changes in ~ (\‘ L .

the internal arrangement caused by the }J\ . | )5\ "’\/L\LNJP“‘"‘L

crystallization process) as was discussed T ; puse.
10 20 30 40 50 60 70 80

above and by Kovanda et al. (2003). In 26

general, the porous structure of CLDHs is )
Fig. 4.1. XRD diffractograms of

by the destruction of brucite-like layers as LDH, CLDH-450 and CLDH-550

shown by XRD analyses and discussed by (B: bru.crce; L: la}{ered double
Zhang et al. (2012¢). hydroxide; P: periclase).

developed during the thermal treatment
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All materials showed high pH (9.8-11.4) in water (Table S4.2) that corresponded to
high pH on the LDH/CLDH surface. Moreover, LDHs and CLDHs showed a strong
buffering effect as was previously discussed by Zhang and Hou (2007). The pHpzc of
newly synthesized LDH (pHpzc = 10) corresponded to our previous studies (Hudcova
et al., 2017, 2018). However, both CLDHs showed even higher values (pHpzc = 12.5)
in comparison to LDHs and other CLDHs (Goh et al., 2008). In general, the high pHpzc
of LDHs is attributed to the positive charge of basal sites by the substitution of Mg(II)
by Fe(Ill) during the synthesis. The positive charge is compensated by interlayered
COs*. Nevertheless, the pHpzc of CLDHs showed even higher values that can
correspond to the absence of interlayer CO5* compensating thus the positive charge;
therefore, the surface of CLDHs becomes more positive (Fang et al., 2015; Hu et al.,
2017a, 2017b; Isaacs-Paez et al., 2014).

Sorption mechanisms in aqueous solutions

Kinetic and equilibrium adsorption data describing the adsorption of As(V), Pb(II) and
Zn(II) on CLDH-450 and CLDH-550 at a controlled pH of 5.5 are given in Fig. S4.3A-
C and Fig. S4.3D-F, respectively. The kinetic data were modeled by pseudo-first and
pseudo-second order kinetics (Table S4.3) and equilibrium data by the Langmuir and
Freundlich models (Table S4.4), respectively (Foo and Hameed, 2010; Simonin, 2016).
The correlation coefficients of pseudo-first and pseudo-second order kinetics
describing the adsorption of all studied metal(loid)s on CLDH-450 and metals on
CLDH-550 were similar. However, the adsorption of As(V) on CLDH-550 was better
described by pseudo-second order kinetics. These results are in accordance with our
previous studies with LDHs (Hudcova et al., 2017, 2018). Equilibrium data describing
the As(V) sorption on CLDHs was better fit by the Freundlich model, while Pb(II) and
Zn(II) sorption on both CLDHs was better fit by the Langmuir model. The appropriate
models describe As(V) and Pb(II) sorption in accordance with pristine LDHs.
However, Zn(II) sorption on LDHs was better fit by the Freundlich model (Hudcova et
al., 2017, 2018). More detailed information is given in the Supplementary Material. In
general, both CLDHs showed high adsorption rates for all contaminants. In comparison
to pristine LDHs, CLDH-450 and CLDH-550 showed higher Zn(Il) adsorption
efficiency. However, Mg-Fe LDHs appeared as comparable sorbents of As(V) and
Pb(II) as Mg-Fe CLDHs, although other studies showed CLDHs as significantly more
efficient materials for (ad)sorption of metal(loid)s (Sun et al., 2015a).
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Although the XRD diffractograms of CLDH-450 after being stirred in deionized water
and in the background electrolyte showed characteristic peaks for the LDH structure
(Fig. S4.4), i.e., successful reconstruction under the given conditions, lower intensity
and sharpness of all peaks indicated lower crystallinity of the reconstructed materials
compared to pristine LDHs. However, CLDH-550 remained the same before and after
the experiment, which corresponded to the findings of previous studies (Evans and
Slade, 2006), i.e., decreasing reconstruction ability of CLDHs synthesized at higher
temperatures (500°-600°C). In general, the temperature of the thermal treatment has a
strong effect on the reconstruction ability of CLDHs since the increasing temperature
(over 500°C) leads to the formation of stable spinel (the solid-state diffusion of divalent
cation (Mg) into tetrahedral positions). The formation of spinel blocks completed
reconstruction of the original LDH structure. However, these results are contradictory
to Hajek et al. (2017), where such CLDHs were synthesized with successful
reconstruction in less than 30 min in demineralized water. As our experiments were
performed at a controlled pH of 5.5, lower than the natural pH of CLDHs (see Table
S4.2), we conclude that the decreasing pH blocked the complete reconstruction of
CLDH-550. Moreover, a strong influence of the initial metal(loid) concentrations on
the reconstruction of CLDH-450 was also observed (Fig. S4.5), i.e., a decreasing ability
of CLDH-450 to reconstruct the original LDH structure with increasing initial As(V),
Pb(Il) and Zn(II) concentration. Detailed information is given in the Supplementary
Material. Therefore, we suggest that the reconstruction depends on several key factors
including time, pH value and concentrations of metal(loid)s. However, the
reconstruction could influence the As(V) and Zn(II) sorption via incorporation of
As(V) into interlayered regions and isomorphic substitution of Mg(Il) in layers by
Zn(Il). The (ad)sorbed amounts at the highest initial metal(loid) concentrations is
presented in Table 4.1.

Table 4.1 (Ad)sorbed amounts of As(V), Pb(Il) and Zn(II) on LDH, CLDH-450 and
CLDH-550.

(Ad)sorbed amount (mmol g!)

Material As Pb 7n
LDH 1.72# 1.65° 1.44°
CLDH-450 2.01£0.10 1.87+0.04 1.18+0.06
CLDH-550 1.21+0.08 1.37+0.08 1.03+0.13
Precipitation® excluded (hydro)cerussite excluded

*Hudcova et al. (2017); "Hudcové et al. (2018); °predicted by Visual MINTEQ 3.1 (initial
concentration 500 mg L-!; pH 5.5; background electrolyte 0.01 M NaNQO3)

The SEM images (Fig. S4.6) and the XPS spectra (Fig. S4.7) of CLDH-450 and CLDH-
550 before and after As(V), Pb(Il) and Zn(Il) sorption showed minor changes when
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compared to pristine LDHs, suggesting a similar morphology and sorption mechanisms
(Hudcova et al., 2017, 2018). Since these results are consistent with our previous
studies using LDHs, detailed information is given in the Supplementary Material. The
EDX results (Fig. S4.6) and the surface stoichiometry (Table S4.5) corresponded to the
(ad)sorbed amounts on individual materials (Table 4.1). In general, the overall
mechanisms of As(V), Pb(Il) and Zn(Il) sorption on CLDHs were affected by
adsorption/incorporation (As), adsorption/surface-induced precipitation (Pb) and
adsorption/surface-induced precipitation/isomorphic substitution (Zn), following the
previously discussed sorption mechanisms on pristine LDHs (Hudcova et al., 2017,
2018).

Stability of the studied materials

The stability of the studied materials was evaluated through Mg(Il) and Fe(III) leaching
from the structure and/or surface of LDHs and both CLDHs. The Mg(II) leaching from
the LDH, CLDH-450 and CLDH-550 structures in deionized water and soil solutions
is shown in Fig. S4.8 and Fig. 4.2, respectively. In general, a lower amount of Mg(II)
was released from both CLDHs compared to LDH. A slight release of Mg(Il) from the
LDH structure was observed in deionized water when finally equilibrated after 240
hours. Since Fe(IlI) leaching was not observed, the possible destruction of the LDH
structure was excluded (Jobbagy and Regazzoni, 2011). In contrast, an even smaller
amount of Mg(II) was released from CLDH-450 and CLDH-550 structures, and it
subsequently decreased and was equilibrated after 96 hours. Moreover, the stability of
materials in soil solutions was also tested (Fig. 4.2). The Mg(Il) leaching from LDH
and both CLDHs in soil solutions showed a similar shape to that in the deionized water.
However, the amount of Mg(Il) leached from the LDH structure reached equilibrium
within 8-24 hours. Since the soil solutions also contain other elements (i.e., Fe, Al, Zn,
Pb, As), the effect of LDHs and CLDHs on their stabilization was also evaluated. Based
on the results, the amount of As, Pb, and Zn from soil solutions significantly decreased
using LDH and both CLDHs , which confirmed the high stabilization efficiency (within
less than 7 hours for the latter ones). The pH value in deionized water increased to
10—-11 for LDH and both CLDHs, while the increase from the initial pH of 6.9 (As-
soil) and 6.4 (Zn-soil) to 8.8—8.9 for LDH, 9.1-9.8 for CLDH-450 and 9.7-9.8 for
CLDH-550 in the soil solutions were observed.
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Fig. 4.2. Stability and sorption efficiency of LDH (A, D), CLDH-450 (B, E) and
CLDH-550 (C, F) in As-soil solutions (A-C) and Zn-soil solutions (D-F). Data
presented are means and standard deviations (n = 2).

The solid state XRD analyses of the residues (Fig. 4.3) showed characteristic peaks for
the LDH structure without any formation of new phases, and successful reconstructions
of CLDH-450 and CLDH-550 were observed. The sharpness and intensity of all peaks
corresponding to the LDH structure increased in comparison to Fig. S4.4, which
confirmed our hypothesis that time as well as the pH value have strong effects on the
structure, i.e., the crystallinity, of reconstructed LDHs. The SEM/EDX results (Fig.
S4.9) showed significant changes in the morphology of all materials, which were
probably caused by the aging in alkaline conditions. Moreover, a plate-like morphology
was observed (especially in the case of CLDHs) that was in agreement with the LDH
structure (Delorme et al., 2006). Based on the results from the liquid/solid state
analyses, the reconstruction was assigned to the dissolution-recrystallization process.
Both CLDHs (i.e., Mg and Fe in tetrahedral sites) were rehydrated, and the newly
emerged Mg and Fe hydroxides formed single positively charged sheets (i.e., Mg and
Fe in octahedral sites) with shared edges. Finally, anions (especially carbonates) and
water entered the interlayered region, and the LDH structure was recovered (Millange
et al., 2000). As mentioned in Section Sorption mechanisms in aqueous solutions, the
reconstruction could also influence the metal(loid) stabilization. However, Pb(Il) and
Zn(II) were more likely stabilized by precipitation as a result of high pH. In contrast,
all materials showed extremely high affinity for the As(V) even at high pH values,
confirming that LDHs and CLDHs are highly effective As(V) sorbents in aqueous
(including soil) solutions.
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Fig. 4.3. XRD diffractograms of LDH, CLDH-450 and CLDH-550 after stability tests
in deionized water (A), As-soil solutions and Zn-soil solutions (B) (B: brucite; L:
layered double hydroxide).

PpH-static leaching experiments

The results of pH-static leaching experiments are given in Fig. S4.10, and the pe-pH
values measured during experiments without pH adjustments (i.e., at natural pH) are
shown in Fig. S4.10A. The natural pH (5—6) significantly increased for soils amended
with LDH (7-8) < CLDH-450 and CLDH-550 (8.4—8.7). The pH increase was caused
by a stronger buffering effect of LDHs and CLDHs than the neutralization capacity of
the soils, as has been demonstrated in aqueous solutions (see Section Sorption
mechanisms in aqueous solutions and Stability of the studied materials) and in soils
(Sun et al., 2015b). The increasing pH value led to a corresponding decrease in the pe
values (Vitkova et al.,, 2017). Based on the pe-pH diagram, oxidizing conditions
prevailed in all batches. The stability of LDH and CLDHs was evaluated by the Mg(Il)
leaching (Fig. S4.11). The Mg(Il) leaching increased with decreasing pH values, which
is in accordance with the behavior of LDHs in aqueous solutions (Hudcova et al., 2017).
The lowest Mg(Il) leaching was observed in batches at the natural pH. In comparison
to soils amended with both CLDHs, significantly lower Mg(II) leaching was observed
from soils amended with LDH, indicating a higher stability of LDHs incubated in soils
compared to after their direct application to deionized water/soil solutions (see Section
Stability of the studied materials).

All materials (LDH, CLDH-450 and CLDH-550) significantly decreased the As(V)
leachability (Fig. S4.10B) over the whole pH range, both at low and high pH values,
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which indicates a high affinity of LDHs and CLDHs towards As(V), as was also
observed in soil solutions (see Section Stability of the studied materials). The decrease
in the As(V) leachability from amended soils was significantly different at pH 5.5, 7.5
and the natural pH (i.e., without pH control). At pH 3.5 and 5.5, the As(V) leachability
was more efficiently decreased in soils amended with LDH than with both CLDHs. The
opposite effect was observed at pH 7.5 and at the natural pH. Moreover, CLDH-450
was more efficient than CLDH-550. In general, the DOC concentration (Fig. S4.10C)
increased with increasing pH values as we previously discussed (Michalkova et al.,
2016b). Nevertheless, the DOC significantly decreased after the addition of LDHs and
CLDHs at pH 7.5 and at the natural pH. However, the influence of individual materials
on the DOC leaching was statistically insignificant (except for pH 5.5).

The Pb(II) leachability (Fig. S4.10D) increased with increasing pH values that correlate
with the dissolution of the soil organic matter (SOM). In comparison to the non-
amended soils, a significant decrease in the Pb(II) leachability from amended soils was
observed at pH 5.5 and 7.5, following a decrease in the sequence of CLDH-550 >
CLDH-450 > LDH and LDH > CLDH-450 > CLDH-550, respectively. However, the
Pb(Il) leachability in amended soils at the natural pH slightly increased, which
correlated with higher DOC leaching at the natural pH (see below). The Zn(II) leaching
behavior was different from that for Pb(Il), i.e., increasing leachability with decreasing
pH values (Fig. S4.10E). This contrasting behavior has been discussed previously
(Ettler et al., 2015; Vitkova et al., 2017). Significant differences in the Zn(Il)
leachability from non-amended and amended soils were observed at pH 5.5, 7.5 and at
the natural pH. More specifically, all amendments significantly decreased Zn(II)
leachability at higher pH values (pH 7.5 and natural pH), i.e., LDH > CLDH-450 >
CLDH-550. However, Zn(II) leachability from amended soils increased at pH 5.5 (Fig.
S4.10E). In comparison to the As-soil, a higher DOC leaching from the non-amended
Zn-soils was observed even at pH 5.5 (Fig. S4.10F) that was connected to a higher TOC
in this soil type (see Table S4.1). All amendments significantly decreased the DOC
concentration at pH 5.5 (except using LDH) and 7.5. However, the experiments at the
natural pH resulted in an increase in the DOC concentration.

Incubation batch experiments

Incubation experiments represent an important step towards potential application of the
LDHs and CLDHs in real soil conditions (Fig. 4.4). As expected, the pH values of
amended soils significantly increased after 10 weeks of the experiment in comparison
to the non-amended soils (see Table S4.6 and Fig. S4.12), which corresponds to the
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results presented in Section Stability of the studied materials and pH-static leaching
experiments. The Mg(II) leaching from both soils amended with LDH and CLDH-450
increased over time (Fig. 4.4A, D). A lower leaching of Mg(II) was observed from the
amended As-soil in comparison to the amended Zn-soil. A significantly higher amount
(nearly 2 times) was leached from CLDH-450 than from LDH, showing higher stability
of LDHs in the soil conditions, which corresponds to the results of the pH-static
leaching experiments (see Section pH-static leaching experiments). In contrast, the
excess Mg in the CLDH solutions resulted in oversaturation with respect to several Mg-
phases as predicted by the PHREEQC calculations (Table S4.7). In particular, Ca-Mg
carbonates and Mg carbonate-hydrates were likely to precipitate in the Zn-soil treated
with CLDH, which was mainly related to the high pH values (8.4-8.9) observed within
the studied time frame. The saturation index values for artinite (Mgx(CO3)(OH),-3H,0)
and nesquehonite (MgCO;-3H>0) showed strong correlation with pH for all the
samples at all time intervals (R* > 0.97). The model results show the important role of
carbonates and indicate the long-term behavior and stability of the amendment in soils.
Generally, the DOC increased with the increasing pH values, as mentioned in Section
pH-static leaching experiments, and decreased over time (Fig. 4.4B, E). The DOC was
more apparent for CLDH-450 in both soils. As in the pH-static leaching experiments,
higher DOC concentrations were observed in the case of Zn-soil. The concentration of
Si(IV) decreased in both amended soils in comparison to the non-amended soil (Fig.
4.4C, F), which could be attributed to possible precipitation of newly formed Si-phases.
Moreover, geochemical modeling predicted sepiolite (Mga(SisO15)(OH),-6H>0) as the
main phase controlling the Si behavior, showing positive saturation indices for both
soils amended with CLDH (Table S4.7). Furthermore, the precipitation of sepiolite was
confirmed by XRD (see later in the text).

The As(V) concentration in the soil solutions of the non-amended As-soils increased
over time (Fig. 4.4G). A significant decrease in the As(V) concentration was observed
in soils amended with LDH at all time intervals. Moreover, the As(V) stabilizing
potential of LDH increased over time, i.e., 33% after 3 weeks; 51% after 5 weeks; and
50% after 10 weeks, compared with the the non-amended soil leachates. Moreover, the
ability of LDH to decrease the As(V) concentration remained the same even if the initial
As(V) concentration increased. Surprisingly, in contrast with previous results (see
Section Stability of the studied materials and pH-static leaching experiments), the
As(V) stabilizing efficiency of CLDH-450 resulted in significantly different As(V)
concentrations in amended soils only after 1 and 5 weeks of the experiment with the
lowest effectivity after 10 weeks (14%), showing the decreasing ability of this material
to stabilize As(V) in soil conditions with increasing time. Additionally, no As-rich
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mineral phases were predicted by the PHREEQC calculations. Although Vitkova et al.
(2017) predicted scorodite (FeAsO4-2H,0) to precipitate in As-rich solutions, this
phase was not seen in our leachates. This observation may be related to prevailing
adsorption rather than precipitation. Based on these results, we suggest LDHs as more
promising amendments for As(V) stabilization in real extremely contaminated soils.

The Zn(II) concentration in the soil solutions of the non-amended Zn-soil increased
over time (Fig. 4.4H). However, the Pb(Il) concentration is not shown as all the values
were below the limit of detection. A significant decrease in Zn(II) concentration was
observed in soils amended with LDH and CLDH-450 at all time intervals. The Zn(II)
stabilizing potential of LDH and CLDH-450 after 10 weeks reached 99% and 100%
compared with the non-amended soil, respectively, showing strong Zn(II) stabilizing
efficiency of these materials that corresponded to sorption effectivities of these
materials in aqueous solutions (see Section Sorption mechanisms in aqueous solutions,
Stability of the studied materials and pH-static leaching experiments). Based on the
modeling results (Table S4.7), smithsonite (ZnCO;) or Zn carbonate-hydrate
(ZnCOj3-H,0) could be the solubility-controlling phases for Zn, yielding saturation
index values within the interval <-1; 1>. However, this was probably not the main
immobilizing mechanism for Zn, since similar predictions were determined for control
and LDH-treated soils. Since the stabilization of metals, i.e., Pb(Il) and Zn(II), using
LDHs and CLDHs in real contaminated soils has not yet been studied, these results are
crucial in terms of novel remediation techniques.
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Fig. 4.4. Mg(Il) (A), DOC (B), Si(IV) (C) and As(V) (G) in As-soil solutions and
Mg(I) (D), DOC (E), Si(IV) (F) and Zn(II) (H) in Zn-soil solutions after 1, 3, 5 and 10
weeks of incubation batch experiments. Statistical tests were performed separately for
every single time interval to compare the non-amended and amended soils (the data
with the asterisk means significantly different values) and individual amendments (the
data with the different letter means significantly different values) (o0 < 0.05; n = 4).

Additionally, As(V), Pb(I) and Zn(II) fractionation after 10 weeks (i.e., at the end of
the experiment) is given in Table S4.8. The most labile As(V) fraction (non-specifically
sorbed) significantly decreased in soils amended with LDH and CLDH-450 by 51%
and 37%, respectively, compared with the control soil. Pb(Il) fractionation established
by both the simple and sequential extractions showed similar values for non-amended
and amended soils, since Pb(Il) is predominantly bonded to the SOM. However, a
different behavior was determined for Zn(II), which is commonly found in soils in
labile forms (Ettler et al., 2015). Based on the sequential extraction, a slight decrease
of the exchangeable (plant-available) fraction was observed in soils amended with LDH
and CLDH-450 by 17% and 11%, respectively, compared with the control soil.
However, the first step using acetic acid caused elevated Mg(II) leaching and a slight
Fe(Ill) leaching from the LDH structure, indicating a partial destruction of the
LDH/CLDH structure (Jobbagy and Regazzoni, 2011). However, milder conditions of
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the simple extraction using CaCl, resulted in a complete stabilization of the most labile
Zn(Il) fraction and thus appeared as more appropriate for the evaluation of the most
harmful fraction of Zn(Il) at higher pH values caused by the buffering effect of LDHs
and CLDHs.

The XRD diffractograms of LDH and CLDH-450 (placed into pouches) after
incubation batch experiments showed the characteristic peaks for the LDH structure
(Fig. 4.5), corresponding to previous XRD analyses (see Section Sorption mechanisms
in aqueous solutions and Stability of the studied materials), indicating successful
reconstruction of CLDH-450 in the soil conditions at given time intervals. Moreover,
formation of new phases was also observed (mainly on the LDH surface) after the
incubation of materials in both soils. These phases were identified as magnesium
carbonate (lansfordite, MgCOs-5H,0) and hydrated magnesium silicate (sepiolite,
MgsSisO15-6H,0). These minerals commonly occur in alkaline soils in the excess of
free Mg(Il) ions (Abtahi, 1985; Carrow et al., 2001; Ropp, 2013). Moreover, natural
sepiolite has been previously evaluated as an effective sorbent for metals (Hu et al.,
2017c); therefore, its formation on the surface of LDHs and CLDHs could positively
influence the stabilization of metals in studied soils. The Mg(II) leaching as well as the
increase in the pH values in amended soils have been discussed previously, and the
possible formation of such phases has been confirmed. The lowest Mg(II) leaching was
observed in soils amended with LDH after 5 and 10 weeks, as was confirmed by the
highest intensity of peaks corresponding to lansfordite and/or sepiolite in the XRD
diffractograms. However, Mg(Il) leaching increased in soils amended with CLDH-450,
resulting in a very low intensity of such peaks (or even no precipitation). Additionally,
SEM/EDX analyses were performed (Fig. 4.6) and confirmed the formation of new
phases on the LDH and CLDH surfaces. Additionally, the plate-like morphology
observed for LDH particles was more apparent for LDHs incubated in the Zn-soil for a
longer time, i.e., 5 and 10 weeks. Nevertheless, some morphological changes, such as
development of a porous structure, were observed in the case of CLDH-450.
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Fig. 4.5. XRD diffractograms of Mg-Fe LDH (A, C) and CLDH-450 (B, D) after 1, 3,
5 and 10 weeks of incubation batch experiments in As-soil (A, B) and Zn-soil (C, D)
(L: layered double hydroxide; La: lansfordite; S: sepiolite).
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Fig. 4.6. SEM images of Mg-Fe LDH (A-D) and CLDH-450 (E-H) after 1 week (A-B,
E-F) and 10 weeks (C-D, G-H) of incubation batch experiments in As-soil (A, E, C, G)
and Zn-soil (B, F, D, H).

Perspectives for chemical stabilization

Although LDHs and CLDHs appeared as highly effective sorbents for metal(loid)s in
aqueous (including soil) solutions (see Section Sorption mechanisms in aqueous
solutions and Stability of the studied materials) and in real contaminated soils (see see
Section pH-static leaching experiments and Incubation experiments), potential side
effects need to be solved before their use in direct remediation. In general, pristine
LDHs showed higher stability after their direct application into soils, since CLDHs
were more promising in aqueous (including soil) solutions. In addition to the stability
of materials in soil conditions, the stabilization of the most labile and potentially
bioavailable metal(loid)s fraction as well as actual pH are crucial factors affecting the
use of the new amendments in real soils. Previously, the adsorption of humic and fulvic
acids on the positively charged surface of LDHs/CLDHs has been studied and resulted
into improved metal stabilization due to their prevailing negative charge (Chang et al.,
2017; Fang et al., 2015, 2018); therefore, their presence in soils with LDHs/CLDHs
could improve the overall stabilizing efficiency of the metals. Contrarily, the adsorption
of negatively charged species (e.g., chromate, arsenate) could be decreased (Hu et al.,
2017d). Moreover, it will also be necessary to evaluate the effect of low-molecular-
weight organic acids on the stability of LDHs/CLDHs in soils in future studies, since
these acids are exuded by plant roots and can influence the long-term stability and
behavior of amendments in soils in general (Vitkova et al., 2015). The presence of such
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acids could play an important role in the release of nutrients, e.g., Zn(II), which could
be completely immobilized in amended soils (see Table S4.8). The possible Zn(II)
deficiency together with the increasing pH caused by the buffering effect of
LDHs/CLDHs (see Table S4.6 and Fig. S4.12) could also be potential drawbacks that
may influence plants and/or (micro)organisms (Broadley et al., 2007; Sun et al.,
2015b). In general, we recommend using pristine LDHs in soil remediation
technologies rather than CLDHs; however, further studies dealing with the
abovementioned problems are needed.
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Conclusions

Mg-Fe LDH and CLDH showed excellent sorption efficiency for As(V), Pb(Il) and
Zn(Il); however, these materials exhibited different stabilities at different conditions.
In general, the reconstruction of CLDH was strongly influenced by time, pH and
concentrations of metal(loid)s. Although CLDHs showed a higher stability and
stabilizing efficiency in aqueous solutions, LDHs were more efficient amendments in
soils. The solid-state analyses coupled with geochemical modeling after incubation of
LDHs/CLDHs in soils showed the formation of new phases (Mg-carbonates/silicates)
on the LDH/CLDH surface. In general, LDHs and CLDHs were able to significantly
decrease the most labile and potentially bioavailable fraction of the studied
metal(loid)s. Such a comprehensive study based on the stability/stabilizing efficiency
of LDHs/CLDHs in aqueous solutions and in real contaminated soils shows
LDHs/CLDHs as promising amendments in soils highly contaminated with
metal(loid)s. We recommend using pristine LDHs in remediation technologies due to
their higher stability and stabilizing efficiency in real contaminated soils.
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Supplementary Material

Materials and methods

Table S4.1 Basic physico-chemical characteristics of the studied soils.

As-soil Zn-soil
pHuzo 6.12+0.00 5.55+0.01
pHka 4.87+0.01 4.85+£0.00
TOC* (%) 1.16 £ 0.14 2.15+0.05
Texture” loamy sand sandy loam
Pseudo total metal concentration (mg kg) (n = 3)

As 15910 + 1094 413+9

Pb 118 £35 4357+ 75
Zn 213+9 4107 £ 179
Fe 57853 +£3610 36884 + 482
Mg 12457 £ 655 3006 £+ 106

2TOC = total organic carbon according to Michalkova et al. (2016b)

Sorption mechanisms in aqueous soutions

The reconstruction ability and sorption properties of CLDH-450 and CLDH-550 under
given conditions were evaluated here. The samples of CLDH-450 and CLDH-550 for
the solid-state analyses were prepared by stirring individual materials in deionized
water and in 0.01 M NaNOs for 2 hours at pH 5.5 (corresponding to conditions during
equilibrium experiments). The (ad)sorption of As(V), Pb(Il) and Zn(Il) at initial
concentrations ranging from 5 - 500 mg L™ (i.e., 0.07, 0.02, 0.08 to 6.7, 2.4 and 7.7
mM) were performed on CLDH-450 and CLDH-550. The solid residues were obtained
by filtration (cellulose filtration paper) using a vacuum pump and further drying at
room temperature.

pH-static leaching experiments

The influence of the pH value on the leachability of metal(loid)s from soils amended
with LDH and CLDH-450 was tested by pH-static leaching experiments. As-soil and
Zn-soil were mixed with each material (1% w/w) and maintained at ~70% of the WHC
for 8 weeks. A control variant without amendments was also included. All soil samples
were dried at room temperature, and 1.5 g samples were weighed into 50-mL centrifuge
tubes. Subsequently, 15 mL of deionized water was added, and the suspensions were
leached for 48 hours at pH 3.5, 5.5, and 7.5 (manually adjusted using NaOH and HNOx)
and without pH control, i.e., not adjusted (termed the natural pH of the material). All
experiments were performed in triplicate.
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Incubation batch experiments

The mixture of LDH and CLDH-450 with soils was evaluated for the stability and
stabilizing efficiency of the materials in soils. The materials were inserted into pouches
placed in the soils to obtain solid residue samples of LDH and CLDH-450 for XRD
and SEM/EDX analyses to evaluate possible transformations of the materials and/or
formation of secondary phases. In both experimental setups, silica sand (CAS Nr.
14808-60-7, Sklopisek Stielec, a.s.) was placed approx. 3 cm from the bottom of each
pot, representing an inert layer. The soil solutions were collected at predefined time
intervals using the rhizon samplers (mean pore volume size 0.15 pm; Rhizosphere
Research Products, Netherlands) that were placed directly on the surface of the sand
layer. The experimental setup is given in Fig. S4.1. All experiments were performed in
separate pots in duplicate for specific time intervals, and a control variant was provided
for both soils under the same experimental conditions. During the experiment, all pots
were watered with deionized water to maintain 70% of the WHC for the whole
experiment. Before sampling, additional watering was needed. At each time-step, the
soil solutions were filtered using 0.2-pm acetate membranes, and the pH and Eh values
were measured. The
contents of individual
elements were
determined using ICP-
OES, the concentration
of anions using Dionex
ICS-2000 ion
chromatography

(Dionex, USA) and the
DOC using the carbon
analyzer TOC-L CPH

LDH/CLDH
(all  analyses  were O rhizon sampler
performed in duplicate). double layered membrane

The identification and
morphology of LDH and
CLDH-450 were
established by XRD and
SEM-EDX, respectively.

Fig. S4.1. The setup of incubation batch experiments
using mixture of LDH/CLDH with soils (A) and
LDH/CLDH in pouches below the soils (B).
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Results and discussion

Synthesis and characterization

The N, adsorption-desorption isotherm (Fig. S4.2) showed the same shape for all
materials, Type IV with hysteresis loop Type H3, indicating no well-defined
mesoporous structure of all materials. According to the IUPAC classification, these
properties are typical for clays, i.e., mesoporous materials with plate-like aggregates
and nonuniform slit-shaped pores (Thommes et al., 2015). The average pore size
established by BET and BJH methods and the mesopore distribution based on
adsorption and desorption branch are given in Table S4.2 and Fig. S4.2, respectively.
The adsorption branch corresponds better to the actual pore size, as this branch is not
influenced by the nature of the adsorbent (Vulic et al.,, 2012). Although larger
mesopores (over 10 nm) predominated, a fraction of smaller pores (approx. 2-4 nm)
was also observed. The pore size of CLDH-450 decreased in comparison to LDH and
CLDH-550. However, the pore volume increased with the increasing temperature of
the thermal treatment. Moreover, the thermal treatment also resulted in increasing
amounts of micropores that corresponded to a higher specific surface area of CLDH-
450 and CLDH-550 in comparison to pristine LDHs (Teixeira et al., 2014).

Table S4.2 Basic properties of LDH, CLDH-450 and CLDH-550.

LDH CLDH-450 CLDH-550
Sger (m? g'!) 54.80 111.57 92.80
Pore size (nm) 17.81* 15.30* 19.57*
16.26° 13.26° 17.89%
12.33¢ 11.60° 15.96°
Vpores (cm3 g) 0.28¢ 0.464 0.504
0.29¢ 0.48° 0.53¢
Vicro (mm3 g_l) 4.30f 12.00f 15.60f
pHuzo 9.76 £ 0.00 9.82+£0.00 11.40 +£0.01
pHpzc 10 12.5 12.5

aAverage pore diameter - adsorption (BET analysis); *Average pore diameter - adsorption;
¢Average pore diameter - desorption (BJH method); Cumulative pore volume - adsorption (BJH
method); *Cumulative pore volume - desorption (BJH method); Micropore volume (t-plot
method)
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Fig. S4.2. N, adsorption-desorption isotherms (A, C, E) and pore size distribution (B,
D, F) of LDH (A-B), CLDH-450 (C-D) and CLDH-550 (E-F).

Sorption mechanisms in aqueous solutions

Kinetic data describing adsorption of As(V), Pb(Il) and Zn(Il) on CLDH-450 and
CLDH-550 at controlled pH 5.5 are given in Fig. S4.3A-C. Saturation indices of
potential secondary carbonates and/or hydroxides were calculated using the program
Visual MINTEQ 3.1 in order to confirm that there was no precipitation under the given
conditions. All materials showed high adsorption rates for all contaminants, resulting
in equilibrium times less than 20 min for As(V), 10 min for Pb(II) and 15 min for Zn(II).
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The data were modeled by pseudo-first order and pseudo-second order kinetics and the
adsorption efficiency, experimental values of the adsorbed amount at equilibrium
(@e(exp), calculated parameters (g., k; and k2) and correlation coefficients (R?) are given
in Table S4.3. The rate coefficients (k; and k) evaluating the removal rate (with higher
rate coefficients meaning faster removal) showed the highest values for data describing
Pb(II) adsorption on CLDH-450 in comparison to other metal(loid)s adsorbed on this
material and on CLDH-550 as well. The adsorption efficiency of all studied
metal(loid)s on CLDH-450 and CLDH-550 were nearly 100%, meaning that the Zn(II)
adsorption was improved in comparison to pristine LDHs (Hudcova et al., 2018).
Although CLDH-450 showed higher rate coefficients for As(V) and Pb(II), LDHs
showed higher rate coefficients for Zn(Il) adsorption (in comparison to both CLDHs)
and Pb(II) adsorption (in comparison to CLDH-550). Finally, the rate coefficients were
similar for data describing As(V) adsorption on LDHs and CLDH-550 (Hudcova et al.,
2017, 2018).

Equilibrium adsorption data for As(V), Pb(Il) and Zn(I) on CLDH-450 and CLDH-
550 at controlled pH 5.5 fitted by the Langmuir and Freundlich models are given in
Fig. S4.3D-F and the maximal adsorbed amounts (gma), Langmuir constants (Ky),
Freundlich constants (Kr), parameters » and the correlation coefficients for both models
are presented in Table S4.4. Again, potential precipitation was checked under the given
conditions and excluded using the speciation modeling in the Visual MINTEQ 3.1.
However, previous findings on LDHs showed that the surface-induced precipitation
could also influence the whole sorption mechanism of Pb(II) and/or Zn(II) (Hudcova
et al., 2018). In comparison to pristine LDHs and CLDH-550, CLDH-450 showed the
highest adsorbed amount (gm.) of Pb(Il) and Zn(Il). The ¢gua of As(V) on LDHs and
CLDH-450 was similar. However, CLDH-550 showed a similar adsorbed amount of
Pb(II) and lower adsorbed amount of As(V) and Zn(II) in comparison to pristine LDHs
(Hudcova et al., 2017, 2018). In contrast, the affinity of Pb(II) and Zn(II) described by
K; showed the highest values for CLDH-550 in comparison to pristine LDH and
CLDH-450 (Hudcova et al., 2017, 2018). The affinity of As(V) was slightly higher for
pristine LDHs (Hudcova et al., 2017).
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Fig. S4.3. Adsorption kinetics of As(V) (A), Pb(II) (B) and Zn(II) (C) on CLDH-450
and CLDH-550 fitted by the nonlinear form of pseudo-first and pseudo-second order
kinetics and adsorption isotherms of As(V) (D), Pb(Il) (E) and Zn(Il) (F) on CLDH-
450 and CLDH-550 fitted by the non-linear form of the Langmuir and Freundlich
model.
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Chapter IV

Additionally, diffractograms of CLDH-450 after As(V), Pb(Il) and Zn(II) sorption at
different initial concentrations are given in Fig. S4.5. In particular, at the lowest As(V),
Pb(Il) and Zn(II) concentrations, the reconstruction of CLDH-450 occurred without
any formation of new phases, e.g., oxides/hydroxides/carbonates. In general, the
reconstruction was limited by the increasing metal(loid)s concentrations (Fig. S4.5A-
C). After As(V) sorption, all observed peaks corresponded to periclase, with intensity
decreasing with increasing As(V) concentrations (Fig. S4.5A). Moreover, a higher
background was observed. The increasing Pb(Il) concentrations led to a surface-
induced precipitation of (hydro)cerussite (Pb3(CO3)2(OH),) on the CLDH surface that
occurred at lower pH values than in pure aqueous solutions (Fig. S4.5B). Moreover,
the preferable precipitation at higher initial Pb(II) concentrations (up to 50 mg L") also
made the reconstruction impossible. The

diffractograms of CLDH-450 after Zn(II) %0 1: CLDH-450

P 2: CLDH-550

sorption showed peaks corresponding to the
LDH structure as well as peaks , v
corresponding to periclase. However, some
additional peaks occurring at an initial
Zn(Il) concentration of 50 mg L' were

Intensity (a.u.)

assigned to the formation of zincite (ZnO) 1B M
. L
(Fig. $4.5C). In the case of CLDH-550, MW\MM
only diffractograms after As(V), Pb(Il) and w w ' ' ' ' '
Zn(II) sorption at the highest initial 20
concentrations are given (Fig. S4.5D-E).  Fig. S4.4. XRD diffractograms of
The diffractograms after As(V) and Zn(Il) CLDH-450 (1A, 1B) and CLDH-550
sorption showed peaks corresponding to  (2A, 2B) after being stirred in
periclase/spinel without reconstruction of  deionized water (1A, 2A) and in the
the LDH  structure.  Finally, the background electrolyte (1B, 2B)
diffractogram  after ~ Pb(II)  sorption  after 2 hours at pH 5.5 (L: layered
confirmed the surface-induced precipitation  double hydroxide; P: periclase).
without any reconstruction.
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Fig. S4.5. XRD diffractograms of CLDH-450 after As(V) (A), Pb(Il) (B) and Zn(II)
(C) sorption at different initial As/Pb/Zn concentrations (5-250 mg L") and XRD
diffractograms of CLDH-450 and CLDH-550 after As(V) (D), Pb(Il) (E) and Zn(II) (F)
sorption at initial As/Pb/Zn concentrations of 500 mg L™ (B: brucite; C: cerussite; H:
hydrocerussite L: layered double hydroxides; P: periclase; Z: zincite).

The SEM images of CLDH-450 and CLDH-550 before and after As(V), Pb(Il) and
Zn(II) sorption are given in Fig. S4.6. In comparison to the smooth surface of LDHs
(Hudcova et al., 2018), agglomerates were observed on the CLDH-450 and CLDH-550
surface and probably formed during the thermal treatment process. After As(V)
sorption, the agglomerates on the surface of both CLDHs disappeared. However,
precipitation/agglomeration was observed after Pb(Il) and Zn(II) sorption on both
CLDHs, which corresponded to our previous studies based on LDHs, with the Pb(II)
precipitation of crystalline (hydro)cerussite with characteristic hexagonal plates and the
precipitation of amorphous Zn oxides/hydroxides or to the accumulation of Zn(II) on
the CLDHs surface (Hudcova et al., 2018).

The EDX showed more As(V) on the CLDH-450 surface (22%) in comparison to
pristine LDH (14%) (Hudcova et al., 2017). However, a lower As(V) amount (11%)
was observed on the CLDH-550 surface. Moreover, the surface of CLDH-450 showed
the highest concentration of Pb(Il) (64%) in comparison to pristine LDH (59%) and
CLDH-550 (33%) as well. However, the amount of Zn(Il) on the studied materials
decreased in the order of LDH (9%) > CLDH-450 (6%) > CLDH-550 (3%) (Hudcova
etal., 2018).
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Fig. S4.6. SEM images of CLDH-450 (A) and CLDH-550 (E) before and after As(V)
(B, F), Pb(II) (C, G) and Zn(II) (D, H) sorption with corresponding weight % based on
EDX.
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The XPS spectra and the surface stoichiometry of CLDH-450 and CLDH-550 before
and after As(V), Pb(Il) and Zn(II) sorption are given in Fig. S4.7 and Table S4.5,
respectively. The structure of both CLDHs was confirmed by the symmetric Mg 2p
peak at approx. 50.5 eV and the Fe 2p peak at approx. 710.5 eV, suggesting the
formation of metal oxides (Fig. S4.7A). However, the broad Fe 2p peak also contained
the contribution (less intensive) corresponding to Fe hydroxides at approx. 713.0 eV.
The C 1s peak at approx. 285.0 ¢V indicated an adventitious carbon on the surface of
both CLDHs. The O 1s peak represented several contributions: metal oxides at approx.
530.0 eV, metal hydroxides/hydroxyl groups at approx. 532.0 eV and
carbonates/adsorbed water at approx. 534 eV. After As(V), Pb(I) and Zn(II) sorption,
new peaks appeared: As 3s/3p/3d, Pb 4f and Zn 2p. The deconvolution of individual
peaks enabled us to investigate the sorption mechanisms of metal(loid)s on CLDHs.
The As 3d peak (Fig. S4.7B-C) consisted of two contributions corresponding to As(V)
at approx. 45.7-46.1 eV (approx. 83-85%) and As(IIl) at 44.7-44.9 eV (approx. 15-
17%). The reduction of As(V) was caused by the X-rays, which was confirmed by the
increasing intensity of this less intensive peak after Ar” sputtering (data not shown).
Therefore, we suggested that As(V) was not reduced on the CLDHs surface during the
sorption process and was effectively adsorbed on the surface of both CLDHs. The
Pb(II) sorption mechanism was proven by the deconvolution of the Pb 4f7, peak (Fig.
S4.7D-E). This peak consisted of two contributions, Pb oxides (138.1 eV/46.3% for
CLDH-450 and 138.6 eV/34.2% for CLDH-550) and Pb hydroxides/carbonates (139.0

129



Chapter 1V

eV/53.7% for CLDH-450 and 139.2 €V/65.8% for CLDH-550). After Ar" sputtering,
the peak corresponding to Pb hydroxides/carbonates significantly decreased in the
spectra of both CLDHs (data not shown). The deconvolution of the Zn 2ps, peak (Fig.
S4.7F-G) also showed two contributions, Zn oxides (1022.4 eV/72.1% for CLDH-450
and 1022.1 e¢V/71.9% for CLDH-550) and Zn hydroxides (1024.0 ¢V/27.9% for
CLDH-450 and 1023.4 eV/18.9% for CLDH-550). Additionally, a small peak
corresponding to Zn carbonates occurred in the spectrum of CLDH-550 (1020.6
eV/9.2%). In contrast to the spectra after Pb(II) sorption, the peak corresponding to Zn
oxides significantly decreased after Ar" sputtering (data not shown). Generally, we
concluded that Pb(Il) and Zn(II) on the surface of both CLDHs followed similar
sorption mechanisms, i.e., surface complexation (adsorption) and surface-induced
precipitation; however, the Ar" sputtering showed contrasting behavior of the
individual sorbed species.

CPS

T T T T
1000 800 600 400 200 0
Binding energy (eV)
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As3d Pb4f,

Pb-O
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As(v) [
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447,
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Fig. S4.7. XPS spectra of CLDH-450 and CLDH-550 before and after As(V), Pb(Il)
and Zn(II) sorption (A: wide scan; B-G: deconvolution of individual peaks).
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Table S4.5 Surface stoichiometry (%) of CLDH-450 and CLDH-550 before and after
As(V), Pb(Il) and Zn(II) sorption.

Fe 2p Mg2s Ols C1s As 3p Pb 4d Zn 2p

CLDH-450 1.5 429 35.8 19.8 - - -
CLDH-550 1.8 423 33.7 22.1 - - -
CLDH-450-As 4.0 9.9 46.5 329 6.6 - -
CLDH-550-As 32 21.7 41.1 30.3 3.8 - -
CLDH-450-Pb 1.9 5.8 36.2 471 - 8.9 -
CLDH-550-Pb 2.5 19.0 36.6 36.6 - 53 -

CLDH-450-Zn 23 42.0 28.1 24.6 - - 3.0

CLDH-550-Zn 2.8 46.7 32.8 15.4 - - 2.3
Stability of the studied materials
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F, 1) after stability tests in
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pH-static leaching experiments
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Fig. S4.10. The pe-pH diagram (A) and concentrations of As(V) (B) and DOC (C) in
soil solutions of non-amended and amended As-soil and concentrations of Pb(Il) (D),
Zn(Il) (E) and DOC (F) in soil solutions of non-amended and amended Zn-soil at pH
3.5, 5.5, 7.5 and without pH control (not adjusted). Statistical tests were performed
separately for every single pH value to compare the non-amended and amended soils
(the data with the asterisk means significantly different values) and individual

amendments (the data with the different letter means significantly different values) (o
<0.05;n=23).
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Fig. S4.11. Concentrations of Mg in soil solutions of non-amended and amended As-
soil (A) and in soil solutions of non-amended and amended Zn-soil at pH 3.5, 5.5, 7.5
and without pH control (not adjusted). Statistical tests were performed separately for
every single pH value to compare the non-amended and amended soils (the data with
the asterisk means significantly different values) and individual amendments (the data
with the different letter means significantly different values) (a0 < 0.05; n = 3).
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Incubation experiments

Table S4.6 The pH values of non-amended and amended As-soils and Zn-soils after
10 weeks of incubation batch experiments (n = 3).

Soil Soil + LDH Soil + CLDH-450
As-soil pHiuzo 6.00+0.11 8.28 £ 0.07 8.86 +0.00
pHkal 4.86 +0.03 776 +£0.17 8.38+0.07
Zn-soil pHm20 5.52+0.04 7.77+0.17 9.20 + 0.00
pHkal 5.00 +£0.02 7.64 +0.03 8.99 + 0.00
A B
91 A
A A A A
‘ A R A %
81 1 ;
| : 3 * *
= 7 T
= + %‘
[ ]
. +
6 1
o Soil % §
* Soil + LDH
51a Soil + CLDH-450
1 week 3 weeks 5 weeks 10 weeks 1 week 3 weeks 5weeks 10 weeks

Fig. S4.12. The pH values of As-soil solutions (A) and Zn-soil solutions (B) after 1, 3,
5 and 10 weeks of incubation batch experiments (n = 4).
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Table S4.8 Fractionation of As(V) in non-amended and amended As-soil and Pb(II)
and Zn(II) in non-amended and amended Zn-soil established by simple and sequential
extractions after 10 weeks of incubation batch experiments (n = 3).

Fractionation of As (mg kg!) established sequential extraction (Wenzel et al., 2001)

FA®? FB® FC? FD? Residual
As
As-soil 43 £2 880 + 56 9486+ 1010 3916+ 182 1585
As-soil + LDH 21+2 764 +43 9739 £ 906 4056 £292 1330
As-soil + CLDH-450 27+2 744 £+ 45 8818 + 789 3602 +379 2719
Fractionation of Pb and Zn (mg kg™!) established sequential extraction (Rauret et al., 2000)
FA® FBP FCP Residual
Pb
Zn-soil 294 + 50 4089 £ 148 284+ 11 <DL
Zn-soil + LDH 282 +40 3738+ 184 255+21 <DL
Zn-soil + CLDH-450 261 + 19 3892 +£307 243+9 <DL
Zn
Zn-soil 2693 +£70 1353+36 448+ 34 <DL
Zn-soil + LDH 2250+ 65 1491+ 129 434+32 <DL
Zn-soil + CLDH-450 2391 +£265 1447+30 407 £28 <DL

Bio-available fractionation of Zn (mg kg™!) established simple extraction (Quevauviller, 1998)

Zn

Zn-soil 478 £ 12
Zn-soil + LDH 1.81 £0.13
Zn-soil + CLDH-450 0.21+0.15

FA®= non-specifically sorbed, FB*= specifically sorbed, FC*= bound to amorphous oxides, FD*= bound
to well-crystalized oxides, FA® = exchangeable, FB® = reducible, FC® = oxidizable
< DL = below the limit of detection
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Chapter V

Abstract

In this study, the importance of Sb behavior under different pH conditions has been
addressed with respect to its stabilization in aqueous solutions using Mg-Fe layered
double hydroxides (LDHs). The Sb(V) adsorption onto Mg-Fe LDHs was performed
at different initial Sb(V) concentrations and pH values (pH 5.5, 6.5 and 7.5). The
removal rate and the maximal adsorbed amount increased with decreasing pH values.
Moreover, the surface complexation modeling (SCM) predicted preferable formation
of monodentate mononuclear complexes on the Mg-Fe LDH surface. Spectroscopic
(X-ray diffraction analysis, Fourier transform infrared spectroscopy, X-ray
photoelectron spectroscopy) and microscopic (scanning electron microscopy and
energy-dispersive X-ray spectroscopy) techniques were used to further specify the
adsorption mechanisms. The influence of chemical adsorption, surface-induced
precipitation of brandholzite, formation of brandholzite-like phases and/or anion
exchange was observed. Moreover, Sb(V) was nonhomogeneously distributed on the
Mg-Fe LDH surface at all pH values. The surface complexation modeling supported
by solid-state analyses provided a strong tool to investigate the binding arrangements
of Sb(V) on the Mg-Fe LDH surface. Such a complex mechanistic/modeling approach
has not previously been presented and enables prediction of the Sb(V) adsorption
behavior onto Mg-Fe LDHs under different conditions, evaluating their possible use in
actual applications.
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Introduction

Antimony is a priority pollutant in water and soil environments due to its high toxicity
and mobility (Filella et al., 2002a, 2002b). The behavior of Sb is strongly influenced
by the pH value and redox potential. In general, Sb primarily occurs in two oxidation
states, i.e., Sb(III) or Sb(V). Nevertheless, Sb(V) predominates under natural
conditions (Ardau et al., 2016; Cai et al., 2015). In the environment, Sb(V) is commonly
adsorbed onto Fe, Mn or Al oxides. However, natural materials often provide only
limited adsorption capacity (De Gisi et al., 2016; Deng et al., 2017) and Sb(V) could
be easily desorbed at higher pH values (Vithanage et al., 2013). Since Sb(V)
concentrations in water and soil environments are increasing, novel effective
absorbents are being tested (Lu et al., 2015). Moreover, complex studies dealing with
the adsorption mechanism of Sb on individual adsorbents are still limited (Ardau et al.,
2016; Cai et al., 2015; Vithanage et al., 2013). Recently, layered double hydroxides
(LDHs) have been used as promising sorbents for various metalloids and nonmetallic
species, e.g., antimonate/antimonite (Constantino et al., 2018; Kameda et al., 2015),
arsenate/arsenite (Hudcova et al.,, 2017; Jiang et al., 2015), selenate/selenite
(Constantino et al., 2017), molybdate (Ardau et al., 2012), borate (Kameda et al., 2017),
sulfate (Kameda et al., 2012) and phosphate (Luengo et al., 2017). However, reports of
complex mechanistic/modeling approaches dealing with the adsorption mechanism of
Sb(V) on LDHs under variable conditions remain scarce although it is crucial to predict
the future application of LDHs in remediation technologies (Hudcova et al., 2017).

In our previous studies, we presented As(V) and metal adsorption onto carbonate-
intercalated Mg-Fe LDHs (Hudcova et al., 2017, 2018). Nevertheless, studies dealing
with Sb(V) adsorption onto LDHs have been focused only on basic adsorption models
(kinetics and isotherms) and/or limited spectroscopic/microscopic techniques (XRD,
EDX, XPS). Moreover, attention was mainly paid to Al-based and/or Zn-based LDHs,
e.g., Mg-Al (Dore and Frau, 2018; Constantino et al., 2018; Kameda et al., 2011, 2012,
2015; Lee et al., 2018a, 2018b), Mg-Al-Fe (Kameda et al., 2012), Zn-Fe (Lu et al.,
2015) and Zn-Al (Ardau et al., 2016). However, these materials could be potentially
dangerous for water ecosystems since LDHs could be partially decomposed under
acidic conditions (Jobbagy and Regazzoni, 2011). Compared to empirical models (e.g.,
the Langmuir and Freundlich models), thermodynamically based surface complexation
models (SCM) provide more-mechanistic approaches and specify the binding of
contaminants onto solid materials under different conditions such as pH values, ionic
strengths and contaminant concentrations (Goldberg et al., 2007, 2014; Komarek et al.,
2015). Several SCMs exist, i.e., the constant capacitance model (CCM), diffuse layer
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model (DLM) and the triple layer model (TLM), with the DLM being the most
commonly used due to its simplicity and applicability for various systems (Hayes et al.,
1991). Nevertheless, the DLM describes only the formation of inner-sphere complexes,
i.e., chemical adsorption, and is not able to capture the formation of outer-sphere
complexes, i.e., physical adsorption (Vithanage et al., 2013). However, the number of
studies dealing with the SCM investigating Sb(V) adsorption onto solid materials is
still limited (Vithanage et al., 2013, 2015) although the SCM can predict Sb(V)
behavior in the environment as well as possible risks based on experimental conditions
(Filella et al., 2002a, 2002b). Experiments describing the effect of different pH values
on the structure of LDHs after Sb(V) adsorption as well as the characteristics of
adsorbed Sb(V) species and associated SCM have not been performed in detail.

The objective of the present study is to investigate Sb(V) adsorption mechanisms on
Mg-Fe layered double hydroxides using surface complexation modeling coupled with
various spectroscopic/microscopic techniques. The basic adsorption properties (e.g.,
the removal rate or maximal adsorbed amount) were described by adsorption kinetics
and isotherms. Moreover, the equilibrium data at different pH values, ionic strengths
and Sb(V) concentrations were fitted by the DLM. Modeling of Sb(V) adsorption onto
Mg-Fe LDH at different pH values and initial Sb(V) concentrations was supported by
XRD, SEM/EDX (including mapping), FTIR-ATR and XPS.
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Materials and methods

Materials

All experiments were performed using deionized water (18.2 MQ) and chemical
reagents of analytical grade (without any treatment or purification). The constant pH
values during all experiments were maintained by the addition of HNO; and NaOH at
concentrations of 0.01-1 M. Mg-Fe layered double hydroxides (denoted further as
LDH; Mg/Fe = 4) prepared by the coprecipitation method according to our previous
studies (Hudcova et al., 2017, 2018; Seida et al., 2001) were used as adsorbents in all
experiments. The synthesis was repeated (10 times). Solid samples from individual
syntheses were mixed and a representative sample was chosen by quartation.

Kinetic and equilibrium adsorption experiments

Kinetic and equilibrium adsorption experiments were performed according to our
previous studies (Hudcova et al., 2017, 2018). In general, solutions for kinetic
adsorption experiments were prepared by dissolution of KSb(OH)e in the background
electrolyte (0.01 M KNOs) to obtain an Sb(V) concentration of 0.1 mM (12.2 mg L™).
The solid/liquid ratio in all experiments was 1 g L. Kinetic adsorption experiments
were performed at pH 5.5, 6.5 and 7.5 to study the effect of different pH values on the
Sb(V) removal process. Individual batches were mixed using a magnetic stirrer (550
rpm). At given time intervals (1-120 min), 10 mL of the suspension was sampled,
filtered (cellulose acetate membrane, 0.45 um pore size) and subsequently analyzed by
ICP-OES (Agilent Technologies 700 Series). The kinetic adsorption data were modeled
by the nonlinear form of the pseudo-first and pseudo-second order kinetics (Gupta and
Bhattacharyya, 2011). For the modeling purposes, only the experimental data near the
equilibrium were chosen according to Simonin (2016).

Solutions for equilibrium adsorption experiments were prepared using the same
chemical reagents, with Sb(V) concentrations ranging from 1 to 500 mg L. Individual
batches with the solutions at given concentrations and the solid/liquid ratio (1 g L")
were mixed using an orbital shaker (GFL 3005; 250 rpm) for 120 min, sampled, filtered
and analyzed as described previously for kinetic experiments. The experiments at the
highest Sb(V) concentrations were performed in duplicate. The equilibrium adsorption
data were modeled by the nonlinear form of the Langmuir and Freundlich model (Foo
and Hameed, 2010). The distribution coefficient was calculated according to Wang and
Gao (20006).
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Selected samples after the adsorption experiments at low initial Sb(V) concentration
(12 mg L™'; the maximal adsorption efficiency) and at high initial Sb(V) concentration
(500 mg L™'; the maximal adsorbed amount) were prepared for the solid-state analyses.
The suspension was filtered using a vacuum pump and the wet solid residue was dried
at room temperature.

Surface complexation modeling

The equilibrium adsorption experiments at different pH values (i.e., adsorption edges)
were performed according to our previous studies (Hudcova et al., 2017, 2018). In
general, the adsorption edges were performed at Sb(V) concentrations of 0.1 mM and
0.01 mM in KNOj; as the background electrolyte at concentrations of 0.1 M, 0.01 M
and 0.001 M. The solid/liquid ratio was 1 g L' and pH values ranged from 4.5 to 10.5.
All suspensions were stirred for 24 hours without pH adjustment (orbital shaker; 250
rpm). After this period, the suspensions were manually adjusted to the given pH values
using HNO; and NaOH for 120 min. Afterwards, the suspensions were sampled,
filtered and analyzed as described in Section Kinetic and equilibrium adsorption
experiments.

The surface complexation constants for Sb(V) adsorption on LDHs (Table 5.1) were
obtained using FITEQL 4.0 (2-pK DLM; Herbelin and Westall, 1999). All necessary
constants for investigation of the 2-pK DLM model including the stability constant for
aqueous species (Visual MINTEQ 3.1; Gustafsson, 2013), the specific surface area of
Mg-Fe LDHs (Hudcova et al., 2017), the surface protonation/deprotonation constants
of the Mg-Fe LDH surface and the total number of surface sites of Mg-Fe LDHs
(Protofit; Hudcova et al., 2017) are also given in Table 5.1. The average values of the
surface complexation constants describing the formation of monodentate mononuclear
and bidentate binuclear surface complexes were used in the surface complexation
model (Visual MINTEQ 3.1; Gustafsson, 2013). The goodness-of-fit V(Y) for the
formation of monodentate mononuclear and bidentate binuclear surface complexes on
the Mg-Fe LDH surface to the measured adsorption edges were determined according
to Heinrich et al. (2008) and Reich et al. (2010). In general, values of the V(Y) between
1 and 20 indicate a reasonable fit of the experimental data (at the 95% confidence
interval).
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Table 5.1 The stability constants for aqueous species (Visual MINTEQ 3.1 database),
surface properties of Mg-Fe LDHs, reactions on the Mg-Fe LDH-solution interface
(Protofit) and the average stability constants describing formation of Sb(V) inner-
sphere complexes on Mg-Fe LDHs (optimized in FITEQL 4.0).

Reactions in solution Log Stability Constant
H,O = H" + OH" -13.99

K™+ NO5; = KNO; -0.19

K"+ OH = KOH -13.76

Sb(OH)s” + H' = Sb(OH)s’ + H,0 2.85%

Protonation and deprotonation of the LDH surface

>SOH + H* = >SOH," 3.56
>SOH = >SO + H* -5.33

V(Y)

Emerging Sb(V) complexes on the LDH surface
ging Sb(V) comp (VY Jmins VY )

Formation of monodentate mononuclear complexes

10" M Sb(V)

>SOH + Sb(OH)s = >SOSb(OH)s™ + H,O 5.08 1.74 (1.22, 2.69)
10° M Sb(V)

>SOH + Sb(OH)s= > SOSb(OH)s™ + H,O 8.61 0.05 (0.04, 0.08)
Formation of bidentate binuclear complexes

10* M Sb(V)

2>SOH + Sb(OH)s™ = (>S0),Sb(OH)4 + 2 H,O 7.70 38.94 (27.27, 60.18)
107 M Sb(V)

2>SOH + Sb(OH)s = (>S0),Sb(OH)4 + 2 H,O 11.41 0.07 (0.05,0.11)

Site density: 47.45° sites nm™

Specific surface area: 40.14° m? g'!

pszcZ 10°
2 according to Accornero et al. (2008); ® V(Y) = parameter indicating the goodness-of-fit of the DLM to
the measured adsorption edges (Heinrich et al., 2008; Reich et al., 2010); ¢ according to Hudcova et al.
(2017)

Spectroscopic and microscopic techniques

The adsorption mechanisms of Sb(V) on the LDH before and after Sb(V) adsorption at
different initial Sb(V) concentrations, i.e., 12 mg L' and 500 mg L', and pH values,
i.e., pH 5.5 (LDH-Sb-5.5), pH 6.5 (LDH-Sb-6.5) and pH 7.5 (LDH-Sb-7.5) were
characterized by a combination of spectroscopic and microscopic techniques. The
structure of materials was identified by X-ray diffraction analysis (XRD) using a
PANalytical X'Pert Pro diffractometer with an X'Celerator detector (Cu K, radiation,
40 kV, 30 mA, a measuring step 0.02° s in the range 10-80 20®) using PANalytical
X’Pert HighScore Plus software (version 3) and the ICDD PDF-2 database (2003). The
morphology and chemical composition were studied by scanning electron microscopy
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(SEM; TESCAN VEGA 3 XMU) and energy-dispersive X-ray spectroscopy (EDX;
QUANTAX 200). Moreover, the distribution of individual elements after Sb(V)
adsorption at the highest adsorbed amount was performed. Characteristic functional
groups were determined by Fourier transform infrared spectroscopy in attenuated total
reflection mode using a diamond crystal (FTIR-ATR; Nicolet 6700). The binding
arrangements on the surface and the surface stoichiometry were studied using X-ray
photoelectron spectroscopy (XPS; Omicron Nanotechnology, Ltd), and deconvolution
of the spectra using the Casa XPS program.
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Results and discussion

Kinetic and equilibrium adsorption experiments

The removal rate of metals, metalloids and nonmetallic species on different solid
materials is commonly described by adsorption kinetics (Simonin et al., 2016). For
Sb(V) adsorption onto LDHs, the most used models are the pseudo-first order and
pseudo-second order kinetics (Dore, Frau, 2018; Kameda et al., 2015, Lee et al., 2018a,
2018b, Lu et al., 2015). Adsorption kinetic data describing Sb(V) adsorption onto Mg-
Fe LDHs at different pH values are given in Fig. 5.1A. The Sb(V) removal efficiency
increased with decreasing pH values caused by the decreasing negative charge of the
LDH surface (Hu et al., 2017; Hudcova et al., 2017). The experimental adsorbed
amount (geey)), modeled parameters, i.e., adsorbed amount (g.) and rate coefficients
(k1, k2) and coefficient of determination (R?) are given in Table S5.1. The pseudo-first
and pseudo-second order kinetics showed a similar fit at all pH values. The similar fit
for both models using different LDH types was also discussed by Lee et al. (2018a,
2018b). In contrast, a slightly better fit using pseudo-second order kinetics was
observed by Lu et al. (2015). Kameda et al. (2011) and Dore and Frau (2018) tested
individually pseudo-second and pseudo-first order kinetics, respectively, showing a
reasonable fit for the experimental data. Nevertheless, the adsorbed amount at all pH
values corresponded better to the modeled adsorbed amounts using pseudo-first order
kinetics; therefore, we suggest that pseudo-first order kinetics described better the
Sb(V) adsorption onto Mg-Fe LDHs. The modeled rate coefficients (k;, k) increased
by decreasing pH values, i.e., pH 7.5 < pH 6.5 < pH 5.5, which meant the Sb(V)
removal was faster at lower pH values. Compared to As(V) adsorption on the same
LDH type, the rate coefficients k; and k> were lower by 1 and 2 orders of magnitude,
respectively (Hudcova et al., 2017). The faster As(V) adsorption compared to Sb(V)
was also discussed by Lee et al. (2018a, 2018b) and Lu et al. (2015), but in contrast
with Kameda et al. (2015).

The basic adsorption characteristics, including the maximal adsorbed amount and the
affinity of adsorbate towards the sorbent, are commonly described by adsorption
isotherms (Foo and Hameed, 2010). The adsorption isotherms of Sb(V) on Mg-Fe
LDHs at different pH values fitted by the Langmuir and Freundlich models are given
in Fig. 5.1B, and the acquired parameters including the experimental adsorbed amounts
(gexp), the maximal adsorbed amount (gme), Langmuir constant (K;), Freundlich
constant (Kr) and the parameter » are given in Table S5.2. The experimental data at all
pH values corresponded to the L-type isotherm (Limousin et al., 2007). Adsorption data
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at lower pH values, i.e., pH 5.5 and 6.5, provided a reasonable fit using the Freundlich
model, i.e., favorable multilayered adsorption onto heterogeneous adsorption sites. In
contrast, the adsorption data at pH 7.5 were better fitted by the Langmuir model, i.e.,
theoretically favoring monolayered adsorption onto homogenous adsorption sites (Lee
et al., 2018b). Nevertheless, minor differences between the coefficient of determination
of both models were observed at pH 5.5. The similarity in coefficient of determination
for the Langmuir and Freundlich models were also discussed by Lee et al. (2018a,
2018b). The maximal adsorbed amount increased by decreasing pH values
corresponding to the adsorption kinetic results. Concerning the Freundlich model, the
values of the parameter n were between 1 and 10 meaning a favorable adsorption
process (Hudcova et al., 2017). Generally, values greater than 1 imply surface
heterogeneity (Jeppu and Clement, 2012). The influence of different pH values and the
equilibrium concentrations on the affinity of Mg-Fe LDH towards Sb(V), i.e., the
values of the distribution coefficient Kp, are given in Fig. S5.1. Based on the shape of
the curve, the distribution coefficients decreased with increasing adsorbed amounts at
individual pH values and equilibrated at 0.14 L g at pH 5.5, 0.04 L g"' at pH 6.5 and
0.02 L g' at pH 7.5. The decrease in the distribution coefficients with increasing
adsorbed amounts could be attributed to the presence of adsorption sites of different
affinity on the Mg-Fe LDH surface, which also would confirm the surface
heterogeneity mentioned above. At a low surface coverage, the adsorption sites of high
affinity are predominantly occupied. After their saturation, adsorption onto low-affinity
sites begins, resulting in the decrease in Kp (Undabeytia et al., 2002; Yoshitake, 2012).
Moreover, the decrease in Kp by increasing pH values has been observed previously
after Tc(VII) adsorption onto LDHs (Wang and Gao, 2006) and As(V) adsorption onto
goethite (Jeppu and Clement, 2012).
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Fig. 5.1. Adsorption kinetic data of Sb(V) using Mg-Fe LDHs at different pH values
(A) modeled by the nonlinear form of the pseudo-first order (solid line) and pseudo-
second order (dashed line), and adsorption equilibrium data at different pH values (B)
modeled by the nonlinear form of the Langmuir (solid line) and Freundlich (dashed

line) models. Data at the highest adsorbed amounts are means and standard deviations
(n=2).

Surface complexation modeling

The pH-dependent adsorption (adsorption edges) of Sb(V) onto Mg-Fe LDHs at
different initial Sb(V) concentrations and ionic strengths is given in Fig. 5.2. In general,
adsorption edges at higher initial Sb(V) concentrations can be divided into three main
regions, i.e., high Sb(V) adsorption (= 100%) at pH < 5.5, decreasing Sb(V) adsorption
within the pH range 6.5-7.5 and low adsorption (0-10%) at pH > 8.5. At lower initial
Sb(V) concentrations, only two regions were observed, i.e., high Sb(V) adsorption (=
100%) at pH < 6.5 and lower Sb(V) adsorption (= 90%) at pH > 7.5. In general, the
decreasing Sb(V) adsorption with increasing pH values has been observed previously
during Sb(V) adsorption onto different Fe-based materials, i.e., goethite (Guo et al.,
2014), ferrihydrite (Qi and Pichler, 2016), Fe-Zr bimetal oxides (Li et al., 2012) and
Fe-rich soils (Vithanage et al., 2013), and clay minerals, i.e., kaolinite (Rakshit et al.,
2015). Surprisingly, higher pH dependency was observed for Sb(V) compared with
As(V) adsorption onto the same LDH type showing different behavior of individual
metalloids that could correspond to their different structural ordering (Dousova et al.,
2018; Hudcova et al.,, 2017). In contrast, pH-independent Sb(V) adsorption was
observed using Zn-Fe LDHs (Lu et al., 2015) that could be influenced by the different
LDH type or by surface-induced precipitation at high Sb(V) concentrations or at a low
solid/liquid ratio (Vithanage et al., 2013). In general, the measured adsorption edges
showed ionic strength independency, except a slight ionic strength dependency at
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higher initial Sb(V) concentrations at pH > 9.5 (i.e., near the pHpzc of Mg-Fe LDHs;
Hudcova et al., 2017). Nevertheless, we suggest the formation of inner-sphere
complexes as the predominant adsorption mechanism (Hudcova et al., 2017). In
general, the LDH surface is negatively charged at pH > pHpzc, which is approximately
10 (see Table 5.1). nevertheless, we observed increasing adsorption with the increase
in ionic strength. This could be attributed to the increase in the LDH surface potential,
i.e., the surface becomes less negative at higher ionic strengths (He et al., 1997). Based
on the adsorption edges, the data were further fitted by the DLM, predicting the
formation of inner-sphere complexes, i.e. chemical adsorption. The average stability
constants for emerging monodentate mononuclear and bidentate binuclear complexes
are given in Table 5.1. Based on the goodness-of-fit, the adsorption edges at both initial
Sb(V) concentrations corresponded better to the formation of monodentate
mononuclear inner-sphere complexes. Although the Sb(V) adsorption mechanism on
LDHs using the SCM has not been studied yet, the formation of inner-sphere complexes
has been previously suggested by the results of adsorption isotherms, activation energy
calculations (Constantino et al., 2018; Kameda et al., 2015; Mitsunobu et al. 2008) or
XPS analyses (Lee et al., 2018b; Lu et al., 2015). Nevertheless, the SCM has been
previously used to model Sb(V) adsorption edges on different solid materials showing
the preferable formation of monodentate inner-sphere complexes on the surface of Fe-
rich sands and gibbsite (Cai et al., 2015; Rakshit et al., 2015), bidentate inner-sphere
complexes on the surface of goethite, kaolinite, ferrihydrite and titanium oxide (Guo et
al., 2014; Martinez-Lladé et al., 2008; Saeidnia et al., 2016; Yan et al., 2017) and the
copresence of both complexes on the surface of biochar, Fe-rich soils, kaolinite and
quartz (Rakshit et al., 2015; Vithanage et al., 2013, 2015). Nevertheless, the modeled
curve for the measured adsorption edges at higher initial Sb(V) concentrations slightly
underestimated the experimental values at pH > 8.5 (especially at higher ionic
strengths). In contrast, the modeled curve at lower initial Sb(V) concentrations slightly
overestimated the experimental values in the pH range of 6.5-9.5 and underestimated
them at pH > 10.5. Since the DLM did not fit well the adsorption edges at higher pH
values, we suggest that another process could influence the overall Sb(V) adsorption
mechanism on Mg-Fe LDHs at higher pH values, e.g., outer-sphere complexation
(physical adsorption) and/or precipitation of newly formed solid phases (Vithanage et
al., 2013, 2015).

149



Chapter V

Model for 0.1 MKNO,

-+ Model for 0.01 MKNO, # v )
Model for 0.001 M KNO,

®  Exper. data for 0.1 M KNO,

® Exper. data for 0.01 M KNO,

Exper. data for 0.001 M KNO,

-
»
L

Adsorbed amount (%)

Adsorbed amount (%)

5 6 7 8 9 10 11
pH
Fig. 5.2. Adsorption of monodentate mononuclear complexes (A, B) and bidentate

binuclear complexes (C, D) on the LDH surface at initial Sb(V) concentrations of 0.1
mM (A, C) and 0.01 mM (B, D). Experimental data are represented by symbols and
individual models by solid, dashed and dotted lines for 0.1 M, 0.01 M and 0.001 M
KNO:s, respectively.

Spectroscopic and microscopic techniques

Transformations according to XRD analyses

Diffractograms of Mg-Fe LDH before and after Sb(V) adsorption at different initial
Sb(V) concentrations and pH values are given in Fig. 5.3, and the calculated parameters
are listed in Table S5.3. All diffractograms showed characteristic peaks for the LDH
structure (PDF-2 card: 00-014-0293). Moreover, the presence of brucite (PDF-2 card:
01-076-0667) in the diffractogram of LDH before Sb(V) adsorption was detected.
Brucite was formed during the LDH synthesis and was identified by the new broad
peak at 18.88° and the growth of LDH peaks at 38.35°, 51.20° and 58.02° (Hudcova et
al., 2019). The diffractograms of LDH after Sb(V) adsorption at lower initial Sb(V)
concentrations (12 mg L™'; corresponding to the adsorbed amounts given in Table S5.1)
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at all pH values (Fig. 5.3A) showed minor changes compared to pristine LDHs.
Nevertheless, the main brucite peaks at 18.88° disappeared and other brucite peaks
significantly decreased. This phenomenon corresponded to the washing of residual
Mg(OH); from the LDH surface during adsorption experiments and resulted in the
increase in Mg(Il) in the solution (Hudcova et al., 2017). Compared to our previous
studies, the position and intensity of individual LDH peaks at lower Sb(V) initial
concentrations remained the same as before the experiment excluding the partial
decomposition of Mg-Fe LDHs and/or precipitation of new phases (Hudcova et al.,
2017,2018). The basal spacing of layers dyo; (thickness of the LDH interlayered region)
and cell parameters « (the average cation-cation distance in the LDH layers) and ¢ (the
overall LDH structure including the interlayer region) (Cavani et al., 2001; Hudcova et
al., 2017) remained the same at pH 7.5 and 6.5. A slight increase in the basal spacing
doos and parameter ¢ was observed at pH 5.5, which could be attributed to a partial
rearrangement in the interlayered region of the studied carbonate-intercalated Mg-Fe
LDHs. Such changes suggested possible anion exchange or other mechanisms at this
pH value. Nevertheless, these minor changes confirmed that Sb(V) was predominantly
adsorbed on the Mg-Fe LDH surface. Moreover, anion exchange of interlayer anions
by Sb(V) using carbonate-intercalated LDHs has been previously excluded by Dore
and Frau (2018) and Kameda et al. (2011, 2012). In general, anions with high charge
density (e.g., carbonates) have a higher affinity for the LDH interlayer region;
therefore, anion exchange is not expected compared to LDHs intercalated with nitrates,
chlorides and/or sulfates (Kameda et al., 2011). In contrast, anion exchange has been
confirmed in our previous study focused on As(V) adsorption onto the same LDH type.
Nevertheless, the changes in diffractograms and individual parameters were more
pronounced in that study than in the case of the LDH diffractogram after Sb(V)
adsorption. A higher influence of anion exchange in the case of As(V) adsorption could
be explained by the different affinities as well as the ionic size of individual metalloids
since the effective ionic radius of Sb(V) (0.60 A) is larger than that of As(V) (0.46 A).

The diffractograms of LDHs after Sb(V) adsorption at higher initial Sb(V)
concentrations (500 mg L™, corresponding to the maximal adsorbed amounts given in
Table S5.2) at all pH values (Fig. 5.3B) showed all the peaks corresponding to the LDH
structure. However, the intensity of individual LDH peaks slightly decreased with
decreasing pH values compared to the LDHs before Sb(V) adsorption, i.e., LDH =
LDH-Sb-7.5 > LDH-Sb-6.5 > LDH-Sb-5.5. The broad peak at 18-19° corresponding to
brucite in the diffractogram of LDH before Sb(V) adsorption showed significant
changes after Sb(V) adsorption and. Additionally, other brucite peaks significantly
decreased. These changes were identified as the formation of new phases, i.e.,
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precipitation of crystalline brandholzite (PDF-2 card 01-073-0596) at pH 7.5 and
formation of brandholzite-like phases on/in the structure of LDHs at pH 6.5 and 5.5. At
pH 7.5, new sharp peaks appeared at 18.24°, 19.30° and 26.61° suggesting the surface-
induced precipitation of brandholzite. In contrast, only the broad peak at 19.30°
(without the formation of other brandholzite peaks) was observed at pH 6.5 and 5.5,
which excluded the surface-induced precipitation of brandholzite as the prevailing
mechanism (despite a greater adsorbed amount of Sb(V) compared to pH 7.5; see Fig.
5.1 and Table S5.2). In general, brandholzite is a layered mineral composed of
{[Sb(OH)s]o}°~ (first layer; Sb(OH)s octahedra) and {[Sb(OH)s]s[Mg(H20)s]s}""
(second layer; Sb(OH)s/Mg(H20)s octahedra) connected by hydrogen bonds (Friedrich
et al., 2000). The formation of brandholzite-like phases after Sb(V) adsorption using
different LDHs has been previously discussed by Ardau et al. (2016), Dore and Frau
(2018) and Kameda et al. (2011,2012,2015). Identical to the case of lower Sb(V) initial
concentrations, the highest basal spacing dys; and ¢ was observed at pH 5.5 suggesting
a possible Sb(V) intercalation. Moreover, the possible influence of anion exchange at
this pH value and initial Sb(V) concentration could be supported by the decreasing
intensities of individual peaks corresponding to the LDH structure following our
previous findings after As(V) adsorption onto the same LDH type (Hudcova et al.,
2017). Except the possible minor influence by the anion exchange at pH 5.5, the
adsorption mechanism at pH 6.5 and 5.5 was predominantly composed from the
formation of negatively charged monolayered surface complexes (see Section Surface
complexation modeling; Table 5.1). Afterwards, adsorption occurred of positively
charged Mg(Il), which is commonly leached from the surface/structure of LDHs during
adsorption experiments (Hudcova et al., 2017, 2018), resulting in the formation of
individual layers corresponding to the brandholzite-like phases. As mentioned above,
the surface-induced precipitation of brandholzite was the prevailing mechanism at pH
7.5 since brandholzite is formed at near-neutral pH values in natural environments with
elevated Sb(V) and Mg(II) concentrations (Majzlan et al., 2016).
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Fig. 5.3. Diffractograms of LDH before Sb(V) adsorption (A; top diffractogram) and
LDH-Sb-7.5, LDH-Sb-6.5, LDH-Sb-5.5 at initial concentrations of 12 mg L' (A) and
500 mg L' (B).
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Microscopic investigations

The SEM images of LDH before and after Sb(V) adsorption at different initial Sb(V)
concentrations and pH values are shown in Fig. S5.2 and Fig. 5.4, respectively, and the
EDX results are given in Table S5.4. The morphology of LDHs corresponded to our
previous studies (Hudcova et al., 2017, 2018, 2019). After Sb(V) adsorption,
aggregation of LDH particles at both initial Sb(V) concentrations and all studied pH
values was observed. Moreover, Sb(V) was nonhomogeneously distributed on the LDH
surface preferring adsorption on smaller particles based on the EDX results. The Sb(V)
coverage increased with decreasing pH values following the results in Sections Kinetic
and equilibrium adsorption experiments and Surface complexation modeling.
Compared to the EDX results of Mg(Il) after adsorption experiments in our previous
studies (Hudcova et al., 2017, 2018, 2019), Mg(II) leaching was significantly reduced
(especially at higher Sb(V) concentrations) at all pH values suggesting its stabilization
on negatively charged Sb(V) complexes on the LDH surface following the XRD
results. At pH 7.5 and higher initial Sb(V) concentrations (Fig. 5.4D), the hexagonal-
shaped precipitates were formed on the LDH surface containing approx. 47% of Sb(V),
i.e., a characteristic wt.% for crystalline brandholzite (Majzlan et al., 2016; Sejkora et
al., 2010), confirming its surface-induced precipitation on the LDH surface as
demonstrated by XRD analyses. In contrast, precipitation of brandholzite was not
observed at the higher initial Sb(V) concentration at pH 6.5 and 5.5 or at the lower
initial Sb(V) concentration at any of the studied pH values. Therefore, the decrease in
free Mg(Il) in the solution was attributed to its adsorption on the negatively charged
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Sb(V) monodentate complexes and the formation of brandholzite-like phases as also
suggested by XRD analyses.

Fig. 5.4. SEM images of LDH-Sb-7.5 (A, D), LDH-Sb-6.5 (B, E), LDH-Sb-5.5 (C, F)
at initial concentrations of 12 mg L™ (A-C) and 500 mg L' (D-F).

The distribution of individual elements on the surface of Mg-Fe LDH at the highest
Sb(V) coverage (see Table S5.2 and Table S5.4), i.e., initial Sb(V) concentrations of
500 mg L' and pH 5.5, is shown in Fig. 5.5. The local excess of Mg(II) and/or Fe(III)
in the LDH structure was attributed to structural defects originated from the LDH
synthesis. As discussed previously (see Table S5.4), Sb(V) showed a nonhomogeneous
distribution on the LDH surface that could be due to the single or multilayered
adsorption. Moreover, Sb(V) was predominantly adsorbed on smaller particles or
occasionally on the larger ones. Nevertheless, a small amount of Sb(V) was also
observed inside the particles following a possible anion exchange at pH 5.5.
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Fig. 5.5. Elemental mapping of LDH-Sb-5.5 at an initial Sb(V) concentration of 500
mg L.

Spectroscopic analyses

The FTIR-ATR spectra of LDH before and after Sb(V) adsorption at the initial Sb(V)
concentration of 500 mg L' and different pH values are given in Fig. 5.6. The spectra
showed all characteristic bands corresponding to the LDH structure, i.e., the stretching
vibration of hydroxyl groups (3454 — 3409 cm™), the bending vibration of water (1633-
1642 cm™), the absorption band of carbonates (1361 — 1353 cm™ and 659 — 654 cm™)
and the absorption bands of metal oxide/hydroxide groups (approx. 550 cm™) (Hudcova
et al., 2017, 2018). After Sb(V) adsorption, significant changes in individual peaks
were observed. The shift of the stretching vibration of hydroxyl groups to lower
frequencies corresponded to the formation of stronger hydrogen bonds that were
assigned to new interactions between hydroxyl groups on the LDH surface and Sb(V)
(McComb et al., 2007). Moreover, the shift increased with increasing Sb(V) coverage,
i.e., by decreasing pH values. This shift could be attributed to the formation of the Fe-
0O-Sb bond, i.e., inner-sphere complexation of Sb(V) on the LDH surface (McComb et
al., 2007; Vithanage et al., 2013) confirming the results of adsorption modeling (see
Section Surface complexation modeling). However, changes of hydroxyl groups could
also be attributed to the formation of brandholzite-like phases (pH 6.5 and 5.5) or
surface-induced precipitation of brandholzite (pH 7.5) as discussed for XRD and
SEM/EDX analyses. Nevertheless, the most significant shift at pH 5.5 could also be
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influenced by the anion exchange following the XRD results. This mechanism could
also be considered due to the significant decrease in the carbonate absorption band
intensity at this pH value, suggesting changes in the interlayer region, i.e., the anion
exchange of carbonates by Sb(V). Similar
changes have been previously observed

during As(V) adsorption onto the same
LDH type (Hudcova at al., 2017). The
bands due to Sb-O stretching could be
expected in the region 620-750 cm’
! (Bahfenne and Frost, 2010), which
coincides with the absorption by
carbonates. Thus, the broadened shoulder 1: LDH 2: LDH-Sb-7.5

g ' : 5 LDH-Sb-65 4 LDH-Sh-55 ] 5%
observed at ~712 cm™, the intensity of 4000 3500 3000 2500 2000 1500 1000 500

Transmittance (%)

which increases with decreasing pH, was Wavenumbers (cm”)

assigned to the stretching mode of  Fijg, 5.6. FTIR-ATR spectra of LDH
adsorbed Sb(V) species (Frost et al.,  before Sb(V) adsorption and LDH-Sb-
2009; McComb et al., 2007; Vithanage et 7.5 LDH-Sb-6.5, LDH-Sb-5.5 at an
al., 2013; 2015). Similarly, the most jnjtial Sb(V) concentration of 500 mg
significant changes were observed at the -1

highest Sb(V) coverage, i.e., pH 5.5.

The XPS spectra of LDH before and after Sb(V) adsorption at an initial Sb(V)
concentration of 500 mg L' and different pH values are shown in Fig. S5.3 and the
calculated surface stoichiometry is given in Table S5.5. The XPS spectra of all
materials included Fe 2p, Mg 2s, Mg 2p, O 1s and C 1s peaks confirms the structure of
Mg-Fe LDHs. Moreover, new peaks corresponding to Sb 3p and Sb 3d occurred after
Sb(V) adsorption at all pH values. The amount of Sb(V) on the LDH surface increased
with decreasing pH values corresponding to results discussed above and in Sections
Kinetic and equilibrium adsorption experiments and Surface complexation modeling.
Moreover, significant changes in individual peaks after Sb(V) adsorption were
observed (Fig. S5.4). The Fe 2p peak after Sb(V) adsorption at all pH values increased
and shifted to higher binding energies that meant formation of strong bonds between
Fe(Ill) and Sb(V), i.e., inner-sphere complexation on the LDH surface that
corresponded to the results of adsorption modeling (Sections Surface complexation
modeling). A similar shift has been previously observed after As(V) adsorption on
LDHs (Goh et al., 2009; Hudcova et al., 2017). Surprisingly, and in contrast to our
previous adsorption studies using the same LDH type (Hudcova et al., 2017, 2018), the
increase in and spectral shift of Mg 2s and Mg 2p peaks after Sb(V) adsorption at all
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pH values were observed. As shown by previous instrumental techniques, the Mg(Il)
leaching during Sb(V) adsorption was reduced compared to the same LDH type after
As(V), Zn(I1) and Pb(II) adsorption, thus confirming the formation of brandholzite-like
phases (at lower pH values) or surface-induced precipitation of brandholzite (at higher
pH values) on the LDH surface. In general, the Mg 2p peak consisted of two
contributions, i.e., M-O (higher binding energies) and Mg-OH (lower binding energies)
bonds. After Sb(V) adsorption, changes in individual contributions were observed
(especially at pH 5.5), i.e., for LDH (Mg-O: 76.4%; Mg-OH: 23.6%), LDH-Sb-7.5
(Mg-O: 76.7%; Mg-OH: 23.3%), LDH-Sb-6.5 (Mg-O: 70.9%; Mg-OH: 29.1%) and
LDH-Sb-5.5 (Mg-O: 82.5%; Mg-OH: 17.5%). These changes in Mg(Il) binding
arrangements confirmed the formation of brandholzite-like phases or brandholzite
surface-induced precipitation on the LDH surface as discussed above.

Additionally, the deconvolution of O 1s spectra was performed (Fig. 5.7). The O 1s
peak at all pH values consisted of several contributions, i.e., M-O (531.5-531.8 eV),
M-OH (533.1-533.2 eV), carbonates (534.3-534.2 ¢V) and water (535.4-535.5 eV)
(Hudcova et al., 2017, 2018). Moreover, the Sb 3d peak occurred in this region after
Sb(V) adsorption and consisted of two contributions, i.e., Sb 3ds» (lower binding
energies) and Sb 3ds,, (higher binding energies). Since the Sb 3ds/, peak overlapped the
O Is peak, the deconvolution (intensity of individual peaks and their binding energy)
was provided according to the Sb 3ds; peak in the ratio 2:3 following the spin-orbit
splitting (Watts and Wolsetnholme, 2003). The broad Sb 3d3,» peak consisted of Sb(V)
(higher intensity) and Sb(III) (lower intensity) and therefore these contributions were
also used for the deconvolution of the O 1s and Sb 3ds, peaks. Nevertheless, reduction
of Sb(V) during adsorption on Mg-Fe LDHs was excluded since it was caused by the
X-rays during XPS measurements. This effect was confirmed by the increase in the
peaks corresponding to Sb(III) after Ar" sputtering following our previous XPS results
after As(V) adsorption (Hudcova et al., 2019). Moreover, reduction caused by Ar"
sputtering using Fe oxides has also been discussed by Fondell et al. (2018).
Nevertheless, the decrease in the Mg-OH contributions to the O 1s peak after Sb(V)
adsorption was also observed following the changes in the Mg 2p peak discussed above,
i.e., the decrease in the Mg-OH peak by the increasing Sb(V) coverage. In contrast,
only minor changes were observed for Mg-O based on the O 1s peak. Nevertheless, the
Mg(1II) contributions to the O 1s peak after Sb(V) adsorption could be influenced by
the deconvolution process compared to the deconvolution of Mg 2p without any other
contributions as discussed above.
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Fig. 5.7. XPS deconvolution of the Sb 3d and O 1s peaks of LDH before Sb(V)
adsorption (A) and LDH-Sb-7.5 (B), LDH-Sb-6.5 (C), LDH-Sb-5.5 (D) at an initial
concentration of 500 mg L.

158



Chapter V

Conclusions

The Sb(V) adsorption mechanism on Mg-Fe LDHs at different initial Sb(V)
concentrations and pH values was investigated by adsorption modeling coupled with
various spectroscopic and microscopic techniques. Our results showed that Sb(V)
adsorption onto Mg-Fe LDHs is a strongly pH-dependent process. The kinetic data
were successfully described by pseudo-first order kinetics and the equilibrium data by
the Freundlich model (lower pH values) and/or Langmuir model (higher pH values). In
general, the adsorption rate and the adsorbed amounts increased with decreasing pH
values. The preferable formation of monodentate-inner sphere complexes on the Mg-
Fe LDH surface was supported by the DLM. The results of adsorption modeling were
supported by solid-state analyses and indicated that the adsorption mechanism was also
influenced by the surface-induced precipitation of brandholzite, the formation of
brandholzite-like phases and/or anion exchange based on the initial Sb(V)
concentrations and pH values. The presented mechanistic/modeling approach
investigated the Sb(V) adsorption mechanism on Mg-Fe LDHs and predicted their
adsorption characteristics under different experimental conditions.
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Table S5.3 Basal spacings and cell parameters calculated from diffractograms of LDH
before Sb(V) adsorption and LDH-Sb-7.5, LDH-Sb-6.5, LDH-Sb-5.5 at initial Sb(V)
concentrations of 12 mg L' and 500 mg L.

Material et dos(A)  doos(A)  dow(A)  dio(A)  a(Ad)* c(A)™*
LDH - 7.741 3.909 2.631 1.553 3.106 23.339
LDH-Sb-7.5 12 7.730 3.910 2.636 1.554 3.108 23.325
LDH-Sb-6.5 7.730 3.909 2.635 1.553 3.106 23.322
LDH-Sb-5.5 7.793 3918 2.627 1.555 3.110 23.444
LDH-Sb-7.5 500 7.787 3.900 2.642 1.553 3.106 23.381
LDH-Sb-6.5 7.721 3.884 2.628 1.553 3.106 23.234
LDH-Sb-5.5 7.817 3.908 2.635 1.553 3.106 23.450
* co = initial concentration (mg L) “*a=2d110 ***e=3/2(doos +2doos)

Fig. S5.2. SEM images of LDH before Sb(V) adsorption.
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1250 Sh3d+01s 1: LDH 2: LDH-Sb-7.5
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Mg 2s \‘ Fig. S5.3. XPS spectra of LDH before Sb(V)
\ adsorption and LDH-Sb-7.5, LDH-Sb-6.5,
LDH-Sb-5.5.
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Table S5.5 Surface stoichiometry (%) of LDH before Sb(V) adsorption and LDH-Sb-
7.5, LDH-Sb-6.5, LDH-Sb-5.5 according to XPS data.

Fe 2p Mg 2s O1ls Cls Sb 3d
Mg-Fe LDH 1.1 37.0 43.7 18.2 -
Mg-Fe LDH-Sb-7.5 1.5 323 47.9 16.7 1.7
Mg-Fe LDH-Sb-6.5 1.4 325 48.9 15.2 2.0
Mg-Fe LDH-Sb-5.5 1.5 314 49.2 15.6 24

\ Fe2p —LDH A
{ —— LDH-Sb-7.5
LDH-Sb-6.5

—— LDH-$b-5.5

1125
735 730 725 720 715 710 705
Binding energy (eV) Binding energy (eV) Binding energy (eV)

Fig. S5.4. XPS spectra of Fe 2p, Mg 2s and Mg 2p peaks of LDH before Sb(V)
adsorption and LDH-Sb-7.5, LDH-Sb-6.5, LDH-Sb-5.5.
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Biochar and 1ts composites for
metal(loid) removal from aqueous
solutions

L. Trakal, M. Vitkova, B. Hudcova, L. Beesley, M. Komarek

Adapted from Ok, Y., Tsang, D., Bolan, N., Novak J. (eds.), Biochar from
Biomass and Waste (2019): 113-141, with permission of the coauthors.
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Chapter VI

Abstract

Biochar-based materials are currently intensively studied and used as highly efficient
sorbents. While “pure” biochars can exhibit important adsorption properties for some
metal(loid)s, the efficiency for others can be limited. For this reason, several
modifications have been developed in order to increase their efficiency, selectivity for
different elements or even their stability. These composites include, for example,
magnetic modification with Fe oxides, nano zero-valent Fe, layered double hydroxides
and Mn oxides. This chapter aims to review the potential of these composite materials
and the responsible mechanisms for metal(loid) sorption.
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Metal sorption on various biochars

The conversion of surplus biomass into biosorbent biochars (BC) can be described as
a ‘“‘win—win’’ solution for the production of a new material with enhanced
environmental value (Cao et al.,, 2009; Zheng et al., 2010) for the treatment of
contaminated waters (Tan et al., 2015). Many studies have described effective removal
of metals from waters using biochars originating from different organic wastes (Table
6.1). For example, the high performance of pristine biochars to remove Cd and/or Pb
from aqueous solutions has been found to be within the range of one order (from 2.87
to 2872 mmol kg™') (Inyang et al., 2011; Jiang et al., 2012; Han et al., 2013; Kim et al.,
2013; Xu et al., 2013a; Trakal et al, 2014a; Zama et al., 2017; Sekuli¢ et al., 2018).
Thus, it would appear that modifications to biochar-based sorbents, aimed at
stimulating specific geochemical mechanisms, could enhance their efficiency.

Effect of biochar characteristics

The origin and methods of biochar preparation (pyrolysis) are ultimately greatly
responsible for its final physical and chemical characteristics (Table 6.1). Thus, biochar
properties significantly affect metal-sorption performance.

Firstly, the volume of micropores, which is very strongly related to the Brunauer—
Emmett—Teller (BET) surface (Harvey et al., 2011), can affect metal sorption due to
the effective reactive surface. This reactive surface (shown here by scanning electron
microscopy (SEM) images; Fig. 6.1) shows the various surface morphology of tested
biochars. Woody (high lignin) biochars show well-developed structures with high
macro- and microporosity (Fig. 6.1A; Chen et al., 2011, Mohan et al., 2014a). On the
other hand, poorly structurally developed biochars (Fig. 6.1B) show a limited presence
of these pores. This is in agreement with the lower BET surface and lower volume of
micropores in these cases (Table 6.2). The resultant metal sorption is higher for those
biochars with poorly developed structures represented by lower BET surface, so the
morphology of biochars is not a crucial factor affecting metal-sorption efficiency (later
in Fig. 6.2).
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Chapter VI

Fig. 6.1. SEM images of (A) biochar with well-developed structure (nut shields) and
(B) biochar with poorly developed structure (grape husks; Trakal et al., 2014a). SEM,
scanning electron microscopy.

Table 6.2 Biochar characteristics: yield of biochar from the waste material (Y), bulk

density (o) BET surface, volume of micropores (¥iicro), pH value and Cation Exchange
Capacity (CEC; Trakal et al., 2014a).

Biochar Y BET  Vuw pH CEC

(%)  (gem?) (m’gh (mmgh) () (mmol kg'')
Nut shields 21.8  0.17 £0.002 465 180 8.63+0.04 844+3.0
Wheat straw 189  0.26 = 0.005 364 130 9.86+£0.05 3342
Grape stalks  30.6  0.16 +0.004 72 30 10.0+£0.1 402+3
Grape husks ~ 31.6  0.21 £0.003 77 32 9.98 £0.01 187+4
Plum stones  24.7 0.22 +0.002 443 172 736+0.12 12147

The pH of biochars is usually alkaline in the range 7.2-10.0 (Verheijen et al., 2010;
Trakal et al., 2014a). Generally, biochar production, by pyrolysis, causes pH increases
in comparison to the pH of the source material (Lu et al., 2012). The pH also increases
after the pyrolysis process because the alkali salts separate from the organic matrix (at
pyrolysis temperature ranging from 300 °C to 600 °C; Chen et al., 2011). This physico-
chemical characteristic of biochar is usually a key factor in bivalent metal sorption from
waters, mainly due to the pH-buffering effect of the biochar (Trakal et al., 2014a)
affecting not only the surface charge, but also the speciation of metal ions in solution.

The cation-exchange capacity (CEC) of biochar samples is often an underestimated

parameter that has considerable influence on metal-sorption efficiency, as reported by
Lu et al. (2012), Zhang et al. (2013a), Ahmad et al. (2014), and Trakal et al. (2014a).
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Specifically, the CEC value of biochars is closely related with: (1) the content of
carboxylic groups (Harvey et al., 2011); and (2) the mineralogical composition, mainly

the content of K*, Ca*" and Mg?*, which is thus important in cation release (Trakal et

al., 2014a).
Fig. 6.2. shows the
relationship between the
metal-removal efficiency
(Cd and Pb) and selected
biochars  characteristics.
The results
published
analyzed to

of wvarious
studies were
obtain
complex information about
the characteristics that may
be responsible for the
metal-removal efficiency.
Specifically, increasing the
CEC significantly
enhances the Pb-removal
efficiency (R = 0.90) of
biochars. This
supports the hypothesis
that CEC may be one of the
most important
characteristics in biochar
selection for metal sorption
because  other  tested
characteristics

various

biochar
(such as BET surface or
temperature of pyrolysis)
showed no significant
relationship to the sorption
efficiency  of  metals
(represented here by Cd
and Pb; Fig. 6.2; Trakal et
al., 2014a).
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Chapter VI

Optimization of metal sorption

The optimization of metal sorption can be implemented using batch-sorption
procedures designed according to the response surface methodology (RSM). One of the
main objectives of RSM is to determine optimum parameters for the control variables
that result in a maximum (or a minimum) response over a certain region of interest
(Khuri and Mukhopadhyay, 2010). Response surfaces could then be used to determine
an optimum and to graphically illustrate the relationship between different
experimental variables and their responses (Fig. 6.3). In order to determine an optimum,
it is necessary for the polynomial function to contain quadratic terms. The following
quadratic model (Eq. 6.1) could be used to fit experimental data (Montgomery, 2008;
Khuri and Mukhopadhyay, 2010):

Y = Bo + Xty Bixi ey Bux? + Lhicicj Bijxixj + € Eq. 6.1

where x;, x»,... are numbers of associated control (or input) variables, y is a response of
interest, £ are constant coefficients referred to as parameters and ¢ and is a random
experimental error assumed to have a zero mean. The selected independent variables
X; were coded as x; according to the following relationship (Eq. 6.2):

X = (%) Eq. 6.2

where X is the uncoded value of X; at the center point and Ax presents the step change.

In the case of metal-sorption optimization, a conventional batch-sorption experiment is
employed before an experiment is designed using central composite design. The
influence factors and response(s) are established and the exact number of runs
(combing established factors) is then determined by Minitab software. The advantage
of this approach is a limited number of runs for the following example; a design
consisting of 20 experiments was used to assess the influence of 3 factors (pH of
solution, dose of applied biochar, and contact time) on two responses (sorbed amount
of two contrasting metals) for each biochar.
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Fig. 6.3. Response surface plots of Cd(II) and Pb(II) sorption for nut shields and grape
stalks biochars, respectively.

Metal-sorption mechanisms

The metal-sorption process has been described as a result of three different mechanisms
(Sohi et al., 2010; Lu et al., 2012): (1) ion exchange (Ca*", K, Mg*", Na"); (2) metal
complexation onto free and complexed carbonyl, carboxyl, alcoholic, hydroxyl, or
phenolic hydroxyl functional groups; and (3) physical adsorption or surface
precipitation caused by sorptive interaction involving delocalization of 7 electrons of
organic carbon (Inyang et al., 2011; Lu et al., 2012; Xu et al., 2013b; Bernardo et al.,
2013). As described, ion exchange, complexation, and/or physical adsorption are
responsible for metal sorption to biochars. These metal-sorption mechanisms vary
according to the type of biochar (group of biochars originating from similar materials)
and the metal(loid).

Biochars with well-developed structures (e.g., woody biochars) sorb metals
predominantly on the surface. By contrast, biochars with poorly developed structure
(represented by low BET surface) exhibit metals not solely sorbed on the surface, but
also bonded inside the biochar structure (in higher quantities). Fig. 6.4 shows the exact
sorption mechanisms of Pb on/in two contrasting biochars. The weak z-bindings of Pb
with polyorganic chains (bonding with electron-rich domains on graphene-like
structures; Harvey et al., 2011) has demonstrated physical adsorption (Lu et al., 2012).
The weakness of the bond was confirmed by the postdesorption test of fully metal-
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loaded biochars (Trakal et al., 2014a). The presence of residual COs* (eventually PO,’)
in biochar together with its alkaline pH are often responsible for the formation of metal-
(hydro)carbonates (and/or metal-phosphates), reflecting their surface precipitation
(usually confirmed by the X-ray diffraction (XRD) patterns of metal-loaded biochars;
see Fig. 6.4; Xu et al., 2013a,b; Trakal et al., 2014a).

Ion exchange, another significant sorption mechanism, was also detected in all tested
biochars (Fig. 6.4). Such cation release of metals is limited predominantly to that
coming from internal sites of those biochars with poorly developed structures. This
could be explained by the low BET surface versus the high quantity of K and Ca
(responsible for the ion exchange). The complexation with carboxylic functional
groups, as the third sorption mechanism, is demonstrated in Fig. 6.4 (by the binding
energy at 141 eV for the Pb). This sorption mechanism (metal-chelate creation) is
nevertheless only in those biochars with poorly developed structure where the
complexation is a limiting mechanism (Trakal et al., 2014a), which explains why the
metal-chelate creation is insignificant in metal sorption.

Biochar with low BET surface  Biochar with high BET surface

7-binding

XPS

Chelation
(co0)
lon exchange

n-binding
(PO, PbO,, Pb;0, PHCOS)

lon exchange
GSBC_1 Onm (PbO, PbO,, Pb;0,, PHCOS)
NSBC_10nm
P . /‘ * * XRD

Precipitation \\NJL (hyeh te)

(PbCOy; Pb5(CO;),(OH),) | ydrocerrusite,

MM,

| GSBC_Onm : N/ e RGO NSBC_Onm
| N T S—
t t t 1
150 145 140 135 130 150 145 140 135 130
Binding energy (eV) Binding energy (eV)

Fig. 6.4. X-ray photoelectron spectroscopy (XPS) analyses (deconvolution) of the
grape stalks and nut shields biochars (on the surface and 10 nm deep) after Pb sorption
and X-ray diffraction pattern of the grape stalks biochar confirming precipitation of
Pb3(CO3)2(OH), (hydrocerrusite; Trakal et al., 2014a).
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Biochar modification

To further improve their metal-sorption efficiency, biochars can be modified before,
during, and/or after the pyrolysis process (Fig. 6.5). As reviewed by Ahmed et al.
(2016), there are established surface-modification methodologies such as steam
activation, heat treatment, acidic/alkaline modification (chemical activation), and
impregnation methods for char-based materials. Steam activation can introduce
enhanced porous structures and oxygen-containing functional groups (e.g., carboxylic),
whilst heat treatment can provide more basic surface functional groups for hydrocarbon
sorption (Shen et al., 2008). Such modifications can effectively be regarded as turbo-
boosting the existing sorption characteristics of the biochars. Acidic modification of
biochars is applied by different oxidants to increase the acidic property of sorbents by
removing or washing mineral elements, thereby increasing the hydrophilic nature of
BC (Shen et al., 2008). Conversely, alkaline modification produces negative surface
charges that, in turn, assist in adsorbing negatively charged species (Ahmed et al.,
2016). Lastly, impregnation methods, by metal salts or oxides mixed with biochars, can
facilitate additional physical or chemical attachment of metal ions (Ahmed et al., 2016).

Chemical, physical or
impregnation }7
processes

Chemical, physical or
Pretreatment of . .
. — impregnation
biomass
processes

Fig. 6.5. Schematic of various biochar modifications (inspired by Ahmed et al., 2016).

Chemical activation

Chemical activation of biochars can be performed with an acidic solution or hydroxides
as shown by Regmi et al. (2012) and Trakal et al. (2014b), where BC was mixed and
stirred with 2 M KOH solution for 1 h at 1:250 ratio (w/v). The resulting solution was
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then filtered, mixed with ultraclean water, and the pH value of BC then adjusted.
Alkaline modification can improve both the physical and chemical properties of BCs.
Specifically, 2 M KOH treated brewers draff BC provide significantly increased total
pore volume due to the change in pore distribution, but the BET surface area was
identical for both biochar samples before and after chemical activation (Table 6.3).

Table 6.3 Surface area and porosity of the pristine and chemically activated BCs using
alkali modification by 2 M KOH (Trakal et al., 2014b).

BET surface Pores distribution (%) Total pore
Sample volume

(m? g) <6nm 6-20nm 20-80nm >80nm (mL g*)
BC 9.80 £ 0.62 / 8.23 59.8 32.0 0.01 +£0.002
BCact 11.6 £0.40 18.7 18.1 38.8 24.5 8.74+£0.18

In the context of their use as biosorbents, Cu sorption increased after this alkaline
activation from 8.77 to 10.3 mg g (Trakal et al., 2014b) as a result of improved
physical sorption. Furthermore, the effect of chemical activation on metal-sorption
efficiency was even more significant in column leaching tests (representing a dynamic
system). Here, breakthrough curves with an early increase in the c/c; ratio (Fig. 6.6)
were observed for the biochar not been previously treated by 2 M KOH. The activated
biochar breakthrough curve point (BTCP; the final time step for the maximum sorption
efficiency of biochar, when the ratio c¢/c; = 0) occurred at 780 min, as opposed to 50
min for the pristine BC (Fig. 6.6).

Such significant differences in

BTCP are most likely caused by io

the presence of free micropores (<6
nm) in the chemically activated
biochar (BCa). These pores,
created predominantly  during
high-temperature pyrolysis (Tsai et 02
al., 2012), are formed only in the -
case of BC, due to the leaching o 100 VS
out of the tar particles during alkali Time,,, (min)
solution stirring. In this case, it can

be assume that Cu is trapped inside ~ Fig. 6.6. Breakthrough curves of copper
these free micropores, thus retention, obtained by a comlumn
replacing the previously removed leaching procedure (Trakal et al., 2014b).
tar particles.

c/C, (mg I'l)
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Iron modification
Magnetic impregnation

Magnetic biochars are produced by mixing pristine biochars with a suspension of
various Fe-(hydro)oxides typically when stirred under very alkaline pH (10 — 12;
Mohan et al., 2015). Alternatively, other techniques such as microwave heating and
chemical coprecipitation can also be applied (Mubarak et al., 2014; Trakal et al., 2016).
For example, FeSO4-7H,O solution can be alkalinized (at pH = 12) in order to
precipitate Fe-hydroxides (Trakal et al., 2016). Such created suspension is then put into
a microwave, and this microwave-assisted synthesis results in the formation of iron-
oxide nanoparticles with diameters ranging between 25 and 100 nm, consisting mainly
of nonstoichiometric magnetite. Subsequently, ground biochar is then thoroughly
mixed with the iron-oxide nanoparticles (Trakal et al., 2016). The efficiency of
magnetically modified biochars as biosorbents is related to their altered surfaces,
relative to pristine biochars. Firstly, magnetic modification decreases the active BET
surface due to the formation of secondary iron (hydro)oxides on the surface (Mohan et
al., 2015; Wang et al., 2015a), which has become more apparent in biochars with well-
developed structures. Conversely, in biochars with poorly developed structures, the
BET surface significantly increases (Trakal et al., 2016) due to the presence of iron
oxides, which have: (1) a smaller surface area (36.6 — 66.0 m? g''; (Oliveira et al., 2002;
Michalkova et al., 2014) than that of biochars with a well-developed structure, but (2)
a similar surface area to that of biochars with poorly developed structure. The
magnetizing process also modified the pH value as well as the CEC, which could be
explained by the presence of Fe oxides, which usually have neutral pH and rather high
CEC values (in the range of 61.4 to 219 mmol kg™'; Trakal et al., 2016).

Secondly, the presence of Fe minerals can enhance the sorption efficiency of various
metals (Reddy and Lee, 2014; Wang et al., 2014; Mohan et al., 2015) or metalloids
(Zhang et al., 2013b; Baig et al., 2014; Wang et al., 2015a), typically fixed/sorbed on
the surface of these precipitated (hydro)oxides. Therefore, magnetic biochars usually
have significantly higher sorption, compared with pristine ones, of Cd(II) Pb(Il) in
those biochars with well-developed structure (Table 6.4), which can be explained by
the presence of Fe oxides inside the structure of the biochars (Mohan et al., 2007; 2015;
Zhou et al., 2013; 2014; Han et al., 2015). The improvement of metal sorption by
magnetic modification is thus related to the origin of the material (especially for Pb(II)),
with the well-structured biochars being most suitable for these modifications (Mohan
et al., 2007, 2015; Trakal et al., 2014a; Fig. 6.7). However, the sorption efficiency of
Pb** in/on biochars with poorly developed structures changed little or was reduced
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compared with that of the pristine biochars (Fig. 6.7). Metal sorption is not limited to
the biochar surface (Trakal et al., 2014a), but also occurs in the biochar structure. This
effect is more significant for Cd(II) than for Pb(Il) because of the higher affinity of
Cd(II) to sorb on Fe oxides (Adriano, 2001).

Table 6.4. Cadmium- and lead-removal efficiency of biochars before and after
magnetic modification from selected studies (Trakal et al., 2016).

Biochar sorption
improvement by

Biochar Ma.gnetl‘c Ipagn?tic References
modification modification (%)
Cd Pb
Oak bark Fe*/Fe*" SO4 solution  37.0 131 Mohan et al. (2007,
2015a)
Oak wood Fe?*/Fe** SO4 solution 676 287 12\/([)(;};?)1 ctal. (2007,
Fine sized ZVI of Zhou et al. (2013,
Bamboo <850 um / 67.3 2014)
Pine bark ferrite (CoFe,04) 152 / Reddy et al. (2014)
Nut shield FeSO,7H,0 997 461 ;5?181 ctal. (2014a,
Wheat straw FeSO47H,0 218 14.0 ;8?81 ctal. (2014a,
Grape stalk FeSO47H,0 121 -584 ;8?;‘1 ctal. (2014a,
Grape husk FeSO47H,0 316 14.3 ;8?1;‘1 ctal. (2014a,
Plum stone FeSO47H,0 1502 741 ggil:)‘l ctal. (2014a,
Palm oil empty fruit Ruthiraan et al.
bunch FeCls / -25.7 (2015)
. Ferric sulphate Mohan et al.
Energy cane biochar (Fes(SO4)snH0 / -11.2 (2015b)
Romchgr (Harghita, magnetite/maghemite / -50.5 Hanetal. (2015)
Romania)
Oxford Biochar Ltd. . .
(Dorset, UK) magnetite/maghemite / 139  Hanetal. (2015)
Rice hull Fe(acac); + /503 Yanetal (2015b)
calcination

Rice hull Fe(acac)s + / 665  Yanetal. (2015b)

calcination + ZnS
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Biochar with well-developed structure = Biochar with poorly developed structure
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Fig. 6.7. Examples of magnetic modification on two contrasting biochars (Trakal et
al., 2016).

The results of XPS analyses (Fig. 6.8) have confirmed similar Cd(II) and Pb(II)
loadings for both surface and 10 nm depth against pristine biochars, where the amount
of sorbed metals varied significantly between surface and subsurface (Trakal et al.,
2014a). This could be explained through the attaching of Fe oxides to the biochar
matrix when no clusters of these oxides appear on the surface of the biochar (Han et
al., 2015). Fig. 6.8 shows that cation release and/or precipitation, represented by Pb—O
binding (Xi et al., 2010), is the predominant sorption mechanism, whereas the
confirmed presence of precipitated metal (hydro)carbonates were limited to the surface
of pristine biochars only (Lu et al., 2012; Xu et al., 2013a,b; Trakal et al., 2014a). The
slightly weak m-binding of metals with polyorganic chains demonstrated physical
adsorption as a further sorption mechanism. However, this metal-sorption mechanism
was suppressed at the expense of chemisorption (in comparison to the pristine biochar),
mainly caused by the presence of Fe oxides in the structure of the magnetic biochars
(Mohan et al., 2015). Finally, the observation of metal chelates not only on the biochar
surface, but also within the interior, is in agreement with the study of Lu et al. (2012),
where the magnetic modification usually enhanced the overall complexation sorption
mechanism because of the presence of Fe oxides in the structure of the tested biochars.

182



Chapter VI

Pristine biochar Magnetic biochar
= - binding Cation release
Chelate (PbO, PbO,, Pb,0,, PbCO,)
(COOH) o
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Pb binding energy (eV) Pb binding energy (eV)
Fig. 6.8. XPS analyses of metal-loaded biochars (deconvolution of XPS bands for
various Pb binding energies); GSBC - grape stalks (poorly developed) biochar; NSBC
- nut shields (well-developed) biochar before and after magnetic impregnation (Trakal
etal., 2016).

Nano zero-valent iron modification

Nano zero-valent iron (nZVI) has been shown to be a highly effective sorbent for
various inorganic and organic contaminants in aqueous solutions. A typical core-shell
structure of nZVI plays a key role in this process with Fe® core as a donor of electrons,
offering strong reduction capability, and Fe (hydr)oxide shell (formed from the Fe’
oxidation), allowing electron transfer that is responsible for adsorption of various
contaminants (Li and Zhang, 2007; O’Carroll et al., 2013; Tosco et al., 2014; Stefaniuk
et al., 2016). The nZVI particles are remarkable for their large specific surface area,
high reduction capacity, low operational costs, and simple subsequent separation due
to magnetic properties. On the other hand, nZ VI particles have a tendency to aggregate,
which decreases their specific surface area and thus their reactivity, mobility, and
reduction capacity (Devi and Saroha, 2014; Tosco et al., 2014; Stefaniuk et al., 2016).
When applied to soils, the high reactivity of nZVI particles could have a negative
impact on soil properties, and the presence of several metal(loid)s could limit the
immobilization of nZVI (Gil-Diaz et al., 2014; Su et al., 2016; Gil-Diaz et al., 2017;
Vitkova et al., 2017). The combination of biochar with Fe nanoparticles may give the
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resulting biosorbent unique properties beneficial for selective sorption as well as for
the stability of the nano-sized amendments in soils and waters (Tan et al., 2016a; Dong
etal., 2017).

The nZVI-biochar composite can be produced by different synthesis methods.
Generally, there are two approaches: (1) precoating of biomass with nZVI particles
before pyrolysis and (2) biomass pyrolysis followed by impregnation of biochar with
nZVI particles (Tan et al., 2016a) (Fig. 6.9). In either case, the whole synthesis needs
to be conducted in an inert atmosphere to avoid O, dissolution during preparation (Yan
et al., 2015b). The synthesis of the biochar (matrix) with functional nanomaterials can
provide a unique combination of the advantages of both materials and should represent
an ideal synthesis with nZVI due to: (1) better cost efficiency compared to conventional
amendments, nontoxicity, and local availability of biochar; (2) ability to disperse the
nanoparticles and thus enhance their stability; and (3) increasing number of oxygen-
containing functional groups, an improvement in pore properties, surface active sites,
and catalytic degradation ability when combined with nZVI (Figure 6.9). Therefore,
this composite should exhibit an excellent ability to remove a wide range of
contaminants (e.g., metals, organochlorine, or nitroaromatic compounds) from aqueous
solutions, exerting simultaneous adsorption and catalytic degradation function (Peng et
al., 2017; Tan et al., 2016a). Improved magnetic properties of the resulting material
should allow the effective separation of the composite together with the adsorbed
contaminants from the treated matrix (Trakal et al., 2016; Wang et al., 2017). Although
magnetic modification may decrease the active BET surface (see Section Magnetic
Impregnation) due to the formation of secondary iron (hydro)oxides on the surface of
biochar, some metals (Cd; Trakal et al., 2016) or metalloids (As; Wang et al., 2015a)
can be adsorbed more efficiently on the surface of these precipitated (hydro)oxides.

Impregnation of biochars with nZVI prevents early and excessive reaction of the
nanoparticles, but allows them to use their original functionality (reduction and
sorption) later in contact with aqueous solutions (Devi and Saroha, 2014; Dong et al.,
2017; Peng et al., 2017). A distinct disadvantage of pristine biochars are their low
efficiency for anion sorption (e.g., As) and complicated subsequent separation from the
treated medium, which limits their applicability for soil and water remediation. The
drawbacks of nZVI and biochar thus can be addressed by appropriate modifications. In
particular, biochar supported by nZVI results in the increased stability of nZVI and
improves sorption efficiency and magnetic properties of the final material. Several
recent studies have reported the use of nZVI-BC composite for efficient removal of As,
Cr, or organic contaminants and others from (waste)waters or aqueous solutions (Dong
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et al., 2017; Peng et al., 2017; Wang et al., 2017); in particular, arsenate (Zhou et al.,
2014; Wang et al., 2016a, 2017), hexavalent chromium (Zhou et al., 2014; Dong et al.,
2017; Qian et al, 2017), lead (Zhou et al.,, 2014), pentachlorophenol and
trichloroethylene (Devi and Saroha, 2014; Yan et al., 2015b; Li et al., 2017), and
bromate (Wu et al., 2013). However, studies dealing with nZVI-modified biochar in
soil environments are scarce (Su et al., 2016).

metal(loid) sorption

nZVI stabilization

’ catalytic reduction
O

Biochar .51’

Fig. 6.9. Schematic of synthesis of the nano zero-valent iron and biochar composite
and its improved functions.

Layered double-hydroxide modification

Although biochars have shown high sorption efficiency for various metal cations, their
usability in waters and soils contaminated by anions, for example, arsenate, phosphate,
or chromate, is limited (Wan et al., 2017). Therefore, it is necessary to provide
sufficient surface modification of pristine biochars using highly effective sorbents such
as layered double hydroxides (LDHs), if simultaneous sorption of cations and anions is
to be achieved. Previously, LDHs have shown high sorption efficiencies for various
inorganic species, for example, arsenate (Hudcova et al., 2017), arsenite (Jiang et al.,
2015), chromate (Zhang et al., 2012b), phosphate (Drenkova-Tuhtan et al., 2013),
sulfate (Sepehr et al., 2014) as well as metal cations (Hudcova et al., 2018). In general,
anion- sorption mechanisms using LDHs are mainly influenced by surface
complexation, and/or anion exchange (Hudcova et al., 2017), while metals are
predominantly immobilized by surface-induced precipitation, surface complexation,
and/or cation exchange (Hudcova et al., 2018). Despite excellent sorption properties of
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LDHs, they have some drawbacks; aside from their relatively high cost, their stability
in acidic conditions is greatly reduced. However, this could be improved by their
immobilization on biochar surfaces but data are scarce as the use of LDH/biochar
composites is a new topic with fewer than 15 peer-reviewed articles existing, dealing
mainly with phosphate (Li et al., 2016; Wan et al., 2017; Zhang et al., 2013c; Zhang et
al., 2014), arsenate (Wang et al., 2016b; Wang et al., 2016c), organics (Tan et al.,
2016b; Tan et al., 2016c¢), nitrate (Xue et al., 2016), and metal cations (Wang et al.,
2018a; Wang et al., 2018b) (ad)sorption.

Synthesis of LDH/biochar composites

LDH/biochar composites can be synthesized before or after pyrolysis. The prepyrolysis
procedure consists of LDH coprecipitation on the biomass surface and subsequent
pyrolysis for 2 hours at approx. 500-600°C (Tan et al., 2016b; Tan et al., 2016c; Wang
et al., 2016b; Wang et al., 2016c). Alternatively, LDH precoated biomass can be also
hydrothermally treated, resulting in the production of LDH/hydrochar composites
(Zhang et al., 2014). The postpyrolysis procedure, which is more widely used, consists
of pyrolysis of pristine biomass at conditions mentioned above and subsequent
coprecipitation of LDHs on the biochar surfaces (Li et al., 2016; Wan et al., 2017,
Wang et al., 2016b; Wang et al., 2016¢c; Wang et al., 2018a; Wang et al., 2018b; Xue
et al., 2016; Zhang et al., 2013c). The synthesis prepyrolysis procedure strongly
influences the specific surface area of final LDH/biochar composites, namely resulting
in a decrease of the specific surface area (nearly twofold), in a higher amount of
nonreacted metal species, and in a lower As(V) adsorption capacity compared to
postpyrolysis products (Wang et al, 2016b; Wang et al., 2016c). In general,
LDH/biochar composites exhibit a lower specific surface area compared to pristine
biochar caused by filling/clogging of pores after the modification procedure, which also
results in a notably rougher surface of LDH/biochar composites (Wan et al., 2017; Xue
et al., 2016).

To demonstrate the structure of LDH/biochar composites, diffractograms of pristine
woody biochar, Mg-Fe LDH (molar ratio Mg/Fe = 4) and Mg-Fe LDH/biochar
composites are shown in Fig. 6.10A and the SEM image of LDH/biochar composites
are shown in Fig. 6.10B. Diffractograms of pristine biochar (with minor phases
corresponding to carbonates and/or silicates); pristine LDHs (with characteristic peaks
of given intensities); and LDH/biochar composites confirmed the structure of
individual materials and the successful synthesis of LDH/biochar composites. The
SEM images demonstrated nonhomogeneous distribution of LDH particles on the
biochar surface probably caused by the coprecipitation synthesis procedure of LDHs.
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The morphology of these LDH particles corresponded to pristine LDHs as described in
previous studies (Hudcova et al., 2017, 2018). LDHs were also successfully
impregnated on the whole biochar surface, as confirmed by the EDX results, suggesting
a high affinity of LDHs with the biochar surface that could positively influence
stability/sorption properties of LDH/biochar composites.

qq
Mermpadurtond biochar
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2 Theta (degree)
| - layered double hydroxide; PDF-2 card: 00-014-0293
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Fig. 6.10. Diffractograms of pristine woody biochar, Mg-Fe LDH and Mg-Fe
LDH/biochar composites (A) and the SEM image of Mg-Fe LDH/biochar composites
(B). LDH, layered double hydroxides; SEM, scanning electron microscopy.

Adsorption properties of LDH/biochar composites

Adsorption properties of LDH/biochar composites are strongly influenced by the
presence of LDHs on the biochar surface. The adsorbed amounts of different inorganic
species by various LDH/biochar composites are given in Table 6.5. In general,
LDH/biochar composites appeared to be more effective materials for phosphate
removal compared to pristine biochar, modified biochar, and many other conventional
adsorbents (Li et al., 2016; Wan et al., 2017; Zhang et al., 2013a-c, 2014). The
LDH/biochar composites showed even higher adsorbed amounts of phosphate
compared to pristine LDHs (adsorption rate per unit weight) suggesting a synergistic
effect between biochars and LDHs (Wan et al., 2017), with biochars providing an
effective matrix for LDHs that increases accessibility of active adsorption sites (Zhang
et al., 2013c). Adsorption mechanism of phosphate using LDH/biochar composites
include surface complexation and anion exchange with interlayered anions in the
structure of LDHs. At higher initial phosphate concentration precipitation with released
bivalent metal cations from the surface/structure of LDHs was also observed (Li et al.,
2016; Wan et al., 2017; Zhang et al., 2013c). In the case of arsenate adsorption, LDHs
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significantly improved the adsorption properties compared to pristine biochars and
some other pristine LDHs. Nevertheless, arsenate-adsorption is greatly influenced by
the pyrolysis procedure, exhibiting significantly higher adsorbed amounts using post-
pyrolysis LDH/biochar composites. The arsenate-adsorption mechanism follows the
same processes as described by phosphate adsorption, except for precipitation.
However, the dominant mechanism differs for prepyrolysis (physical adsorption) and
postpyrolysis (chemical adsorption/anion exchange) LDH/biochar composites (Wang
et al., 2016b,c). Nitrate adsorption was also significantly improved using LDH/biochar
composites compared to some biochars and activated carbon. Higher selectivity for
nitrate in multianion solutions containing sulfate and phosphate was also observed. The
whole adsorption mechanism follows the same processes as noted for phosphate
adsorption except for precipitation (Xue et al., 2016). LDH/biochar composites were
found to be more effective copper and lead sorbents compared to some biochars,
modified biochars, activated carbons, and other conventional sorbents. The dominant
sorption mechanism has been shown to be surface precipitation caused by the buffering
effect of LDH/biochar composites and the formation of chelation complexes in the case
of ethylenediaminetetraacetic acid (EDTA) functionalized LDHs. Even so, the cation
exchange of bivalent metal cations in the structure of LDHs by copper was also
observed (Wang et al., 2018a,b).

Table 6.5. The adsorbed amounts of inorganic species using LDH/biochar composite

Biomass type LDH type Adsorbate qmax (mg g!)? Reference

Bamboo Mg-Al phosphate 172 Wan et al. (2017)
Sugarcane leaves Mg-Al phosphate 82 Lietal. (2016)
Cottonwood Mg-Al phosphate 410 Zhang et al. (2013c)
Cottonwood Mg-Al phosphate 386 Zhang et al. (2014)
Pinus taeda Ni-Fe arsenate 4.4 Wang et al. (2016b)
Pinus taeda Ni-Feb arsenate 1.6 Wang et al. (2016b)
Pinus taeda Ni-Mn arsenate 6.5 Wang et al. (2016¢)
Pinus taeda Ni-Mn" arsenate 0.6 Wang et al. (2016¢)
Wheat straw Mg-Fe nitrate 25 Xue et al. (2016)
Camellia oleifera Mn-Al copper 74 Wang et al. (2018a)
Leaves® Mg-Al lead 147 Wang et al. (2018b)

2Adsorbed amount (Langmuir model); "Prepyrolysis synthesis of LDH; “Nonspecified leaves. LDH,
layered double hydroxides.
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surface/in the structure compared to
pristine LDHs, suggesting a high
efficiency of such composites for arsenate removal. In summary, LDH/biochar

layered double hydroxide.

composites are efficient sorbents, but further studies focused on the stability of
LDH/biochar composites at different conditions, detailed mechanistic/modelling
approaches, and alternative LDH synthesis procedures to make their production more
economical, are needed.

Manganese oxide coating

Mn oxides have also been demonstrated to have very high immobilization potential for
divalent metals through adsorption processes onto amphoteric surface groups of the Mn
oxide, and also metalloid oxyanions due to the initial oxidation/reduction process and
consequent sorption, surface complexation, and/or coprecipitation with birnessite and
hydrous manganese oxide (Lenoble et al., 2004; Komarek et al., 2013). Among the
various types of Mn oxides the modified sol-gel procedure of Ching et al. (1997) was
used for the preparation of amorphous manganese oxide (AMO; Della Puppa et al.,
2013). The AMO has previously been established as a very suitable sorbent for various
metal(loid)s, but associated dissolution of AMO has resulted in excessive Mn leaching,
limiting its applicability to remediation scenarios due to, amongst other concerns, Mn
phytotoxicity (see Della Puppa et al., 2013; Michalkova et al., 2014; Ettler et al., 2015).
AMO-modified biochar, combining the advantageous properties of both AMO and
pristine biochar with decreased Mn leaching and thus improved sorbent longevity,
appears to be an ideal biosorbent for multimetal(loid)-contaminated wastewater
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treating. Preparation of AMOchar composite involves biochar impregnated by AMO
(Della Puppa et al., 2013), with the biochar added directly into the reaction mixture of
0.4 M KMnOs solution with 1.4 M glucose solution.

XRD analysis (Fig. 6.12B) of the AMOchar confirmed its amorphous character, where
all peaks were represented by Mn-oxalate hydrate and by carbon showing the presence
of the biochar skeleton. The presence of rhodochrosite was confirmed, which has been
explained by Ettler et al. (2014) as a reaction of the removed Mn from oxalates of the
AMO with atmospheric CO,. Consequently, such leached Mn could react with CO3*
groups sorbed at the surface of biochar, originating from meaningful CO, sorption (Xu
et al., 2016) during synthesis under atmospheric conditions. Fig. 6.12 shows the
structure and surface morphology of AMOchar where the AMO with Mn-oxalates
coating the surface of the pristine biochar, even though porous biochar fragments
associated with irregular AMO clusters, were also observed. The attraction of the AMO
on the surface of pristine biochar was confirmed by deconvolution of Mn bond at
binding energy 641.84 eV, which is here responsible for Mn—C,; bond. The pH value
of the AMOchar composite was alkaline and showed a theoretically positively charged
surface. The CEC the composite was similar and/or even higher than that of pure AMO
(Trakal et al., 2018).

In terms of metal(loid)s removal from solution (Fig. 6.13), AMOchar was able to
remove (up to 99%, 51%, and 91% of dissolved Pb(II), Cd(Il), and As(V), respectively,
in comparison to pristine biochar where the removal rate was limited. The leaching of
Mn a during metal(loid)s sorption from the AMOchar composite was significantly
reduced in comparison to the pure AMO. This demonstrates that total Mn content in
AMOchar composite was lower compared to the AMO (without any limitation to metal
sorption) and/or stabilization had occurred in the Mn-oxalates on the structure of
AMOchar. In addition, the AMOchar composite has also been tested using a dynamic
test when the cumulative leachate of As(V) from CCA (chromate-copper-arsenate) ash
was significantly reduced (by sixfold compared to untreated variant after 100 minutes
of intensive leaching; see the study of Trakal et al., 2018). Ongoing testing of AMOchar
mixed into a variety of metal(loid) contaminated soils confirms reductions in leaching
of metal(loid)s but continued instability of Mn; further refinements to the synthesis
methods will be required to achieve a material with sorptive longevity.
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Fig. 6.12. (A) High resolution SEM of AMOchar, (B) XRD patterns, (C) energy-
dispersive X-ray spectroscopy (EDS) spectra where peaks of Cu originate from the
transmission electron microscopy (TEM) metal grid, (D) TEM cross-section of the
AMO coating, and (E) XPS of Mn binding and the bond deconvolution of the AMOchar
before sorption (Trakal et al., 2018). SEM, scanning electron microscopy; XRD, X-ray
diffraction; AMO, amorphous manganese oxide.
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Engineering application of modified
biochars

The reutilization of agrowastes for biochar production appears to be environmentally
friendly technique for metal-removal from aqueous solutions, e.g., industrial
wastewaters or mine drainage (Lu et al., 2012; Zhang et al., 2013a). For that to be fully
realised these materials need to be proven safe, efficient, and cost effective for
environmental applications. Though the removal capacity for various metals (e.g., Cd
vs Pb) was different for each tested biochar, in general those biochars with well-
developed structures (reflected by high BET surface) removed lower quantities of
metals in comparison to biochars with poorly developed structures, where sorbed
metals are very strongly bound. By contrast, while the biochars with well-developed
structure were found to be less effective for the metal sorption they proved more
suitable for removal of organic pollutants (e.g., phenol; Han et al., 2013), mainly due
to their high BET surface. Biochars with high BET surface are potentially more suitable
for consequent modifications (impregnations) mainly due to “sufficient space” for the
impregnation, thus resulting in the production of sorbents efficient both for organic and
inorganic contaminant removal from waters and soils.

As has been discussed, chemical activation using various alkali solutions (e.g., 2 M
KOH) can improve biochar structure by releasing tar particles, especially from
micropores. This improvement could be applicable when the BET surface needs to be
enlarged (e.g., for more efficient magnetic impregnation and more efficient biochars
with well-developed structure).

Magnetic modification of biochar can improve sorption efficiency even for those
biochars with well-developed structures. From a technological point of view, such
magnetically modified biochars are
generally ferromagnetic and therefore can
be recovered more easily from
contaminated waters after a filtration
process using a magnet (Zhou et al., 2014).
This property is highly desirable for the

convenient recycling of contaminant-laden
magnetic biochar adsorbents when their  Fig. 6.14. Separation of magnetic
useful life is expended. Overall, the biochar (from nut shields) previously
magnetic  impregnation  significantly  Joaded by Pb(I).
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affected various biochar characteristics as well as its metal-sorption efficiency. Trakal
et al. (2016) has demostrated that the magnetic biochar could (1) sufficiently remove
Cd(II) and Pb(Il) and (2) be easily separated from the solution with a magnet (Fig.
6.14).

Although biochar modified by Mn oxides does not provide a ferromagnetic material,
the AMOchar represents a very efficient and complex biosorbent for treatment of
multimetal(loid)s contaminated waters at various pH. Usually, pristine biochars are
suitable for selective sorption of particular bivalent metals as well as for multimetal
loading, mainly due to their overall basic pH and negatively charged active surface
(Mohan et al., 2014b). However, when different bivalent metals are sorbed to the same
biochar the sorption efficiency of some metals (e.g., Cd(II) or Zn(II)) can be diminished
by the sorption of metals with high affinity to organic matter (e.g., Pb(Il) or Cu(Il);
Trakal et al., 2012, 2014a). Additionally, the efficiency of the pristine biochars to sorb
oxyanions (e.g., As(V) or Cr(VI)) is usually limited, especially under alkaline
conditions when such oxyanions are very mobile. In order to ensure complexity of this
material to sorb various metal(loid)s as well as to ensure its universality (adsorbent that
is effective under a wide range of pH and/or Eh conditions), the coating of biochar by
Mn oxides represents a step forward for the treatment of waters contaminated with
bivalent metals (Cd(II), Pb(Il), Zn(II), etc.) and oxyanions (e.g., As(V) or Cr(VI)).
Another practical advantage of this composite lies in the sole use waste materials; for
example, biochar can be produced from waste biomass (prunings, off-cuts, etc.), while
AMO can be produced from other organic waste materials (e.g., molasses from sugar
factories) reacting with potassium permanganate. In comparison to the pure AMO,
AMOchar composite represents an equally efficient sorbent with reduced Mn leaching.
When improvements are made to the synthesis to further stabilize Mn the resulting
biosorbent appears applicable to a wide range of environmental remediation scenarios.
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Chapter VII

The first part of the thesis evaluated the (ad)sorption mechanism of As(V), Sb(V),
Pb(Il) and Zn(II) onto Mg-Fe LDHs in aqueous solutions using the surface
complexation modeling (SCM) coupled with various solid-state analyses (XRD,
SEM/EDX, HR-TEM with elemental mapping, FTIR-ATR, XPS, low-temperature °’Fe
Mossbauer spectroscopy). Firstly, Mg-Fe LDHs at different Mg/Fe molar ratios were
synthesized by the co-precipitation method described by Seida et al. (2001) and basic
characterization was provided (the structure, the morphology, the specific surface area
etc.). Afterwards, the (ad)sorption rate of selected metals and metalloids onto Mg-Fe
LDHs was studied by kinetic experiments fitted by pseudo-first and pseudo-second
order kinetics. The basic (ad)sorption properties (e.g., adsorption capacity or affinity)
were evaluated by equilibrium experiments fitted by Langmuir and Freundlich model.
Moreover, the influence of different Mg/Fe molar ratios and pH values on the
(ad)sorption properties of Mg-Fe LDHs were discussed. The effect of different pH
values and ionic strengths was further described by the diffuse layer model (DLM) and
the possible formation of monodentate and bidentate complexes was described in detail.
After complex characterization of Mg-Fe LDHs, mixed oxides (CLDHs) were
synthesized and basic (ad)sorption mechanism of these materials was also evaluated by
adsorption kinetics and isotherms coupled with solid-state analyses (XRD, SEM/EDX
and XPS). The behavior of Mg-Fe LDHs and CLDHs was further tested in real soil
solutions and soils contaminated by As(V), Pb(Il) and Zn(II) to evaluate the potential
of these materials as stabilizing amendments in remediation technologies. Firstly,
stability testing of Mg-Fe LDHs and CLDHs using deionized water and real soil
solutions contaminated with As(V), Pb(Il) and Zn(II) was performed. Afterwards, the
influence of pH on the leaching of metals and metalloids from amended soils and the
stability/stabilizing efficiency of materials in real contaminated soils were presented by
the results of pH-static leaching experiments and incubation tests. The (ad)sorption
mechanisms and phase transformations of Mg-Fe LDHs and CLDHs in soils were
investigated using a combination of solid-state analyses and geochemical modeling.
Although Mg-Fe LDHs and CLDHs have shown high stabilizing efficiency in aqueous
solutions as well as in soils, drawbacks connected to the application of these materials
in soils were also discussed in detail. To eliminate these negative effects, the synthesis
of LDH/biochar composites was also introduced. The results of this thesis showed Mg-
Fe LDHs and CLDHs as effective materials for metal and metalloid stabilization in
aqueous solutions as well as in the real contaminated soils. Nevertheless, potential
drawback needs to be minimalized or eliminated. The main conclusions of the proposed
thesis will be further described in this chapter. Besides the specific Mg-Fe LDH and
CLDH characteristics, a general approach to test a new stabilizing material to evaluate
all important (ad)sorption characteristics and stability in aqueous solutions and soils

196



Chapter VII

was presented in this thesis and the scheme of individual steps is given in Fig. 7.1. A
presented approach should be used for newly synthesized materials to evaluate their
potential as stabilizing amendment.

Newly synthesized stabilizing amendment

1 i

([ Metal(loid) ) [ Metal(loid)
adsorption in stabilization
9 solutions ) L in soils )
. Stability and
(Ad)sorpF ton stabilization
mechanism .
L ) L mechanism )

Adsorption kinetic A Stability and
and equilibium leaching

experiments ) experiments )

complexation experiments
modeling in soils

Geochemical

Solid-state analyses modeling

[ Surface h Incubation

J

Complex characterization of novel stabilizing amendment

Fig. 7.1. Individual steps of novel amendment characterization.
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The basic characteristics of synthesized materials are summarized in Table 7.1. The
Mg-Fe LDHs were prepared by the co-precipitation method which is the oldest and
most common LDH synthesis procedure. The biggest advantage of this method is a
simple operation procedure; nevertheless, the properties of final products strongly
depends on the experimental conditions. The final characteristics, e.g., specific surface
area, M(II)/M(III) molar ratio and/or pHpzc, significantly influence the (ad)sorption
potential of individual materials (Chubar et al., 2017). To this date, most of the
(ad)sorption studies were performed with Al-based LDHs which could have a potential
drawback of AI(III) leaching from the LDH structure at low pH values (Boclair and
Braterman, 1999; Jobbagy and Regazzoni, 2011). Typically, the specific surface area
of Mg-Fe LDHs occurs under 100 m’ g'1 (Das et al., 2007; Kang et al., 2013; Kovanda
et al., 2003; Vulic et al., 2012). Nevertheless, the value also depends on the Mg:Fe
molar ratios of individual materials. Based on the XRD results, the increasing intensity
of all reflections and cell parameters for LDHs with higher Mg:Fe molar ratios was
observed that was corresponded to the increasing crystallinity. The increasing
crystallinity means the decrease of the specific surface area (Kang et al., 2013; Seida
and Nakano, 2000). Contrarily, the thermal treatment of LDHs, i.e., the formation of
CLDHs, results in the increase of the specific surface area. This effect is attributed to
the changes of the structural arrangements, i.e., the crystalline LDHs change to
amorphous CLDHs (Kang et al., 2013). However, the further increase of the
temperature leads to the formation of more crystalline material that was observed by
the increasing intensity of individual peaks in the XRD diffractograms resulting in the
decrease of the specific surface area. Moreover, spinel formation, which results into a
further decrease of the specific surface area was observed (Hajek et al., 2017; Kovanda
et al., 2003; Millange et al., 2000). Compared to LDHs, the porous structure was
significantly developed during the thermal treatment caused by the structural changes,
i.e., layer destruction (Zhang, 2012c). Moreover, all materials showed high pH values
in water as well as high values of pHpzc corresponding to a buffering effect of all
materials as well as preferable positive charge on their surface (Zhang and Hou, 2007).
All these characteristics influence the (ad)sorption efficiency of individual materials
that is further described in detail. In the literature, the higher (ad)sorption efficiency of
metals and metalloids is often assigned to a higher specific surface area (Peng et al.,
2014). However, the results of this thesis showed that Mg-Fe LDHs with lower specific
surface area (i.e., with higher molar Mg:Fe ratios) were more effective for metal and
metalloid (ad)sorption. A higher (ad)sorption efficiency of LDHs and CLDHs with
higher molar ratio towards As(V) has been presented by Kang et al. (2013). Contrarily,
the effect of the molar ratios on the metal (ad)sorption onto LDHs and CLDHs has not
been presented yet. In the case of thermally treated LDHs, a significant improvement
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of (ad)sorption properties was corresponded to a higher specific surface area (Peng et
al., 2014) as well as other structural characteristics of individual materials (Kang et al.,
2013).

Table 7.1 Basic characteristics of the studied Mg-Fe LDHs and CLDHs.

Material Mg:Fe molar  Thermal SBET pHrzc
ratio treatment (°C) (m?g™l)

LDH-2 2.4:1 - 71.2 9

LDH-3 3.5:1 - 50.6 10

LDH-4 4.6:1 - 40.1 10

CLDH-450 4.6:1 450 112 12.5

CLDH-550 4.6:1 550 92.8 12.5

The (ad)sorption capacities of Mg-Fe LDHs (Mg/Fe = 4:1) towards As(V) and Sb(V)
were compared with the results from literature (Table 7.2). The (ad)sorption capacity
of studied Mg-Fe LDHs showed comparable values to other studies focused on LDHs
(Table 7.2); however, the (ad)sorption capacity is significantly affected by the LDH
type, i.e., different composition of layers (divalent and trivalent metal cations) and
interlayer region (anions). Moreover, differences between the same LDH types were
also observed. In general, the (ad)sorption capacity of LDHs towards As(V) and Sb(V)
varies from 0.35 to 2.70 mmol g and 0.18 to 2.02 mmol g, respectively. In general,
most of the As(V) and Sb(V) (ad)sorption studies were performed with Al-based LDHs
which could have a potential drawback of Al(II) from the LDH structure at low pH
values as has been already mentioned (Boclair and Braterman, 1999; Jobbagy and
Regazzoni, 2011). However, most of the studies were performed without pH
adjustment resulting in different final pH values which makes the comparison between
individual materials complicated. In general, As(V) and Sb(V) (ad)sorption decreases
with increasing pH values caused by the changes of the charge on the surface of solid
materials as pH increases, i.e., the surface becomes less positively charged (Dzombak
and Morel, 1990; Vithanage et al., 2013). Based on the different properties of individual
LDHs, it is complicated to compare the effect of pH on the (ad)sorption capacity since
the (ad)sorption capacity is also influenced by the properties of individual LDHs.
Nevertheless, the proposed thesis presented As(V) and Sb(V) (ad)sorption on the same
LDHs at controlled pH values. Based on these results, a significant decrease of the
(ad)sorption capacity and (ad)sorption rate was observed at higher pH values. However,
the rate coefficients describing Sb(V) (ad)sorption onto Mg-Fe LDHs were
significantly lower that corresponded to the studies presented by Lee et al. (2018a,
2018b) and Lu et al. (2015). Moreover, the Sb(V) (ad)sorption showed higher pH-
dependency compared to As(V) (ad)sorption that could be corresponded to the different
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structural ordering of individual metalloids (DouSova et al., 2018). Compared to the
literature, most of the As(V) and Sb(V) (ad)sorption studies were performed with Al-
based LDHs as discussed above.

Table 7.2 (Ad)sorbed amounts of As(V) and Sb(V) onto various LDHs.

Type of Sorption capacity  s/L

Metalloid  pHo® Literature

anion (mmol g!) (gLh
Mg-Al LDHs
As(V) 7.0 COz* 0.44 1 Lazaridis et al. (2002)
7.0 CO* 1.40 1 Kiso et al. (2005)
6.0 CO* 1.30 - Violante et al. (2009)
7.0 CI/CO5* 1.68 0.8 Huang et al. (2015)
7.2 CO;*/NO5s”  0.59 2.5 Yoshida et al. (2015)
6.0° CO;* 1.50 - Caporale et al. (2011)
Zn-Fe LDHs
As(V) 7.0 SO4* 1.30 0.2 Luetal. (2015)
Sb(V) 7.0 SO42 0.68 0.2 Lu et al. (2015)
Li-Al LDHs
As(V) 5.0° CI 0.32 1.3 Liu et al. (2006)
Mg-Fe LDHs
As(V) 5.5 COs* 1.72 1 Hudcova et al. (2017)
6.5 COz> 1.29 1 Hudcova et al. (2017)
7.5b COz> 0.41 1 Hudcova et al. (2017)
6.0 COz> 2.60 - Caporale et al. (2011)
7.2 CO;*/NO5s  0.35 2.5 Yoshida et al. (2015)
Sh(V) 55> CO 0.55 1 Hudcova et al. (2019)
6.5° CO* 0.18 1 Hudcova et al. (2019)
7.5° CO;* 0.09 1 Hudcova et al. (2019)
Zn-Al LDHs
As(V) 8.99 SO4* 2.70 10 Ardau et al. (2013)
Sb(V) 5.4 SO4* 2.02 10 Ardau et al. (2016)
Mg-Al-Fe
As(V) 8.0 Crl 1.20 10 Kameda et al. (2015)
Sb(V) 4.0 Cr 1.90 10 Kameda et al. (2015)

2 pH value at the beginning of the sorption experiment ® pH controlled during the whole experiment

The (ad)sorption capacity of Mg-Fe CLDH thermally treated at 450°C towards As(V)
showed only a minor increase compared to Mg-Fe LDHs (Table 7.3). However, the
(ad)sorption capacity of Mg-Fe CLDH thermally treated at 550°C was significantly
lower compared to the CLDH thermally treated at 450°C that could be corresponded to
the changes of the structural arrangements mentioned above, i.e., by a lower specific
surface area caused by the increasing crystallinity of the material treated at higher
temperature. In the contrast to these results, significantly higher (ad)sorption capacities
for CLDHs compared to pristine LDHs has been published due to a higher specific
surface area (Peng et al., 2014). Nevertheless, a different study presented that the whole
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structure of the material has a higher effect than just the value of the specific surface
area. In that study, CLDHs thermally treated at different temperatures (400-500°C)
provided nearly the same specific surface area; however, (ad)sorption capacities
towards As(V) were different, i.e., higher for the material thermally treated at 400°C
(Kang et al., 2013). Since Sb(V) (ad)sorption onto Mg-Fe CLDHs was not performed
in this study, the results from the literature were compared. In general, the (ad)sorption
capacities of CLDHs showed significantly higher values compared to pristine LDHs.

Table 7.3 (Ad)sorbed amounts of As(V) and Sb(V) onto various CLDHs.

Thermal Sorption capacity s/L

Metal pHo treatment (mmol g) (/L) Literature
Mg-Al CLDHs
As(V) 7.0 500°C 8.21 1 Lazaridis et al. (2002)
7.0 450°C 1.33 1 Dousova et al. (2003)
6.0 450°C 3.68 - Violante et al. (2009)
Zn-Al CLDHs
Sb(V) 54 450°C 4.54 2.5 Dore and Frau (2017)
Mg-Fe CLDHs
As(V) 550 450°C 2.01 1 Hudcova et al. (2019)
5.5° 550°C 1.21 1 Hudcova et al. (2019)
6.5 450°C 2.70 1 Carja et al. (2005)
7.0 400°C 0.67 1 Kang et al. (2013)
7.0 350°C 3.62 0.5 Peng et al. (2014)
Mg-Fe-Al CLDHs
Sb(V) 54 450°C 4.37 2.5 Dore and Frau (2017)
Mg/Al CLDH-incorporated with polyethersulfone beads
As(V) 7 400°C 0.10 0.5 Lee et al. (2018a)
Sb(v) 7 400°C 0.19 0.5 Lee et al. (2018a)
Mg-Al CLHDs- supported by magnetic nanoparticles
As(V) 7 400°C 1.11 0.2  Leeetal. (2018Db)
Sb(v) 7 400°C 1.49 0.2 Leeetal (2018b)

@ pH value at the beginning of the sorption experiment ® pH controlled during the whole experiment

The (ad)sorption capacities of Mg-Fe LDHs (Mg/Fe = 4:1) towards Pb(II) and Zn(II)
were also compared with the results from literature (Table 7.4). In general, metal
(ad)sorption studies using LDHs are limited compared to metalloids (Goh et al., 2008;
Liang et al., 2013). The Mg-Fe LDHs presented in this thesis showed comparable
(ad)sorption capacity to the published results; however, most of the studies were
performed without the pH adjustment resulting in the precipitation of metal hydroxides
and/or carbonates by the buffering effect of LDHs that further improved the measured
immobilization capacity (Gonzalez et al., 2015; Liang et al., 2013; Seida et al., 2001).
Moreover, information about the final pH is also often missing in these (ad)sorption
studies. The results in the proposed thesis showed that Pb(II) and Zn(II) (ad)sorption
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rate without pH adjustment (the final pH reached approx. 9.5) was significantly higher
compared to the controlled pH 5.5. The oversaturation of individual precipitates was
further confirmed by modeling in Visual MINTEQ 3.1. In general, the metal
(ad)sorption is also influenced by the LDH structure, i.e., the interlayer anions. For
example, Fujji et al. (1992) and Komarneni et al. (1998) presented LDHs synthesized
using the same procedure with a variation of interlayered anions presenting LDHs with
COs* and CI in the interlayer region as significantly more effective materials for metal
(ad)sorption than LDHs intercalated by NOs".

Table 7.4 (Ad)sorbed amounts of Pb(Il) and Zn(II) onto various LDHs.

Type of  Sorption capacity s/L

Metal  pHo? anion (mmol g) (g L) Literature
Mg-Al LDH
Pb(II) 5.7 Cr 0.32 0.2 Zhao et al. (2011)
6.0 Cr 0.53 2.5 Zhang and Hou (2007)
5.0 COs* 0.96 10 Fujji et al. (1992)
5.0 Cr 0.97 10 Fujji et al. (1992)
5.0 NOs 0.29 10 Fujji et al. (1992)
5.0 Cr 0.63 1.7 Gonzalez et al. (2015)
Zn(1I) 4.7 COz> 4.76 2 Komarneni et al. (1998)
4.7 NOs5 1.94 2 Komarneni et al. (1998)
5.0 COs* 1.20 10 Fujji et al. (1992)
5.0 Cr 1.02 10 Fujji et al. (1992)
5.0 NOs 0.67 10 Fujji et al. (1992)
Mg-Fe LDHs
Pb(II) 5.5° COs* 1.65 1 Hudcova et al. (2018)
4.5 Cr 2.03 1 Liang et al. (2009)
Zn(Il) 5.5° COs> 1.44 1 Hudcova et al. (2018)

2 pH value at the beginning of the sorption experiment ® pH controlled during the whole experiment

The (ad)sorption capacity of Mg-Fe CLDH thermally treated at 450 °C towards Zn(II)
increased compared to Mg-Fe LDHs (Table 7.5). Contrarily, a minor increase was
observed for Pb(Il). Similarly, to As(V) (ad)sorption, Mg-Fe CLDH thermally treated
at 550 °C showed significantly lower (ad)sorption capacities compared to pristine
LDHs and CLDHs thermally treated at lower temperature. Nevertheless, the differences
were not as significant as has been presented in the literature. For example, Sun et al.
(2015a) presented that (ad)sorption capacities of CLDHs towards Zn(II) were
significantly higher compared to untreated LDHs. The different (ad)sorption capacities
were assigned to a higher specific surface area that means more active sites for metal
cations (ad)sorption. However, studies dealing with Pb(II) and Zn(II) (ad)sorption onto
CLDHs are even more limited than in the case of LDHs and; moreover, the results from
the literature were also provided without pH adjustment as for As(V) (ad)sorption.
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Table 7.5 (Ad)sorbed amounts of Pb(II) and Zn(II) onto various CLDHs.

Thermal Sorption capacity s/L

Metal  pHo* treatment (mmol g) @ L) Literature
Mg-Al CLDHs
Zn(Il) 2.1 450°C 7.54 0.5 Sun et al. (2015a)
2.1 450°C 7.77 0.5 Xiao et al. (2015)
Mg-Fe CLDHs
Pb(II) 5.5° 450°C 1.87 1 Hudcova et al. (2019)
5.5° 550°C 1.37 1 Hudcova et al. (2019)
Zn(Il)  5.5° 450°C 1.18 1 Hudcova et al. (2019)
5.5° 550°C 1.03 1 Hudcova et al. (2019)

2 pH value at the beginning of the sorption experiment ® pH controlled during the whole experiment

A significant part of the proposed thesis was focused on metal and metalloid
(ad)sorption mechanisms on Mg-Fe LDHs and CLDHs. The study was divided into the
modeling part, i.e., the surface complexation modeling using the diffuse layer model
(DLM), and spectroscopic/microscopic investigations. Such a comprehensive approach
enabled to identify the emerging surface complexes as well as the surface precipitation
and/or other mechanisms influencing metal and metalloid removal. Since the removal
mechanism using Mg-Fe CLDHs was similar to that of Mg-Fe LDHs, only selected
analyses were provided. At this part of the thesis, the effect of the experimental
conditions on the reconstruction ability of individual Mg-Fe CLDHs was also studied.
The results showed that the reconstruction ability was strongly influenced by the
temperature of the thermal treatment, pH, time and metal or metalloid concentrations
in the solution. Based on data from literature, studies focused on the conditions
influencing the reconstruction ability of CLDHs are limited; therefore, this thesis
evaluated their effect on the reconstruction ability of Mg-Fe CLDHs thermally treated
at different temperatures and further explained different (ad)sorption behavior of
individual CLDHs since the reconstruction ability influenced the (ad)sorption capacity
of these materials through incorporation of metals and metalloids into the structure of
the recovered materials. In general, the structural properties of Mg-Fe CLDH thermally
treated at higher temperatures lead to the inability to reconstruct the LDH structure
caused by the formation of stable spinel that further explained its lower efficiency
compared to Mg-Fe CLDH thermally treated at lower temperatures.

(Ad)sorption mechanisms of As(V) and Sb(V) are given in Fig. 7.2. In general, the
whole (ad)sorption mechanisms of As(V) and Sb(V) could be divided into the surface
complexation and anion exchange in the case of As(V) (ad)sorption, and the surface
complexation, the formation of brandholzite-like structures and a possible minor
influence of the anion exchange at lower pH values in the case of Sb(V) (ad)sorption.
The pH-dependent equilibrium (ad)sorption data describing the As(V) (ad)sorption
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showed a visible ionic-strength dependency, i.e., the decreasing (ad)sorption by
increasing ionic strength, indicating the formation of outer-sphere complexes (Hayes
and Leckie, 1987; Hayes et al., 1988). Since the DLM is not able to capture outer-
sphere complexes, the fitting (especially at higher pH values) showed discrepancies.
Therefore, both inner-sphere and outer-sphere complexes were expected on the Mg-Fe
LDH surface. Contrarily, the Sb(V) data showed ionic strength independency (except
data near the pHpzc); therefore, inner-sphere complexation was suggested as the
predominant mechanism. However, the DLM showed also discrepancies at higher pH
values that could correspond to outer-sphere complexation or possible formation of
new phases as discussed by Vithanage et al. (2013, 2015). Based on the literature, the
formation of inner-sphere complexes (Liu et al., 2006; Paikaray et al., 2013) as well as
outer-sphere complexes (Wang et al., 2009) of As(V) on the LDH and CLDH surface
was observed. Nevertheless, the simultaneous presence of both complexes was
suggested by Goh et al. (2009) and Sommella et al. (2015). The As(V) (ad)sorption
mechanism on the LDH and CLDH surface has been investigated by XAS
measurements (Liu et al., 2006; Paikaray et al., 2013; Sommella et al., 2015; Wang et
al., 2009) or XPS measurements (Goh et al., 2009). Based on the literature dealing with
Sb(V) (ad)sorption, the formation of inner-sphere complexes was detected by the
calculations from isotherms (Constantino et al., 2018; Kameda et al., 2015; Mitsunobu
et al., 2008) and/or XPS analyses (Lee et al., 2018b; Lu et al., 2015).

In order to further evaluate the (ad)sorption mechanisms, solid state analyses were
performed. The XRD diffraction confirmed the outer-sphere complexation of As(V)
via anion exchange that was evaluated by the increase of the basal spacing of the layers
and cell parameter c. Both parameters corresponded to the incorporation of the different
anion in the LDH interlayered region (Goh et al., 2010; Huang et al., 2015, Kang et al.,
2013). Moreover, the decrease of the intensity of individual peaks was also observed
suggesting LDH structural changes during As(V) (ad)sorption that could be caused by
the anion exchange (as mentioned above) and/or by the Mg(Il) leaching that was also
observed during the (ad)sorption process. On the contrary, the XRD diffractogram after
Sb(V) (ad)sorption showed nearly the same intensity as the Mg-Fe LDH before the
experiment suggesting the opposite effect than in the case of As(V) (ad)sorption, i.e.,
stabilization of Mg(II) and minor effect (or none) of anion exchange. A higher affinity
of As(V) for the interlayered region compared to Sb(V) was explained by the different
ionic size of individual metalloids, since the effective ionic radius of Sb(V) is higher
than that of As(V); therefore, there is a higher possibility of its intercalation.
Nevertheless, formation of brandholzite-like structures (pH < 7.5) and surface
precipitation of crystalline brandholzite (pH > 7.5) were observed after Sb(V)
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(ad)sorption by the XRD diffractograms as well as by SEM/EDX analyses confirmed
the hypothesis of different (ad)sorption mechanisms that cannot be capture by the DLM
(especially at higher pH values). Brandholzite is a layered mineral composed of
Sb(OH)s octahedra and Sb(OH)s/Mg(H20)s octahedra connected by hydrogen bonds
(Friedrich et al., 2000; Majzlan et al., 2016;). Although the formation of brandholzite-
like phases has been previously presented (Ardau et al., 2016; Dore and Frau, 2018;
Kameda et al., 2011, 2012, 2015), such studies expected only its formation in the
interlayer region that was excluded for Mg-Fe LDHs. Therefore, more appropriate
mechanism of its formation was presented in this thesis, i.e., re-(ad)sorption of
positively charged Mg(Il) leached from the surface/structure of LDHs (as mentioned
by As(V) (ad)sorption) onto negatively charged Sb(V) complexes (ad)sorbed on the
Mg-Fe LDH surface. This process resulted in the formation of individual layers
corresponding to the brandholzite-like phases. Contrarily, the formation of new phases
with As(V) and Mg(Il) was excluded by XRD as well as SEM/EDX. Other difference
between As(V) and Sb(V) (ad)sorption onto Mg-Fe LDHs was in the distribution of
(ad)sorbed species. The Mg-Fe LDHs after As(V) (ad)sorption showed homogeneous
distribution; contrarily, nonhomogeneous distribution was observed in the case of the
material after Sb(V) (ad)sorption. The FTIR-ATR and XPS spectra further confirmed
the suggested (ad)sorption mechanisms, i.e., outer-sphere complexation for As(V),
brandholzite-like phases or precipitation of crystalline brandholzite for Sb(V) and the
predominant effect of inner-sphere complexation for both metalloids. This part of the
study showed differences between As(V) and Sb(V) (ad)sorption behavior onto the
surface of Mg-Fe LDHs that has not been presented in such comprehensive approach

yet.

In the case of both Mg-Fe CLDHs, the predominant effect of inner-sphere
complexation was expected, since the reconstruction, i.e., the possible incorporation of
As(V) in the interlayer region, of CLDHs thermally treated at 450°C took place only at
low As(V) concentrations. Moreover, CLDHs treated at 550°C were not able to recover
the LDH structure at any As(V) concentrations; therefore, the incorporation into the
interlayer region was excluded. As has been previously mentioned, Sb(V) (ad)sorption
onto Mg-Fe CLDHs was not performed in this study; however, similar (ad)sorption
mechanisms as in the case of Mg-Fe LDHs are expected.
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Fig. 7.2. (Ad)sorption mechanisms of As(V) and Sb(V) onto Mg-Fe LDHs.

(Ad)sorption mechanisms of Pb(II) and Zn(Il) are given in Fig. 7.3. In general, the
whole (ad)sorption mechanism is influenced by the surface complexation and
precipitation in the case of Pb(Il) (ad)sorption, and surface complexation, surface
precipitation and/or a minorly by isomorphic substitution in the case of Zn(I)
(ad)sorption. In contrast to As(V) (ad)sorption, the ionic-strength independency was
observed for both metals. Similarly, the pH-dependent (ad)sorption was also described
by the DLM to investigate the emerging inner-sphere surface complexes. In general,
the pH dependent (ad)sorption of metals was divided into three main regions, i.e., a
possible dissolution of LDHs and metal desorption at low pH values, surface
complexation at the pH values below the saturation of metal hydroxides and/or
carbonates (circumneutral pH) and the oversaturated solution for metal hydroxides and
or/carbonates (higher pH values). In general, there is a lack of metal (ad)sorption
studies using LDHs and CLDHs at controlled conditions (to differentiate between
individual mechanisms) as well as spectroscopic/microscopic techniques dealing with
different (ad)sorption mechanisms at controlled conditions. Nevertheless, few studies
have been focused on Pb(Il) (ad)sorption at different ionic strengths. This simple
evaluation enabled to roughly differentiate between the formation of inner-sphere
and/or outer-sphere complexes; however, individual inner-sphere complexes, i.e.,
monodentate or bidentate, cannot not be established. The preferable formation of outer-
sphere complexes was observed for Mg-Al LDHs (Zhang and Hou, 2007; Zhao et al.,
2011). Contrarily, Liang et al. (2009) presented the formation of inner-sphere
complexes on the surface of Mg-Fe LDHs.
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The whole (ad)sorption mechanism of both metals onto Mg-Fe LDHs was further
investigated using various solid-state analyses since the DLM is not able to capture
precipitation in the bulk solution and/or surface precipitation. In general, the surface
precipitation was observed as a result of high pH values on the LDH surface resulting
in the formation of metal hydroxides or carbonates at the pH values below their
saturation in aqueous solution (established by Visual MINTEQ 3.1). After Pb(Il)
(ad)sorption, the formation of surface precipitates was observed by XRD and
SEM/EDX analyses. Based on the peak position as well as characteristic hexagonally-
shaped precipitates, the newly formed phases were identified as hydrocerussite and/or
cerussite. The formation of these phases on the LDH surface after Pb(Il) (ad)sorption
was also observed by Liang et al. (2009), Park et al. (2007), Zhang and Hou (2007) and
Zhao et al. (2011). In general, the precipitation of carbonates on the LDH surface is
supported by atmospheric CO; as well as the interlayered carbonates that are available
for Pb(Il) precipitation on the LDH surface (Park et al., 2007). Contrarily, the XRD
diffractogram after Zn(II) (ad)sorption showed nearly the same record (except lower
intensities caused by a partial dissolution of LDHs as mentioned by As(V)
(ad)sorption). However, newly formed amorphous structures were observed by
SEM/EDX and were assigned to the precipitation of Zn oxides/hydroxides or
accumulation of Zn(Il) by multilayer (ad)sorption as described by Xiao et al. (2015).
The most common precipitates that have been observed after Pb(Il) and Zn(II)
(ad)sorption in the literature, especially without the pH adjustment, are given in Table
7.6. Nevertheless, changes in cell parameter ¢ after Zn(Il) (ad)sorption was also
observed and was assigned to isomorphic substitution in the LDH layers (Komarneni
et al., 1998; Richardson and Braterman, 2009; Sun et al., 2015a). Such process was
excluded for Pb(Il) since the ionic radii of Pb(II) is significantly higher compared to
Mg(1II). The FTIR-ATR and XPS spectra further confirmed the suggested (ad)sorption
mechanisms, i.e., inner-sphere complexation for both metal, surface precipitation of
crystalline phases for Pb(II) and multilayer (ad)sorption and/or precipitation of
amorphous Zn oxides/ hydroxides for Zn(II). The effect of isomorphic substitution was
not visible using these spectroscopic techniques.

In the case of Mg-Fe CLDHs, similar mechanisms were observed; however, significant
changes in the reconstruction ability at different Pb(Il) an Zn(II) initial concentrations
were detected. As in the case of As(V) (ad)sorption, CLDHs thermally treated at 450
°C were able to reconstruct the LDH structure at the lowest metal concentrations and;
moreover, the hydrocerussite/cerussite were not detected. However, increasing Pb(Il)
concentrations lead to the predominant effect of the surface precipitation. In the case
of Zn(ll) (ad)sorption onto Mg-Fe CLDHs thermally treated at 450 °C, the
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reconstruction was more successful; therefore, a possible effect of Zn(II) incorporation
during this process was also expected (Sun et al., 2015a; Xiao et al., 2015). In general,
studies dealing with metal (ad)sorption onto LDHs and CLDHs are rather scarce,
despite a high efficiency of these materials towards metals in general.

Y
CO?-“‘KO
Mg-Fe LDHO Mg-Fe LDH
Mg-Fe LDH Mg-Fe LDH

@ Ph(ID)
Fig. 7.3. (Ad)sorption mechanisms of Pb(Il) and Zn(II) onto Mg-Fe LDHs.

Table 7.6 Precipitates occurring after Pb(Il) and Zn(II) (ad)sorption onto LDHs and
CLDHs.

Metal pHo* Type of LDH Precipitate Literature
Pb(II) 5.5 Mg-Fe COs* Pb3(OH)2(COs)2 Hudcova et al. (2019)
4.5 Mg-Fe CI Pb3(OH)2(CO3), Liang et al. (2009)
- Mg-Fe CO;* Pb(OH), Seida et al., (2001)
6.0 Mg-Al CI unspecified Zhang and Hou (2007)
5.0 Mg-Al CI Pb(OH), Gonzalez et al. (2015)
Zn(1I) 5.0 Mg-Al CI ZnCl,*4Zn(OH), Fujji et al. (1992)

 pH value at the beginning of the sorption experiment ® pH controlled during the whole experiment

The last part of the thesis was focused on the application of Mg-Fe LDHs and CLDHs
to soil solutions and soils with highly elevated As(V), Pb(Il) and Zn(II) concentrations
sampled in the Czech Republic. Moreover, the stability of materials at different
conditions was also discussed in detail. In general, the stability of materials was
established by the Mg(Il) leaching during individual tests (Fe(IIl) leaching was not
observed). Firstly, the stabilization tests in the extracted soil solutions showed Mg-Fe
CLDHs as more stable materials. Moreover, all metals and metalloids in the solution,
i.e., As(V), Pb(Il) and Zn(II) were stabilized within the first hours of the experiment
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using CLDHs that was more rapid than using Mg-Fe LDHs. Surprisingly, both Mg-Fe
LDHs and CLDHs were highly effective for As(V) stabilization despite the final pH of
9-10.

The XRD diffractograms showed improvements of the Mg-Fe LDH crystallinity after
the stability tests and; moreover, successful reconstruction of Mg-Fe CLDHs that
further confirmed the suggested effect of pH and time on the reconstruction as has been
previously mentioned. The stability and stabilization efficiency of both materials were
further tested by their direct incubation is soils. Such experiments were divided into
two types, i.e., pH-static leaching experiments and incubation experiments. Both
experiments showed Mg-Fe LDHs as more stable and effective materials after their
direct application to soils compared to aqueous solutions. Nevertheless, pH-static
leaching experiments showed Mg-Fe CLDHs as more effective materials at higher pH
values for As(V) and at lower pH values for Pb(I). In the case of Zn(II), both materials
were not successful at lower pH values; however, Mg-Fe LDHs showed higher
stabilizing efficiency at higher pH values compared to Mg-Fe CLDHs. Finally,
incubation batch experiments of up to 10 weeks showed significantly higher stability
of Mg-Fe LDHs at all studied time interval and a higher stabilizing efficiency towards
As(V). In addition, Mg-Fe CLDH showed a decreasing ability to stabilize As(V) with
the increasing time of incubation. In the case of Zn(II) stabilization, both materials were
highly effective and reached up to 100% compared with the non-amended soil.

The fractionation of As(V) and Zn(Il) was evaluated by sequential and simple
extractions (Pb(II) was not detected). However, sequential extractions lead to the
destruction of the studied Mg-Fe LDHs and CLDHS in the first step; therefore, only
simple extractions were proposed as a suitable method for these systems. Based on the
results of the simple extraction, the total stabilization of the Zn(II) mobile fraction was
observed and was probably caused by the buffering effect of Mg-Fe LDHs and CLDHs.
Moreover, the solid-state analyses of Mg-Fe LDHs and CLDHs after the incubation
tests were also performed. The XRD diffractograms showed the increasing crystallinity
of Mg-Fe LDHs and the successful reconstruction of Mg-Fe CLDHs in soil conditions.
The stabilization of Mg(Il) during the incubation was more apparent for Mg-Fe LDHs
and was further explained (together with the geochemical modeling) as the formation
of magnesium carbonates and magnesium silicates. Moreover, the formation of
magnesium silicates, i.e., sepiolite, could further improve the (ad)sorption efficiency
since sepiolite has been previously presented as an effective metal (ad)sorbent (Hu et
al., 2017¢).
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To this date, different LDHs and CLDHs have been tested in soils contaminated by
As(III) using Ca-Mg-Fe LDH (Zhou et al., 2017), Cr(VI) using a combination of
electrokinetics (EK) with a CLDH-based permeable reactive barrier (PRB) (Zhang et
al., 2012a) and As(V) using Mg-Al LDH (Sun et al. 2015b). In all studies, the buffering
effect of LDHs and/or CLDHs in soils (Zhang et al., 2012a; Zhou et al., 2017; Sun et
al. 2015b) as well as Mg(Il) leaching (Zhou et al., 2017). Nevertheless, the effect on
other soils properties or microorganisms were not mentioned. The possible negative
influence of the buffering effect on the plant grow was discussed by Sun et al. (2015b).
Nevertheless, the positive influence on the plant grown by the presence of sepiolite in
soils has been also presented in this study; therefore, the newly formed sepiolite on the
Mg-Fe LDH and CLDH surface after their incubation in soils could positively influence
the stabilization of metals and metalloids as well as the plant grown. Nevertheless, more
studies dealing with this topic need to be performed in the future.

Despite the high efficiency of Mg-Fe LDHs and CLDHs in aqueous solutions and soils,
potential side effects could limit their direct application in remediation technologies.
The crucial factors are the stability of materials at different conditions (especially at
lower pH values), the buffering effect, the influence on nutrient cycling in soils, the
effect on plants/microorganisms and the economical side of their application at a larger
scale. Since LDHs and CLDHs are less stable at acidic conditions, the effect of low-
molecular-weight organic acids that are exuded by plant roots needs to be tested in the
future as well (Vitkova et al., 2015). Nevertheless, a slight acidification by these acids
could have a positive effect in the partial release of nutrients (e.g., Zn) that will be
completely stabilized by Mg-Fe LDHs and CLDHs is soils. Contrarily, the strong
buffering effect of Mg-Fe LDHs and CLDHs could have a positive effect on acidic
soils as has been highlighted by Zhang et al. (2012a). Moreover, LDHs and CLDHs
could improve the cycling of various nutrients (nitrate, phosphate) or organic acids
through incorporation of these compounds into the structure of LDHs (during the
synthesis) and/or CLDHs (during the reconstruction) or by the subsequent adsorption
onto the LDH and/or CLDH surface. Previously, the adsorption of humic and fulvic
acids onto the LDH and CLDH surface improved metal stabilizing efficiency (Benicio
et al., 2015; Chang et al., 2017; Fang et al., 2015, 2018). To deal with the economical
side of the LDH and CLDH application, a synthesis of a composite material with a low-
cost sorbent (e.g., biochar) could results in a promising material for metals and
metalloid remediation technologies. In general, biochar is a low-cost material
exhibiting a large specific surface area and ability to (ad)sorb metal cations, e.g., Zn or
Pb (Dong et al., 2017). Moreover, the application of biochar could have a positive effect
on soil properties (Lehmann and Joseph, 2009). However, its usability is limited in
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water and soil contaminated by anions, e.g., arsenate or chromate (Wan et al., 2017).
As the real contaminated water and soil are commonly enriched by various metals,
metalloids and other contaminants (e.g., organics), LDH/biochar composites are
promising materials for remediation technologies. In conclusion, the proposed thesis
presented a comprehensive approach to study metal and metalloid (ad)sorption
mechanisms, stability and stabilizing efficiency and the obtained results could be useful
for future studies dealing with chemical stabilization using innovative solid materials.
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